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While ecological theory has made significant strides towards understanding the stability behind 

nature’s complex networks of interactions, food webs have historically been modeled under greatly 

simplified temporal and spatial assumptions, leaving us with an ecosystem theory that is ill-

prepared to interpret the impacts of global change. In this thesis, I take a modular approach to food 

web theory as a step towards mechanistically understanding how various axes of global change 

regulate ecosystem functioning and resilience. Across four chapters I demonstrate how general 

theoretical concepts can be unified and applied across multiple systems and highlight the 

importance of non-local dynamics (e.g., transients) in a changing world. In each study, I show that 

global change can generate complex and unexpected outcomes, however the geometric 

characteristics of the modules (i.e., deterministic skeletons) allow us to unpack interactions 

between local and non-local dynamics driving these results. 

First, I find that periodic environments can drive both complex coupled oscillators and fluctuation-

driven stabilization in consumer-resource interactions, depending on the speed of environmental 

periodicities. I find a highly general set of dynamical outcomes that depend on asymmetries in 

local stability properties and between environmental and underlying system periodicities. Second, 

I show that periodic environments can also mediate competitive interactions, including 

environmentally-mediated competitive exclusion that would not be expected based on underlying 

deterministic characteristics. Here, I show how temporal asymmetries in competing species’ 

growth and competition can exacerbate unexpected outcomes of global change. Third, in a more 

applied module for coral reefs, I show that multi-stressors and environmental disturbances can 

cause unexpected state shifts, long transients and noise-driven alternate states. The geometric 

characteristics of this model allow us to unpack when and why we might see these unexpected 

outcomes and highlight context-dependent effects of multi-stressors. Finally, I show how modular 

theory can be applied to heavily-impacted socio-ecological systems. I show that under multi-

species harvesting, reduced effort may benefit both biodiversity and livelihood security and that 

certain ecological and economic characteristics can amplify this result. The chapters presented 

here each contribute novel theory to the systems they are inspired by, and together contribute to a 

growing body of theoretical ecology for a changing world. 
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1 Prologue 

 

“Every living system, whether it is an individual organism or an entire milieu, represents a 

complex polyrhythmic bundle … For such a polyrhythmic bundle to last in its duration, it must be 

able to maintain the still endangered state of eurhythmia … a continuous state of dynamic 

equilibrium, an open balance between the rhythms of the organism itself and the surrounding 

environment in which it can live.” 

- Vít Pokorný (Pokorný 2021) 

 

1.1 Food web theory across scales 

Ecosystems are notoriously complex, with direct and indirect interactions spanning enormous 

spatial and temporal scales as their dynamics cascade across the ecological hierarchy (from 

individual organisms to whole food webs and nutrient flows throughout ecosystems) (Gardner and 

Ashby 1970, May 1972). Despite the immense complexity of whole food webs, there are key 

structures – that is, common sets of interactions – that are repeated within and among food webs 

and regulate the structure and functioning of whole ecosystems (Pimm et al. 1991, McCann and 

Rooney 2009, McCann 2011). These key structures are known as modules, and ecologists use 

them to simplify our view of food webs when developing a theoretical or conceptual understanding 

of the relationship between structure and function (Bascompte and Melián 2005). This structure-

function relationship scales up to whole food webs, with core structures repeating across scales 

like ecological nesting dolls of species interactions, and their dynamics cascading across these 

complex networks (Rooney et al. 2006, McCann and Rooney 2009). In other words, despite the 

interacting dynamic processes operating across scales, modular approaches to food web theory 

have provided enormous insight into the functioning of food webs and the mechanisms that allow 

these complex networks to persist despite the noise.  
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Much like the structure-function relationship scales across the ecological hierarchy, 

modules can be examined and understood across scales of complexity: from the most fundamental 

building block of all food webs – the consumer-resource interaction – and other two-species 

interactions (e.g., competition), to multi-species structures and representations of key ecosystem 

components or states (Pimm et al. 1991, McCann and Rooney 2009, McCann 2011). As such, 

modular approaches are used for multiple reasons: to theoretically understand the functioning of 

key structures that are repeated and whose dynamics cascade throughout whole food webs; based 

on key species that are deemed important in a given system; and when grouping species into 

functional groups to look at aggregate patterns of food webs. So while many theoretical studies 

may be inspired by specific species or ecosystem types, the analytical understanding gained from 

these key structures has broader implications for many food webs.  

From this modular approach to food web theory, researchers have gained a deep 

understanding about the deterministic nature of common ecological structures (i.e., equilibrium 

structure and local stability analysis, asymptotic dynamics). Thus, both theoretical and empirical 

research have done a good job developing our understanding of many ecological mechanisms. 

Nonetheless, there are still many fundamental concepts in food web ecology that remain poorly 

understood. Theory has historically isolated ecosystems in time and space by largely ignoring 

temporal patterns (e.g., daily to multi-decadal environmental polyrhythms), connectivity in space 

(e.g., species migration and multi-habitat use), and focusing on single perturbations/impacts to 

those isolated ecosystems. Similarly, there exists a large gap regarding the drivers of many 

(human-associated) impacts increasingly altering ecosystem functioning and the interactive nature 

of multi-stressors. 

Alarmingly, climate change is fundamentally altering both the structure and function of 

ecosystems and the way they respond to other stressors (Blanchard 2015, Bartley et al. 2019). 

Collectively, global change – the multitude of impacts associated with climate change and other 

anthropogenic stressors – is altering the spatial and temporal processes that regulate ecosystem 

functioning, making this gap in theory crucial to address (Gilman et al. 2010). With many human-

induced stressors simultaneously affecting ecosystems, theory provides an excellent platform for 

piecing apart how individual stressors influence the stability and resilience of ecosystems while 
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also allowing us to understand the interactions between multiple stressors – something that is 

becoming more and more important as humans expand their global footprint (Woodward et al. 

2010, Cadotte et al. 2017, Jackson et al. 2021). Furthermore, modular theory can be used as an 

excellent starting point for crossing academic boundaries (e.g., socio-ecological systems, 

ecological economics) and thus nuancing our understanding of ecosystem function in the 

Anthropocene. 

1.2 Ecosystems under global change 

The human population is growing exponentially and accompanied by this so is our demand for 

food, natural resources, and land. Along with this population growth, we are seeing similar trends 

in socio-economic indicators (e.g., urban population, energy and water use, fertilizer use, large 

dams), as well as earth system trends (CO2 and other greenhouse gas emissions, land development, 

aquaculture and capture fisheries). These trends in global indicators have collectively been referred 

to as “the great acceleration” (Steffen et al. 2015a). In a sense, this acceleration consolidates the 

multi-faceted issues related to human population growth and accompanying environmental 

impacts from both land development/modification and climate change at a global scale. Recently, 

researchers have put these trends together into a management framework known as “planetary 

boundaries” (Rockström et al. 2009b, 2009a, Hughes et al. 2013, Steffen et al. 2015b). This 

framework identifies seven boundaries, and a “safe operating space” for human development based 

off of these global patterns. While patterns of global change at this scale are important to note, we 

are largely missing an understanding of how these processes operate at the scale of management – 

that is, ecosystems (Scheffer et al. 2015). 

Impacts associated with global change scale from individuals to whole ecosystems, and 

multiple stressors have complex nonlinear interactions across the ecological hierarchy, making it 

difficult to identify “safe operating spaces” at the ecosystem scale. One way ecologists are 

beginning to address this is by identifying “signatures of global change” based on average 

responses to various selection pressures and multi-stressors that often operate in similar ways. For 

example, harvesting pressure, increasing temperatures, and nutrient inputs (i.e., from agricultural 

runoff) are all – via different mechanisms – selecting for faster life strategies (smaller body sizes, 
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earlier maturation, etc.), driving population range shifts, and in turn altering the balance between 

competing species (Gardner et al. 2011, Pinsky et al. 2013, Heino et al. 2015, Kortsch et al. 2015). 

Similarly, increased temperatures and pervasive nutrient pollution are both speeding up biological 

rates and increasing energy flux into and within ecosystems – driving widespread imbalances and 

instabilities (Carpenter 2005, Woodward et al. 2010, Gilbert et al. 2014). Together, the 

combination of selection for faster life strategies (both within and among species/populations),  

known as r-homogenization, and increased energy flux through food webs results in what has been 

referred to as “trophic downgrading” (Estes et al. 2011) – with amplified potential for trophic 

cascades and unstable interactions (Huxel and McCann 1998, Shurin et al. 2002, Rip and Mccann 

2011). 

There has been some attempt at delineating “safe operating spaces” for certain ecosystem 

types under multi-stressor impacts (e.g., in coral reefs: Norström et al. (2016), Hughes et al. 

(2017)) however the interactive nature of multi-stressors is still poorly understood, and these 

“signatures” of global change are far from fully synthesized mechanistically. Similarly, certain 

responses at one level of ecological hierarchy (e.g., population range shifts or habitat use) may be 

mediated by processes at other levels (e.g., species interactions and food web structure) (Tekwa et 

al. 2022). 

Concurrent with these average changes, climate change is altering abiotic processes on 

various temporal scales: modifying diurnal temperature swings, making day-to-day weather much 

more variable, changing the length and magnitude of seasonal patterns in temperature and 

precipitation, and changing the frequency of multi-year cycles such as ENSO (Sparks and Menzel 

2002, Yeh et al. 2009, Dillon et al. 2016, Sharma et al. 2019). These abiotic patterns influence 

species behaviour and habitat use – with changes in them fundamentally altering species 

interactions and rewiring whole food webs (Bartley et al. 2019, McMeans et al. 2020). Other 

human impacts (e.g., urbanization, agricultural land development) are disrupting large-scale 

processes like meta-ecosystem connectivity, and driving ecosystem imbalances across vast 

distances (Massol 2011, Thompson et al. 2020, McCann et al. 2020). Alarmingly, the interactive 

effects of multi-stressors and changing, and variable, environmental conditions remain highly 

uncertain. 
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1.3 Bridging theoretical foundations to modern ecological problems 

While theory is well-equipped for understanding these “average” global changes (i.e., based on 

equilibrium structure and bifurcation analyses), the theoretical literature has more recently 

highlighted the importance of non-local dynamics in food webs (e.g., transient dynamics and the 

effects of stochasticity; (Hastings et al. 2018, 2021, Morozov et al. 2020)). Especially under global 

change – and associated changing abiotic and biotic conditions – an integration of local and non-

local dynamical understanding is deeply needed. By building off a strong foundation (i.e., the 

deterministic skeleton of common modules (Higgins et al. 1997)), we can begin to develop an 

understanding of ecological functioning under various aspects of global change. Thus, ecological 

theory can be used to develop a general understanding of human impacts across scales (of time, 

space and ecological hierarchy) and make predictions for future human impacts and global change. 

Importantly, building this theory ought to facilitate relevant conservation and management 

decisions for both ecosystem and human wellbeing. 

This thesis, contributes to a general theory for global change ecology. Over four chapters, I 

extend common food web modules by incorporating various aspects of global change relevant to 

the ecosystems or species they are inspired by, including patterns of environmental variation. 

Throughout these studies, I will show how the deterministic skeleton (i.e., equilibrium structure, 

asymptotic dynamics) can provide enormous insight into the effects of global change, including 

non-local dynamics. However, I also highlight how global change – particularly changes in 

environmental patterns – can lead to unexpected and potentially catastrophic effects (e.g., species 

collapse) in each of these modules. By taking a modular approach to wicked problems associated 

with global change, we are one step closer towards a mechanistic, and general, understanding of 

global change impacts, including these unexpected outcomes. 

These four chapters, while inspired by different interaction structures or ecosystem types, 

collectively contribute to this ecological theory for global change. As such, they consecutively 

build up, from the most basic building block of food webs – the consumer-resource interaction – 

to multi-species modules and more applied sustainability theory. Together they show how various 



 

 

 

 
6 

aspects of global change are altering the resilience of both food webs and social-ecological 

systems. 

In my first chapter (Chapter 2), I explore the effects of periodic forcing in primary 

productivity on consumer-resource interactions across a range of temporal scales. I show that 

depending on the nature of environmental signals and their interaction with underlying dynamics, 

we can see both highly complex coupled oscillators as well as unexpected fluctuation-driven 

stabilization. These results depend on asymmetries at a variety of scales: asymmetries in local 

stability properties; between the periodicity of forcing and the underlying system dynamics; and 

between relative speeds of consumer and resource responsive behaviours. In this study, I find a 

suite of highly generalizable dynamical responses based on these asymmetries. Importantly, 

changes to both environmental polyrhythms and biological rates (underpinning the dynamics of 

species interactions) may cause drastic shifts in food web dynamics and stability. 

Next (Chapter 3), I show that periodic environments and adaptive trade-offs between 

competing species can drive nonlinear effects on competitive performance and lead to unexpected 

outcomes of changing environmental patterns. The geometry of this model allows us a simple 

analytical approximation for coexistence in fluctuating environments, and I show how 

asymmetries in both species’ growth and temporal growth differentials can exacerbate unexpected 

outcomes and the nonlinear effects of global change. Specifically, I identify general biological 

conditions that ought to amplify these nonlinear effects, and highlight that they correspond to 

common biological trade-offs. This research provides important insight into the interaction 

between “average” changes in biological rates and changes to temporal processes regulating 

species interactions, with implications for the maintenance of biodiversity under global change. 

In my third study (Chapter 4; Bieg et al. (2022)), I extend a well-known module describing 

benthic structure in coral reefs (Mumby et al. 2007) by incorporating multiple stressors impacting 

coastal ecosystems (overfishing, nutrient pollution, and climate change). I show that multi-

stressors and environmental disturbances can lead to unexpected state shifts and noise-dependent 

alternate states. While unexpected based on the deterministic skeleton, the geometric 

characteristics of our model allow us to unpack when and why we might see these outcomes and 
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note the context-dependency of multi-stressors for management outcomes. As a proof of concept, 

I integrate historical empirical data from the Caribbean within a conceptual framework and 

highlight how we can identify “signatures of change” from multi-stressor impacts in coral reefs.  

Finally (Chapter 5; Bieg and McCann (2020)), I show how basic ecological concepts can 

bridge the gap between ecological and socio-economic sustainability. I extend a tri-trophic food 

chain module to incorporate widespread (“indiscriminate” à la McCann et al. (2016)) fishing 

pressure as a basic extension for fisheries economics. Here, I show that under multi-species fishing 

pressure, reduced effort may benefit both ecological restoration and economic output – benefitting 

both biodiversity and livelihood security. I mechanistically explore the inherent profit vs. fisheries 

production trade-off and show how certain ecological (i.e., potential for trophic cascades) and 

economic (i.e., species’ price differentials) characteristics can exacerbate this result. This study is 

framed in a fisheries restoration context, but importantly is applicable to widespread multi-stressor 

impacts (i.e., impacting multiple species at all trophic levels) in many social-ecological systems 

experiencing trophic downgrading. 

The studies included in this thesis individually contribute novel theory to the study systems 

they are inspired by, and together contribute to a growing body of theoretical ecology for a 

changing world. Altogether this research strongly suggests that global change will likely 

fundamentally alter the dynamics and resilience of ecosystems, and by mechanistically beginning 

to generate this theory we are also step closer to understanding these changes and finding solutions 

that can mitigate the looming impacts of anthropogenic global change. 
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2 Food web stability in polyrhythmic environments 

2.1 Abstract 

Environmental polyrhythms – the suite of periodic fluctuations in abiotic conditions that regulate 

the environment – are ubiquitous across the globe. These polyrhythms consist of individual 

rhythms over a range of temporal scales, from daily to multi-decadal, that act in symphony to 

regulate species interactions and ecosystem function. Despite this, we lack a general understanding 

of the stability implications of even these individual fluctuations. Some empirical and theoretical 

arguments suggest periodic environments may promote the maintenance of biodiversity, while 

others argue that coupled oscillators ought to promote chaos. However, the effects of 

environmental rhythms across temporal scales have not been fully explored mathematically. 

Alarmingly, global change is altering the nature of environmental polyrhythms, highlighting the 

importance of developing this understanding. Here, as a first step towards this goal, we decompose 

these polyrhythms and aim to develop a general theory for how periodic variation in productivity, 

across temporal scales, influences food web stability by using a fundamental building block: the 

consumer-resource interaction. Our results suggest a complex interaction between time scales of 

environmental periodicities and underlying dynamics, and the implications of forcing depend on 

asymmetries in both local stability and non-local dynamical responses – allowing for both 

polyrhythmically-driven stabilization under fast environmental forcing, as well as extremely 

complex and unstable dynamics at slower periodicities. Our results also suggest that changes in 

naturally occurring polyrhythms from climate change can lead to precipitous shifts in dynamics 

and stability.   

2.2 Introduction 

The natural environment is rife with noisy periodic signals, imperfect periodicities that are 

nonetheless regular. Depending on their longevity, organisms experience various environmental 

periodicities – from daily temperature swings to seasonal patterns in temperature and precipitation, 

to multi-year climactic patterns like the El-Niño Southern Oscillation (ENSO). Further, the 

regularity of these periodicities creates opportunities for organisms to adapt in anticipation of 
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regularly changing environmental conditions (called “feedforward” effects by Bernhardt et al. 

(2020)). Given this, it is entirely possible that these underlying periodicities could play a 

significant role in regulating the structure and function of ecosystems worldwide. Despite the 

recognition that such fundamental periodicities abound and organisms have adapted to them, 

surprisingly little work has been done to incorporate these biological rhythms into our 

understanding of ecology (Mougi 2020). This is more surprising considering that climate change 

and, more broadly, global change are currently altering the nature of these underlying frequencies 

at a variety of scales. 

While only modest amounts of work have focused on polyrhythms – intertwined abiotic 

and biotic rhythms that span ecological, spatial and temporal scales – and their impacts on 

ecosystem functioning, from populations to whole food webs, researchers have characterized the 

structure of environmental variability (Vasseur and Yodzis 2004).  Specifically, studies have 

repeatedly found that abiotic signals follow a 1/f scaling (f = frequency) suggesting that slow 

frequency periodicities (e.g., multi-decadal oscillations) drive a significant amount of 

environmental variation on top of the well-known rapid seasonal and diurnal periodicities (Halley 

1996, Vasseur and Yodzis 2004). Here, terrestrial systems show a more uniform distribution of 

frequencies (e.g., a more whitened noise) while aquatic and marine systems are skewed towards 

the lower frequencies characterizing brown and reddened noise (Steele 1985, Vasseur and Yodzis 

2004). As a first step towards bridging the gap between coupled environmental periodicities and 

ecosystem functioning, Mougi (2020) used a spectrum of periodic environmental forcing to 

theoretically argue that species can coexist through trade-offs organized around the frequencies of 

nature's many rhythms, and Simon (Simon and Vasseur 2021) showed that environmental 

frequencies may have complex interactions with trophic cascades. Further, researchers are 

beginning to show that some forms of periodic variation, like seasonality, may alter food web 

structure in a manner that stabilizes biodiversity and facilitates coexistence (Takimoto et al. 2002, 

McMeans et al. 2015). Thus, we are beginning to see some evidence that periodicities like 

seasonality may stabilize certain interactions (e.g., recent coexistence theory), however a 

theoretical exploration into these potentially stabilizing mechanisms is still in its infancy. 
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Despite some hints that seasonality may stabilize species interactions in some cases, the 

theory on periodic environmental forcing on food webs has been more focused on the 

mathematical implications of adding another oscillator (i.e., periodic abiotic forcing is an 

oscillator) to C-R interactions and food web dynamics (White and Hastings 2020), rather than a 

broader and biologically-motivated exploration into the mechanistic impacts of environmental 

forcing in general. As such, the literature is replete with applied mathematical research that 

explores the bifurcation structure of periodically forced models (Kuznetsov et al. 1992, Gragnani 

and Rinaldi 1995, Jinzhong et al. 2019). This research has emphasized the idea that the addition 

of an environmental oscillator to a biotic interaction often produces period-doubling cascades to 

chaos and complex dynamical phenomena.  

Consistent with these applied mathematical results, a separate more empirically motivated 

literature exists that argues for the increased presence of cycles in forced models (Hanski and 

Korpimaki 1995, Taylor et al. 2013b, 2013a). Surprisingly, little work emphasizes the role of 

different periodicities, or timescale, on dynamics and stability, and there has been little emphasis 

on the role of underlying biological dynamics in the dynamic response of food webs to 

environmental forcing. Further, no work that we are aware of has outlined whether periodic forcing 

can be stabilizing relative to unforced food web interactions, despite the empirical or qualitative 

accounts of this (Junk et al. 1989), nor offered mechanistic insight into how forcing on different 

time scales alters C-R dynamics. We are therefore currently unequipped to tackle a mechanistic 

understanding of nature’s vast polyrhythms. 

Here, we decompose nature’s polyrhythms to explore the role of temporal forcing on food 

web dynamics, using a consumer-resource (C-R) model that allows us to use graphical phaseplane 

analysis (among other techniques) to understand the nuances and implications of periodic 

environmental forcing. We include forcing on various temporal scales (i.e., from daily to multi-

decadal) by sinusoidally forcing primary productivity (K) at different mean values to reflect the 

fact that average productivity is increasing due to climate change. Finally, we use a range of growth 

rates to mimic varying life strategies (i.e., slow to fast pace of life) to test the generality of our 

results as it is known that global change (i.e., climate change, harvesting, land development, etc.) 

is simultaneously selecting for faster life strategies. The speed of life strategies (i.e., growth rates) 
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also dictate the speed of underlying dynamics in C-R systems (i.e., the periodicity of limit cycles), 

which we will show has an interactive effect with the speed of environmental forcing. Altogether, 

we explore the interactive effects of environmental forcing and food web dynamics and thus the 

implications of changes in these fundamental fluctuations, across various temporal scales, for food 

web stability (Figure 2.1).  

 

Figure 2.1: Model schematic and interactive factors regulating the speed and stability of species dynamics. We 

consider periodic environmental forcing across a range of periodicities (i.e., decomposing nature’s 

polyrhythms) while also considering the speed of underlying dynamics, regulated by growth rates of consumer-

resource species pairs. Finally, we note that changing productivity (the environmental variable being forced 

temporally, K) alters the underlying stability of consumer-resource interactions. 

 

2.3 Methods 

2.3.1 Polyrhythmically-forced C-R Model 

We use an extension of the classic Rosenzweig-MacArthur consumer-resource (C-R) model 

(Rosenzweig and MacArthur 1963) where we force resource carrying capacity (i.e., productivity), 

K, to mimic fluctuations in productivity associated with environmental variability. Typically, 
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fluctuations in temperature or precipitation (e.g., seasonality) will be reflected by similar changes 

in primary productivity. The Rosenzweig-MacArthur C-R model is an iconic model and capable 

of reproducing equilibrium to cyclic dynamics that cover the range of dynamics found in nature 

(Kendall et al. 1999), allowing allowing us to explore the full range of dynamical possibilities with 

fluctuating K, as K is known to drive transitions from monotonic approach to equilibrium (at low 

K), to excitable/overshoot and damped oscillations, and through a Hopf bifurcation (increasing K) 

leading to persistent oscillations (limit cycles) (Figure 2.1).  

𝑑𝐶

𝑑𝑡
= 𝐶( 

𝑒𝑎𝑅

𝑏 + 𝑅
− 𝑑) 

(1) 

𝑑𝑅

𝑑𝑡
= 𝑅( 𝑟 (1 −

𝑅

𝐾𝑚𝑒𝑎𝑛 + 𝐾𝑓𝑜𝑟𝑐𝑒
) −

𝑎𝐶

𝑏 + 𝑅
 ) 

where r is the intrinsic rate of growth of the resource, Kmean is the average resource carrying 

capacity, a is consumer attack rate, e is the consumer’s energy conversion efficiency, b is the half 

saturation coefficient, and d is consumer natural mortality.  

Here, we force K sinusoidally as a function of time such that 

𝐾𝑓𝑜𝑟𝑐𝑒 = A ∗ sin (𝑝2𝜋 𝑡)  (2) 

where A is the amplitude of the K forcing (around Kmean) and p is the forcing speed, such 

that the period (i.e., duration) of one K cycle is equal to 1/p. 

We compare all simulation results to an unforced model (A = 0). Numerical simulations were run 

in Wolfram Mathematica (v 12.3.1), and numerical results (i.e., coefficient of variation (CV) in R 

or C densities) were taken after a sufficiently long transient period to reach an asymptotic state. 

As we vary the forcing speed (parameter p), the simulation length varied such that we could ensure 
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our results captured sufficient information. For CV calculation, mean and standard deviation were 

calculated over either 4 full forcing periods (4/p) or 1000 time units, whichever was larger. 

2.3.2 Isoclines, equilibria and phaseplane analysis 

The isoclines for C and R in the classic (unforced) Rosenzweig-MacArthur model are found by 

setting each differential equation to 0 and solving. Here we solve for C for the purpose of 

visualizing our isoclines and model dynamics in the phaseplane later on. 

𝑑𝐶

𝑑𝑡
= 0 when 𝐶 =

𝑑𝑏

𝑎𝑒 − 𝑑
 

(3) 

𝑑𝑅

𝑑𝑡
= 0 when 𝐶 = −

𝑟(𝑏 + 𝑅)(𝑅 − 𝐾)

𝑎𝐾
 

Here, we find the solution for the interior equilibrium (R*, C*) when 

𝑑𝐶
𝑑𝑡⁄ = 𝑑𝑅

𝑑𝑡⁄ = 0 (4) 

that is, where the isoclines intersect: 

𝑅∗ = −
𝑏𝑑

𝑑 − 𝑎𝑒
 

(5) 

𝐶∗ = −
𝑏𝑒(𝑏𝑑 + 𝑑𝐾 − 𝑎𝑒𝐾)𝑟

(𝑑 − 𝑎𝑒)2𝐾
 

2.3.3 Local stability analysis 

We can find the symbolic function for the eigenvalues of the interior equilibrium by linearizing 

the model using the Jacobian matrix (with R* and C*), J: 
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J =

[
 
 
 
 −

𝑑𝑟(𝑏(𝑑 + 𝑎𝑒) + 𝐾(𝑑 − 𝑎𝑒))

𝑎𝑒𝐾(−𝑑 + 𝑎𝑒)
 

  −
𝑑

𝑒
  

𝑟(−𝑏𝑑 − 𝑑𝐾 + 𝑎𝑒𝐾)

𝑎𝐾
     0 ]

 
 
 
 

 (6) 

then taking the determinant of J, and simplifying using the characteristic equation. The dominant 

eigenvalues’ (λmax) real part (ignoring the part of the characteristic equation under the square root 

sign, which is always negative – and therefore define the imaginary part – when C-R dynamics are 

excitable and approaching the Hopf bifurcation) is equal to: 

𝜆𝑚𝑎𝑥 =
𝑎𝑑𝑒𝑟 (−𝑏 +  𝐾) − 𝑑2𝑟 (𝑏 +  𝐾) 

2𝑎𝑒𝐾 (−𝑑 +  𝑎𝑒)
 (7) 

With this symbolic solution, we can symbolically determine where the Hopf bifurcation occurs 

(λmax = 0) and how various parameters will influence this point.  

That is, solving for λmax = 0 gives us: 

𝐾𝐻𝑜𝑝𝑓 =
−𝑏(𝑑 + 𝑎𝑒)

𝑑 − 𝑎𝑒
 (8) 

We will use this symbolic solution for KHopf as a reference point for which to center our numerical 

experiments around, therefore knowing the proportion of time in a cycle that is spent with a stable 

vs. unstable equilibrium. For example, the point of symmetry where Kmean = KHopf is an interesting 

starting point as the system would spend equal time with an underlying deterministic skeleton 

being stable or unstable. 

Additionally, we can use this symbolic solution for λmax to qualitatively understand 

characteristics of changing stability as the system fluctuates and passes through this important 

bifurcation point (e.g., KHopf). We can integrate λmax over the range of Kmin to Kmax, to determine 



 

 

 

 
19 

the total influence of local stability as K, and therefore λ, fluctuates. When Kmean = KHopf, the 

integral is centred around 0 (since λHopf = 0), however at different values of Kmean we can center 

this integral around λ at Kmean (i.e., λmean) to give us an estimate of the overall, or total, stability of 

our non-equilibrium model dynamics, relative to a deterministic model with static K at Kmean. 

In other words, our estimate for the total local stability under non-equilibrium environmental 

forcing is: 

λ𝑡𝑜𝑡𝑎𝑙 =  ∫ λ𝐾 − λ𝑚𝑒𝑎𝑛  
𝐾𝑚𝑎𝑥

𝐾𝑚𝑖𝑛

𝑑𝐾 (9) 

 

2.4 Results 

2.4.1 Stability implications of forcing speed and underlying dynamics 

We find that the speed of forcing is highly influential on the resulting dynamical response of our 

C-R model and the stability of our forced (relative to unforced) model with K = Kmean (Figure 2.2). 

Specifically, we see that fast periodic forcing can be stabilizing (CV forced – unforced < 0), 

however slow forcing has the potential to cause complex and less stable dynamics. Additionally, 

this result is remarkably general across a range of r values (which dictates the speed of underlying 

C-R cycles; Figure 2.2) as well as other model parameters, including average K (which dictates 

underlying stability and energy flux; Appendix A: Figure A1) and e (which regulates the numerical 

response in C; Appendix A: Figure A2). Note that while there are some differences in the degree 

to which periodic forcing is stabilizing or destabilizing in Figure 2.2a-d, the general pattern – 

despite its nonlinearity – remains consistent. Along these lines, we note that the implications for 

stability are dependent on the relative speeds of oscillators (forcing and underlying dynamics) such 

that faster system dynamics (high r) will become destabilized at slightly faster forcing frequencies 

(p) than an overall slower system (lower r). In other words, while this result is general across 

different biological rates, increasing growth rates (r) seem to decrease the potential for 
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environmental forcing to drive stabilization. We also note that there are clearly distinct dynamical 

regions or “zones” (Figure 2.2) that characterize different interactions between the coupled 

oscillators (i.e., excitable C-R interaction and our environmental forcing).   

To mechanistically explore the role of periodic forcing on the stability of C-R interactions, 

we first separate these enumerated and colour-coded zones from Figure 2.2 into two distinct phases 

that we will refer to as the “stabilizing phase” (fast periodic forcing relative to underlying 

dynamics; green zone 1) and “complex cycles phase” (relatively slow forcing; yellow to purple 

zone 2-5) (Figure 2.2), and then qualitatively explore each of these 5 zones separately. We note 

the interesting nonlinear trend in stability seen in Figure 2.2, such that we see a “tongue of 

destabilization” at moderate-slow forcing speeds, that suggests a complex interaction between 

oscillators which we will explore in more detail later on. Furthermore, we refer to these two distinct 

regions despite there clearly being multiple dynamical zones due to an interesting interplay 

between local and nonlocal dynamics. 
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Figure 2.2: The effect of forcing speed on stability (CV) of C-R dynamics, relative to an unforced model, at 

different r values. Note coloured/numbered “zones” 1-5 corresponding to forcing speeds with different 

dynamical implications, which we describe later on. Qualitatively we see a “stabilizing phase” at fast 

environmental forcing speeds, and a “complex cycles phase” – that depends on complex interactions between 

coupled oscillators – at slower frequencies. As a result of changing relative speeds of abiotic and biotic 

oscillators, the speed of underlying dynamics (i.e., resource growth rate, r) alters the magnitude of the 

stabilizing effect seen at fast frequencies, and shifts the transition between dynamical zones. Here, Kmean = 

KHopf+0.05 (nearly symmetric forcing around Hopf), A=0.5, e=0.7, a=1.3, d=0.2, b=1.  

 

2.4.2 Asymmetry in local stability – stabilizing phase 

First, we explore the role of high frequency periodic environmental forcing on C-R dynamics – 

that is, the “stabilizing phase” in Figure 2.2 (green zone 1). Here, we see that fast forcing 

stabilizes dynamics relative to an unforced model at the same average K value. Since increasing 

average productivity (K) destabilizes C-R dynamics in general (Figure 2.1; also see Box 2.1), this 

result seems to initially suggest that our system might be responding to a lower “realized” K value 

(e.g., compared to the arithmetic mean of K) over the range of forcing – a result that would be akin 

to Jensen’s inequality for variable environments (Ruel and Ayres 1999). However, since K is 

forced sinusoidally the environmental variability is symmetric around the mean so this cannot be 

simply explained by nonlinear averaging of our K forcing. This instead suggests a nonlinear 

response in R and C to our symmetric environmental forcing.  

Interestingly, this nonlinear dynamical response can begin to be explored through local 

stability analysis. Since the system’s dynamics do not seem to travel far from the equilibrium, even 

though the equilibrium coordinates as well as its local stability (i.e., λmax) are changing with our 

fluctuating K (e.g., Equation(s) 5), local stability properties may explain a surprising amount of 

our stabilizing effect under fast environmental forcing. To capture a measure of the overall stability 

of our non-equilibrium (forced) model (i.e., the net attracting/repulsing force to/from an 

equilibrium), we take the integral of λmax (real part of the maximum eigenvalue, hereafter referred 

to simply as λ) over the range of K forcing (i.e., Kmin to Kmax) and standardize for Kmean (also see 

Methods). We refer to this integral as λtotal (Equation 9). We find that λtotal is always negative, as 

long as Kmin is greater than the bottom of the eigenvalue “checkmark” in Figure 2.3a (most stabile 

point), where λ becomes complex and the C-R dynamics become excitable (note, though, that 
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below the Hopf bifurcation point, λ = 0, the deterministic system is always stable so here we focus 

only on more interesting areas of parameter space above this point). This result suggests a 

consistently stabilizing effect of forcing K due to asymmetry in local stability (Figure 2.3a). This 

negative integral indicates that locally, the dynamics are more strongly influenced by stabilizing 

than destabilizing forces due to an asymmetry in local stability properties over a range in K values. 

Note that this general result is consistent across various parameters, however the magnitude of this 

asymmetry may be influenced by other factors such as the speed – or responsiveness – of the 

underlying system. That is, resource growth rate, r, increases this asymmetry in local stability, 

particularly around the Hopf bifurcation point (Figure 2.3b). Furthermore, we should note that 

while we use the Rosenzweig-MacArthur C-R model here, which undergoes a Hopf bifurcation, 

the general convex nature of this eigenvalue curve (Figure 2.3a) is ubiquitous across C-R systems 

regardless of the Hopf bifurcation potential. Thus, this negative eigenvalue integral, centered 

around the mean, result ought to generally be true for all C-R systems. 

To summarize, we found that fast environmental forcing can have a surprisingly stabilizing 

effect driven by asymmetries in local stability. However, as the speed of our forcing slows, the 

system can travel further away from the equilibrium at Kmean – or has more time to do so – and is 

thus less influenced by local stability as it picks up non-local dynamics. 

 

Figure 2.3: Unpacking the stabilizing phase (fast environmental periodicities). A) Asymmetry in local stability 

explains the stabilizing effect at fast forcing speeds. That is, the integral of the maximum eigenvalue over the 

range of K forcing is always negative. B) Despite always being negative, the integral is dependent on other model 

parameters (notably r) as they alter the shape of the curve displayed in (A). Note that while the change in the 
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eigenvalue integral across Kmean remains consistent with changing r, the magnitude of the asymmetry 

significantly varies (note the scale of the y axis in Bi-iv). Here, A=0.5, e=0.7, a=1.3, d=0.2, b=1, p=1. 

2.4.3 Nature of the dynamical response to forcing – complex cycles phase 

As periodic environmental forcing slows, we see complex, non-local dynamics. Here, we explore 

the role of forcing in this “complex cycles phase” shown in Figure 2.2 (zones 2-5). In this 

exploration we will rely heavily on the phpaseplane, and have provided background information 

on the C-R phaseplane in Box 2.1.  

Box 2.1: Background on C-R phaseplane 

Before discussing these dynamical responses in more detail using the phaseplane, we will 

discuss some important background information regarding the geometry (i.e., phaseplane) of the 

Rosenzweig-MacArthur C-R model (Rosenzweig and MacArthur 1963).  

Here, we review the geometric characteristics of our C-R model using the phaseplane and review 

relevant background concerning the effects of changing K in a deterministic skeleton.  Figure 

B1a shows how changing K qualitatively alters the phaseplane geometry. First, and importantly, 

note that changing K alters the equilibrium coordinates and stability of that equilibrium. 

Specifically, the C-isocline is not affected by changing K, but the R isocline is “stretched” as K 

increases the C=0 intercept (R=K is an axial equilibrium). This ultimately changes the location 

of the interior equilibrium (C and R coordinates, where isoclines intersect) solely in the 

“vertical” (C) direction (Figure B1a; also see Equation(s) 4). So, as K fluctuates, the interior 

equilibrium moves in the phaseplane in the C-direction as it also fluctuates in stability. 

Second, as previously mentioned it is also important to note that increasing K increases the 

excitability (overshoot potential; complex eigenvalues) of C-R dynamics, until eventually 

driving a Hopf bifurcation (transition from a stable equilibrium to limit cycles, Figure B1a; 

Figure 1). The changing attractor (equilibrium or limit cycle) displayed in Figure B1a is a useful 

reference point for the dynamical response of forcing K. Note that this general pattern is what 

explains the paradox of enrichment (Rosenzweig 1971). Therefore, as K is forced periodically, 
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the underlying excitability (and stability if being forced past the Hopf bifurcation point) is 

fundamentally and perpetually changing.  

Finally, it is worth noting that C-R models are typically “fast” in the R-direction such that in a 

deterministic scenario the system will respond quickly in R, reach the C isocline (or potentially 

overshoot) and then more slowly approach the equilibrium (i.e., follow vector field in Figure 

B1b). This of course depends on the relative speeds of C and R, but given resources are generally 

faster than consumers, this is a fairly robust pattern. Also of note is that when dynamics are 

excitable but the equilibrium is still stable (i.e., phaseplane shown in Figure B1b), a perturbation 

in a deterministic system would result in damped cycles as it returns to the equilibrium (i.e., not 

monotonic).  

This phaseplane description matters when evaluating a system’s response to a perturbation off 

the equilibrium, and whether the system will respond monotonically back to equilibrium or 

“cycle” around as it returns (or away if unstable, in our case towards a limit cycle attractor). 

This also of course determines how a system may track a moving equilibrium. Effectively, a 

moving equilibrium is similar to a perturbation off a stationary equilibrium, with the exception 

that in our case the equilibrium is perpetually moving in the phaseplane. 

 

Figure 2.B1: Graphical representation of changing resource carrying capacity (i.e., productivity, K) in a 

Rosenzweig-MacArthur Consumer (C) – Resource (R) model. A) showing how the isocline geometry and 

equilibrium structure changes with increasing K; and B) demonstrating the underlying vector field of the 

phaseplane around a stable (but excitable) equilibrium. 
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With changing forcing speeds, we see the system go through a consistent transition through 

qualitatively different dynamical responses as the speed of forcing slows, and here we explore this 

transition in the phaseplane and with corresponding time series, such that we can compare our 

forced system’s dynamics to various attractors (i.e., relative to attractors – that is, the attracting 

stable equilibrium or limit cycles – at Kmin, Kmean and Kmax for a deterministic model; Figure 2.4). 

Specifically, with slowing forcing speed we refer to the stages of this transition (i.e., zones 2-5; 

Figure 2.2) as R-cycles (yellow, zone 2), C-R cycles (orange, zone 3), C-cycles (red, zone 4), and 

finally C-R max/boundary cycles (purple, zone 5) (Figure 2.4). Here, we briefly discuss each of 

these “stages.” While the dynamical response to changing forcing speed is truly a continuous and 

complex transition – characterized by responses in both C and R and complex interactions between 

coupled oscillators – the apparent discontinuity seen in Figure 2.2 motivates us to explore each of 

these qualitative zones separately. Thus, this categorical explanation of these “stages”, or routes 

to chaos, can help us begin to explore the interaction between multiple oscillators at various time 

scales and the asymmetries within them. 

Initially, our model dynamics are largely responsive in the R-direction of the phaseplane 

(Figure 2.4). We denote these as “R-cycles” (Figure 2.4a). To conceptualize the dynamical 

responses, we can think about these results in terms of one “cycle” and the system’s response: 

since R is relatively faster than C (see Box 2.1) we see a response in R to changing K (note it 

technically gets “knocked off” the equilibrium since the equilibrium itself is changing), similar to 

overshoot dynamics, but there is not enough time for C to respond before K once again returns. 

This result is similar to what we see in the “stabilizing zone” discussed above, but there is enough 

time to allow for a small dynamical response in R to the changing K (i.e., larger amplitude of R-

cycles as forcing is slightly slowed). This also leads to the next phase of our dynamical transition 

with decreasing forcing speed. That is, what we refer to as “C-R cycles” (Figure 2.4b). Here, the 

forcing is effectively slow enough to allow for responses in both C and R, which results in much 

more complex dynamics. In this case, the relative speeds of environmental forcing and the 

underlying dynamics are more equal in magnitude, which manifests in more typical coupled 

oscillators as the system tries to keep up with the constantly moving equilibrium while also 

contending with its own excitability. Notably, coupled oscillators are a recipe for chaos 
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(MacDonald 1978), and while we don’t see true chaos here, this phase of coupled oscillators 

explains our “tongue of destabilization” shown in Figure 2.2.  

Next, with further slowing of environmental forcing (increasing periodicity), we find an 

interesting transition to what we refer to here as “C-cycles” (Figure 2.4c). In this case, the 

dynamics begin to closely track the slowly moving equilibrium (moving in the C-direction as noted 

above, Box 2.1). Here, the equilibrium shifts slowly such that we don’t see the same overshoot as 

in the initial R-cycles – the dynamics are equilibrium dominated in a slightly different way than 

described in our previous section, but we note the relative decrease in CV during this phase (Figure 

2.2). While environmental forcing is slow enough to allow for this equilibrium tracking, the system 

is unable to uptake the unstable limit cycles at Kmax (or anywhere > KHopf) before K again retreats. 

Finally, with extremely slow forcing, we characterize the response as “C-R max/boundary cycles” 

(Figure 2.4d), as the system perfectly tracks the changing equilibrium (or limit cycle boundary 

once past KHopf) with slowly changing K. This final dynamical response is similar to what are 

known as relaxation oscillators (Kolesov et al. 1995, Kolesov and Rozov 2011) and bursting 

oscillations (Xindong et al. 2017) in the applied mathematical literature. 

In short, the complex dynamical response to environmental forcing is dependent on 

asymmetries between the speeds of environmental forcing and underlying dynamics, as well as 

asymmetries in the relative speeds and individual responsiveness of R and C. As such, the 

transition between phases we describe here may occur across different ranges of forcing speeds 

with different underlying dynamics (e.g., lower r), as also suggested in Figure 2.2, however the 

qualitative phases of this response are consistent (see Appendix A: Figure A3). In other words, the 

speed of underlying dynamics will determine how a C-R interaction responds to different 

periodicities. Note also that the transition between dynamical phases can also be inferred through 

bifurcation diagrams (Appendix A: Figure A4) such that we see clear cascades of increasing cycle 

complexity and reversal – i.e., the route to chaos – with changing forcing speeds. This could have 

drastic implications for both changing environmental signals and changing life histories, 

particularly if a system is near a boundary between our dynamical zones. 
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Figure 2.4: Dynamical characteristics of complex cycles phase with changing environmental forcing speeds. 

Dynamics in each zone result from asymmetry in relative time scales of coupled oscillators, and display routes 

to chaos with changing forcing speed. Dynamics shown here in phaseplane and corresponding timeseries are 

representative of each zone highlighted in Figure 2.2 (colour-coded and enumerated; A-D reflect zones 2-5). 

Here, Kmean = KHopf+0.05 (nearly symmetric forcing around Hopf), A=0.5, r=10, e=0.7, a=1.3, d=0.2, b=1. 

 

2.5 Discussion  

We have shown here that the implications of environmental polyrhythms for food web stability 

are highly complex and depend on multiple asymmetries: asymmetries in the speed of forcing 

relative to underlying dynamics, asymmetries in local stability properties, and asymmetries in the 

speeds of R and C (i.e., growth rates and energy flux). Altogether, these asymmetries interact to 

determine the dynamical response to environmental forcing and implications for stability of C-R 

interactions. Note that when the system is always within stable parameter space (i.e., an unforced 

model over the full range of K is stable), the forcing is obviously destabilizing, but the extent of 

this is dependent on things like biological rates (i.e., r) and forcing speed, with the same general 

dynamical pattern remaining consistent. That is, slow forcing is always more destabilizing than 
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fast forcing, and we consistently see this general transition between dynamical responses (i.e., the 

nonlinear pattern first shown in Figure 2.2). 

Importantly, the effect of forcing depends on an interesting relationship between local 

stability (stabilizing) and non-local dynamics (complex and destabilizing). Specifically, we found 

that fast forcing, relative to the speed of underlying dynamics, can stabilize excitable dynamics, 

but the reverse is also true – slow forcing is destabilizing (i.e., Figure 2.2). Additionally, under 

certain intermediate conditions, temporal forcing can interact with the underlying dynamics in 

complex ways through the effect of coupling these oscillators and driving increased instability – 

this happens when the forcing and underlying dynamics have similar influence (influence on 

dynamics is related to relative speeds) or periodicities (e.g., Figure 2.4).  

As a first step towards describing this complex and interactive effect of coupled oscillators, 

we characterized the effects of environmental forcing across a range of temporal scales by 

describing qualitatively consistent “zones” of dynamical responses, based on the dynamic 

responses of R and C, as dynamics transition towards chaos with decreasing forcing speeds 

(Figures 2.2 and 2.4). Notably, we emphasize the generality of our results and the interactive 

effects of environmental forcing. It is important to note that our approach was intentionally general 

as this adds strength to these broad patterns. However, it simultaneously urges us to harness the 

empirical literature to determine where we are (e.g., biological rates scaled to environmental 

polyrhythms) and where we may be going (i.e., under various global changes). Our results suggest 

that slight changes to biological rates or the environment may have drastic consequences to the 

dynamics and stability of food webs – especially if systems are currently near the boundaries 

between our dynamical “zones.” The discontinuity between these zones suggests that slight 

environmental or biotic shifts could have abrupt and drastic effects on the stability of food webs. 

Thus, our results have clear implications for global change, and highlight the importance 

of developing a theoretical understanding of environmental polyrhythms and integrating this with 

the empirical literature (Figure 2.5). While a mechanistic understanding of these complex 

dynamics is still in its infancy, it is alarming that both biological rates and the nature of 

environmental fluctuations appear to be fundamentally changing in the face of climate change and 



 

 

 

 
29 

other anthropogenic impacts. For example, in addition to increases in average primary production 

due to climate change and anthropogenic land use (e.g., nutrient runoff), human impacts (including 

warming) are driving widespread selection for fast life strategies and associated traits (i.e., smaller 

body sizes and faster growth rates within and among populations; (Gardner et al. 2011, Wang et 

al. 2020)). At the same time, some of the “fast” environmental periodicities are becoming 

dampened: nights and winters are becoming both shorter and warmer (Sparks and Menzel 2002, 

Dillon et al. 2016, Sharma et al. 2019, Woolway et al. 2021), and wet/dry seasonal patterns in the 

tropics are being altered due to a combination of climate change and hydrological development 

(Arias et al. 2012). It is less clear if the periodicities of longer-term fluctuations are changing (i.e., 

versus the periodicities becoming more noisy), but evidence is beginning to suggest that multi-

year cycles like ENSO are increasing in frequency (Yeh et al. 2009, Dillon et al. 2016). Regardless, 

it is clear the environment is fundamentally changing, and the implications for ecological 

functioning could be drastic.  

 

Figure 2.5: Scenarios of global change and implications for abiotic (environmental) and biotic periodicities. 

The implications for stability depend on initial conditions for both environmental rhythms and underlying food 

web dynamics, but potential outcomes of these changes are described based on our theoretical results. 
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The simultaneous effects of speeding up biological rates and altered environmental signals 

may have severe consequences for the stability and maintenance of biodiversity, with the potential 

for highly complex coupled oscillators, including chaos, in what were formerly environmentally-

stabilized systems (Figure 2.5). While the implications of global change require further empirical 

work to determine what dynamical regime particular systems currently reside in, we outline several 

potential global change scenarios in Figure 2.5 based on changes to environmental or biotic 

periodicities. Due to the interaction between these changing polyrhythms, it is entirely possible 

that global changes may push systems between qualitative dynamical regimes, having potentially 

catastrophic implications for ecosystem structure and function. Furthermore, increased 

“reddening” of environmental noise (increased autocorrelation of environmental patterns, cite) 

with climate change could be introducing altogether new periodicities with unknown implications 

for food web stability. Our results show that depending on the frequency of these newly introduced 

cycles, there is the potential for highly complex dynamics and chaos, particularly when coupled 

with previously occurring oscillators. 

Here, we have explored the effect of polyrhythmic environments in a simple C-R interaction 

and our results imply that global change is likely to alter the nature of interactions throughout 

whole food webs. As these complex oscillators interact and cascade through the ecological 

hierarchy, the implications for stability of whole food webs remains uncertain. The dynamic and 

complex results seen here give us a glimpse into a future world of widespread biotic and abiotic 

change and the interactive nature of these rhythms.  
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3 Transients and counterintuitive competitive performance in 

periodic environments 

3.1 Abstract 

Periodic environmental conditions and associated patterns in biotic responses may play an 

important role in regulating species interactions, but the implications of changing periodicities are 

not well understood despite the rapid pace of global change. With altered environmental 

periodicities, resource and habitat availability, and biological rates all transforming species 

interactions, there is heightened potential for nonlinearities and unexpected outcomes under global 

change. Here, we explore the potential for nonlinear effects in competitive interactions and 

describe implications for species’ coexistence in periodic environments. We show that 

environmental conditions (i.e., periodic fluctuations between “seasons” of high and low growth) 

and adaptive trade-offs can drive counterintuitive competitive over- or under-performance, and 

most notably cause abrupt seasonally-mediated competitive exclusion under climatically altered 

period lengths. We use a simple analytical solution to describe how temporal asymmetries in both 

species’ growth and competition strength differentials can exacerbate the magnitude of these 

counterintuitive effects and result in unexpected local extinction of certain species. We end by 

suggesting that the biological trade-offs that magnify these results are biologically realistic and 

highlight examples of competitive species pairs that may be prime examples for these 

counterintuitive responses to global change. This research provides important insight into the 

interaction between “average” changes in biological rates and changes to temporal processes 

regulating species interactions, with implications for the maintenance of biodiversity under global 

change. 

3.2 Introduction 

Periodic environmental patterns – occurring over a range of temporal scales – are pervasive across 

the globe (Vasseur and Yodzis 2004, Dillon et al. 2016, Mougi 2020). These periodicities are 

generally characterized by “seasons” of repeated fluctuations in abiotic conditions, from daily or 
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yearly temperature and rainfall patterns to multi-year cycles characterized by periods of wet and 

dry conditions (e.g., ENSO). These abiotic periodicities drive accompanying biotic responses and 

can thus be characterized by “seasons” of high growth and productivity, followed by periods of 

low-growth, regardless of the temporal scale these periodicities operate on. However, across all 

temporal scales, these environmental signals are changing due to climate change – often driving 

asymmetries between these high- and low-growth periods. For example, northern-hemisphere 

winters are becoming shorter in length and more moderate (Sharma et al. 2019, Woolway et al. 

2021), and weather patterns on other scales are becoming more variable/unpredictable (Yeh et al. 

2009, Dillon et al. 2016). Other anthropogenic impacts are also changing abiotic periodicities, such 

as dam development altering seasonal water flows through entire river basins and land 

modification (e.g., channelization) altering the natural waxing and waning of riverine processes 

(Arias et al. 2012). This makes it crucial that we develop an understanding of the role of these 

(changing) environmental patterns on species interactions and the maintenance of biodiversity. 

Environmental periodicities and associated biotic responses likely have important, yet 

poorly understood, implications for food web structure and stability (White and Hastings 2020). 

Specifically, variation in the structure of species interactions is likely driven by differential 

adaptive or behavioural responses between interacting species, with dynamical implications 

cascading up to whole food webs (Chesson et al. 2004, Mathias and Chesson 2013, McMeans et 

al. 2016, 2020). For example, competing species often have differential coping mechanisms for 

periods of low resource availability that are associated with trade-offs for growth potential under 

favourable conditions (Chesson and Huntly 1997). Simultaneously, abiotic conditions determine 

species’ activity rates and habitat use which can fundamentally alter the interaction strengths (e.g., 

niche overlap and interspecific competition) between species over time (Chesson and Huntly 1997, 

Li and Chesson 2016). While research has discovered various mechanisms for species coexistence 

in variable environments (e.g., storage effect, relative nonlinearity, equalizing mechanisms 

(Armstrong and Mcgehee 1980, Amarasekare 2003, Chesson 2018, McMeans et al. 2020)), a 

theoretical basis for predicting coexistence under consistently changing environmental conditions 

– that is, periodic environments – is only beginning to be considered.  
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Indeed, recent research has suggested that periodic environmental variation (e.g., 

seasonality) can have a large influence on species interactions and even promote coexistence 

(Namba and Takahashi 1993, McMeans et al. 2020, Mougi 2020). McMeans et al. (2020) suggest 

that annual differences in niche partitioning between two competing predators can allow for 

important trade-offs that promote coexistence, and that under certain conditions this seasonally-

mediated coexistence can be highly sensitive to climate change. Additionally, the theoretical 

literature is beginning to show that environmental variation broadly can interact with underlying 

nonlinearities to drive unexpected results, including fundamentally altered or novel attractors 

(Hastings et al. 2018, 2021). Thus, periodic environmental variation is a recipe for nonlinearities 

and potentially counterintuitive effects. Despite this initial theory, the potential for nonlinear 

and/or unexpected effects on species coexistence in periodic environments is not well understood 

– especially in the face of global change. 

Here as a first step towards exploring the potential for counterintuitive effects of periodic 

environments, we expand on a previous theoretical study that found different qualitative outcomes 

of changing seasonal signals on species coexistence which depend on seasonally-variable 

competition strengths (McMeans et al. 2020). We find that small changes in the nature of the 

environmental periodic forcing (e.g., increasing or decreasing the productive season) can 

precipitously alter coexistence and drive unexpected outcomes. Specifically, we show that some 

species may be pushed abruptly towards local extinction even when they would otherwise be 

predicted to flourish within each state alone. These counterintuitive outcomes are a result of 

transient dynamics and are magnified by temporal trade-offs in species’ growth and competition, 

which we will explore in detail below. Importantly, these results occur more readily under 

biological trade-offs and seasonal conditions that are biologically plausible, suggesting that as 

climate change alters seasonal patterns, we may alarmingly expect to find counterintuitive patterns 

in species coexistence. While we refer to “seasonality” here, we use this term broadly in reference 

to the aforementioned swings between high- and low-growth periods and as such this general 

theory has important implications for periodic environmental variation on other time scales – from 

diurnal swings in temperature and prey behaviour, to decadal oscillations like ENSO.  
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3.3 Methods 

We use a temporally-extended Lotka-Volterra model first introduced in McMeans et al. (2020), 

but loosen their biological parameter constraints for a more general theory. Specifically, we use 

an iterated step function of the classic Lotka-Volterra competition model (f(t) for two competing 

species j and k) to incorporate two distinct “seasons” with altered growth and competition 

strengths. Here, we refer to the Lotka-Volterra model as f(t) for two competing species Xj and Xk 

in season s: 

𝑓𝑆,𝑗(𝑡) = 𝑟𝑆,𝑗𝑋𝑗(1 − ⍺𝑆,𝑗𝑗𝑋𝑗 − ⍺𝑆,𝑗𝑘𝑋𝑘) (1) 

where rj is the intrinsic rate of population growth for species j, ajj is the intraspecific 

competition rate for species j and ajk is the strength of interspecific competition of species k on 

species j. 

While we loosen McMeans et al.’s biological constraints regarding temporal changes in activity 

rates, resource availability and habitat use, we assume some differentiation between species’ 

growth in the two periods. Therefore, we define repeated fluctuation between a high-growth (HG) 

and low-growth (LG) season as follows: 

𝑑𝑋𝑗

𝑑𝑡
= {

𝑓𝐻𝐺,𝑗(𝑡)          𝑖 < 𝑡 < 𝑖 + 𝑝

𝑓𝐿𝐺,𝑗(𝑡)      𝑖 + 𝑝 < 𝑡 < 𝑖 + 1
 

 (2) 

where i defines the time step from 0 to the length of the model run (i.e., tEND or the number 

of time steps, generally enough to reach an asymptotic state); p is length of the high-growth period 

(“season”) as a proportion of each time unit (leaving (1-p) as the low-growth interval); and j 

represents either competing species j or k. Using this model, we can vary the parameter p as also 

done in McMeans et al. (2020) to determine the effect of changing periodic environments on 

species coexistence.  
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All analyses were done using Wolfram Mathematica (version 12.3.1.0) and numerical simulations 

were evaluated using the built-in ODE solver “NDSolve.” After a sufficiently long transient 

period, all numerical simulations settle at an asymptotic state, such that species’ densities fluctuate 

within each time step (e.g., year) around a mean that remains constant. 

Here, along with numerical simulations, we will also use a simple linearized isocline 

approximation for an analytical approach to our problem that allows us to follow the asymptotic 

state (see Appendix B1). This approximation gives us coexistence criteria that map to the original 

Lotka-Volterra for a periodically-variable competitive interaction (see Table 3.1 for a subset of 

outcomes and Appendix B1: Table B1 for the full set of criteria). Notably, they highlight that 

coexistence is dependent on seasonal-growth-scaled inter- versus intra-specific competition 

strength (whereas the classical Lotka-Volterra criteria are simply dependent on inter- versus intra-

specific competition strength; that is, coexistence occurs when akj /ajj < 1 for both species). We 

will use these criteria in what follows when exploring seasonally-mediated changes in coexistence 

(i.e., bifurcations driven by p; for an example of a bifurcation using these isoclines see Appendix 

B1: Figure B1). 

Similarly, we can use this approximation when calculating the continuous effect of 

changing p, particularly when the attractor does not follow a linear approximation based on 

endpoints (our seasonal conditions) that define the boundary conditions at p=0 and p=1. In cases 

where p drives bifurcations in our periodically-forced model (e.g., seasonally-mediated 

coexistence outcomes) we can then use this approximation to track the non-trivial (i.e., “interior”) 

equilibrium into negative space following such bifurcation (generally a transcritical bifurcation as 

this solution crosses into negative space). This allows for a continuous measurement of potential 

nonlinear changes in the “attractor” even when this attractor is unstable and numerical solutions 

would fall to an axial solution. In what follows, we occasionally follow negative densities, 

although biologically impossible, to quantify the extent of the nonlinearity imposed by biological 

conditions. We use this simplified solution to analytically explore nonlinear effects of changing 

environmental conditions – namely nonlinear changes in species density and seasonally-mediated 

competitive exclusion. 
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Table 3.1: Coexistence criteria for polyrhythmic environments from approximated isocline solutions (Appendix 

B1) as an extension to classical L-V competition theory. Highlighting difference between stable coexistence (a) 

and competitive exclusion of species 2 by species 1 (b). When summer and winter (i.e., “extreme” or boundary 

conditions) satisfy (a), then intermediate p drives the system towards satisfying (b) under counterintuitive 

effects shown in Figure 3.1. 

Coexistence 

𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1− 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺11 + 𝑟𝐿𝐺,1𝑎𝐿𝐺,11 − 𝑝𝑟𝐿𝐺,1𝑎𝐿𝐺,11

 < 
𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2 − 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,21 + 𝑟𝐿𝐺,2𝛼𝐿𝐺,21 − 𝑝𝑟𝐿𝐺,2𝛼𝐿𝐺,21

 

𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2− 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,22 + 𝑟𝐿𝐺,2𝑎𝐿𝐺,22 − 𝑝𝑟𝐿𝐺,2𝑎𝐿𝐺,22

 < 
𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1 − 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺,12 + 𝑟𝐿𝐺,1𝛼𝐿𝐺,12 − 𝑝𝑟𝐿𝐺,1𝛼𝐿𝐺,12

 

Competitive 

Exclusion by 

Species 1 

𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1− 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺11 + 𝑟𝐿𝐺,1𝑎𝐿𝐺,11 − 𝑝𝑟𝐿𝐺,1𝑎𝐿𝐺,11

 > 
𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2 − 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,21 + 𝑟𝐿𝐺,2𝛼𝐿𝐺,21 − 𝑝𝑟𝐿𝐺,2𝛼𝐿𝐺,21

 

𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2− 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,22 + 𝑟𝐿𝐺,2𝑎𝐿𝐺,22 − 𝑝𝑟𝐿𝐺,2𝑎𝐿𝐺,22

 < 
𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1 − 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺,12 + 𝑟𝐿𝐺,1𝛼𝐿𝐺,12 − 𝑝𝑟𝐿𝐺,1𝛼𝐿𝐺,12

 

 

3.4 Results 

3.4.1 The problem: Nonlinear responses and competitive underperformance 

The design of our model with discrete time periods (e.g., low- and high-growth seasons) allows us 

to make predictions regarding the effect of changing temporal signals using just the extreme 

endpoints (i.e., conditions unique to each period). Figure 3.1 displays a competitive response to 

changing season lengths of the periodic model composed of two time-independent seasons iterated 

over multiple time steps (i.e., years). Figure 3.1 represents the mean species’ densities at the 

resulting asymptotic state. The endpoints (i.e., p = 0 or 1) are the environmental and biological 

conditions characteristic of each season and represent classical Lotka-Volterra coexistence 

outcomes based on those conditions. In other words, the endpoints are solely defined by the 

respective season’s parameters as there is no periodicity at the extremes. As such, we can think of 

changing temporal patterning (e.g., lengthening high-growth seasons and shrinking low-growth 

periods) as moving from one extreme (1 year = 100% low-growth conditions) to the other (1 year 
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= 100% high-growth conditions), and predict a linear path between these as a reasonable first 

approximation, or null hypothesis in a sense (e.g., note the grey linear expectation in Figure 3.1). 

 Here, we consider the case where each endpoint yields stable coexistence and consider how 

changing the length of the seasons influences this competitive outcome, relative to these linear 

predictions. In Figure 3.1 we show two strong nonlinear responses to changing season length, that 

largely deviate away from the predictions in counterintuitive ways. One that drives species 2 to 

low densities (Figure 3.1a), far past what would be expected based on either endpoint, and another 

that drives the same species 2 to local extinction over a range of intermediate p (where p is the 

proportion of each time step that is under high-growth condition; Figure 3.1b). Importantly, these 

outcomes suggest that temporal variation can drive unexpected (from an equilibrium perspective) 

results and potentially drive fundamentally different coexistence outcomes.  

 The maximum deviation from the linear prediction shown in Figure 3.1 is a measurement of 

the nonlinear effect, and biologically indicates how much species 1 competitively overperforms 

and how much species 2 competitively underperforms for any season length (note the directional 

orange arrows in Figure 3.1). Due to the counterintuitive nonlinear responses displayed in Figure 

3.1, species densities are pushed past what would be predicted under either seasonal condition 

alone. In the more exaggerated case (i.e., Figure 3.1b) one species can be pushed to local extinction 

under periodic fluctuation, even when it would persist under both seasonal conditions alone. If we 

imagine the case where a species is better adapted to at least one of the seasons, then indeed these 

curves also have the biologically counterintuitive result that this same species decreases in some 

situations (i.e., changing p over some range) even when there is an increase in the season it is better 

adapted to. 

Since climate change is threatening to alter the nature of common periodicities (e.g., 

changing seasonal durations, often with high-growth seasons lengthening and low-growth seasons 

decreasing), we are interested in what governs the strength of this nonlinearity and when we might 

see this remarkably counterintuitive competitive outcomes in a changing climate. In what follows, 

we explore conditions (e.g., biological trade-offs) that ought to amplify these counterintuitive 
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results and we will highlight the importance of considering transient dynamics for theoretical 

ecology in a changing world. 

 

Figure 3.1: Counterintuitive effects of changing periodic signals (high-growth season length as a proportion of 

each time unit, p), relative to linear predictions (grey lines) based on the endpoints/boundary conditions. 

Boundary conditions in both cases define stable coexistence at the endpoints (no seasonality) but this is altered 

at intermediate season lengths such that competing species can have both positive and negative responses to the 

same changing condition (i.e., “competitive over-/underperformance” indicated by orange arrows). A) 

nonlinear changes in density with altered seasonality; B) seasonally-mediated competitive exclusion (an 

extreme case of (A) driven through the x2=0 boundary). Here, even though both boundary conditions allow for 

stable coexistence (parameters in each season facilitate coexistence between both species), fluctuations between 

these seasonal conditions drives one species (species 2) to exclusion. 

  

3.4.2 Towards biological rules for seasonally underperforming competitors 

Towards understanding biological conditions that may amplify the counterintuitive patterns 

displayed in Figure 3.1, we can deduce simple mathematical rules using our analytical coexistence 

conditions (Table 3.1, Appendix B1) along with numerical simulations that track this competitive 

over/underperformance. We note that our numerical simulations that follow were informed by the 

analytical competition results. Specifically, the nonlinearity necessarily occurs when the 

coexistence condition (Table 3.1) changes as p increases from 0 to the exclusion condition (i.e., 

LHS < RHS changes to LHS > RHS), and then again satisfies the coexistence condition at p = 1. 
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We can deduce several things immediately from what ought to drive this relationship between the 

LHS and RHS terms in Table 3.1 (these are stated more formally in Appendix B2). 

First, the numerator can be expected to increase the LHS with increasing p more than the 

RHS when the growth rates have an asymmetry such that rHG,1 > rHG,2 and rLG,1 < rLG,2, and thus 

be more likely to flip the inequality in the coexistence conditions (Table 3.1). We refer to this as 

the seasonal growth trade-off effect. Second, given our boundary conditions (𝛼11 > 𝛼21)  and 

similar to the previous arguments, when 𝛼𝐻𝐺,11 < 𝛼𝐿𝐺,11, the denominator of the LHS will cause 

the LHS term to increase more rapidly than the RHS when p increases from 0. We refer to this 

result as the seasonal competition effect. Finally, we note that the RHS denominator in Table 3.1 

can be made more likely to drive the required flip in the coexistence condition if the interspecific 

competition terms in the RHS denominator are closer to the intraspecific (note, they have to remain 

smaller to retain the boundary conditions). In this case, the RHS denominator becomes larger and 

more similar to the necessarily larger LHS denominator. This would then be expected to release 

the asymmetries above – particularly those of the growth rates – to flourish. We refer to this 

amplifying effect as the “sister species” effect as nearly identical species would be expected to 

have nearly identical intraspecific and interspecific competition terms.  

Below we use this simple logic to guide our numerical results. The counterintuitive effect 

size was measured using our analytical approximation (Appendix B1) as the maximum deviation of 

species 2’s (the species that is prone to exclusion) “equilibrium” (i.e., mean density at the asymptotic 

state) from our linear predictions (i.e., the lines joining our boundary conditions with no 

seasonality). That is, the counterintuitive effect size is equivalent to the arrows indicating 

underperformance in Figure 3.1, though we track the approximation’s equilibrium if it gets pushed 

through the axes (i.e., through a transcritical bifurcation). Effectively this determines the magnitude 

of species 2’s competitive underperformance, given the boundary conditions. Thus, a larger effect 

size represents a larger negative effect on, or larger underperformance of, species 2 and therefore 

an increased potential for it to become locally extinct at intermediate p.  
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Seasonal Growth Trade-offs 

First, our numerical results confirm that seasonal growth rate differentials amplify the nonlinear 

effect of changing p, referred to above as the seasonal growth trade-off effect (Figure 3.2). Figure 

3.2 shows that increasing inter-specific growth rate differentials in each season (i.e., increasing rHG,1 

and rLG,2 based on conditions identified above and in Appendix B2), while holding other rates 

constant, amplifies the nonlinear effect once these growth rates surpass the opposite species’ growth 

in the respective seasons. This growth rate effect also depends on underlying inter- and intra-specific 

competition strengths such that the effect of growth rate differentials is amplified through the “sister 

species” effect described above.  

Intriguingly, this result suggests that even when species 2 has a relative growth advantage 

over species 1 in the low-growth season, and species 2 would be expected to persist under all 

conditions, it may be pushed towards local extinction even in situations where the majority of time 

is spent in those favourable conditions (low-growth season). Similarly, even when at a relative 

growth disadvantage in high-growth periods, the density of species 2 may actually increase with 

lengthening high-growth periods. Coinciding with the latter, species 1 – with the growth advantage 

in the high-growth periods – could counterintuitively decline as p approaches 1 (Figure 3.1). 
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Figure 3.2: Interspecific r asymmetries (i.e., seasonal growth trade-offs) amplify counterintuitive outcomes, the 

magnitude of which depends on boundary conditions (defined by seasonal inter- vs. intra-competition 

strengths). Specifically, rHG,1 > rHG,2 and rLG,2 > rLG,1 appear to increase the magnitude of the counterintuitive 

effect across changing seasonal proportions. The effect size is measured as the difference in minimum species 

2 values over p = (0, 1) relative to the minimum boundary condition. Note that rHG > rLG for both species, and 

in both A) and B), 𝜶𝑳𝑮 > 𝜶𝑯𝑮.  A) 𝜶𝟏𝟏 and 𝜶𝟐𝟏  are not very close together B) 𝜶𝟏𝟏 ≈ 𝜶𝟐𝟏, magnifying effect of 

r-asymmetries. 

 

Seasonal Differentiation in Competition Strengths 

Next, we see that seasonal differences in competition can indeed also drive this counterintuitive 

response, referred to here as the seasonal competition effect. In Figure 3.3, we altered each 

season’s competition strengths, such that interspecific competition (𝛼21) was held as a constant 

proportion of species 1’s intraspecific competition strength 𝛼11 (i.e., controlling for the sister 

species effect) (Figure 3.3). Figure 3.3a shows that when increasing inter- and intra-specific 

competition strengths together (i.e., held at a constant ratio), the nonlinear effect of changing p is 

amplified by strong seasonal differences in competition. Specifically, low competition in the high-

growth season and high competition in the low-growth season magnifies the result. Additionally, 
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when holding 𝛼21/𝛼11 at a higher ratio (i.e., 𝛼11 ≈ 𝛼21), this result is amplified further, again 

aligned with the sister species effect (Figure 3.3.b). 

It is also worth noting that increasing intraspecific competition strength in either season 

alone (i.e., holding all other rates constant) acts to dampen the nonlinear effect size (Appendix B2: 

Figure B2), which is also consistent with our arguments above. That is, increasing 𝛼11 in either 

season (such that it is becoming greater than 𝛼21), the underperformance effect of species 2 is 

dampened (Appendix B2: Figure B2a,b). Related to this, increasing 𝛼21 in either season (such that 

it is approaching 𝛼11) magnifies the effect size (Appendix B2: Figure B2c,d). Note that we cannot 

increase 𝛼21 past 𝛼11 due to our boundary conditions. Again, this result is in line with the “sister 

species” effect.  

 

Figure 3.3:  Effect of changing seasonal competition differences (through 𝜶11 and 𝜶21) on the magnitude of the 

counterintuitive effect across changing seasonal proportions. The effect size is measured as the difference in 

minimum species 2 density (X2) over p = (0,1) relative to the linear expectation. 𝜶𝑳𝑮 > 𝜶𝑯𝑮 magnifies the 

negative effect on species 2, given modest seasonal growth trade-offs. A) Increasing seasonal differences in 

competition strength (where 𝜶𝟐𝟏/𝜶𝟏𝟏is held at a constant ratio of 0.5) increases the magnitude of the nonlinear 

effect (effect size); B) Increasing seasonal differences in competition strength (where 𝜶𝟐𝟏/𝜶𝟏𝟏is held at a 

constant ratio of 0.9) amplifies the counterintuitive result even further.  
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3.4.3 Summary: Transients, nonlinear responses and competitive underperforming  

We have identified general relationships between species’ seasonal growth trade-offs and 

coinciding seasonal patterns in competition strength that ought to amplify the nonlinear effect of 

changing seasonal durations. Importantly, this suggests that seasonal asymmetries in biological 

rates have the potential to drive unexpected population declines with the potential for driving local 

extinction. Here, to further unpack why we see these counterintuitive outcomes and understand 

these asymmetries together, we can step away from our boundary conditions and view these results 

in the phaseplane (Figure 3.4). We show here how the nonlinear changes in our attractor with 

changing p are due to the interaction of transient dynamics under each of our seasonal conditions 

(i.e., the underlying vector fields) – and thus how asymmetries in species’ growth and competition 

trade-offs act together to drive this result. 

Figure 3.4 shows the seasonal (boundary) conditions in the phaseplane, including 

underlying vector fields. This schematic shows how the vector directionality is governed by 

growth rates (whereas the isocline geometry and equilibrium densities are only dependent on 

competition strengths) such that in a sense, rHG,1 “linearizes” the vector field in the vertical 

direction (i.e., parallel to the species 1 axis) and rLG,2 “linearizes” the low-growth season’s vectors 

in the horizontal, species 2 direction. These vectors are proportional to the strength of the growth 

rates, regardless of the competition strengths (though the competition rates clearly alter the 

directionality of the vector fields near the equilibria). Given enough seasonal competition 

differentiation to separate the seasonal equilibria in the phaseplane, these growth rate differentials 

then effectively couple together to have a resulting “ratchet effect” that pushes the attractor to low 

species 2 densities. Essentially, these “linearized” seasonal vector fields couple together to create 

nonlinearities in the overall vector field under seasonal variation and suppress species 2. 

In the example displayed in Figure 3.4, the low-growth season’s competition strengths are 

larger than those in the high-growth season (i.e., 𝛼𝐿𝐺 > 𝛼𝐻𝐺  as noted as one of our conditions 

above) and thus the low-growth equilibrium densities are suppressed towards the origin relative to 

the high-growth equilibrium. This geometrical configuration makes it so that the high rLG,2 
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effectively speeds up the “negative growth” in the low-growth season (hence the arrow direction 

in Figure 3.4) and ensures this detrimental “ratchet effect.” It is also worth noting that if 𝛼11 ≈ 𝛼21 

then each season’s isocline intercepts on the species 1 axis (y axis) in Figure 3.4 would be closer 

together (and the equilibrium would be closer to this axis), and – especially in the low-growth 

season’s case based on the “negative” vectors – would increase the likelihood of species 2 getting 

pushed through the 0-boundary due to any nonlinearities in the attractor’s response. Thus, we can 

see how periodic environmental variation – between seasons with biological trade-offs – can drive 

unexpected nonlinear coexistence outcomes based on how these conditions interact with each 

other.  

Another way to biologically interpret the ratchet effect displayed here is that large 

numerical responses in species 1 during the high-growth seasons, resulting in increased density of 

species 1 leading into the low-growth period (i.e., the green arrows in Figure 3.4), would 

subsequently lead to large numerical responses in the low-growth season – specifically a large, 

negative effect on species 2 (i.e., blue arrows in Figure 3.4) – even under moderate 𝛼𝐿𝐺,21 levels. 

Of course, 𝛼𝐿𝐺,21 ≈ 𝛼𝐿𝐺,11 further magnifies this effect in the low-growth season. That is, strong 

growth responses by species 1 (i.e., rHG,1 >> rHG,2) during the high-growth seasons further amplify 

this ratchet effect. 
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Figure 3.4: Seasonal isocline geometry and underlying vector fields, with directionality and magnitude of the 

vector fields proportional to growth rates. Together, these vector fields act like a ratchet to drive the overall 

attractor towards the boundary (i.e., a “net effect” that is overall negative in the X2 direction). Temporal 

growth asymmetries “linearize” the seasonal vector fields and amplify a “ratchet effect”. The right panel shows 

the nonlinear path in the attractor (coloured dots) with changing p (for reference, the linear prediction is 

indicated by gray dots) and represents seasonally-mediated competitive exclusion at intermediate p, as a result 

of this ratchet effect. 

 

3.5 Discussion 

Here, we have identified scenarios where changing environmental periodicities can drive nonlinear 

responses in species’ densities and result in counterintuitive competitive outcomes (Figure 3.1), 

with clear implications for the maintenance of biodiversity under global change. Specifically, we 

have identified cases where certain species can competitively underperform such that they are 

pushed near or to local extinction, even in environments that deterministically (i.e., without 

environmental fluctuations) ought to facilitate coexistence at all times (over the full range of 

environmental conditions experienced). We have identified biological conditions that ought to 

amplify this nonlinear response, and importantly – and alarmingly – note that these conditions may 

be biologically realistic.  

Specifically, we see that seasonal trade-offs in growth (Figure 3.2) and competition (Figure 

3.3) can alter the performance of competing species in counterintuitive ways. The trade-offs 
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identified here may all act together to drive counterintuitive over-/underperformance of competing 

species in changing environments. Specifically, we refer to the effects of these trade-offs as: 

seasonal growth trade-off effect, seasonal competition effect, and sister species effect. Under 

these biotic conditions, competing species with differential growth responses to varying 

environments (i.e., while there may be a high- and low-growth season, each is a relatively better 

competitor in different seasons) and differential competition strengths between seasons (especially 

if competition is stronger in the low growth season) may have fundamentally altered coexistence 

outcomes than would be expected in a static environment (under either season alone). We note that 

while not all of these biological conditions are simultaneously necessary to drive the results seen 

here, some seasonal and inter-specific differentiation is clearly needed to allow for a nonlinear 

response in competitive outcomes (i.e., the attractor’s path shown in Figure 3.4). Here, we have 

also begun to unpack the mechanisms behind these counterintuitive results and highlight that they 

are driven by interactive transient dynamics that couple together to create a “ratchet effect” on the 

resulting attractor and magnified by large seasonal numerical responses (Figure 3.4). 

Interestingly, the trade-offs between competing species we have identified here seem 

biologically likely. Species commonly have growth or performance trade-offs between different 

environmental conditions (e.g., periods of changing temperature or resource availability) which 

can equalize their competitive abilities (Armstrong and Mcgehee 1980, Chesson and Huntly 1997, 

Chesson 2018, McMeans et al. 2020). McMeans et al. (2020) synthesized examples of several fish 

competitors that show temporal differentiation in growth, activity, niche overlap and competitive 

ability, with trade-offs within species pairs associated with their thermal guilds (lake trout and 

smallmouth bass, burbot and lake trout, Arctic charr and brown trout, European perch and roach). 

Furthermore, plasticity in the feeding strategies of neotropical fish has been shown to allow for 

niche divergence during periods of high resource availability (Neves et al. 2021), which would 

lower interspecific (through less niche overlap) and intraspecific (from increased resource 

availability) competition during these times. This suggests that, depending on the overlap and 

directionality of these various temporal trade-offs, these species may display biological conditions 

in line with our enhanced nonlinearity criteria. These general biological conditions are not 

restricted to aquatic ectotherms. For example, coexistence in desert rodent communities is 
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supported by temporal trade-offs in foraging efficiency (Brown 1989), and it is common for 

competitors with similar niches to have differential growth strategies or other forms of temporal 

differentiation (Chesson 2018). Together these examples describe well-known coexistence 

mechanisms (e.g., equalizing and stabilizing mechanisms), but our results presented here suggest 

that in some cases these biological conditions (e.g., trade-offs) may actually have detrimental 

effects for coexistence. 

These trade-offs can be associated with differential competitive abilities between seasons, 

however species have also adapted behavioural adaptations to cope with periods of harsh 

conditions or low resource availability in different ways (Chesson and Huntly 1997). These 

behavioural strategies may act to reinforce the nonlinear responses we see here (e.g., increased 

niche overlap or range contraction that would increase competition during harsh periods) 

(McMeans et al. 2020), or alternatively counteract a species’ potential for competitive 

underperformance (e.g., torpor/hibernation or migration that drives niche divergence when 

competition would otherwise be strong) (Schoener 1982, Cáceres 1997, Harabiš et al. 2012). 

Depending on how these adaptations alter niche overlap between species, particularly during sub-

optimal times, they may act as stabilizing mechanisms to counteract competitive 

underperformance in periodic environments. The implications of global change – with associated 

alterations in environmental periodicities – for these competitive trade-offs remain unclear, 

however we suggest that competing species with growth trade-offs that equalize them and with 

similar niches (i.e., without stabilizing mechanisms that allow for niche divergence), may be most 

susceptible to these nonlinear effects. 

These nonlinear responses to changing environmental periodicities, and realistic biological 

conditions that can magnify competitive over/underperformance, have clear implications for 

global change. Notably, changing durations of annual seasons (e.g., cold and dry periods) as well 

as “seasonality” on other time scales (i.e., periods of low/high productivity on daily to decadal 

periods) may have drastic coexistence outcomes. Here, we see that changing periodicities may 

precipitously drive species towards local extinction when it would otherwise be expected to persist 

– or even thrive – under all conditions. Similarly, we see that species with seasonal growth 

advantages can counterintuitively decline with increasing duration of their favourable season, and 
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species with a growth disadvantage under those same conditions may increase. We emphasize here 

that it is the relative growth differentials, not strictly the magnitude of growth rates, that drive 

these outcomes which suggests that the effect of these environmental periodicities are general 

across a range of temporal scales. As such, these results contribute to a general understanding of 

coexistence in periodic environments broadly. In the face of rapid global change, altering 

environmental periodicities and stretching species’ adaptive capacities to their limits, 

understanding these biotic trade-offs and resulting implications for the maintenance of biodiversity 

is critical. 

These effects on competitive performance also link to invasion criteria under global change. 

For example, these nonlinear responses may open the door for invasive species under climate 

change that previously wouldn’t be able to establish due to competitive overperformance of present 

species. Between population range shifts, novel species introductions and changing biological 

rates, environmental periodicities and resource availability, global change may fundamentally alter 

competitive interactions and rewire whole communities (Penk et al. 2016, Lancaster et al. 2017, 

Bartley et al. 2019). Ultimately, species coexistence may be highly susceptible to changing 

environmental conditions and indeed we show here that this sensitivity can also drive highly 

unexpected outcomes under global change. It is imperative that empirical research consider the 

role of periodic environments on species interactions, especially when evaluating current 

competitive performance and making predictions for global change (McMeans et al. 2020).  
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Full reference: 

Bieg, C., H. Vallès, A. Tewfik, B. E. Lapointe, and K. S. McCann. 2022. Towards a multi-

stressor theory for coral reefs in a changing world. bioRxiv. 
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4.1 Abstract 

Coral reefs are facing a constant barrage of human impacts, including eutrophication, 

overharvesting and climate change. However, research and management are just beginning to 

depart from a single-dominant-stressor paradigm and a holistic ecosystem-based understanding of 

these systems is still in its infancy. We expand on a well-known theoretical model to motivate an 

integrated multi-stressor framework for coral reefs by incorporating empirical evidence of multi-

stressor impacts (overfishing, eutrophication and climate-driven mortality) as well as general 

ecological and theoretical concepts. We show that: i) the geometry of a simple, empirically-

motivated model suggests nutrients and harvesting can operate similarly in driving shifts from 

coral- to algae-dominated reefs; ii) these impacts increase nonlinearly when acting concurrently, 

resulting in clear context-dependent management implications; and iii) this same geometry 

suggests climate-driven coral mortality (temperature-stress, cyclonic storms) can drive the 

presence of long transients and climate-driven alternate states, even in moderately-impacted 

ecosystems. These results imply that reefs that appear to be in a “safe space” may in fact be in 

danger of being pushed into a degraded algae-dominated state as storms and bleaching events are 

increasing in frequency and magnitude. Altogether, we find that responses in benthic composition 

as “signatures of change” to multi-stressors allows us to develop a predictive multi-stressor 

framework for coral reefs. In line with this theory, we detail empirical evidence from Barbados 

that highlights the context-dependent nature of coral reefs in a changing world. Our results present 
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novel and generalizable insights into the functioning of coral reefs, that draw from classic 

theoretical and ecological concepts such as keystone predation theory, ecological succession and 

life history theory, as well as the emerging fields of long transients and early warning signals. By 

bridging coral reef ecology and general ecological concepts, we can better understand ecosystem 

functioning and resilience in these important yet highly threatened systems. 

4.2 Introduction 

Various axes of global change are increasing rapidly (Steffen et al. 2015a) and imposing a suite of 

multi-stressor impacts on ecosystems around the world, most notably coastal ecosystems such as 

coral reefs (Halpern et al. 2019). For coral reefs, three major stressors have been identified as 

playing important roles in determining coral reef structure and ecosystem functioning: climate 

change, nutrient loading/water pollution, and overfishing, and these stressors have been studied 

extensively in isolation (Norström et al. 2016, Harborne et al. 2017, Hughes et al. 2017). As coral 

reefs appear to be classic examples of ecosystems under heavy multi-stressor impacts (Scheffer et 

al. 2015), researchers have begun to argue that they should no longer be studied from a single-

impact perspective (Ban et al. 2014, Pendleton et al. 2016). For example, climate change and 

temperature-induced coral bleaching is often, and understandably, targeted as the most important 

stressor threatening the future of coral reefs. While addressing anthropogenic climate change at 

the global scale is undoubtedly critical, it is important we simultaneously consider the influence 

of regional- and local-scale management actions that may improve coral reefs’ resilience (Hughes 

et al. 2017, Donovan et al. 2020, 2021, Guan et al. 2020, Abelson 2020). This is especially true if 

multiple stressors interact to nonlinearly increase negative impacts on coral reef function and 

would allow a more balanced, context-dependent approach to local management that could have 

dramatically more positive impacts. 

At a local scale, the role of herbivory has been a dominant focus of coral reef research 

(Brandl et al. 2019). Researchers have argued for decades that losses in herbivory can drive phase 

shifts from healthy coral-dominated reefs to degraded algal-dominated states (Mumby et al. 2007), 

pointing to empirical examples of declining herbivores in reefs around the world to support this 

mechanism (Done 1992, Hughes 1994, Hughes et al. 2007, Mumby et al. 2007, Steneck et al. 2014, 
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Jouffray et al. 2015). This has been argued to be caused by the overfishing of herbivores (McManus 

et al. 2000, Hughes et al. 2007, Mumby and Steneck 2008) as well as sudden reductions in other 

grazers not directly linked to fishing, such as the widespread Diadema antillarium die-off that 

occurred throughout the Caribbean in the 1980’s (Lessios 1988, Hughes 1994, Mumby et al. 2007). 

Importantly, loss of hard corals and shifts to algae-dominated reefs result in highly degraded 

systems with the concomitant loss of important ecosystem services. As a result of these patterns, 

common management actions are to implement fishing restrictions through marine protected areas 

(MPAs) or bans on harvesting specific grazers (Bruno et al. 2019, McClanahan and Muthiga 2020). 

While MPAs have shown some potential to increase coral reef resilience to disturbances (Mellin 

et al. 2016, Steneck et al. 2019), other research has suggested that MPAs are likely not a universally 

effective strategy due to unpromising results for restoring herbivores and increasing coral cover 

(McClanahan et al. 2011, Cox et al. 2017, Bruno et al. 2019, McClanahan and Muthiga 2020). 

Additionally, regional and global assessments of MPA effectiveness showed there is overall weak 

association between MPAs and coral reef resilience (Suchley et al. 2016, Arias-González et al. 

2017, Bruno et al. 2019). Consistent with a recent argument for multi-stressor approaches in coral 

reefs, these empirical results imply that restoring herbivory is likely a necessary, but not always 

sufficient, condition to preserve or restore the structure and function of coral reef ecosystems 

(Suchley and Alvarez-Filip 2018). 

Relative to the role of herbivory, coastal development and watershed pollution have been 

allocated less attention and management action, even though researchers and managers generally 

agree that coastal pollution is a major problem along with overfishing (Wear and Thurber 2015, 

Wear 2016). Nutrients – nitrogen loading and changes in associated stoichiometry (elevated N:P 

ratio) in particular (Wiedenmann et al. 2013, Lapointe et al. 2019) – have been shown to alter 

important biological parameters that mediate coral reef ecosystem dynamics, decrease coral 

calcification rates (Shantz and Burkepile 2014), and increase corals’ susceptibility to and severity 

of bleaching and disease (Bruno et al. 2003, Wooldridge 2009, Wiedenmann et al. 2013, Vega 

Thurber et al. 2014, Zaneveld et al. 2016, Wang et al. 2018, Lapointe et al. 2019, DeCarlo et al. 

2020, Donovan et al. 2020). Additionally, nutrients have a positive impact on algae growth rates, 
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and so nutrient loading can ultimately shift the dominant competitor from coral to algae (Lapointe 

1999, Smith et al. 2001).  

Importantly, these collective biological responses to multiple stressors suggest there may 

be an interactive effect of nutrients, fishing pressure and climate variation in coral reef ecosystems 

and the competitive interaction between coral and algae (Hughes et al. 2017), and therefore 

context-dependent outcomes to management actions (Mumby et al. 2006). Indeed, the Relative 

Dominance Model was developed over 35 years ago (Littler and Littler 1984, Lapointe 1997) to 

describe the combined impacts of grazing reduction and nutrient loading on coral reef structure. 

Additionally, empirical research has more recently found that the recovery of coral reefs after 

bleaching events appears to be highly dependent on multiple stressors including nutrient loading 

and herbivory (Robinson et al. 2019), and these stressors both appear to act together to change the 

rate and stages of algal succession following climatic disturbances (Hixon and Brostoff 1996, 

Mcclanahan 1997, Ceccarelli et al. 2011). However, despite this longstanding conceptual model 

and clear empirical support of multi-stressor interactions (Burkepile and Hay 2006), there remains 

considerable debate among researchers regarding how multi-stressors interactively govern coral 

reef structure and functioning (Ban et al. 2014, Muthukrishnan and Fong 2014, Cote et al. 2016). 

Some researchers have begun to incorporate multiple stressors into theoretical and modelling 

approaches (Mumby et al. 2006, Anthony et al. 2011, Fung et al. 2011, Blackwood et al. 2011, 

2018, Arias-González et al. 2017), often done with either site-specific parameterizations and large 

amounts of detail or only incorporating one to two major stressors in more general ways. These 

studies have shown that multi-stressors can indeed interact and together contribute to increasing 

rates of hard coral decline. However, as a result of the disparity in approaches a generalizable 

understanding of multi-stressors impacts on coral reef functioning is still in its infancy. 

While the nuances of coral reef dynamics and the multitude of anthropogenic impacts 

altering them are understandably not easy to discern, researchers have begun to call for a holistic 

multi-stressor approach to coral reef science and management appropriate for a changing world 

(Norström et al. 2009, Ban et al. 2014, Pendleton et al. 2016, Mumby 2017). Here, as a step towards 

this goal, we expand on existing top-down-focused theory (Mumby et al. 2007) to demonstrate the 

context-dependency of management outcomes for coral reefs under multi-stressor impacts. We do 
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this by integrating the combined influence of overfishing (i.e., loss/reduced herbivory), decreasing 

water quality (nutrient loading) and climate change (temperature stress and cyclonic storm 

damage) on coral reef structure and function within a theoretical multi-stressor framework (Figure 

4.1A), and highlight the importance of highly responsive r-strategy life histories in changing, 

heavily impacted systems (Figure 4.1B). Our approach integrates general ecological concepts (e.g., 

ecological succession, keystone predation theory) with our current understanding of individual 

processes in coral reef ecosystem functioning and emerging theoretical insight into the role of 

noise in transient dynamics and ecosystem resilience. We end by evaluating empirical evidence 

from Barbados within our framework that corroborates the importance of considering an integrated 

multi-stressor perspective for coral reef management. Our results suggest a predictable, context-

dependent response of coral reef ecosystems to multi-stressors and in turn a context-dependent 

approach to management. 
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Figure 4.1: A) Summary of the model, interactions between state variables, and the incorporation of grazing 

(overfishing), nutrients and climate-induced mortality into scaling the model. Nutrients are incorporated into 

the model such that coral calcification is inhibited by increased nutrients (coral per capita rates of increase, r, 
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decrease linearly with nutrients), and that nutrients also increase the growth rate of macroalgae as well as 

decrease coral’s resistance to macroalgae overgrowth and competitive ability (algal overgrowth rate, a, 

increases with nutrients up to a saturation point). Finally, we assume that climate change effectively alters coral 

mortality through stochastic events (pulse perturbations at increasing frequencies, which is similar to the 

increasing frequency and autocorrelation of extreme climate events such as bleaching events (i.e., temperature 

stress) and destructive weather events like cyclonic storms). B) Summary of grazing-mediated algae 

composition in coral reefs based on growth-palatability trade-offs. High grazing rates suppress late-succession, 

palatable macroalgae while simultaneously selecting for less-palatable life strategies (through physical and 

chemical defenses) within the early-succession algal r-strategists. Here we consider r-strategists as algae 

functional groups that colonize disturbed reefs quickly relative to thick, fleshy macroalgae (K-strategists 

relative to other functional forms of algae). We argue that within the group of benthic (B) r-strategists there 

are a variety of life history strategies that will be differentially selected for based on grazing rates. Note though 

that at moderate-high grazing rates, palatable fast-growing r-strategists may be able to withstand the grazing 

rates if their productive capacity simply outweighs grazing rates, however, at extremely high grazing rates (e.g., 

extreme Diadema densities), the relatively fast low-palatability organisms (e.g., CCA; r2) will thrive. 

 

4.3 Methods 

We employ a simple multi-stressor extension to the well known Mumby et al. (2007) model. Here, 

we follow recent evidence from the literature that suggests coral calcification is inhibited by 

increased nutrients (Shantz and Burkepile 2014), and similarly making the intuitive assumption 

that nutrients increase the rate at which macroalgae (a primary producer) can overtake coral (i.e., 

its growth rate), as well as decreases coral’s resistance to macroalgae overgrowth and competitive 

ability (Lapointe 1999, McClanahan et al. 2003). These extensions to the original Mumby et al. 

model are discussed in more detail below. Figure 4.1A shows a schematic summarizing our model 

and the interactions between state variables. As such, our new nutrient-dependent model is as 

follows:  

  𝑑𝑀
𝑑𝑡⁄ = 𝑀(𝑎𝐶 ( 

𝑁𝑡
(𝑁0 + 𝑁𝑡)

⁄ ) −  
𝑔

(𝑀 + 𝐵)⁄  +  𝑦𝐵)                    (1) 

𝑑𝐶
𝑑𝑡⁄ = 𝐶(𝑟(1 − 𝑐𝑁𝑡)𝐵 − 𝑚 − 𝑎𝑀 ( 

𝑁𝑡
(𝑁0 + 𝑁𝑡)

⁄ ))         (2) 

Here, M represents macroalgae, C represents coral, and B represents other benthic r-

strategists that instantaneously fill empty space left by dead coral and grazed macroalgae. Since B 

is assumed to instantaneously fill any space (r-strategists act on much faster time scales relative to 
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the other state variables), B = 1 – M – C and the model is therefore effectively reduced to two 

dimensions.  

Here, a is the rate that macroalgae overgrows coral, and thus can be thought of as an algal-coral 

competition rate. g represents the grazing rate from herbivores, which is scaled by densities (or % 

cover since M + C + B = 1) of both M and B.  y is the rate that macroalgae overgrows benthic r-

strategists (B), r is the coral growth rate (again over B), and m is the natural mortality rate of coral.  

Benthic r-strategists 

The original model by Mumby et al. (2007) referred to this variable as turf algae, a fast-

growing r-strategist, however, we argue that nutrients and grazing rates would determine the 

composition of other components of benthic cover (Lapointe 1997, Lapointe et al. 2018) (Figure 

4.1A). Towards this end, we include a simple extension that includes algal life history traits. 

Specifically, we include growth-palatability trade-offs in algal community composition to 

represent the role of r-strategists in response to disturbances and grazing pressure (Figure 4.1). 

High grazing rates suppress late-succession, palatable macroalgae while simultaneously selecting 

for fast-growth and less-palatable life strategies (through physical and chemical defenses) within 

early succession r-strategists.  

Here, we consider r-strategists as algae functional groups that colonize disturbed reefs 

quickly relative to thick, fleshy macroalgae (late succession K-strategists relative to other 

functional forms of algae, but of course all are fast relative to corals). We argue that within the 

group of early succession r-strategists there is a variety of life history strategies, that will be 

differentially selected for based on grazing rates. High grazing rates favour less-palatable life 

strategies and fast growth rates that can withstand these grazing levels. At moderate-high grazing 

rates, fast-growing r-strategists can withstand the grazing rates, explaining why we see a lot of turf 

algae and some less-palatable algae like CCA in some reefs. However, at extremely high grazing 

rates (e.g., extremely high Diadema densities), only low palatability organisms will be able to 

survive. While some unpalatable algal types like CCA are slow growing in terms of biomass, they 

are relatively quick colonizers and can thus be considered similar to r-strategists in the face of 
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disturbances. As a simple extension, we include a linear 1:1 relationship between grazing rates and 

the proportion of more/less palatable r-strategists composing the benthic r-strategist guild. We 

refer to highly palatable fast-growing r-strategists (e.g., filamentous turf) as r1-strategists, and 

slightly less palatable (but still fast-growing relative to K-strategists) r-strategists (e.g., CCA) as 

r2-strategists (Figure 1B).  

Therefore, B = r1 + r2, where r2 = gB and r1 = (1-g)B.  

These assumptions relate to well-known relationships between high grazing rates and less 

palatable algae (Sammarco 1982, Chiappone et al. 2006), as well as research showing that grazing 

rates (among other drivers such as nutrients) can alter the rates and stages of succession in coral 

reefs (Hixon and Brostoff 1996, Mcclanahan 1997).  

Nutrient effects 

Nutrients (Nt) alter the algal-coral overgrowth rate (competition) in the Mumby model (a), based 

on the assumptions made above. We also assume that this competitive advantage eventually 

saturates and therefore N0 is a saturation constant that determines the effect of nutrients (Nt) on 

algal-coral competition (a). Additionally, c is the calcification rate – scaled by nutrient 

loading, Nt – which alters the coral growth rate (r) in response to nutrient loading. An important 

distinction between this model and Mumby et al.’s original model is that the parameter a can now 

be thought of as the maximum macroalgae-coral overgrowth rate (i.e., amax) and r similarly as the 

maximum coral growth rate (i.e., rmax) due to their scaling by nutrients. That is, the realized growth 

rates depend on Nt. 

Analysis 

With Equations (1) and (2), we can symbolically solve for the model isoclines as follows: 

𝑑𝑀
𝑑𝑡⁄ = 0:   𝑀 = 1 − 𝐶 + 

𝑎𝐶

𝑦
( 

𝑁𝑡
(𝑁0 + 𝑁𝑡)

⁄ ) − 
𝑔

𝑦(1−𝐶)
           (3) 

𝑑𝐶
𝑑𝑡⁄ = 0:    𝑀 =

(𝑁0 + 𝑁𝑡)(𝑚 − 𝑟(1 − 𝑐𝑁𝑡)(1 − 𝐶))
𝑟(𝑁0 + 𝑁𝑡)(𝑐𝑁𝑡 − 1) − 𝑎𝑁𝑡

⁄       (4) 
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Immediately, we can see that both grazing (g) and nutrient loading (Nt) alter the isocline geometry 

(grazing via (3) and nutrients via both (3) and (4)) and thus equilibrium structure. These parameters 

both drive qualitatively similar changes in the isocline geometry (Supplement A.1) shown in 

Figure 1 and can cause both saddle node and transcritical bifurcations. 

All analyses were done using Wolfram Mathematica (version 12.1.0.0). We incorporated noise 

(discrete disturbances) using a flow-kick method (Meyer et al. 2018), by inducing repeated pulse 

perturbations to coral cover (-50% cover) at variable frequencies, which allowed us to evaluate the 

effect of noise on transients and asymptotic behaviour in comparison to deterministic simulations. 

Numerical simulations were evaluated using Mathematica’s built-in ODE solver “NDSolve” with 

integration method “StiffnessSwitching” (switches from explicit to implicit methods if stiffness is 

detected) when needed for non-deterministic simulations.  

4.4 Results 

4.4.1 Towards a Multi-Stressor Theory for Coral Reef Ecology 

Previous theoretical studies have highlighted the importance of using a multi-stressor approach, 

however, they have largely focused on one or two stressors and thus the combination of local 

stressors (grazing and nutrients) and global climatic patterns (increasing frequency of bleaching 

events and hurricane damage) is not well understood. Alternatively, larger-scale simulation 

exercises with high levels of detail and site specificity have shown that these stressors interact in 

important ways, but as a trade-off with the simpler theoretical exercises they lose generality. Here, 

we synthesize many of these ideas that have either been evaluated separately or in less general 

simulation exercises as an important step towards developing a general and mechanistic 

understanding of coral reef ecosystems under multi-stressor impacts. To model the dynamics of 

coral reefs, we expand on a single-stressor (herbivory) model first introduced by Mumby et al. 

(2007) by incorporating the synergistic effects of overfishing (grazing), nutrient loading (algal 

competition and coral physiological stress) and climate change (coral mortality). This model has 

been widely used and extended by many researchers to include additional complexity (reviewed 

in detail by Blackwood et al. (2018)), such as grazer dynamics (Blackwood et al. 2011, 2012), 
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additional benthic components (e.g., sponges) (González-Rivero et al. 2011, Briggs et al. 2018), 

spatial dynamics (Andréfouët et al. 2002, Mumby 2006, Mumby et al. 2006, 2014) and, like us, 

multiple stressors (Anthony et al. 2011, Fung et al. 2011, Arias-González et al. 2017). 

Here, following empirical evidence, multi-stressors alter the biological rates and 

interactions included in the original model as illustrated in Figure 4.1A (see Methods for 

equations), and we explore the role of variations in faster algal life history strategies along a 

growth-palatability gradient (r1 and r2 compared to K-strategist, M) in response to multi-stressors 

(e.g., grazing resistance, growth rates), as demonstrated in Figure 4.1B. Notably, nutrients are 

incorporated following recent evidence from the literature that suggests coral calcification is 

inhibited by increased nutrients (Shantz and Burkepile 2014) (Figure 4.1A – coral per capita rates 

of increase declines with elevated nutrients), and similarly that nutrients increase the growth rate 

of macroalgae as well as decrease coral’s resistance to macroalgae overgrowth and competitive 

ability (Lapointe 1999) (Figure 4.1A; macroalgae’s ability to overgrow coral increases to a 

maximum with nutrients). While others have included nutrients in their models, this is generally 

done by only influencing algal growth rates (Mumby et al. 2006, Anthony et al. 2011, Hughes et 

al. 2017). We note that since our model does not consider other aspects of water quality such as 

sedimentation, our results may be similar to others who have included this stressor in their models 

to negatively influence coral growth (Fung et al. 2011, Gurney et al. 2013, Arias-González et al. 

2017). However, sedimentation of course would have other effects on coral recruitment and 

various algal functional forms which we do not discuss here (Gurney et al. 2013).  

Furthermore, our simple extension of benthic r-strategists allows us to explore the role of 

various fast algal life history strategies along a growth-palatability gradient (r1 and r2 compared 

to K-strategist, M) in response to multi-stressors (e.g., grazing resistance, growth rates; Figure 1B). 

Research has shown that algal community dynamics are important in overall coral reef ecosystem 

functioning (Renken and Mumby 2009, Renken et al. 2010, Bozec et al. 2016, Briggs et al. 2018), 

and our goal is to integrate general ecological concepts into this literature (e.g., life history, 

keystone predation theory). Although a simple extension, our model formulation is a starting point 

for understanding the importance of algal life histories in general. Towards understanding multi-

stressors as an integrated whole, we start by first looking at the individual stressors of herbivory 
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(top-down) and nutrients (bottom-up) in the absence of climate-driven coral mortality. We then 

examine the interaction of these three stressors together. 

4.4.1.1 Bottom-up and Top-down: The Geometry of Nutrients and Grazing Impacts on 

Coral Collapse 

Our choice of a simple model formulation allows us to use traditional phase plane techniques to 

mathematically explore the dynamic outcomes of this coral reef model. As such, we can 

immediately see that both increasing nutrient loading and overfishing of herbivores (i.e., reduced 

grazing) drive a qualitatively similar sequence of dynamic outcomes in this model (Figure 4.2A). 

Assuming we start in a pristine coral reef scenario (pink coral zone; Figure 4.2A i), increasing 

nutrients or fishing pressure alter the geometry of the isoclines (see Appendix C1 for individual 

stressor effects) driving bistabilty (yellow, light green, Fig. 4.2A iii, iv) and finally complete loss 

of coral (dark green zone, Figure 4.2A v). This initial result suggests that bottom-up factors like 

nutrients alone, under an otherwise relatively pristine system (e.g., MPA), can shift coral reefs to 

an algae-dominated state (bistability, Figure 4.2A iii, iv), and with high enough nutrients drive the 

complete loss of the coral-only stable equilibrium (Figure 4.2A v). Thus, simple empirically-

motivated extensions of this classic coral model find that both top-down and bottom-up impacts, 

in isolation, have qualitatively identical impacts on coral ecosystems.   

This similarity in response immediately implies that when both stressors are increased 

simultaneously there is a strong tendency for the collapse of the coral state to occur under lower 

individual stressor – that is, overharvesting or eutrophication – values, compared to when each 

stressor is altered alone (Figure 4.2B; follow the colored dots to see a multi-stressor trajectory). 

While a simple geometric extension of Mumby et al. (2007), these results importantly suggest that 

we should expect context-dependent management outcomes, for example to fisheries regulations 

(e.g., herbivore bans, MPA implementation; Figure 4.2B,C), such that low nutrient cases may be 

more prone to success (e.g. Figure 4.2B, scenario 1) than nutrient enriched areas (e.g., Figure 4.2B, 

scenario 2) as shown in Figure 4.2C. In other words, fishing regulations may be ineffective if other 

stressors, like nutrient levels, are too high (Figure 4.2C). This first result is aligned with Bruno et 

al.’s (2019) meta-analytic paper which shows extremely variable coral reef ecosystem recovery 
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responses to MPAs, strongly suggesting that other factors are involved and may even be the 

primary driver of coral reef structure and functioning (Suchley and Alvarez-Filip 2018), as well as 

other simulation results suggesting context-dependency of MPA success (Mumby et al. 2006). 

This is not to say that herbivory is not important, however an emphasis on it alone has little chance 

of significant success in the face of other stressors, and could lead to dangerous implications for 

ecosystem services provided by coral reefs and those whose livelihoods depend on their fisheries 

(Aronson and Precht 2006). 
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Figure 4.2: Interaction between grazing rates and nutrient loading on alternate states and management 

implications. A) Geometry of the model isoclines equilibrium structure, and all possible (qualitative) 

configurations along a gradient of impact from coral-dominated reefs, through bistable configurations, to 

algae-dominated reefs. B) Regions of parameter space that correspond to geometrical configurations show in 

(a), highlighting regions of bistability. Grey regions show the area of parameter space where alternate states 

exist (yellow and light green), and the black region has only a 0-0 solution. Nutrients and grazing both drive a 

shift along this impact gradient, and they interact nonlinearly such that this shift is exacerbated. a = 2.0, y = 

0.7, m = 0.15, N0 = 0.5, r = 1.8, and cal = 0.25. Black arrows (1 & 2) represent trajectories within this parameter 

space of management actions aimed at restoring herbivory and suggest context-dependent outcomes.  C) 

Context-dependent restoration effects of management actions on benthic cover when reducing fishing pressure 
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(e.g., MPA introduction) to increase grazing rates at low (1) and high (2) nutrient scenarios (represented by 

solid black arrows in B; 1, 2). Here, restoring grazers sufficiently allows for coral recovery in a low nutrient 

scenario (1) but remains in an algae-dominated state under higher nutrients (2). 

 

4.4.1.2 Long Transients and Climate-driven Coral Collapse 

With our geometric understanding of how nutrients and fishing alter coral ecosystems we next turn 

to consider the impact of how climate intersects with these stressors to alter coral reef dynamics. 

We explore this by considering deterministic isocline arrangements that yield only a healthy coral 

reef state (i.e., the deterministic skeleton (Higgins et al. 1997) is not bistable; Figure 4.3A,B i), but 

specifically focus on the very plausible scenario that there is some deterioration via both nutrients 

and fishing (i.e., Figure 4.2A ii.), which we will refer to as moderate local impacts. While under 

apparently “healthy” conditions (i.e., only a coral-dominated stable state), we note that the 

geometry implies that the two isoclines are relatively close to intersecting, and therefore near a 

saddle-node bifurcation (e.g., Figures 4.2A ii, 4.3A). Under such a biologically plausible condition 

(i.e, at least some human impact), we find that climate-induced coral mortality (i.e., adding 

stochasticity) greatly alters reef dynamics (e.g., Figure 4.3A,B ii).  

First, even without climate-induced mortality events, we see that the time to reach 

equilibrium (the coral axial solution) is highly dependent on initial values (Figure 4.3A i), such 

that in certain cases (i.e., trajectory 3) the system is initially pulled to lower coral densities before 

eventually approaching the equilibrium. We also see that benthic r-strategists play an important 

role during these transient periods (Figure 4.3B i), something we elaborate on more below. Second, 

when adding climate-induced mortality events (i.e., stochasticity) under moderate local impacts, 

not all trajectories have the same outcome (Figure 4.3A ii). Here, once again depending on the 

initial values, some trajectories get stochastically “entangled” in the region where the isoclines are 

close (dark red, trajectory 3), while others avoid this and eventually approach the coral axial 

equilibrium (though they notably take longer due to the noise). This is an example of climate-

driven bistability, such that there appears to be two different outcomes once climatic disturbances 

are incorporated into the simulations. Again, Figure 4.3B ii shows this third trajectory as a time 

series, where the system ends up in an algae-dominated alternate state. Here, some coral persists 
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but the system is largely dominated by macroalgae and other benthic r-strategists. Note that while 

we focus here on a state of moderate impact, disturbances could of course cause local extinctions 

of coral in more degraded (i.e., bistable) ecosystems by knocking the system out of the basin of 

attraction to the coral equilibrium (bistable configurations in Figure 4.2A iii and iv).  

 
Figure 4.3: A) Isocline geometry and phase plane trajectories under moderate local impacts in (i) deterministic 

(no climate-induced noise) and (ii) stochastic simulations starting at different initial values (numbered 

trajectories). Since there is only one stable equilibrium (the coral axial equilibrium), all deterministic solutions 

(i) eventually reach equilibrium. However, we can have drastically different outcomes in the face of repeated 

climate-induced disturbances (ii). Note this state (moderate local impacts) is near a bifurcation point where 

nutrients and grazing can quickly drive a saddle-node bifurcation, creating two new equilibria (one stable and 

one unstable) where the isoclines intersect. Our trajectories appear be influenced by a nonexistent (but soon to 

be real) saddle point (the unstable equilibrium that appears after a saddle-node bifurcation), such that the 

vector field effectively has “memory” of it (notice the vector field pulls toward the region of entanglement). 

Behavior like this has been referred to as a “ghost attractor” where the system mimics – or slows down – the 
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dynamics as if the attractor were there (Hastings et al. 2018, Morozov et al. 2020). Here, we see that ghost 

attractors can cause long-transients and disturbance-driven alternate states.  

B) Time series of trajectory 3 (from part A i and ii) showing that benthic r-strategists flourish during these 

transients and periods of coral suppression. Here, a = 2.0, y = 0.7, m = 0.15, g = 0.4, Nt = 0.53, N0 = 0.5, r = 1.8, 

and cal = 0.25. In ii) disturbance frequency is every 5 time units, and results in an instantaneous loss of 50% 

coral cover. 

Taken altogether, these results suggest that climate-driven coral mortality has the potential 

to greatly increase the presence of bistability, especially in a world already plagued by varying 

levels of nutrient loading and overfishing. Effectively, disturbances shift the resilience boundary 

for coral reefs (Meyer et al. 2018), and the interaction of all three stressors operates nonlinearly to 

decrease coral reef resilience. Note that there is a possibility that some of these stochastic 

trajectories, such as trajectory 3, are extremely long transients that eventually squeeze through this 

region of entanglement (our climate-driven alternate state) if given enough time between mortality 

events. However, on ecological and management time scales this result remains functionally 

bistable, and with the increasing frequency of coral mortality events these states may become more 

common. Further, depending on initial values and the frequency of disturbances, we can indeed 

see extremely long transients that eventually reach the coral-only attractor (Appendix C2). On the 

other hand, coral collapse may have the potential to take an extremely long time. If this is the case, 

it may seem like coral might persist, or even recover, before eventually disappearing (Appendix 

C2), which would importantly suggest the possibility of extinction debt (Tilman et al. 1994) in 

degraded coral reef ecosystems (i.e., whereby species are doomed to slow extinction even if the 

ecosystem deteriorates no more). This interesting result suggests that the interactions between 

moderate levels of multiple stressors may enhance the likelihood of bistability and long transients, 

both states that are incredibly hard to manage. 

Interestingly, we can begin to explain these unexpected results using the geometry of our simple 

model (Figure 4.3A). While beyond the scope of this paper to fully investigate, we note that these 

results are consistent with phenomena recently described in the theoretical literature (Hastings et 

al. 2018, 2021, Morozov et al. 2020). Specifically, we see an interesting example of what has been 

referred to in the theoretical literature as a “ghost attractor”, such that the system is influenced by 

what is effectively the memory of a nonexistent equilibrium – in this case a saddle point (Figure 

4.3). Hastings et al. (2018) and Morozov et al. (2020) provide more detailed information on long 
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transients and ghost attractors, as well as saddle crawl-bys once the saddle node is present (after a 

bifurcation). Importantly, both of these phenomena can lead to long transients and slow shifts 

between states, which can have important implications in the face of stochasticity and we indeed 

see here (Figure 4.3). Here, the geometry of this intermediate multi-stressor state explains both the 

change in direction of the trajectories shown in Figure 4.3A, as well as the “slow down” causing 

long transients and the emergence of a climate-driven algae dominated state seen in Figure 4.3A,B 

ii.  

4.4.1.3 Algal Trait Responses 

Finally, and in order to pull out the different signatures of multi-stressors, we show how the 

relationship between stressors impacts algal community composition. From Figure 4.3B, the role 

of benthic (B) r-strategists is clearly important during long transients following a disturbance 

(Figure 4.3B i), as well as when frequent disturbances lead to a climate-driven alternate state 

(Figure 4.3B ii). Here, we once again focus on the case of moderate local impacts (Figure 4.2A ii), 

to examine how multiple stressors interact to influence the benthic algae composition in this state 

of uncertainty. Depending on grazing, nutrient levels and frequency of climate perturbations, 

different benthic r-strategists (B) will dominate primary succession following large mortality 

events (Figure 4.4).  

To elucidate these outcomes within our model, we performed a single climate pulse 

perturbation under different multi-stressor conditions (i.e., relatively low grazing and low nutrients 

versus relatively high grazing and high nutrients), within this moderate local impact geometrical 

configuration (Figure 4.4A). We see that grazing-mediated algae selection strongly influences the 

composition of benthic algae cover (r1- (i.e., highly-palatable, fast growing) vs. r2- (less-palatable, 

fast growing) vs. K- (palatable, slow growing) strategists), and all three stressors – nutrients, 

grazing, and climate – mediate the relative dominance of total benthic cover including coral 

(Figure 4.4A; see both post-disturbance transient responses as well as equilibrium composition). 

Notably, these results are exacerbated when frequent climate-induced mortality events are 

considered (Figure 4.4B). Frequent disturbances can permanently alter benthic composition by 

continuously suppressing coral recovery and impeding full algal community succession, while also 
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compounding the effect of multi-stressors on the relative dominance of benthic composition 

(Figure 4.4B). Note that in Figure 4.4B i we see that frequent disturbances in a relatively low-

nutrients and low-grazing scenario drive coral to extinction and cause a shift to a macroalgae-

dominated state. In the relatively higher-nutrient, higher-grazing scenario shown in Figure 4.4B ii, 

coral can persist but is largely suppressed to the benefit of (mostly low-palatability) benthic r-

strategists. These results again demonstrate the existence of climate-driven bistability as shown in 

Figure 4.3, making this region one of high uncertainty driven by the interactions between multi-

stressors. Importantly, our theory suggests that monitoring benthic cover responses critically 

allows us to differentiate the role of multi-stressors and aid management decisions. 

 

Figure 4.4: Benthic cover in a moderately impacted system (long transients after a perturbation) is altered by 

multiple stressors, through grazing-mediated algae composition and differential trajectories of coral recovery. 

Higher grazing rates select for fast-growing but relatively less palatable benthic r-strategists (e.g., r2 strategists 

such as CCA) that can productively withstand grazing, whereas lower grazing rates allow for more palatable 
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(and likely even faster growing) benthic r-strategists dominate (e.g., r1 strategists like turf algae). Grazing of 

course also suppresses palatable macroalgae (K-strategist). A) The effect of single perturbations on benthic 

composition during transients (post-disturbance), and B) frequent climate-driven mortality events, such as 

temperature-induced bleaching events and cyclonic storm damage, can permanently alter benthic composition. 

Simulations in A) and B) have the same parameter values. In all cases a = 2.4, y = 0.7, m = 0.15, N0 = 0.5, r = 

1.8, and cal = 0.25. Nutrients and grazing are varied as follows: i) g = 0.24, Nt = 0.16; and ii) g = 0.7, Nt = 2.31. 

In B) disturbance frequency is every 5 time units, and results in an instantaneous loss of 50% coral cover. 

 

4.4.2 Theoretical Synthesis: A framework for coral reef composition in a changing world 

We have seen that multi-stressors have the potential to cause interactive, synergistic and non-linear 

effects, as well as potentially unexpected outcomes in impacted systems. Our theoretical results 

also predict that moderate local impacts ought to generally display bistability in a world with lots 

of climate variation. Indeed, increasing the frequency of climate-induced mortality events enlarges 

the area of bistability and therefore increases the chances of algal dominance (i.e., grey region in 

Figure 4.2B; see Appendix C2 for simulation data). As a result, our region of moderate local 

impacts in parameter space (Figure 4.2) becomes a region of climate-driven uncertainty, which 

is likely characterized by a large presence of benthic r-strategists (r1 and r2) when faced with real 

world climatic noise and perturbations. Additionally, climatic variation increases the likelihood of 

climate-induced state shifts (Appendix C2), essentially meaning that all regions of bistability and 

algal dominance in the deterministic model will likely result in algae-dominated reefs.  

Here, we summarize our theoretical results as a multi-stressor framework describing the 

relative dominance of coral reefs for a changing world, highlighting this important region of 

climate-driven uncertainty and noting the importance of multi-stressor impacts on determining 

benthic composition (Figure 4.5). Importantly, algal composition gives us a signature of the degree 

of top-down control in coral reefs. Specifically, high amounts of relatively less-palatable benthic 

organisms like CCA suggest significant top-down grazing pressure and therefore point to the fact 

that other stressors – such as climate and/or nutrient loading – are likely playing a larger role in 

driving the proliferation of algae and reduction of coral. In rapidly changing environments, this 

framework allows us to make qualitative predictions about the trajectories of benthic composition 

change – in other words, signatures of change – in coral reefs based on different levels of multi-

stressor impacts. 
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Figure 4.5: A summary of our theoretical results as a framework for coral reef composition in a changing world. 

Reef benthic cover depends on grazing, nutrients, and climate-related coral mortality. The region of multi-

stressor space for coral-dominated reefs decreases with increased disturbance frequency (replaced by a region 

of climate-driven uncertainty), while the composition of algae (both slower-growing and late succession thick 

macroalgae, as well as early succession r-strategists) is mediated by grazing rates. Here, pie charts display the 

changing nature of benthic composition due to grazing-induced selection. Increasing disturbance frequency 

reduces the possibility of coral persistence by increasing the susceptibility to other stressors, decreasing the 

basin of attraction to the coral-dominated equilibrium when in a bistable configuration, and increasing the 

likelihood of climate-driven state shifts. We therefore argue that anything below the region of climate-driven 

uncertainty would be an algae-dominated system in a noisy world. 

 

4.4.3 Linking empirical evidence to our theoretical framework 

Our theoretical framework importantly allows us to test predictions about changes in benthic cover 

under multi-stressor impacts and identify underlying drivers of change in coral reefs. As such, we 

now highlight evidence from the Caribbean within our theoretical framework. Reefs across the 

Caribbean notably underwent significant changes in the 1980’s with a general loss of hard corals 

(Gardner et al. 2003) corresponding with the culmination of damaging hurricanes (e.g., Hurricane 

Allen in 1980), the widespread loss of Diadema in 1982/83, as well as ongoing eutrophication 

from land-based urban and agricultural runoff, untreated wastewater, and widespread overfishing 

in the region (Jackson et al. 2014). As a first step of linking our theoretical framework to empirical 
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accounts of changing reef conditions, we do this by integrating multiple studies from reefs along 

the west coast of Barbados (Appendix C3) that demonstrate changes in benthic cover and 

associated trends in nutrients and grazing rates. The west coast of Barbados has a long history of 

human impacts including heavy fishing and nutrient runoff from urban and agricultural areas 

(Allard 1994, Bell and Tomascik 1994, Tosic et al. 2008, Gill et al. 2019). Barbados also has a 

unique research history, in the sense that researchers with both a top-down (grazing) and bottom-

up (nutrients) focus have dotted its history. Collectively, and with hindsight, this allows us a 

relatively broad perspective of the changing coral reefs during this period of drastic change.  

Baseline accounts (qualitative descriptions (Lewis, John 1960) and quantitative surveys 

(Stearn et al. 1977)) of the west coast’s fringing reefs suggest that live coral cover began declining 

as early as the 1960’s, with particularly drastic declines throughout the 1970’s, during which time 

algae began taking over (Tomascik and Sander 1987a) (Figure 4.6A,B). Coral was further depleted 

following Hurricane Allen in 1980, and this appears to have largely benefitted less-palatable CCA 

along the entire coast (Mah and Stearn 1986) (Figure 4.6B). At this time (1982/83), and prior to 

the widespread Diadema die-off, Tomascik and Sander began sampling multiple reefs along the 

west coast in an attempt to understand the major drivers of change in Barbados’ rapidly degrading 

coral reefs (Tomascik and Sander 1985, 1987a, 1987b) (Figure 4.6A; note high rates of change in 

Figure 4.6B). As a result of rapid development on land (Tomascik and Sander 1985) these surveys 

identified a north-south gradient of increasing eutrophication and decreasing Diadema densities, 

though average Diadema density was still quite high, even in the southern reefs as shown in Figure 

4.6C (Tomascik and Sander 1987a). Along this eutrophication/grazing gradient, coral diversity, 

percent cover, growth, and overall recruitment all decreased (Tomascik and Sander 1987a, 1987b, 

Tomascik 1990, 1991, Hunte and Wittenberg 1992, Wittenberg and Hunte 1992, Mann 1994), and 

CCA cover – relative to turf and frondose macroalgae combined – increased with increasing 

Diadema densities (Figure 4.6C). These local patterns support our theoretical predictions, namely 

that coral was already rapidly declining before the reduction in grazing, possibly due to elevated 

nutrient levels, and that the still relatively high grazing rates meditated benthic algae composition 

(Figure 4.6B,C). Note that despite the apparent gradient, the majority of the coastline may have 

been nutrient saturated by the early 1980’s (Tomascik and Sander 1985, Allard 1994), if not earlier 
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(Sander and Moore 1979), based on various nutrient thresholds (Appendix C3) (Lapointe 1997, 

Bell et al. 2014, Lapointe et al. 2019). This suggests that algae growth rates were likely already 

near or at a maximum by this time, and coral physiologically impaired and susceptible to storm-

induced damage, disease and algal overgrowth along the entire coast (Lapointe 1999, Bruno et al. 

2003, Wiedenmann et al. 2013, Lapointe et al. 2019) (Figure 4.1A, Appendix C3). However, the 

persistent co-variation between eutrophication and Diadema grazing (Figure 4.6C) precluded 

identifying which of these two factors had a larger influence on coral reef composition and 

resilience at the time. 

Following the 1983/84 Diadema die-off, Allard (1994) repeated Tomascik and Sander’s 

(1987a) surveys along the coastal eutrophication/grazing gradient (which persisted into the 1990’s, 

albeit with much lower grazing rates (Hunte and Wittenberg 1992, Wittenberg and Hunte 1992, 

Allard 1994, Mann 1994)) in an attempt to separate these effects, and found that the overall loss 

of Diadema led to a subsequent increase in more-palatable turf and macroalgae along the entire 

west coast (Figure 4.6B). This was used to conclude that Diadema grazing was in fact the dominant 

driver of benthic composition along the west coast, ruling out the importance of the eutrophication 

gradient (Allard 1994). While the reduction in Diadema would have certainly altered benthic 

composition along the west coast of Barbados, Allard didn’t consider the already-severely-

depleted state of coral by the early 1980s (Figure 4.6B) and we argue their conclusions instead 

reflected a shifting baseline rather than the full story of change along the coast (Allard 1994, 

Jackson 2001a, 2001b). Indeed, the observed increase in palatable turf and frondose macroalgae 

appears to have been largely at the expense of less-palatable CCA rather than coral, reflecting this 

shifting baseline (Figure 4.6B,C). Additionally, by the 1990s the eutrophication/grazing gradient 

no longer helped explain variation in benthic composition between reefs as they were already in 

such a depleted state and there was much less variation in stressors along the coastline (Figure 

4.6C). Grazing rates at this point were nearly homogeneous, the entire coastline was nutrient 

saturated, and the reefs were well-established as algae-dominated reefs. Collectively, these results 

highlight the context-dependency of our ability to detect multi-stressor effects on benthic 

composition in field studies and the importance of historical baselines. 
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Figure 4.6: Changes in benthic composition of fringing reefs along the west coast of Barbados in space and 

time. A) Location of eight fringing reefs on the west coast of Barbados studied between 1972 and 1993. The 

triangle symbol shows the location of the North Bellairs reef, which was here used as baseline for 1972(Stearn 

et al. 1977) (pre-hurricane and pre-Diadema die off) and 1981(Mah and Stearn 1986) (post-hurricane but pre-

Diadema die off) whereas the square symbols represent seven other fringing reefs surveyed(Tomascik and Sander 

1987a, Allard 1994), including South Bellairs reef (BRI), which is located only meters away from North Bellairs 

reef. From North to South: SR = Sandridge, GS = Greensleeves, North Bellairs Reef (triangle), BRI = Bellairs 
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Research Institute (South Bellairs Reef), SL = Sandy Lane, FV = Fitts Village, SG = Spring Gardens, BR= 

Brighton; B) Temporal changes in the per cent cover of hard coral, CCA and turf + frondose algae in the 

fringing reefs, as well as changes in Diadema densities (95%CI when coastal average shown) and a schematic 

showing overall nutrient concentrations relative to eutrophication thresholds (see Supplement B.1 for 

individual nutrient measurements and thresholds); C) Multi-panels showing spatial correlations across the 

seven aforementioned reefs showing a gradient of decreasing Diadema density and increasing eutrophication 

(north-south gradient), as well as correlations between Diadema density and three benthic variables (hard coral 

cover, CCA and turf + frondose algae), and between reef eutrophication rank and the three aforementioned 

benthic variables. Note that data in (c) are shown for the pre-Diadema die-off period (1982/1983) and for the 

post-Diadema die off period (1992-1993). Significant Spearman rank correlations (p<0.05) are identified with 

bold font and solid trend lines. 

 

Importantly, the patterns from Barbados’ west coast reefs support our theoretical 

predictions given changes to the multi-stressor landscape in both time and space, and do so at two 

spatial scales (i.e., along the entire coastline, Figure 4.6B, and between sites, Figure 4.6C). 

Accordingly, we map these patterns in space and time as a trajectory of change within our multi-

stressor framework (i.e., Figure 4.5), showing how the evolution of benthic cover over time in 

Barbados is best explained as a function of both eutrophication and grazing (Figure 4.7). Based on 

the timing of multi-stressor change described above, nutrients initially pushed the system through 

our “region of uncertainty” (likely also around the time of Hurricane Allen in 1980) and into an 

algae-dominated state (Figure 4.7). The subsequent Diadema die-off was the final straw that 

further pushed the system well-into the algae-dominated region within our framework, and 

significantly altered the algae community composition (Figure 4.7). While the specific placement 

and timing of this trajectory within our framework is not quantitative (grazing and nutrient 

thresholds are still debated and likely site specific), we argue that this qualitative approach to 

viewing changes in multi-stressor impacts provides an important step towards a holistic 

understanding of coral reefs under global change, and allows us a way of piecing apart the roles of 

various drivers of change (e.g., the role of Barbados’ eutrophication/grazing gradient within this 

multi-stressor space). Here, we emphasize again the importance of baseline information as well as 

ongoing monitoring, and consideration of scale for disentangling the relative (and likely changing) 

influence of various drivers spatially and temporally. 
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Figure 4.7: Mapping the trajectory of change of coral reefs along Barbados’ west coast within our theoretical 

multi-stressor framework. Approximate trajectory over time is represented by the dashed red line, with 

average reef composition at each time period displayed in pie charts (data described above and in Figure 6). In 

1982/83 and 1992/93 surveys of multiple reefs were conducted along the coastline, following a gradient in 

eutrophication and grazing rates, with site-level variation shown by smaller transparent charts. 

 

4.5 Discussion 

Even with our relatively simple model used here, we have highlighted the important context-

dependency of life histories, disturbance frequencies, and simultaneous multi-stressor impacts in 

highly disturbed coral reef ecosystems. Immediately, our empirically-motivated coral reef model 

shows that changes in grazing, nutrients and climate-driven coral mortality events (temperature 

stress, cyclonic storms) can independently invoke shifts to algae-dominated states and increase 

uncertainty in the face of global change. We also show that these three axes of global change 

operate synergistically to increase the likelihood of long transients and phase shifts to unwanted 
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algal equilibrium states such that when all are conspiring together, we see even greater likelihood 

of deteriorated ecosystem structure and functioning. Our analysis found climate-driven mortality 

can drive shifts to algal domination even when in a moderately weakened state (i.e., nutrients and 

fishing are moderately high; Figure 4.2A ii) that would not be expected based on the deterministic 

skeleton. This novel theoretical result is related to recent theoretical literature on long transients 

(Hastings et al. 2018, 2021), and importantly highlights the potential for unexpected results when 

considering noise in our mathematical models. Furthermore, we show that our theoretical results 

rely on the geometry of our model and thus are highly general. That is, any combination of 

parameters that leads to the geometric configuration discussed throughout our manuscript 

(specifically, what we refer to as “moderate local impacts”) will lead to these results. Our results 

are intentionally general for this reason, but this of course implores us to use empirical approaches 

to find out the current state of reef resilience under system-specific parameterizations and multi-

stressor impacts. Together, our results immediately indicate context-dependent responses to global 

change and highlight the importance of considering multi-stressors in a more holistic approach to 

management decisions.  

Our results also suggest the intriguing notion that the rise of different benthic r-strategists 

give us signatures of the dominant underlying stressor, matching a variety of empirical and 

conceptual accounts of benthic cover in coral reefs (Littler and Littler 1984, Lapointe 1997). 

Notably, fast-growing benthic r-strategists play important roles in highly disturbed coral reefs 

(Figure 4.3) and benthic composition is dependent on multi-stressors, particularly grazing-

mediated algal selection that selects for differential life history (growth and palatability) strategies 

(Figures 4.1, 4.4). This is consistent with experimental and observational studies (Sammarco 1980, 

1982, Chiappone et al. 2006), as well as theoretical concepts such as keystone predation theory 

(Leibold 1996). Here, less-palatable r2-strategists (e.g., CCA) garner a competitive advantage over 

more palatable fast-growth (r1) strategists when grazing rates are high, and vice versa. These life 

strategies are becoming even more important to consider in the face of global change and may 

offer us empirical insight into the mechanisms behind state shifts, including the potential for our 

“signature of change” to act as early warning signals for coral collapse and decreasing resilience 

(related, see Nyström et al. (2008)). However, we note that further empirical research into 
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underlying drivers is needed to establish more comprehensive signatures of multi-stressor impacts 

on benthic composition, as well as expand this model to include life history trade-offs within other 

taxa such as different macroalgae genera (Renken and Mumby 2009, Renken et al. 2010, Bozec et 

al. 2016, Briggs et al. 2018), (hard and soft) corals (Zinke et al. 2018, Toth et al. 2019), sponges 

(González-Rivero et al. 2011), and cyanobacteria (de Bakker et al. 2017) for a more thorough 

representation of multi-stressor effects on benthic composition.  

These signatures of multi-stressor impacts allow us to map changes in benthic composition 

within our predictive framework. Empirical evidence from Barbados shows promising consistency 

with our theoretical results and highlight the importance of accurate baseline data as well as 

monitoring multi-stressors simultaneously and with fine enough resolution to track changes and 

identify underlying drivers of change in coral reefs. Collectively, our empirical and theoretical 

results show that local stressors mediate coral reef resilience and can increase uncertainty in the 

face of climate-related mortality events, particularly as they are increasing in frequency and 

severity. 

While climate change is undoubtedly a massive threat to coral reefs, our results suggest that 

scientists and managers must simultaneously consider that local and regional management actions 

can enable at least some coral reef resilience (resistance to and recovery after disturbances). Here, 

we have shown how varying levels of multi-stressors can lead to very different trajectories of 

change in coral reefs (Figure 4.6), and would in turn have drastically different responses to singular 

management actions (e.g., Figure 4.2B,C). In times of rapid and drastic global change, research 

and management need to move away from isolating individual impacts and develop ways to 

address multiple stressors where nonlinear interactions are likely the rule not the exception. This 

way we can manage for ecosystem resilience and sustainability in the face of uncertainty (Anthony 

et al. 2015, Roberts et al. 2017, Mcleod et al. 2019). We also need effective management so that 

peoples’ livelihoods are not unnecessarily limited or sacrificed under the guise of conservation 

(Aronson and Precht 2006). It’s easy to point the finger at local fishing communities, for example, 

when in reality there is likely a much more nuanced problem that must be acknowledged. 

Ecosystem stability and sustainability ultimately means protecting important ecosystem services 

necessary for food and livelihood security and human wellbeing. 
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5 Fisheries restoration potential: Optimizing fisheries profits while 

maintaining food web structure 

This manuscript is published in the journal Food Webs and can be cited as Bieg and McCann 

(2020). 

Full reference: 

Bieg, C., and K. S. McCann. 2020. Fisheries restoration potential : Optimizing fisheries profits 

while maintaining food web structure. Food Webs 25:e00168. 

 

5.1 Abstract 

There is mounting evidence that fishing impacts can fundamentally alter the structure of whole 

ecosystems, whereby removal of top trophic levels is expected to generally cascade down the food 

web, allowing prey at lower trophic levels to flourish. These cascades can lead to decreased 

diversity but increased productivity in ecosystems, which may lead to increased yields in multi-

species fisheries. In a world with a growing human population to feed, increasing consumption of 

fish protein, and also a growing human footprint on our aquatic ecosystems, this sets up an 

interesting economic dilemma: do we aim to restore fisheries ecosystems at the expense of 

foregoing yield? Alternatively, is there a possible way to benefit both restoration and people's 

livelihoods? Here, we discuss how various market and food web characteristics may allow for 

equally sustainable and profitable fisheries using a simple food chain model with multi-species 

fishing pressure. We show that fisheries with higher economic value for top predators relative to 

intermediate consumers, and with high potential for fisheries-induced trophic cascades, meet 

criteria for high fishery restoration potential. In these situations, managing fisheries for 

maximizing profits rather than total productivity can lead to increased maintenance of food web 

structure and function as well as being economically beneficial. We discuss emerging examples 

that are consistent with this result. 
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5.2 Introduction 

It is becoming increasingly clear that global change is impacting the fundamental structure of food 

webs, eliciting research showing complete food web rewiring (Woodward 2011, Kortsch et al. 

2015, Lu et al. 2016, Bartley et al. 2019). While most of this rewiring work has focused on climate 

change, arguably one of the most dramatic examples of food web change under direct human 

impacts occurs under intense fishing pressure. Researchers have found repeatedly that harvesting 

can decimate upper trophic levels through a phenomenon coined “fishing down the food 

web” (Pauly et al. 1998, 2002). Given the empirical arguments that fishing down the food web is 

relatively common—at least in high-yield multi-species fisheries—then this suggests a simple food 

web restoration response, as long as diversity has not been eliminated: lower fishing pressure and 

upper trophic level species should recover. 

Despite this seemingly simple response of reducing fishing pressure to restore food web 

structure, restoration in fisheries may not be as easy as it seems given that fisheries are complex 

socio-economic institutions. Classic single-species management shows that maximum economic 

yield (MEY) typically occurs at equal or lower fishing rates than maximum sustainable yield 

(MSY) (Gordon 1954, Schaefer 1957). However, once trophic interactions and species-specific 

economics are considered for multispecies fisheries, this result becomes more complicated, and 

applying single-species MSY approaches to multi-species fisheries could severely deplete top 

predators (i.e., fishing down the food web) (Walters et al. 2005, Hilborn 2011). While this clearly 

has negative implications for biodiversity and ecosystem function, the economic implications of 

fishing down the food web are not so obvious. Fishing down the food web can drive increased 

productivity/yield scenarios that may make fisheries institutions resistant to restoration initiatives. 

Indeed, it has been suggested that this increase in productivity/fisheries yields could be beneficial 

economically for large-scale multi-species fisheries (Szuwalski et al. 2017). This situation would 

result in little incentive for restoration. In a world with growing needs for food, and reliance on 

fish protein in particular, the incentive to reduce fishing pressure seems limited (FAO 2018). As 

such, it seems important to understand key trade-offs for fisheries management and the factors 
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regulating them. The 3 major trade-off axes for fisheries management are fisheries yields (and 

therefore food production), fisheries profits, and biodiversity conservation.  

While Szuwalkski et al. (2017) suggest that yields (total biomass) and profits may be 

simultaneously optimized under certain fisheries management scenarios, other research has shown 

that these outcomes may not align. Andersen et al. (2015) showed that mean fishing pressure in a 

size-selective fishery should be reduced to optimize profits, relative to the mean fishing pressure 

optimal for maximizing yield. This is because larger fish, which would be depleted under high 

fishing mortality, generate larger profits than their prey, and thus it is more profitable to conserve 

these populations. In this case, maintaining or restoring fish communities is also economically 

beneficial, pointing towards a promising opportunity to optimize both conservation and profits.  

Fisheries yield, profit, and conservation do not always align with each other, and the 

ecological effects of fisheries will depend on what is prioritized for management. The idea of 

profit- or yield- optimization in multi-species fisheries management is not a new idea, and many 

researchers have used various modeling techniques to differentiate between the two strategies and 

find optimal fishing strategies for each situation (e.g., Andersen et al., 2015; Kolding et al., 2016; 

Matsuda and Abrams, 2006). Despite these important insights, the general mechanisms behind 

profit, yield, and conservation trade-offs are not well understood. Importantly, food web structure 

(e.g., topology and interaction strengths) likely plays an important role in moderating these trade-

offs and the outcomes of fisheries management strategies (Szuwalski et al., 2017; Tunney et al., 

2017; also see Box 5.1). Restoration of any fishery will also depend on the socio-economic 

conditions that may either resist or promote change. In a world with a growing population and 

demand for fish protein, it is unlikely that conservation will be prioritized at the expense of both 

profits and yields. This makes it particularly interesting to determine if the results found by 

Andersen et al. (2015)—which show potential for restoration and economic priorities to be 

aligned—are generalizable and if so, how. 

It remains to be seen how we can synthesize the seemingly contrasting results from studies 

such as Andersen et al. (2015) and Szuwalski et al. (2017) to better understand the ecological and 

economic drivers behind management trade-offs. While multi-species fisheries models incorporate 
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life-history traits and trophic interactions in various ways, they rarely identify the ecological 

conditions (e.g., food web structures) necessary for their results. This would importantly allow for 

a generalizable understanding of the mechanisms underlying trade-offs between economics 

(profits) and yields (productivity). As a step towards a generalizable understanding of these 

fisheries management trade-offs, we employ a simple food chain model with fishing pressure 

distributed such that fisheries-induced trophic cascades can be readily produced. In doing so, we 

can begin to understand what ecological conditions can allow these outcomes to be simultaneously 

optimized (i.e., benefit conservation/restoration, as well as fisheries yield or profits). To recognize 

the potential for reduced-yield, increased-profit fishery scenarios, we need to identify where such 

opportunities exist. If a fishery has potential for increased profits while restoring or conserving 

biodiversity and food web structure, then there may be incentive for restoring that fishery’s food 

web; in other words, the fishery shows restoration potential. It remains unclear how ubiquitous 

this might be from a restoration perspective and where we would expect to find the necessary 

conditions for this situation. 

Here, we will highlight the ecological conditions where reduced harvesting pressure may 

increase fisheries profits and food web restoration simultaneously. We will show that the potential 

for optimizing both conservation (or restoration) and fisheries profits is dependent on both food 

web structure and market characteristics. Aligned with Andersen et al.’s (2015) results, it can be 

beneficial to reduce fishing pressure to maintain/restore community structure and conserve highly 

valued top predators. We show that this result is enhanced by food web structures that increase the 

potential for fisheries-induced trophic cascades, as well as certain economic characteristics, but 

note that it is important to consider priorities for the people/communities dependent on these 

fisheries for food and livelihood security. 

5.3 Methods 

To allow us to investigate the ecological conditions governing fisheries management outcomes, 

we extend a simple but well-known tritrophic food chain model by adding multi-species fishing 

mortality. This model is a three-species extension of the classic Lotka-Volterra model (for general 

information about consumer-resource and food chain models see Hastings and Gross (2012) and 
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McCann (2011)). Here, we have unharvested primary producers (resource, R) with logistic growth, 

and consumer (C) and predator (P) guilds that are harvested. We use the following system of 

equations to model the dynamics of this food chain: 

dR/dt = r R (1 - R/K) – a CR  (1) 

dC/dt = e a RC – a PC – m C - FC C  (2) 

dP/dt = e a PC – m P - FP P (3) 

where r is the intrinsic rate of growth of the resource and K is the resource carrying 

capacity. For simplicity, we assume the predator and consumer have equal attack rates on their 

respective prey (a), equal energy conversion efficiencies (e), and equal natural mortality rates (m).  

FC and FP represent the fishing mortality rates on the consumer and predator guilds, 

respectively. Here, we assume fishing pressure is indiscriminate, so the rate of fishing mortality is 

equal for both species (or trophic levels/guilds) and catches are proportional to density. That is, FC 

= FP, and hereafter simply referred to as F. We use this distribution of fishing pressure as it readily 

produces fishing-induced trophic cascades (see a similar model used in McCann et al., 2016; also 

see Box 1). These cascades readily occur because of the simple energetic constraints that cause 

top predators (P) to be influenced more strongly by fishing pressure than intermediate consumers 

(C) and thus release the consumer species from predatory control when depleted. This approach 

also allows us to easily manipulate harvesting pressure without changing the relative influence of 

harvesting on each trophic guild and isolate the impacts of market characteristics and food web 

structure on our results. However, any distribution of fishing pressures throughout the food web 

that can drive trophic cascades will have the same qualitative results as we show here (e.g., FP and 

FC change through time as P is depleted; Essington et al., (2006)). 

To investigate the trade-off between total secondary (fish) production (i.e., surplus productivity) 

and fisheries profit, we define production as the combined growth of the consumer and predator: 
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CPROD = growth – natural mortality of C = eaCR – mC – aPC (4) 

PPROD = growth – natural mortality of P = eaPC – mP (5) 

Total Fish Production = CPROD + PPROD = ea(CR + PC) – aPC – m(C +P) (6) 

Each species is assigned a “value” that represents profits – costs per unit biomass, from 

which we can calculate total fisheries profit. The value, or revenue generated, per unit of the 

consumer, C, is represented as value1 = price of C – cost of harvesting C. The value of the predator, 

value2, is represented the same way.  

Total profit from the fishery is the sum of profits generated from catches of both species, where 

the catch of C and P are calculated as F*C and F*P, respectively: 

Profit = value1 * F * C + value2 * F * P (7) 

We varied fishing mortality (F) to determine the harvesting level at which profit and fish 

productivity are each maximized, and whether these are maximized simultaneously or separately.  

We then explored market characteristics by changing the value of our predator, value2, relative to 

the consumer’s value, value1, to determine how this affected fishery profits. Finally, we also varied 

model parameters (i.e., biological rates) to determine how the maxima for secondary productivity 

and fisheries profit change in response to these food web characteristics. 

5.4 Results 

We start by considering how a multi-species fishery (where all top predators, P, and intermediate 

consumers, C, are fished) impacts a food chain. For simplicity, and consistent with indiscriminate 

fisheries which have been empirically and theoretically shown to cause fishing down the food web 

(McCann et al. 2016, Szuwalski et al. 2017, Ngor et al. 2018), we assume fishing pressure (F) is 
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equal on all trophic levels except the primary producers which are unharvested. Note, the arguably 

more realistic case that fishing pressure (F) is stronger on higher trophic levels than intermediate 

consumers yields the same qualitative results as follows, if not exacerbated in terms of the 

magnitude or strength of trophic cascades. In what follows, we first explore the food web structure 

outcome of increasing multi-species fishing pressure on food web structure and productivity before 

we consider the implications of increasing fishing pressure on yield maximization and profit 

maximization (for calculations see Methods section). We then discuss how market characteristics 

(price differential between trophic levels) and food web structure (energy flux and cascade 

potential) alter these management outcomes. 

5.4.1 Fishing pressure, cascades, and restoration potential 

Our first result is that increasing fishing pressure, all else equal, generally reduces the top predator, 

P, and simultaneously releases the intermediate consumer, C (Figure 5.1a; phase i).  This result is 

consistent with top-down theory (Oksanen et al. 1981, Rip and Mccann 2011) and shows that 

despite an increasing level of harvesting on the lower-trophic-level intermediate consumer (recall 

F is increasing equally on both trophic levels), the intermediate consumer still increases in density 

due to the simultaneous release from the consumptive pressure of the top predator, P. This first 

phase of increasing intermediate consumers is ultimately followed by fishing pressures that are 

high enough to reduce all trophic levels (Figure 5.1a; phase ii)—at this point fishing pressure is 

overharvesting the ecosystem and all trophic levels are declining. This result of a consumer 

increase phase (i) followed by a fishery collapse phase (ii) is very general and can be shown 

mathematically (see McCann et al. (2016) appendix). Ecologically the release in the intermediate 

consumer of phase i in Figure 5.1a is an example of a trophic cascade that increases C density and 

net production. This release of the intermediate consumer is what Szuwalski et al. (2017) and Ngor 

et al. (2018) found empirically in two different Asian multi-species fisheries. While we use a 

simple theoretical model, our results are consistent with empirical outcomes even from extremely 

diverse ecosystems such as the Tonle Sap Lake (Ngor et al. 2018) and the East China Sea 

(Szuwalski et al. 2017). 
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Following Andersen et al.'s (2015) argument that bigger fish tend to have a higher market 

price, we now look at the implications of this for both fisheries profits and yields at various rates 

of fishing pressure. Figure 5.1b shows the total fisheries profit (green curve) and the total fish 

production (proportional to fisheries yield because of constant harvest rate; black curve) under the 

same model experiment of increasing F. Note that, consistent with Andersen et al. (2015), we see 

in Figure 5.1b that maximum profit (FMP; a rational management strategy for any fishery) occurs 

at lower F than the maximal yield (FMY; another rational strategy with a different objective 

function). At this lower F, the upper trophic level is less impacted and so the food web is “restored” 

relative to the state of the system at FMY. As a result, we coin the difference in fishing pressure (F) 

between these two management strategies (i.e., fishing strategies with either profit or production 

maximization) the “restoration potential.”  Anything that increases this restoration potential, and 

thus provides an incentive for recovering or maintaining biodiversity and food web structure, 

should make fisheries restoration more effective and appealing to stakeholders. That is, anything 

that reduces the optimal F for profit maximization, relative to the optimal F for production (yield) 

maximization, and therefore increases the difference between the two maxima, will increase 

restoration potential. Thus, as discussed above, an important food web restoration question is: what 

set of ecological and socio-economic conditions drive large food web restoration potential? From 

Figure 5.1, it seems intuitive that trophic cascades play an important role in production 

maximization, and that market characteristics will determine the economic optimum. In what 

follows, we explore the role these factors play in determining a fishery’s restoration potential.  
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Figure 5.1: Effect of changing fishing pressure (F) on the food chain and fishery outcomes: a) Changes in 

predator (P; purple line) and consumer (C; orange line) densities with increasing F; and b) total fish production 

(P+C; black line) and fisheries profit (green line). Difference between F optima of production (FMY; maximum 

yield) and profit (FMP; maximum profit) is defined as a fishery’s food web restoration potential. Background 

image credit: Hans Hillewaert (https://creativecommons.org/licenses/by-sa/4.0) 

 

https://creativecommons.org/licenses/by-sa/4.0
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5.4.2 Economic conditions for food web restoration potential 

We start by following the suggestion of Andersen et al. (2015) that price differences between 

different size classes, or in our case trophic levels, would impact the profit-yield trade-off (FMY 

versus FMP), which we refer to as restoration potential.  We found that increasing the price 

differential (i.e., increased price of top predators per unit biomass, value2, relative to consumer 

species, value1) does indeed increase the restoration potential of a fishery (Figure 5.2a). Note that 

at zero price differential, the F for maximal profit (FMP) is equal to maximal yield F (FMY). That 

is, a highly productive fishery dominated by small, lower trophic level species is optimal for both 

objectives. However, as the price difference increases (i.e., top predator price >> intermediate 

consumer price) the food web restoration potential increases and eventually saturates. This is not 

surprising as this price differential tends to make high trophic level fish more and more beneficial 

to profit maximization. Interestingly, though, with even a small price difference between predators 

and consumers, we suddenly gain a relatively large restoration potential (Figure 5.2a). Thus, 

conserving these species and harvesting at rates that maintain the biomass structure of whole food 

webs will benefit the overall profits generated from a multi-species fishery.  

Furthermore, at some point reducing F lower will no longer increase top predator yield 

(and therefore profit) as the predator maximizes its productivity at some intermediate level of F 

since species production is generally hump-shaped (May et al., 1979; Schaefer, 1954). 

Interestingly, this may suggest that increasing price differentials could drive an optimal fishing 

strategy closer and closer towards a classical MSY approach based strictly on the production of 

the top trophic level. This is because as lower F becomes more economically beneficial, less 

intermediate consumer production is harvested which allows for P to benefit from consuming most 

of the surplus consumer production. If this is true then economics (value of different fish) may be 

able to determine how appropriate a single-species MSY approach, versus a multi-species MSY 

or other ecosystem-based fisheries management approach, would be for effective fisheries 

conservation and management. 

Finally, we can also see that the maximum profit generated from a fishery is driven by the 

production of and revenue generated from the top predator, and increases with an increasing price 
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difference (Figure 5.2b). It is interesting to note that this increase in maximum profit (Figure 5.2b) 

occurs while catching less fish for profit maximization (i.e., FMP is decreasing), and therefore 

restoration potential is increasing as per Figure 5.2a. Since price differentials don’t do anything to 

influence the strength of trophic cascades or the maximum fish production in this model (Figure 

5.2b; black line), this result is solely driven by a decrease in the peak F for profit maximization 

(FMP decreases), and increase in the P-driven portion of the profit curve (Figure 5.2b). In other 

words, this is suggesting that fisheries with higher valued top predators may be able to generate 

more profits while catching fewer fish. It is also interesting to note that FMP approaches MSY for 

the top trophic level in this model as price differential increases because we do not include cost-

benefit trade-offs (i.e., diminishing returns) into our profit calculations. Strong diminishing returns 

would likely cause this increasing total profit result to eventually saturate, but importantly could 

also decrease FMP further (MEY<MSY in classic single species models), therefore increasing the 

restoration potential even more. 
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Figure 5.2: Effect of increasing the market value of predators relative to consumer species (P:C value) on a) 

restoration potential and b) total profit earned while varying F. Note that maximum profit increases as the P:C 

value increases, indicating that more revenue is generated while harvesting fewer fish (lower FMP) when 

predators are more valuable. Parameter values are r = 3.5, K = 7, a = 0.7, e = 0.8, m = 0.2 

 

5.4.3 Ecological conditions for food web restoration potential 

While the price differential between trophic levels impacts the food web restoration potential, it is 

interesting to ask what ecological conditions can also drive this result. We note that in Figure 1a, 

the slope of the change in intermediate consumer density during the resource increase phase (phase 

i, Figure 5.1a) gives an idea of the strength of the trophic cascade produced by fishing down the 

food web. A steeper, stronger response by the intermediate consumer means a stronger cascading 
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influence due to declining predator densities. In the empirical literature, this is often measured as 

the effect of predator removal on consumer and resource densities (e.g., log ratio of consumer and 

resource densities before vs after predator removal; Box 5.1; Shurin et al. (2002)), which is 

qualitatively equivalent to the rate of change in density shown in Figure 1a. We predict that the 

stronger cascading influence will drive an increased food web restoration potential because greater 

cascade strengths ought to drive strong fisheries-induced trophic cascades. This would lead to 

increasing harvest reliance on lower trophic level production as seen in China (Szuwalski et al. 

2017) and Cambodia (Kc et al. 2017, Ngor et al. 2018). 

To investigate the role of fisheries-induced trophic cascades, we draw from a well-

developed ecological theory on trophic cascades that collectively argues that the strength of 

cascades depends on the productivity of the system (e.g., Oksanen et al., 1981; Rosenzweig, 1971; 

see Box 5.1 for more information). Additionally, ecologists have more recently argued that this 

productivity result is mirrored by any parameters that increase the vertical flux of energy through 

the food web (i.e., the rate of carbon transfer across trophic levels scales with high attack rates and 

conversion rates relative to consumer mortality). As such, food webs with high attack rates (a) and 

conversion efficiency (e) relative to the predator or consumer mortality (m) tend to become top-

heavy and produce much larger cascades than their more bottom-heavy counterparts (Gilbert et 

al., 2014; McCann, 2011; McCauley et al., 2018; Rip and Mccann, 2011). For simplicity, we 

assume that a, e, and m are equal for the predator and consumer in our food chain model. Note that 

in many food web models the carrying capacity, K, of the resource is used as a surrogate for 

primary productivity (Rosenzweig 1971). Accordingly, our simple food chain model allows us to 

elegantly determine the influence of trophic cascades on our results. Generally, these arguments 

then suggest that anything that increases the strength of trophic cascades (e.g., Kae/m; see Box 

5.1) ought to also act to increase the separation between our profit and yield maxima, making food 

web restoration potential grow.    
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Box 5.1: Some Background on Food Chain Theory: Productivity, Interaction Strengths, 

and Trophic Cascades  

Here we briefly review theory regarding food chains and trophic cascades. The theory has 

generally found that organismal traits (e.g., attack rates) and ecosystem properties (e.g., high 

nutrients, high primary productivity) that generate a strong vertical flux of energy through food 

webs tend to result in top-heavy food webs (see review by McCauley et al. (2018) for details). 

Specifically, high productivity of a system (e.g., carrying capacity, K, is a surrogate for 

productivity in models with logistic growth), coupled with strong interaction strengths within 

food webs, collectively yield top-heaviness (e.g., Rip and Mccann (2011)). Here, we employ the 

energetic definition of the interaction strength between a consumer and resource, which is 

proportional to ae/m where a is attack rate (or maximum attack rate depending on the functional 

response), e is the consumer conversion efficiency of resource biomass, and m is consumer 

mortality (e.g., see Gilbert et al. (2014); Nilsson and McCann (2016)). For simplicity, and to 

motivate our point, we assume that a, e and m are equal for both the predator and consumer 

species in a food chain. Given this, then theory suggests that top-heaviness should increase as 

the productivity and the interaction strengths increase (i.e., increasing K*ae/m; in other words, 

resource productivity * consumer and predator interaction strengths).  

Thus as energy flux (i.e., Kae/m) increases in a given food chain, the biomass pyramid of the 

food chain is expected to become increasingly top-heavy (Fig. B.1; (Gilbert et al., 2014; 

McCauley et al., 2018; Rip and Mccann, 2011)). Additionally, the theory has found that energy-

driven top-heavy food webs are generally less stable than bottom-heavy food web, with many 

models displaying drastic oscillations amplified throughout the food web when top predator 

biomass is top-heavy (Rip and Mccann, 2011; Figure B.1. a). Finally, these same top-heavy food 

webs also have an extremely high potential for strong trophic cascades. The strength of a trophic 

cascade is often defined as the log ratio {ln(RC+⁄RC-)} of resources and consumers in the 

presence (RC+) and absence (RC-) of predators, P (Hedges et al., 1999; Osenberg et al., 1997; 

Shurin et al., 2002). Here, strong trophic cascades result when the removal of the top predator 

species, P, cascades down the food chain to release the intermediate consumer to flourish (i.e., 



 

 

 

 
104 

the density of the consumer without predators relative to that when predator density is large).  

Thus, ecosystems characterized by high productivity and high interaction strengths (i.e., high 

energy flux) throughout a food chain are expected to have a significant and strong cascading 

response to predator declines or removal (Figure B.1). Collectively, these general theoretical 

results mean that pristine top-heavy aquatic systems are more likely than others to experience 

strong fisheries-induced trophic cascades, given the same magnitude of fishing pressure. That 

is, more productive ecosystems with stronger interactions between species (i.e., high 

Kae/m) are likely to be more susceptible to trophic cascades induced by fishing pressure. 

 

Figure 5.B.1: Top-heavy food webs are produced by strong interaction strength (ae/m) and high ecosystem 

productivity (K), and can a) generally lead to unstable oscillations (black points represent max/min densities 

with increasing energy flux; stable equilibria are represented by single points, while oscillations are shown 

as max/min densities of cycles). b) The effect of removing predators on intermediate consumers is much 

greater in top-heavy food webs (strength of cascade; blue line), making them more susceptible to fisheries-

induced trophic cascades. 
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In Figure 5.3a-d, we increase ecosystem productivity (K), conversion or trophic efficiency 

(e), attack rates (a), and mortality rates (m) to determine how they influence food web restoration 

potential. As predicted, as energy flux through the food web increases relative to mortality (i.e., 

Kae/m) the restoration potential grows. As discussed in Box 5.1, this increase in energy flux 

generally leads to top-heavy food webs with increased potential for trophic cascades. As this 

cascading potential increases, the restoration potential of a fishery becomes even more important 

for maintaining the food web structure. Similarly, Figure 5.4 shows how changes in these 

parameters alter the profit and production curves. We can see that increasing energy flux (i.e., 

Kae/m) allows for increased fish production, which is maximized at increasing F values. At the 

same time, the maximum profit generated from a fishery—largely driven by increases in predator 

production—increases with this same increase in energy flux. This means that as restoration 

potential increases with increased flux, so do the maximum production and profit generated from 

a fishery. We can also see from Figure 5.4 that this increase in energy flux (creating more fish 

production) predictably increases both FMY and FMP, so a fishery can harvest more fish, 

sustainably, in these systems regardless of the management or restoration strategy. 
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Figure 5.3: Effect of changes in energy flux on restoration potential shown by a) predator and consumer attack 

rate, a; b) predator and consumer energy conversion or trophic transfer efficiency, e; c) resource carrying 

capacity, K; d) consumer and predator mortality, m. Relative price of the consumer and predator is kept 

consistent as a 2:1 ratio, and standard parameter values when not varied in each panel are r = 3.5, K = 7, a = 

0.7, e = 0.8, m = 0.2. 

It is interesting to note that not only are the maxima of these curves separating (i.e., 

restoration potential increases; Figures 5.3 and 5.4), the local peaks within these curves become 

more distinct (Figure 5.4). Each curve has a maximum that is P-driven, and another that is C-driven 

(these are particularly noticeable in the high flux profit and production curves in Figure 5.4), and 

we can see in Figure 5.4 that these maxima change as flux is increased. As we increase energy 

flux, the productivity of both P and C increase, but so does the strength of the trophic cascade 

driven by increasing F. Specifically, as the food web becomes more top-heavy and production of 

the predator increases due to increased energy shunted to the top trophic level, the predator 

contributes more to both total fish production as well as fisheries profits, although it also causes a 

larger release in C once it is depleted. Thus, the local maxima occurring at lower F values (driven 

by P) become more distinct from the C-driven maxima. In these high flux systems, it becomes 

much more profitable to conserve or restore food web structure (i.e., lower F towards FMP). Note 
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that it is the magnitude of these sub-curves that explain the drastic shifts from zero restoration 

potential to relatively large restoration potential in Figure 5.3b and d. At low energy flux, the food 

web is more bottom-heavy and therefore total fish production—though smaller in magnitude—is 

dominated by the intermediate consumer, and the P production (and thus its contribution to 

fisheries’ profits) is minimal in comparison.  

 

Figure 5.4: Effect of changes in energy flux on profit and production curves and restoration potential. Here, 

flux is represented by the parameters Kae/m. In this case, K and e were increased (low flux: K=5, e=0.4; medium 

flux: K=10, e=0.6; high flux: K=15, e=0.8), however, all rates that govern energy flux in a food chain have 

qualitatively the same effect. The relative price of the consumer and predator is kept consistent as a 2:1 ratio. 

Parameters r = 3.5, a = 0.7, and m = 0.2 were kept constant. 

These results collectively indicate that there may be an even higher incentive for profit 

maximization as a restoration or conservation management approach in systems with high 

productivity and interaction strengths. Conversely, however, there may be situations in less 

productive systems with weaker interactions where maximizing yields (production) still generates 

a reasonably high profit, even if not quite optimal. For example, see the intermediate curves 

(medium flux) in Figure 5.4, which show that the two maxima in the profit curve are nearly equal. 

In this case, management decisions would necessarily depend more on complex socio-economic 

considerations. 
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5.5 Discussion 

Fishing down the food web, which generally yields trophic cascades, is the precise recipe for 

driving the scenario where profit maximization can also enhance biodiversity conservation (i.e., 

restoration potential). Our theory suggests that highly productive (high K) multi-species fisheries 

with strong vertical fluxes of energy (similarly stated as the high overall potential for strong 

secondary trophic, i.e., fish, production) ought to be fisheries that i) can have high-yielding low 

trophic level fisheries (e.g., see McCann et al. (2016) and Szuwalski et al. (2017)), and; ii) fisheries 

that are highly conducive to major gains from profit maximization relative to the above-described 

yield maximization.  

Here, we have generalized results suggested by Andersen et al. (2015), who showed that 

size-selective fisheries can lead to management trade-offs between optimizing profits and 

optimizing total fisheries yields. Specifically, we have shown that systems with high productivity 

and fishing pressure (and therefore any fishery with potential for fisheries-induced trophic 

cascades) and with the differential economic value of fish species are prone to this outcome. Our 

results show promise, in terms of fisheries conservation and restoration potential, that there is 

potential to optimize both restoration and profits, benefitting both humans and biodiversity.  

We have shown that potential for strong trophic cascades in harvested food webs ought to 

indicate a large restoration potential. Intriguingly, there are examples of strong fisheries-induced 

cascades of whole food webs emerging. Szuwalski et al. (2017), for example, showed that intense, 

indiscriminate harvesting in the East China Sea, a highly productive marine ecosystem, has caused 

trophic cascades and an increase in fishery productivity. Similarly, Ngor et al. (2018) found 

evidence for indiscriminate fishing in another highly productive ecosystem, the Tonle Sap 

floodplain in Cambodia. In Cambodia, similar trophic cascades, with corresponding increases in 

small fast-growing consumer species, have been seen. Total biomass of the catches coming out of 

this intensely harvested ecosystem has remained incredibly stable over time; however, the changes 

in species composition have been distinct (Kc et al., 2017; Ngor et al., 2018). The highly 

productive, heavily harvested tropical ecosystems mentioned here appear to be excellent 

candidates for the restoration potential we have described. While market characteristics also 
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determine a fishery’s restoration potential—an investigation into which is beyond the scope of this 

paper—these results show promise that biodiversity conservation and fisheries profits have the 

potential to complement each other in these intensively harvested systems.  

Additionally, these indiscriminate fisheries have been suggested to follow global patterns in 

occurrence, such that they are more likely to occur in tropical countries with a low human 

development index (Bieg et al., 2018). Tropical aquatic ecosystems are known to be highly 

productive, particularly tropical floodplains, and support enormous fisheries catch (McIntyre et 

al., 2016; Welcomme, 1979). These fisheries thus often occur in highly productive systems with 

strong interactions and heavy multi-species fishing pressure—the exact recipe for restoration 

potential. Importantly, countries with these indiscriminate fisheries also tend to be highly reliant 

on fish protein for food and income (McIntyre et al., 2016), making fisheries conservation (or in 

many cases restoration, where they have been already dangerously depleted) in these locations 

even more important for food and livelihood security. Without effective management or restoration 

initiatives, these changes in food web structure and function pose threats to future ecosystem 

resilience and food security. However, for management and restoration to be successful, there 

needs to be effective fisheries regulation and monitoring, and stakeholders (mostly artisanal and 

subsistence fishers in the case of small-scale fisheries like the Tonle Sap) must be sufficiently 

compensated in the short-term for there to be an incentive to forego yields. 

Undoubtedly, our theory also suggests there will be exceptions to these results in other parts 

of the world with different fishing strategies and ecological or economic conditions. Here, we have 

focused on “indiscriminate” fisheries as they have the potential to readily drive fisheries-induced 

cascades. These indiscriminate fisheries, where fishing pressure on each species is proportional to 

their density, will have equal pressure on all components of the food web but differential responses. 

Predators (which are generally larger and slower-growing) will have a stronger response to the 

same level of harvesting, while faster-growing prey species can “keep up” with this pressure. In 

this case, heavy indiscriminate harvesting will deplete the top trophic levels relative to their prey, 

and cause a trophic cascade due to predatory release, as shown in our results. However, modifying 

food webs through fishing pressure in different ways (i.e., targeting different components of the 

food web, at different levels of magnitude) will also determine a food web’s response to harvesting. 
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For example, selectively harvesting top trophic levels will deplete predators and cause a release of 

lower trophic level prey species. Of course, this result is dependent on the whole predator guild 

being simultaneously depleted. On the other hand, selectively harvesting intermediate consumer 

species (e.g., herring/anchovy/sardine fisheries) will not have the same effect, though they will 

reduce some energy flow to the predators.  

One notable example of a fishing strategy that, if implemented effectively, would not cause 

these fisheries-induced trophic cascades is the idea of “balanced fisheries” (Zhou et al., 2015). The 

idea of this is for fishing pressure on each species to be distributed proportionally to natural 

productivity, thus maintaining community structure (Kolding et al., 2016). Despite potential 

institutional challenges of implementing such a strategy (Burgess et al., 2015), Burgess and Plank 

(2020) recently expanded on this topic and showed that multi-species balanced fisheries 

theoretically could indeed be an optimal strategy for fisheries management. However, this optimal 

distribution of fishing pressure depends on relative price, productivity, catchability, and harvesting 

costs per species all being equal for this strategy to result as a stable equilibrium, which admittedly 

seems unlikely.  

Similarly, our results show that restoration potential depends on price differentials between 

species such that (generally larger) top predators are more valuable. However, we note that there 

is some evidence that price does not perfectly relate to trophic level (Sethi et al., 2010). Notably, 

though, highly valued invertebrate (e.g., shrimp) and forage fish fisheries, such as anchovies, likely 

drive this (lack of) pattern. Nevertheless, in the case of no price difference between trophic levels, 

our results suggest that the optimal fishing strategies for both profit and yield maximization are 

equivalent and thus there may be no restoration potential. 

Despite these exceptions, our results suggest the potential for general rules of fisheries' 

impacts on food webs and identifying the conditions that may naturally lead to the restoration 

potential of fisheries food webs. Interestingly, our results complement those of Andersen et al. 

(2015), even though we use a different modeling approach and assume different fishing strategies. 

This suggests that the ecological and economic conditions we discuss here may be a generalizable 

result for any fishery that shows potential for fishing down the food web, or fisheries-induced 
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trophic cascades. While indiscriminate fisheries in tropical regions may be an ideal candidate for 

this restoration potential, as discussed above, we suggest that our results may be relevant to a large 

number of heavily-fished regions around the world with multi-species fisheries.  

Additionally, our results suggest certain policy decisions that could be made based on the 

ecological conditions of a harvested ecosystem to ensure a fishery’s restoration potential, such as 

regulating a price differential between species (or guilds) through taxes or setting minimum market 

prices on top predator species. Importantly, however, we stress that this is a potential for fisheries 

restoration and that management decisions should understandably consider socio-economic 

conditions and priorities of a fishery and its stakeholders (see Béné et al. (2010) for an insightful 

review of economic and livelihood considerations regarding profit maximization in small-scale 

fisheries). The relationship between economic and conservation objectives in global fisheries is 

particularly important to understand as other global changes are simultaneously altering the 

structure and functioning of fisheries food webs at the same time as the human population is 

growing and demanding more food (FAO, 2018). 
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6 Epilogue 

This thesis contributes to a growing body of theoretical ecology for global change. By building off 

the strong foundation of modular theory, these studies collectively begin to develop a better 

understanding of global change implications for ecosystem stability and resilience. The 

widespread impacts associated with global change are “rewiring” broad ecological processes and 

whole food webs (Bartley et al. 2019), and this thesis provides insight into the functioning of 

ecosystems under these impacts – in particular, the effects of multi-stressors and changing 

environmental drivers (i.e., temporal environmental patterns). 

The chapters presented here build up from the most basic building blocks of food webs – two-

species structures: consumer-resource and competitive interactions – to more complex modules 

with system-specific applications. As such, they together yield fundamental to applied 

contributions to global change ecological theory. Each of the modules used in this thesis extend 

our understanding of well-studied deterministic skeletons (i.e., modular equilibrium structures 

without noise) for a more nuanced understanding of fundamental patterns and processes in 

ecology. In particular, I put a large focus on the role of environmental noise in each of these 

systems. Theoretical ecology has recently begun to highlight the importance of considering noise 

in these systems (e.g., stochasticity) and the interactive nature of noise with transient dynamics 

(Hastings et al. 2018, 2021, Morozov et al. 2020). This literature has pointed out that certain 

characteristics of environmental noise can have far-reaching implications for food web dynamics 

and the maintenance of biodiversity (Hastings et al. 2021), and global change is altering the 

underlying rhythms of environmental variation with unexpected and potentially drastic 

consequences for biodiversity (Dillon et al. 2016, McMeans et al. 2020). Indeed, in multiple 

studies I showed evidence of complex and unexpected outcomes of global change, particularly 

when considering different signatures of noise and the effect of changing environmental conditions 

(Chapters 2, 3 and 4). 

In Chapters 2 and 3, I laid the foundation for understanding the effect of various signatures of 

environmental noise on species interactions. I showed that by decomposing environmental 

polyrhythms – that is, the suite of periodic rhythms across a range of temporal scales – regular 
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abiotic and biotic patterns can play a large role in driving species interactions and their dynamics. 

Different signatures of environmental noise can generate highly complex and/or unexpected 

outcomes, even in relatively simple dynamic models. However, despite the complex dynamics, the 

geometric characteristics of these modules allowed me to unpack the interaction between local and 

non-local dynamics, such that we can begin to understand the underlying mechanisms driving 

these seemingly unexpected outcomes. Furthermore, I showed that the outcomes depend on 

asymmetries at a variety of scales: asymmetries in local stability properties; between the 

periodicity of environmental forcing and the underlying system dynamics; and between relative 

biological speeds (e.g., growth rates) of interacting species. 

Broadly speaking, my research emphasizes the importance of mechanistic insights into ecosystem 

structure and functioning to inform management decisions. Even in very well-studied – both 

theoretically and empirically – systems, the type of nuanced, mechanistic information gained from 

these theoretical developments is highly valuable and, in some cases, sorely needed. Coral reefs, 

for example, are extremely well-studied systems and among the most stressed ecosystem types 

globally (Hughes et al. 2017, Halpern et al. 2019). Despite a large focus on the effects of various 

anthropogenic stressors on coral reef resilience, it can be hard to develop a mechanistic 

understanding of the interactive nature of multi-stressors (Ban et al. 2014, Cote et al. 2016, 

Pendleton et al. 2016, Harborne et al. 2017). In Chapter 4 (Bieg et al. 2022b), I developed a 

theoretical framework for identifying signatures of change based on a nuanced view of multi-

stressor impacts on coral reef benthic structure. This conceptual development suggests empirical 

signatures of the benthos may act as telltale signatures of specific stressors and as such this 

theoretical contribution aids how we look at empirical results. While helpful for management in 

and of itself, I also highlighted that climate change may cause highly unexpected results that would 

not otherwise be expected without considering climate-related disturbances. In the face of rapidly 

increasing frequencies of coral bleaching events and destructive storms, this insight underlies the 

role of local or regional management decisions for coral reefs. 

Similarly in Chapter 5 (Bieg and McCann 2020), I showed how modular theory can inform 

fisheries management by unpacking mechanisms underlying ecological-environment interactions. 

Here, I found that ecological and economic characteristics determine differences between fishing 
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strategies for optimal fish production or profit, such that trade-offs between the two are dictated 

by food web structure – namely, trophic cascade potential. These results are related to previous 

fisheries research suggesting trade-offs between economics and fish production (e.g., Andersen et 

al. (2015)) but the mechanisms behind these trade-offs had not been unpacked generally (i.e., in 

the context of energy flux and trophic cascades). Importantly, I was able to identify win-win 

scenarios for fisheries economic output and biodiversity conservation. 

This thesis has laid the foundation for a better understanding of global change impacts on 

ecosystem structure and functioning, as well as important ecosystem services like food security 

and for people’s livelihoods.  

6.1 Applying modular theory to global problems 

While modular approaches have a long history in the development of the field of theoretical 

ecology (Pimm et al. 1991), this thesis shows that the usefulness of these simple structures is far 

from exhausted. Indeed, the rapid pace of global change has emphasized where our understanding 

of key ecological processes has fallen short, and highlighted scenarios where we as researchers 

may have lost sight of the fundamental, and general, ecological mechanisms governing responses 

to global change. As such, I argue that there is large potential for harnessing modular theory 

towards a more nuanced understanding of other global problems and applications. Specifically, 

the mechanistic insight we can gain from these studies will help us build up our understanding of 

larger-scale processes associated with global change.  

As an example, a recent perspectives article I published in Food Webs (Appendix D; (Bieg 

et al. 2022a)) demonstrated the value of applying knowledge from modular theory to fisheries 

sustainability – in this case, in the context of seafood fraud and mislabeling. We described how 

the global seafood system mimics common stabilizing structures in nature – namely, the generalist 

module – but noted that low-information markets prevent this stabilizing structure from operating 

as it ought to. In this piece, we argued that both fraudulent and vague labeling of seafood products 

mute nature’s inherent stabilizing abilities and thus undermine the sustainability of whole seafood 

systems. Integrating the knowledge gained from modular food web theory into how we view 



 

 

 

 
118 

complex systems (i.e., food systems) provides a novel way of understanding the sustainability and 

resilience of these systems. 

6.2 Future directions 

While this thesis lays a strong foundation for global change ecological theory, it notably has 

identified critical areas for future research. It is clear that fluctuating environments can drive 

complex dynamics, and more work needs to be done to understand the role of true environmental 

polyrhythms – that is, coupled abiotic rhythms (and biotic responses) on various time scales – for 

the dynamics and stability of whole food webs. Additionally, as briefly discussed in Chapter 3, 

species have adapted a multitude of behavioural and physiological adaptations to changing 

environments, so integrating a better understanding of these behaviours into food web theory ought 

to deepen our understanding of global change impacts. Notably, recent research has identified that 

many species have adapted to anticipate regularly changing environmental conditions via 

environmental cues (i.e., “feedforward mechanisms” Bernhardt et al. (2020)). However, with 

global change altering these regular environmental patterns while simultaneously changing 

biological rates and species’ abilities to detect and respond to these cues, there is a clear need to 

develop our understanding of how global change is operating on individuals to whole ecosystems, 

with mechanistic links in between. 

Clearly to develop a holistic global change theory, we need to integrate theoretical and empirical 

research on these “wicked” problems. System-specific empirical research can undoubtedly provide 

detailed insight into the functioning of individual ecosystems and aide in testing our theoretical 

frameworks. However, I also argue that empirical research does not lose sight of the theoretical 

foundations from which our ecological understanding stems from and continues to build on. 
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APPENDICES  

Appendix A: Supplementary material for Chapter 2 

Here we show that our general results – specifically, the nonlinear effect of changing forcing 

speed (Figure 2.2 main text), and the qualitatively different dynamical responses (Figure 2.4 

main text) – are general across other model parameters, including average r (which dictates the 

speed of underlying dynamics – i.e., C-R cycles), e (which dictates the “speed” of C’s response 

to changing R, i.e., the energy flux independent of R itself) and average K (our parameter being 

forced that has important implications for C-R stability; see Box 2.1 main text). While of course 

a forced C-R system with Kmean < KHopf will be less stable than its unforced counterpart (K < 

KHopf is stable), the general patterns remain consistent. 

 

Figure A1. Effects of forcing speed (p) on stability (CV forced – unforced) across different 

mean K values. Note the consistency in the general pattern (shape and nonlinearity of curve) and 

discontinuity between different “zones” (discussed in main text), regardless of difference in CV 

values (i.e., CV forced-unforced > 0 when Kmean < KHopf, but pattern remains consistent). Note 

that in Figure 2 (main text), Kmean = KHopf + 0.05 (nearly symmetric forcing around Hopf). Here, 

Kmean = a) KHopf - A, b) KHopf - 0.25, c) KHopf + 0.25, d) KHopf + A; where A = 0.5, r = 10, e = 0.7, 

a = 1.3, d = 0.2, b = 1. 

A) B)

C) D)
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Figure A2. Effects of forcing speed (p) on stability (CV forced – unforced) across different e 

values. Note the consistency in the general pattern (shape and nonlinearity of curve) and 

discontinuity between different “zones” (discussed in main text), regardless of difference in CV 

values (i.e., CV forced-unforced > 0 when Kmean < KHopf, but pattern remains consistent). Note 

that e = 0.7 in main text (all figures). Here, (as well as main text), Kmean = KHopf + 0.05 (nearly 

symmetric forcing around Hopf), A = 0.5, r = 10, a = 1.3, d = 0.2, b = 1. Here e = a) 0.3, b) 0.5, 

c) 0.9.  

 

A)

B)

C)
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Figure A3. Phaseplane diagrams (representing different dynamical responses discussed in main 

text) at different r values: a) r = 5, b) r = 20. Here, (as well as main text), Kmean = KHopf + 0.05 

(nearly symmetric forcing around Hopf), A = 0.5, a = 1.3, d = 0.2, b = 1. Here e = a) 0.3, b) 0.5, 

c) 0.9. Note that r = 10 in the main text. 
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Figure A4. Bifurcation diagram showing “routes to chaos” as a continuous representation of the 

transition between dynamical responses (i.e., “zones” discussed in main text) driven by forcing 

speed (p). Here, forcing speed is our bifurcation parameter, and all other parameters are 

consistent with those displayed throughout the main text (i.e., Kmean = KHopf + 0.05, A = 0.5, r = 

10, e = 0.7, a = 1.3, d = 0.2, b = 1). A) consumer max and min densities after a transient, and B) 

resource max and min densities. 
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Appendix B: Supplementary material for Chapter 3 

Supplement B1 is information summarized from Scott et al. (in prep) for the purpose of this 

manuscript’s completion and will be updated to properly credit the authors when a citation is 

available. 

Reference: 

Scott A, Bieg C, McMeans BC & McCann KS (in prep) Coexistence in polyrhythmic 

environments. 

B1. Isocline Approximation 

Although a nonequilibrium and mathematically intractable model, using some simple assumptions 

of linearity we can approximate isocline solutions for an analytical approach that maps surprisingly 

well to numerical solutions, especially given underlying. Specifically, if we assume that the 

seasonal trajectory of our system, given some initial value, is linear and scaled by the duration of 

that season, then we can assume the change in a given species j over the high-growth season can 

be approximated by: 

𝑑𝑋𝑗

𝑑𝑡
= 𝑝 𝑓𝐻𝐺,𝑗(𝑋𝑗 , 𝑋𝑘) (1) 

and similarly the low-growth trajectory scales linearly as: 

𝑑𝑋𝑗

𝑑𝑡
= (1 − 𝑝)𝑓𝐿𝐺,𝑗(𝑋𝑗, 𝑋𝑘) (2) 

Under this assumption of linearity, we can calculate approximate solutions for the isoclines when 

these seasonal trajectories are equal and opposite of each other and thus the NET change in species 

densities over a unit of time (e.g., 1 year) is zero. That is: 
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𝑝𝑓𝑃,𝑗(𝑋𝑗 , 𝑋𝑘) = −(1 − 𝑝)𝑓𝐿𝑃,𝑗(𝑋𝑗, 𝑋𝑘) (3) 

Adding in the Lotka-Volterra competition equations, f(t), for two species, species 1 (X1) and 

species 2 (X2), and solving as functions for X1, we are left with the following isocline equations: 

Species 1 isocline: 

𝑋1 = 
𝑝𝑟𝐻𝐺,1(1 − 𝛼𝐻𝐺,12𝑋2) + (1 − 𝑝)𝑟𝐿𝐺,1(1 − 𝛼𝐿𝐺,12𝑋2)

𝑝𝛼𝐻𝐺,11𝑟𝐻𝐺,1 + (1 − 𝑝)𝛼𝐿𝐺,11𝑟𝐿𝐺,1
 (4) 

Species 2 isocline: 

𝑋1 = 
𝑝𝑟𝐻𝐺,2(1 − 𝛼𝐻𝐺,22𝑋2) + (1 − 𝑝)𝑟𝐿𝐺,2(1 − 𝛼𝐿𝐺,22𝑋2)

𝑝𝛼𝐻𝐺,21𝑟𝐻𝐺,2 + (1 − 𝑝)𝛼𝐿𝐺,21𝑟𝐿𝐺,2
 (5) 

Using (4) and (5) we can solve for the equilibrium solutions (i.e., 4=5). The nontrivial equilibrium 

solutions is not easily comprehendible in symbolic form, but we note that it tracks the attractor 

with changing p extremely well (this confirmation shown in Scott et al.). Regardless of this, we 

can use the isocline solutions to develop general coexistence criteria for our periodically forced 

model, that geometrically and conceptually map to the original coexistence criteria for the Lotka-

Volterra competition model (i.e., dependent on inter- versus intraspecific competition strengths). 

In our case, the isocline geometry matches that of the original Lotka-Volterra geometry and we 

can thus use similar rules: specifically, the relationship between seasonal-growth-scaled inter- 

versus intra-specific competition (Table B1). 

It is worth noting that the simple isocline approximation can estimate these patterns of changing p 

(e.g., seasonally-mediated changes in density or bifurcations) surprisingly well, but the geometry 

alone doesn’t fully explain why we see certain results (i.e., counterintuitive or nonlinear responses). 

In fact, due to the assumption of linearization, it is surprising that the approximation does work so 
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well given nonlinear vector fields. The proof of the efficacy of this approximation can be seen in 

Scott et al. (in prep). 

Table B1. Coexistence criteria for competitive interactions in periodic environments. 

Coexistence 

𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1− 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺11 + 𝑟𝐿𝐺,1𝑎𝐿𝐺,11 − 𝑝𝑟𝐿𝐺,1𝑎𝐿𝐺,11

 < 
𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2 − 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,21 + 𝑟𝐿𝐺,2𝛼𝐿𝐺,21 − 𝑝𝑟𝐿𝐺,2𝛼𝐿𝐺,21

 

𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2− 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,22 + 𝑟𝐿𝐺,2𝑎𝐿𝐺,22 − 𝑝𝑟𝐿𝐺,2𝑎𝐿𝐺,22

 < 
𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1 − 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺,12 + 𝑟𝐿𝐺,1𝛼𝐿𝐺,12 − 𝑝𝑟𝐿𝐺,1𝛼𝐿𝐺,12

 

Competitive 

Exclusion by 

Species 1 

𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1− 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺11 + 𝑟𝐿𝐺,1𝑎𝐿𝐺,11 − 𝑝𝑟𝐿𝐺,1𝑎𝐿𝐺,11

 > 
𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2 − 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,21 + 𝑟𝐿𝐺,2𝛼𝐿𝐺,21 − 𝑝𝑟𝐿𝐺,2𝛼𝐿𝐺,21

 

𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2− 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,22 + 𝑟𝐿𝐺,2𝑎𝐿𝐺,22 − 𝑝𝑟𝐿𝐺,2𝑎𝐿𝐺,22

 < 
𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1 − 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺,12 + 𝑟𝐿𝐺,1𝛼𝐿𝐺,12 − 𝑝𝑟𝐿𝐺,1𝛼𝐿𝐺,12

 

Competitive 

Exclusion by 

Species 2 

𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1− 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺11 + 𝑟𝐿𝐺,1𝑎𝐿𝐺,11 − 𝑝𝑟𝐿𝐺,1𝑎𝐿𝐺,11

 < 
𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2 − 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,21 + 𝑟𝐿𝐺,2𝛼𝐿𝐺,21 − 𝑝𝑟𝐿𝐺,2𝛼𝐿𝐺,21

 

𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2− 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,22 + 𝑟𝐿𝐺,2𝑎𝐿𝐺,22 − 𝑝𝑟𝐿𝐺,2𝑎𝐿𝐺,22

 > 
𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1 − 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺,12 + 𝑟𝐿𝐺,1𝛼𝐿𝐺,12 − 𝑝𝑟𝐿𝐺,1𝛼𝐿𝐺,12

 

Contingent 

Coexistence 

𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1− 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺11 + 𝑟𝐿𝐺,1𝑎𝐿𝐺,11 − 𝑝𝑟𝐿𝐺,1𝑎𝐿𝐺,11

 > 
𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2 − 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,21 + 𝑟𝐿𝐺,2𝛼𝐿𝐺,21 − 𝑝𝑟𝐿𝐺,2𝛼𝐿𝐺,21

 

𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2− 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,22 + 𝑟𝐿𝐺,2𝑎𝐿𝐺,22 − 𝑝𝑟𝐿𝐺,2𝑎𝐿𝐺,22

 > 
𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1 − 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺,12 + 𝑟𝐿𝐺,1𝛼𝐿𝐺,12 − 𝑝𝑟𝐿𝐺,1𝛼𝐿𝐺,12
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Figure B1. Sequence of changes in isocline geometry from p=0 (stable coexistence), intermediate 

p (competitive exclusion by species 1), to p=1 (stable coexistence). Transitions between these 

qualitative outcomes are seasonally-driven transcritical bifurcations 

 

B2. Identifying biological rules for seasonally-mediated competitive exclusion  

We are interested in understanding how coexistence at a full high-growth season (p=0) and 

coexistence at a full low-growth season (p=1) yield a situation where intermediate seasonal 

arrangements (0<p<1) can result in competitive exclusion. For starters we will assume species 2 

is excluded at some point of intermediate seasonal lengths (i.e., Figure 3.1b). Therefore, we can 

focus on just the two outcomes defining stable coexistence and competitive exclusion by species 

1 (Table B1). Using these criteria, we highlight what conditions allow for such a change in 

coexistence outcome, specifically the flip in direction of the inequality at the top of Table B1 (note 

that these terms define the intercepts of the approximated isoclines on the X1 axis; see Supplement 

Figure B1 for an example of the isocline geometry through this transition). 

Ensuring stable coexitence conditions in both seasons – defining boundary conditions 

In scenario described above, at p=0 we start with the following coexistence condition (the top 

inequality in Table B1): 
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𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1− 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺11 + 𝑟𝐿𝐺,1𝑎𝐿𝐺,11 − 𝑝𝑟𝐿𝐺,1𝑎𝐿𝐺,11
< 

𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2 − 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,21 + 𝑟𝐿𝐺,2𝛼𝐿𝐺,21 − 𝑝𝑟𝐿𝐺,2𝛼𝐿𝐺,21
 (3) 

 Substituting p=0 into (3) this reduces to a form consistent with the original (non-seasonal) L-V 

coexistence condition: 

1

𝛼𝐿𝐺,11
<  

1

𝛼𝐿𝐺,21
 (4) 

So that intraspecific competition is larger than the interspecific competition in the low-

growth period as is a well-known relationship consistent with classic Lotka-Volterra coexistence 

theory. 

We note also that since we are concerned with the case where species coexist also at p=1 (making 

the exclusion at intermediate p values counter-intuitive) we also have the following: 

1

𝛼𝐻𝐺,11
<  

1

𝛼𝐻𝐺,21
 (5) 

In what follows, (4) and (5) are our boundary conditions that define what our system approaches 

as p approaches 0 or 1 and must always be true. 

Unpacking counterintuitive results through parameter asymmetries 

We know that the above relationship (3) is ultimately reversed as p increases such that for some 

given p we go from the coexistence condition (3) to the exclusion condition from Table B1, which 

is simply a change of sign: 



 

 

 

 
130 

𝑝𝑟𝐻𝐺,1 + 𝑟𝐿𝐺,1− 𝑝𝑟𝐿𝐺,1

𝑝𝑟𝐻𝐺,1𝛼𝐻𝐺11 + 𝑟𝐿𝐺,1𝑎𝐿𝐺,11 − 𝑝𝑟𝐿𝐺,1𝑎𝐿𝐺,11
> 

𝑝𝑟𝐻𝐺,2 + 𝑟𝐿𝐺,2 − 𝑝𝑟𝐿𝐺,2

𝑝𝑟𝐻𝐺,2𝛼𝐻𝐺,21 + 𝑟𝐿𝐺,2𝛼𝐿𝐺,21 − 𝑝𝑟𝐿𝐺,2𝛼𝐿𝐺,21
 (6) 

We are similarly interested in the reverse “flip” occurring, since we also have coexistence 

(i.e., Equation 1 is met) at p=1. Therefore, as p increases from 0, (3) must flip to satisfy (6), which 

must then revert back to (3) as p approaches 1. In other words, we see two seasonally-mediated 

bifurcations. Since our isoclines are linear, this means that p must drive a nonlinear change in the 

attractor and we will use this when unpacking this counterintuitive (i.e., nonlinear) effect of 

changing p. The fact that p must cause a nonlinear path in our attractor also shows why the 

scenarios in Figure 3.1a and Figure 3.1b are related and the latter simply gets pushed through the 

boundary (i.e., X2=0) via a transcritical bifurcation (followed by a second transcritical as the 

attractor re-enters positive state space). 

Specifically, to unpack what conditions might drive this sequence of bifurcations, we 

require a scenario where with increasing p (i.e., p grows from 0), differentially alters the LHS and 

RHS such that the inequality may flip (the terms in (3) and (6) – defining the isocline intercepts 

on the X1 axis – switch positions). Starting at p=0 and increasing, the sign of (3) will flip when the 

LHS grows at a greater rate than the RHS. Similarly, when (6) is satisfied and the RHS grows at a 

faster rate than LHS at higher p, the second flip is more likely to occur. 

Note that even if these terms do not fully flip, differential responses between the LHS and RHS 

with changing p will drive nonlinear changes in the attractor and therefore counterintuitive 

changes in density (i.e., Figure 3.1a). 

While the true response to changing p is governed by 8 parameters (i.e., see (3) and (6)), 

as a sketch proof we can deduce simple rules that ought to facilitate differential responses between 

the LHS and RHS. We can clearly see that differential responses to changing p will be determined 

by parameter asymmetries both within and between the LHS and RHS terms. Within-term 

differential responses will be driven by intra-specific seasonal differences in competition and 

growth, and between-term differential responses will be driven by inter-specific differences or 
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trade-offs in competition and growth. Within these terms, responses to changing p will be 

determined by relative differences between the positive (p) and negative (-p) components.  

To start, we can isolate the numerators to identify general parameter relationships that 

ought to work in the direction identified here. In this case, we can immediately see that differences 

in rHG,1 and rHG,2 (the positive terms multiplied by p in the LHS and RHS, respectively) would 

result in differential increases with changing p. Specifically, rHG,1 > rHG,2  ought to cause the LHS 

to increase at a faster rate than the RHS with increasing p (i.e., p increasing from 0). Similarly, 

rLG,1 < rLG,2 would cause the negative part of the RHS to increase more than the LHS (thus having 

the same relative effect of our first condition) with increasing p. Both of these inter-specific growth 

rate differentials together would act together to drive the nonlinear effect we are focusing on here 

and increase the potential for exclusion of species 2. We refer to these first general patterns as the 

seasonal growth trade-off effect. Note that this is especially relevant if the competition 

coefficients are all small (𝛼 < 1), since then the numerators’ responses are most important. Also 

recall that we are assuming a high-growth and low-growth period, such that rHG > rLG for both 

species, which would increase the importance of the high-growth inter-specific growth trade-offs 

(since they are larger and both the positive terms), but this is not required. 

We can use similar logic as above to deduce simple relationships that ought to drive 

differential responses in the denominators between the LHS and RHS of (3) to changing p – here, 

largely influenced by the competition strengths (𝛼′s). Due to our boundary conditions, (4) and (5), 

the denominator of the LHS will always be more influential (the 𝛼′s are larger) than that of the 

RHS so 𝛼 differences within the denominator of the LHS will largely determine if the LHS as a 

whole responds greater than the RHS to increasing p. Here, if 𝜶𝑳𝑮,𝟏𝟏 > 𝜶𝑯𝑮,𝟏𝟏 the negative part of 

the denominator will out-weigh the positive part, therefore causing the LHS term of (3) as a whole 

to increase more than the RHS with increasing p and drive the inequality towards “flipping” to 

satisfy (6). We can refer to this last effect as the seasonal competition effect. 

Finally, we note that if 𝜶𝟏𝟏 ≈ 𝜶𝟐𝟏 (for both seasons), the denominators of the LHS and 

RHS will effectively cancel each other out and any differential responses to changing p will again 

be determined by growth rate differentials. We will refer to this as the “sister species” effect, 
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since biologically similar species are likely to have similar inter- and intraspecific competition 

effects, and argue this ought to amplify the result of other parameter asymmetries. 

Clearly, the 8-dimensional response to changing p is more complex then we consider here, 

especially when 𝛼’s >> 1 (when denominators and numerators are both influential). In some 

instances, parameter interactions (particularly driven by the 𝛼’s) may mute or change the effect of 

any growth rate trade-offs. For example, it is worth highlighting that if any alpha alone is large, 

this term will “dominate” the denominator and likely mute any asymmetries in other parameters, 

having a dampening effect on any differential responses between the LHS and RHS. This is likely 

especially true for cases where 𝛼𝐿𝐺,11 alone (being part of the constant term in the LHS 

denominator) is >> 1 since the denominator of the LHS would be very “heavy” and keep the LHS 

as a whole suppressed relative to the RHS regardless of other parameter asymmetries (i.e., 

changing p would not bring the LHS anywhere close to growing larger than the RHS).  

Based on these simple mathematical observations of the relationship between parameters 

in the terms (summarized in Table B1), we can identify general rules for a amplified competitive 

underperforming of X2 (i.e., nonlinear effect) over changing p that together would increase the 

potential for seasonally-mediated local extinction of species 2 (Table B2). 

Table B2. Conditions that are identified as amplifying competitive underperforming of species 2. 

1 rHG,1 > rHG,2 

seasonal growth trade-off effect 

2 rLG,1 < rLG,2 

3 𝛼𝐿𝐺,11 > 𝛼𝐻𝐺,11 seasonal competition effect 

4 𝛼11 ≈ 𝛼21 “sister species” effect 
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Note that if #3 and #4 in Table B2 hold (and keeping in mind our boundary conditions (4) 

and (5), we can write these conditions together as, 𝛼𝐿𝐺,11 > 𝛼𝐿𝐺,21 >> 𝛼𝐻𝐺,11 > 𝛼𝐻𝐺,21 while 

keeping in mind that criteria #3 is more important. 

In summary of these relationships, note that while alphas can drive/amplify 

counterintuitive results themselves, they also set the boundary conditions. So, given some set of 

boundary conditions sufficiently far apart to allow for any nonlinear path between them (i.e., some 

seasonal differences in competition strength), temporal growth trade-offs between competing 

species have large potential to drive nonlinear effects in fluctuating environments. Specifically, 

temporal growth rate trade-offs have the potential to unexpectedly drive certain species to local 

extinction in the face of periodic environmental variation. 

Note that these rules (Table B2) explain counterintuitive effects in one direction but of 

course this could occur in the other direction (negative nonlinear effect on species 1) if the growth 

trade-offs were reversed and would be amplified further by seasonal differences in 𝛼22 and 𝛼12 

(the other terms defining the coexistence criteria, as shown in Table B1). 

Numerical Results: Effects of inter versus intraspecific competition strengths on magnitude of 

nonlinear effects 

Figure B2 shows how changing each competition coefficient in the first two outcomes in Table B1 

individually alter the magnitude of the nonlinear response (species 2 underperformance). 
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Figure B2. Changing 𝑎11 and 𝑎21 individually (in both seasons) and measuring the nonlinear effect 

size as the difference in minimum x2 values over p = (0, 1) relative to the minimum boundary 

condition. 
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Appendix C: Supplementary material for Chapter 4 

C1. Model Geometry and Theoretical Results 

C1.1. Geometry of model – phase space and the effect of parameters on isoclines and equilibria 

Recall our coral reef model, a modified version of that developed by Mumby et al. (2007): 

  𝑑𝑀
𝑑𝑡⁄ = 𝑀(𝑎𝐶 ( 

𝑁𝑡
(𝑁0 + 𝑁𝑡)

⁄ ) −  
𝑔

(𝑀 + 𝐵)⁄  +  𝑦𝐵)                        (1) 

𝑑𝐶
𝑑𝑡⁄ = 𝐶(𝑟(1 − 𝑐𝑁𝑡)𝐵 − 𝑚 − 𝑎𝑀 ( 

𝑁𝑡
(𝑁0 + 𝑁𝑡)

⁄ ))             (2) 

where M represents macroalgae, C represents coral, and B represents other benthic r-

strategists that instantaneously fill empty space left by dead coral. Since B is assumed to 

instantaneously fill any space (r-strategists act on much faster time scales relative to the other state 

variables), so B = 1 – M – C and the model can therefore be reduced to two dimensions.  

To solve for the Macroalgae isocline (shown as solid line in Supplementary Figure C1 below), we 

set dM/dt = 0 (Equation 1) and solve for M. Therefore,  

𝑑𝑀
𝑑𝑡⁄ = 0:   𝑀 = 1 − 𝐶 + 

𝑎𝐶

𝑦
( 

𝑁𝑡
(𝑁0 + 𝑁𝑡)

⁄ ) − 
𝑔

𝑦(1−𝐶)
            (3) 

Similarly, we can solve for the Coral isocline (shown as dashed line in Supplementary Figure C1) 

such that dC/dt = 0 (Equation 2) and solve for M. In this case,  

𝑑𝐶
𝑑𝑡⁄ = 0:    𝑀 =

(𝑁0 + 𝑁𝑡)(𝑚 − 𝑟(1 − 𝑐𝑁𝑡)(1 − 𝐶))
𝑟(𝑁0 + 𝑁𝑡)(𝑐𝑁𝑡 − 1) − 𝑎𝑁𝑡

⁄        (4) 

These isoclines (3 and 4) are displayed in Supplementary Figure C1 and show the equilibria 

structure (stable and unstable equilibria) when in a bistable configuration. Note that these 

equilibria of course change as various parameters (notably including both g and Nt) can drive 

bifurcations. 
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Supplementary Figure C1. Isocline structure of our nutrient-dependent extension of Mumby et 

al.(Mumby et al. 2007), showing the macroalgae isocline (solid line), coral isocline (dashed line), 

stable equilibria (full circles) and unstable equilibria (open circles) in a bistable configuration. 

 

We can immediately tell by the isocline equations (3 and 4) that both grazing (g) and 

nutrients (Nt) alter the geometry of the model. Specifically, they both act in qualitatively similar 

ways to shift the isoclines (g and Nt are both in the numerator for the Macroalgae isocline (3) but 

note differing signs, +/-) and drive a saddle node bifurcation. Along with other parameters, 

nutrients additionally change the slope and intersects of the Coral isocline (4) with the axes, and 

change where the isoclines intersect (i.e., the equilibria). Clearly, if both stressors are changed 

simultaneously, these effects (including bifurcations) will be seen even more quickly. 

Supplementary Figure C2 shows the separate effects of grazing and nutrients on the isocline 

structure. 

While the interior equilibria are too complex to show symbolically, we can importantly see 

how grazing and nutrients influence the axial solutions shown in Supplementary Figure C1 above. 

Note that the Coral axial solution is a stable equilibrium, and defines the benthic composition when 
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the system is at a coral-dominated state (M = 0; B = 1-C), and importantly depends on nutrient 

loading.  

Initially, the bistable configuration with one stable axial solution and one stable interior 

solution (as shown in Supplementary Figure C1) means that we can have a coral-dominated state 

(M=0) and an algae-dominated state where coral is low but not 0. However, the stable interior and 

unstable M-axial (C=0) solutions quickly undergo a transcritical bifurcation with increasing 

stressors (nutrients and/or grazing), meaning that the Macroalgae axial solution becomes stable at 

even moderate levels of human impact. In this case, the system remains bistable, however there is 

no possibility for coexistence of M and C. This axial solution importantly determines the 

equilibrium value for a Macroalgae dominated state (C = 0), and is determined by the level of 

grazing suppression imposed on Macroalgae. Note that in both cases the remaining benthic cover 

is composed of other benthic r-strategists, such as turf algae and CCA (B = 1 – M – C). 

Supplementary Figure C2. Isocline structure and the effect of (A) decreasing grazing, and (B) 

increasing nutrients while holding all other parameters constant. a = 2.3, y = 0.7, r = 1.8, m = 0.15, 

N0 = 0.5, c = 0.25, g (when not varied) = 0.4 and Nt (when not varied) = 1.0. 
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C2. Transient dynamics and the effect of noise 

Long transients and extinction debt in the deterministic model 

Phaseplane geometry and initial values in certain configurations can lead to long transients, even 

in deterministic simulations. Supplementary Figure C3 shows one example of a long transient. In 

this case coral cover initially increases, approaching the unstable saddle point, before crossing the 

M isocline and being pulled towards the axial solution on the M axis (C=0). Without looking at 

the basins of attraction to each stable equilibria, one might think that coral would recover based 

on its initial trajectory (after a single pulse perturbation), however in this case it does not reach 

this equilibrium. This is an example of potential extinction debt in bistable configurations, such 

that coral is doomed to eventual extinction without any additional mortality or stressors, but this 

outcome may be masked for some time. 

Supplementary Figure C3. Relatively long transients in a deterministic simulation. A) isocline 

geometry (dM/dt=0 in blue and dC/dt=0 in yellow) and trajectory through phase space (red line). 

B) the same trajectory displayed in (a) but shown as a time series, displaying how coral initially 

increases and macroalgae is suppressed for some time, before coral eventually goes extinct. Here, 

y = 0.7, r = 1.8, m = 0.15, N0 = 0.5, c = 0.25, g=0.2, a=1.2, Nt=0.69. 

 

Incorporating noise through discrete perturbations (climate-driven mortality events) 

Incorporating noise through repeated pulse perturbations to coral cover (-50%), can amplify these 

transient dynamics such that we see extremely long transients under certain conditions, particularly 
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under moderate human impact scenarios (where the system gets entangled near a ghost saddle). 

Supplementary Figure C4 shows an example of this long transient scenario. 

 

Supplementary Figure C4. Long transients with frequent perturbations. a) Time series without 

perturbations, and b) time series with perturbations. Pink line represents coral cover, green 

represents macroalgae, and grey is other benthic r-strategists. Parameters and initial values are 

constant between the two cases; a = 2.0, y = 0.7, r = 1.8, m = 0.15, N0 = 0.5, c = 0.25, g=0.41, 

Nt=0.55, and perturbation size in (b) is -0.47% every 5 time units. 

 

These disturbances can also directly lead to climate-driven coral collapse by pushing the system 

out of the basin of attraction for the coral equilibrium. As disturbance frequency and/or magnitude 

increases the likelihood of climate-driven coral collapse also increases, meaning a bistable 

configuration in a deterministic scenario is much more likely to result in an algae-dominated state 
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regardless of initial conditions. Supplementary Figure C5 shows an example of climate-driven 

coral collapse under a bistable configuration. 

 

 

Supplementary Figure C5. Climate-driven coral collapse – two trajectories (with and without 

noise, orange and purple, respectively) with the same initial values and differential outcomes. The 

red trajectory shows that noise alone can cause climate-driven coral collapse even when starting 

within the basin of attraction to the coral-only (M=0) stable equilibrium. Here, a = 2.3, y = 0.7, r 

= 1.8, m = 0.15, N0 = 0.5, c = 0.25, g=0.4, Nt=0.55. 

 

The result discussed in the main text regarding the presence of disturbance-driven bistability is 

clearly dependent on the frequency and magnitude of perturbations. Supplementary Figure C6 

shows how the region of bistability (based on diverging asymptotic behaviour) changes with 

increasing disturbance frequency. Specifically, the upper boundary of the region of bistability 

increases as we increase disturbance frequency (i.e., we get bistability with higher grazing rates 

and lower nutrients). This region that would not be considered bistable based on the deterministic 

skeleton, is what we refer to as a region of climate-induced uncertainty. Also note in 
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Supplementary Figure C6 that the lower-boundary also shifts, and this is a result of climate-driven 

coral collapse such that areas of parameter space that would lead to bistability in a deterministic 

scenario only lead to algae-dominated outcomes. 

 

 

Supplementary Figure C6. Disturbance frequency and presence of disturbance-driven bistability. 

Blue areas of parameter space indicate only one asymptotic solution (either coral or macroalgae 

dominated) and yellow represents areas of bistability. A) disturbance (-50% coral) every 10 time 

units. Note that this is only marginally different from the deterministic equilibrium structure. The 

parameter region outlined in red indicates the area of interest shown in panels B-D, and the black 

line traces out the upper boundary of the bistable region from (A) for comparison in B-D. B) 

Disturbances every 5 time units; C) Disturbances every 3 time units; and D) Disturbances every 2 

time units. In all cases, a = 2.0, y = 0.7, r = 1.8, m = 0.15, N0 = 0.5, c = 0.25. 

  

A) B)

C) D)
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C3. Case study from Barbadian west coast reefs 

Data for benthic cover was collected from various sources, as described in Supplementary Table 

C1 and in the main text. 

Nutrient measurements  

Tomascik and Sander (1985) took various nutrient measurements along the west coast of Barbados 

in 1982/83. These included NO2, NO3, and NH4, PO4, and Chlorophyll a. Other researchers, 

including Allard (1994) did not report NH4 measurements, so we were unable to include a 

comprehensive estimate of total dissolved inorganic nitrogen (DIN) for the 1992/93 studies. 

However, using Tomascik and Sander’s data, we calculated that the average contribution of NH4 

to total DIN was 50.5% (standard deviation 7.5%). Thus, for a comparable estimate of DIN over 

time, we doubled the NO3 measurements reported by Vezina (1974) (later reported in Tomascik 

and Sander (1985)), and Allard (1994) at each sampled location along the west coast of Barbados. 

Below, we report all measurements available from these sources from 1972-1993, along with 

known nutrient thresholds for healthy coral reefs (Lapointe 1997, Bell et al. 2014, Lapointe et al. 

2019) (Supplementary Figure C7). We can see that various nutrients are consistently above 

thresholds. Note that nitrogen is near or above the suggested total DIN threshold even without 

accounting for missing NH4 measurements. 
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Supplementary Figure C7. Changes in various nutrient measurements along the west coast of 

Barbados. From North to South: SR = Sandridge, GS = Greensleeves, BRI = Bellairs Research 

Institute (South Bellairs Reef), SL = Sandy Lane, FV = Fitts Village, SG = Spring Gardens, BR= 
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Brighton. Data from Vezina(Vezina 1974), Tomascik and Sander(Tomascik and Sander 1985), 

and Allard(Allard 1994), and thresholds based on Bell et al.(Bell et al. 2014), Lapointe(Lapointe 

1997), and Lapointe et al.(Lapointe et al. 2019). Estimated DIN values calculated as described in 

Supplement B, for sites with repeated measurements between 1972-1993: BR, SG, and BRI. 

 

 

Supplementary Table C1. Data sources for changes in benthic cover and nutrients along the west 

coast of Barbados. 

Data Reference 

Baseline benthic cover  Observational late-1950s baseline information 

from Lewis(Lewis, John 1960); 1972 data from 

Stearn et al.(Stearn et al. 1977); 1981 data from 
Mah and Stearn(Mah and Stearn 1986) 

Coast-wide benthic cover (along gradient) 1982/83 data from Tomascik and Sander(Tomascik 

and Sander 1985, 1987a, 1987b); 1992/93 data 

from Allard(Allard 1994) 

Nutrients Vezina(Vezina 1974); Tomascik and 

Sander(Tomascik and Sander 1985); Allard(Allard 

1994) 

Nutrient thresholds Bell et al.(Bell et al. 2014); Lapointe(Lapointe 
1997); Lapointe et al.(Lapointe et al. 2019) 
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Appendix D: Replicating nature’s fabric: High information markets 

and the sustainability of global seafood 

This manuscript is published in the journal Food Webs, and can be cited as Bieg et al. (2022). 

Full reference: 

Bieg, C., T. J. Bartley, K. S. McCann, and R. H. Hanner. 2022. Replicating nature’s fabric: High 

information markets and the sustainability of global seafood. Food Webs 32:e00239. 

 

D1. Abstract  

Global fisheries and seafood supply chains have remarkable structural similarities to nature’s food 

webs, with humans as apex predators, allowing us to use ecological concepts to draw connections 

between fisheries management and the stability and resilience of the global seafood system. 

However, misinformation currently plagues the global seafood market and may be preventing food 

webs’ natural stabilizing features from working properly in the seafood system. We argue that 

misinformation blocks transparency throughout the entire supply chain and prevents consumers 

from making informed and potentially stabilizing decisions, undermining the sustainability of the 

global seafood system. Here, we first describe how food webs contain a remarkably repeated 

generalist module, characterized by flexible mobile generalist predators that adapt to resource 

variability in space by making rapid and “informed” foraging switches. Next, we discuss how the 

global seafood system mimics this structure but opposes the common stabilizing mechanism of 

nature’s food webs because it is replete with misinformation. We conclude that modern tools 

combined with proper labelling can help create high information markets that allow consumers to 

make rapid and informed decisions. Predators’ roles in nature’s food webs indicate that smart 

switches in consumer foraging (i.e., demand) are critical for global seafood sustainability and the 

maintenance of marine biodiversity.  
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D2. Main Text 

The global seafood system is plagued by misinformation. This “misinformation market” is brought 

about by current market practices, including fraud, mislabeling, and vague naming/labeling 

requirements, which obscure species’ identities and provenance (Hanner and Kelly, 2021; Logan 

et al., 2008). Misinformation in the global seafood market is not a new problem (Lowell et al., 

2015); however, recent technological developments have provided clear and pragmatic tools for 

uncovering misinformation in food systems (Astill et al., 2019; Munguia-Vega et al., 2022; Naaum 

et al., 2016). These new tools have now been used in many independent surveys and collectively 

unveil seafood mislabeling both ubiquitously throughout the supply chain and at surprisingly high 

rates (e.g., a mean of 34% in 34 separate surveys/studies (Naaum et al., 2016)). Misinformation of 

any kind is problematic because it reduces supply chain transparency and ultimately interferes with 

consumer choice (Logan et al., 2008).  

Interestingly, our immensely complex and dynamic global seafood market parallels the 

structure of nature’s food webs, with humans akin to apex predators (Darimont et al., 2015; Worm 

and Paine, 2016). For this reason, we can apply our understanding of nature’s structure to better 

understand the consequences of misinformation in the global seafood system. Recent food web 

theory and empirical studies agree that repeated core structures, such as the generalist module, are 

present in food webs and are fundamental to preserving the stability of highly diverse ecological 

systems in a noisy world (Levin, 1998; May, 1974; McCann and Rooney, 2009; McMeans et al., 

2016). The global seafood system is a highly diverse and complex system that has many structural 

similarities with natural webs, however misinformation impedes important stabilizing structures 

from operating properly. Specifically, misinformation and lack of transparency in the supply chain 

prevents human seafood consumption from responding in the informed ways that natural generalist 

predators do (Valdovinos et al., 2010). If such core structural elements in complex systems do 

indeed impart stability, the consequences of this nonconformity in seafood systems for species and 

ecosystems may be severe (Burney and Flannery, 2005).  

Here, we argue that the structure of our global seafood system is currently in opposition to 

the known stabilizing structures of food webs because information is lost, through various means, 
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through the supply chain. From the time fish are harvested, to being processed/packaged and 

distributed to the consumer, information is lost either intentionally (i.e., fraud) or unintentionally 

(i.e., mislabeling or vague labeling/naming requirements). Ultimately, this misinformation dilutes 

signatures of change (Crona et al., 2016) and prevents the seafood market as a whole from acting 

as an informed, responsible – and potentially stabilizing – top predator. Here, we first briefly 

review nature’s stabilizing structures in food webs. Next, we discuss the parallels between the 

structure of food webs and the global seafood system. Finally, we consider how current 

biotechnologies and proper seafood labelling can drive a transparent “high information market” 

that allows humans to integrate themselves within the food web in a manner consistent with 

nature’s stabilizing structures. While we concentrate on the global seafood market, the problem of 

misinformation may be prevalent in many global natural resource markets.  

 

Nature’s Structure Imparts Stability in a Noisy World 

Ecosystems contain some of nature’s most baroque networks of interactions. And yet, incredibly, 

these networks persist in a world with wildly varying conditions (Levin, 1998; Travis et al., 2014). 

Underneath these complex webs of interactions are surprisingly general and regular frameworks 

(i.e., biological structures) that maintain energy and carbon transport between all species, thus 

breathing life into ecosystems in spite of the noise (McCann and Rooney, 2009). One remarkably 

repeated structure in food webs is the generalist module (Fig. 1a) (McMeans et al., 2016), which 

consists of a relatively large and mobile generalist consumer that forages across space on less 

mobile resource compartments (Bartley et al., 2019; Krause et al., 2003; McCann et al., 2005; 

Rooney et al., 2006). This structure—as revealed by numerous tools including stable isotope and 

stomach content analyses—is consistent across vastly different scales, from soil webs comprised 

of minute organisms occupying minuscule microhabitats to marine webs with giant organisms that 

move across the globe and connect vastly distant ecosystems (Bartley et al., 2019; Rooney et al., 

2006). This action of connecting different habitats or energy pathways by a generalist consumer is 

known as coupling (Rooney et al., 2006). For years, ecologists have argued that this form of 

hierarchical resource compartmentation and coupling by mobile generalists is a fundamental 



 

 

 

 
150 

stabilizing mechanism in ecosystems (McCann and Rooney, 2009; Moore and Hunt, 1988; Neutel 

et al., 2002).  

 The generalist structure pervasive in food webs imparts the potential for flexibility that 

allows mobile predators to—in a greatly simplified sense—play whack-a-mole with their different 

resources. A predator’s resources are often not synchronized (Figure D1a), in many cases because 

these resources are in spatially distinct habitats that experience differential abiotic histories. As 

one resource peaks in density and the other bottoms out, a mobile well-informed predator can 

rapidly respond (Figure D1a) (McCann and Rooney, 2009). Like a skilled whack-a-mole player, 

these predators move to consume the abundant resource, preventing its runaway growth. 

Simultaneously, the predator alleviates the low abundance resource from predation pressure that 

may otherwise suppress the resource to precariously low densities. This response also sustains the 

predator by ensuring continuous resource availability, making their response “smart” or “adaptive” 

(Valdovinos et al., 2010). This concurrent release of the low-abundance resource, culling of the 

high-abundance resource and preservation of the predator is precisely what is needed for stability 

(McCann and Rooney, 2009). The mobile predators thus interact with this landscape of variability 

in resources in a way that prevents any single species from monopolizing space and energy, while 

ensuring their own consistent supply of energy via their diverse portfolio of resources. Nature can 

thus maintain an intricate balance of bottom-up forces (driven by variation in habitat productivity 

over time and space) and top-down forces (driven by predators and their variable response). This 

means that the predator promotes the balance and maintenance of a diverse and variable 

assemblage of organisms, which in turn buffers against an ever-changing and noisy world 

(Hammerschlag et al., 2019; McCann and Rooney, 2009). 

The ability of this generalist structure to promote stability requires these same mobile 

predators to be smart enough to respond to the landscape of resources in a way that is both informed 

and rapid (McCann and Rooney, 2009; Rooney et al., 2008; Valdovinos et al., 2010). The 

responses must be rapid because lagged behavioural responses are generally destabilizing (May, 

1973; Maynard-Smith, 1978); when predators are unable to optimize their predation over these 

“peaks” of resources across the landscape, they can drive the loss of species (May, 1976). In other 

words, generalist predators must be able to access and interpret information about their 
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environment in order to take advantage of variable resources and ensure an overall stabilizing 

effect. Indeed, higher trophic level, more mobile generalists appear to possess high cognitive 

abilities. For example, the relative brain size of fish grows with both trophic position and the degree 

of generalist coupling of spatially distinct habitats (Edmunds et al., 2016a, 2016b). This increased 

cognitive ability occurs precisely where it ought to be in nature’s food webs, allowing mobile 

organisms to take actions that mute a noisy world. In a generalist module, the cognitive ability of 

a generalist consumer and its behavioural responses are what drive varying, and stabilizing, 

functional responses (i.e., density dependence of foraging effort). In this way, a functional 

response won’t work properly – and therefore a generalist predator won’t have the same stabilizing 

effect – if information on changing resource abundances is masked, either by inability to process 

information (cognitive ability) or by other mechanisms impeding information transfer to the 

predator. “Misinformation” – in a broad sense – in a natural food web would manifest as anything 

that limits this rapid behavioural response by generalist consumers. For example, lower cognitive 

abilities, inherent lags in consumer-resource interactions, or strong reliance on only one resource 

would all act to dampen this stabilizing structure. 

This stabilizing generalist structure, therefore, has three key ingredients: (1) differential 

responses by different prey or habitats through time; (2) generalist top predators that are capable 

of crossing into different habitats to consume different species; (3) these same predators are 

capable of rapid and informed behavioural responses. Taken altogether we have a top predator that 

can utilize a “portfolio effect” of resources much like an investor with a diverse financial portfolio, 

averaging prey consumption over all habitats as they vary in densities over space and time (Figge, 

2004; Tilman, 1995; Tilman et al., 1998). But importantly, factors that block these key ingredients 

will harm a system’s natural ability to promote stability and withstand environmental change. In 

natural ecosystems, factors that prevent a predator from accessing certain habitats or recognizing 

changing resource densities act to decouple these energy channels and can have a destabilizing 

effect. In the global seafood market, misinformation directly undermines this third criterion, 

ultimately disconnecting consumer choices from tracking resources as they vary in space and time, 

which may have severe consequences for the long-term sustainability of fisheries’ production and 

ecosystem functioning.  
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Figure D1. Conceptual diagrams of how the action of a consumer that consumes or harvests two 

resources impacts stability through time; (A) Nature’s remarkably repeated structure (i.e., the 

generalist module) stabilizes food webs, in which a large, mobile generalist forages by navigating 

through space and linking otherwise distinct species or regions (different resource species/regions 

represented by greyscale/pattern). The rapid foraging shift of the generalist away from low-density 

resources and toward high-density resources prevents any species from being lost, while also 

maintaining relatively consistent resource availability to the consumer; (B) The seafood system as 

a food web mimics the generalist module by linking resources across the globe. The presence of 

rampant misinformation throughout the supply chain disrupts supply-demand relationships and 

interferes with the ability for the seafood market – a smart, highly mobile human community – 

from responding in concert with resource densities, causing resources to be harvested to extinction; 

(C) The seafood system with a high information market, in which the smart highly mobile human 

community (i.e., the seafood market as a whole) can make informed rapid choices that can stabilize 

variable resources through time and across space. 

 

Seafood Systems as Food Webs 

The value of viewing fisheries or seafood markets through the lens of food webs is increasingly 

acknowledged by researchers from various domains (Bonhommeau et al., 2013). One strong 

parallel between food webs and our seafood system is that they link species and ecosystems that 

are distant in space. Our seafood system is global, with harvests taking place across major spatial 

regions, being transported around the globe, and amalgamating into diverse markets available for 

human consumption (Watson et al., 2016). Thus, harvests that come to market are taken from 

relatively spatially distinct resource “compartments”, often spanning borders and jurisdictions 

(Crona et al., 2016), mirroring the large-scale movement of historical apex predators in these 

systems (Queiroz et al., 2019). In this way, fisheries as a whole – the collective harvest of various 

species and populations brought into the supply chain – take on the role of an apex predator in our 

globalized seafood system (Bieg et al., 2018). Sockeye salmon, for example, are harvested from 

Russia, Canada, and the United States of America, with each of these regions containing 

populations that differ in terms of their population dynamics as well as conservation status (Rand 

et al., 2012). These populations have differential variation as they respond to environmental signals 

and different harvesting impacts, and thus fluctuate independently of each other. Note that Sockeye 

salmon, among most other species, also show spatial differentiation at other scales. For example, 

population variability within Bristol Bay, Alaska, is a well-known phenomenon for Sockeye 
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salmon and contributes to long-term regional stability of the population and harvests (Hilborn et 

al., 2003; Schindler et al., 2010). This spatial compartmentation of fisheries resources – from small 

to large spatial scales, both within and across species – is analogous to how natural food webs are 

structured and remains true of most seafood, suggesting this aspect of humans as apex predators 

is consistent with nature. With this spatial structure, our seafood markets make us operate as highly 

mobile consumers at the global scale, forming a generalist-like food web module that parallels 

nature’s food webs (Figure D1) with the potential to strongly impact marine and freshwater 

ecosystems. Importantly, the historical apex predators in these ecosystems are in precipitous 

decline due at least in part to anthropogenic stressors, reducing these ecosystems’ inherent 

stabilizing capacity (Ferretti et al., 2010; Worm et al., 2013). 

 Because of this inherent structure in our global seafood markets, we argue that fisheries 

have the potential to take on the same stabilizing role of apex predators. However, this importantly 

depends on the same key criteria mentioned above for natural systems’ stabilizing generalist 

structure. Importantly, misinformation of any kind causes this mechanism to fall apart. There are 

multiple forms of misinformation that diminish the potential for a stabilizing effect, as the seafood 

system is a complex system in and of itself and misinformation can occur at various stages 

throughout the supply chain. However, regardless of whether it takes the form of intentional fraud 

(of either species or region), mislabeling, or vague labeling/naming conventions, misinformation 

actively conceals the identity and origin of harvested fish and so obscures the landscape of 

resources from human consumers (Crona et al., 2016). The global seafood supply chain is complex 

and nebulous, creating many opportunities for lost and/or altered information as fish pass between 

hands, ultimately diluting signals of changing resource abundances (Crona et al., 2016). 

Misinformation, therefore, thwarts both managers and consumers at all levels from making 

informed decisions (Figure D1b) (Crona et al., 2016). Seafood markets need to ensure authenticity, 

traceability, and efficient information transfer throughout the supply chain to allow for rapid, 

intelligent responses to changing densities that are required for a stabilizing generalist consumer. 

Vague labeling requirements and naming conventions add to the substantive problem of 

seafood fraud and mislabeling, impeding seafood traceability while also creating a void for illegal, 

unreported and unregulated (IUU) fisheries activities to thrive (Cawthorn and Mariani, 2017; 
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Jacquet and Pauly, 2008; Pramod et al., 2014). This obfuscation fundamentally divorces our ability 

to make informed responses based on information about various seafood resource compartments. 

Importantly, consumer choice that is undermined by misinformation could have the potential to 

mediate many of these problems, if information transfer through the supply chain is sufficient and 

transparent. For example, consumers could actively opt against purchasing low-density or at-risk 

species or populations, altering the demand structure of seafood markets, but only if they are well 

informed and confident in the authenticity of their purchases. Similar choices can be made at all 

stages of the supply chain and in management to move towards a more sustainable, intelligent 

seafood system. This sort of choice has the potential to reduce demand and lower harvesting efforts 

on a given species in a given geographical region at key times, while still maintaining consistent 

seafood supply due to the consumptive portfolio effect (Schindler et al., 2010).   

Recently, there have been calls for internationally harmonized approaches to seafood 

labelling and improved seafood authenticity testing (Reilly, 2018). Increased information 

throughout the supply chain ought to re-establish relatively rapid switches between populations, 

species and locations by altering the strengths of human-resource interactions and allowing 

humans to exercise a stabilizing consumptive portfolio effect (Fig. 1c). Indeed, research shows 

that rapid information transfer between fisheries stakeholders can have stabilizing effects, much 

like a well-informed, intelligent predator (Bieg et al., 2017; Fryxell et al., 2010). Reassuringly, 

current advances in biotechnology coupled to a transparent global policy that increases the transfer 

of scientific information in the food supply chain promise to add information and accountability 

to the system(Roberts et al., 2022). This influx of information would allow consumers, managers 

and harvesters to once again see the landscape of resources and adapt through informed decision-

making in ways that mimic the flexible and stabilizing structures found in nature’s food webs.  

 

Biotracers and Market Information:  Reintegrating Humans in the Food Web 

Arguably, one of the longstanding critical impediments to a high information seafood market stems 

from the historical inability to rapidly and efficiently monitor both species identities and the region 
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of catch (Wong and Hanner, 2008).  An array of new technologies has now been applied to identify 

fraud and mislabeling of seafood (Hanner and Kelly, 2021; Leal et al., 2015). DNA barcoding, a 

technique for identifying species using tiny tissue samples from market fish, has recently opened 

the doors for sampling many individuals anywhere throughout the supply chain (Fernandes et al., 

2021; Shehata et al., 2019; Wong and Hanner, 2008). Other biotracers, such as stable isotopes and 

fatty acids (which can be used alone or in combination with genomic tools), have continuously 

increasing capabilities for identifying seafood provenance (Leal et al., 2015). Promisingly, recent 

research has highlighted the efficacy of using multiple biotracers simultaneously for identifying 

the origin of seafood catches (Cazelles et al., 2021; Fu et al., 2021). This new suite of biotracers 

can essentially act as traceable “geographical fingerprints” that species absorb while foraging and 

living in different regions of the world. The explosion of these biotechnologies means that the 

tools required for identifying and preventing misinformation are in place and continually 

improving. Additionally, emerging use of big data and other technologies such as vessel 

monitoring (e.g., Global Fishing Watch) and blockchain promise the ability to further hone supply 

chain transparency and combat seafood fraud (Astill et al., 2019; Cook, 2018; Galvez et al., 2018). 

Combining these biological and information technologies should together allow the seafood 

market to operate more transparently, ensure authenticity and promote information transfer 

between stakeholders. Ultimately, consumers and resource managers are granted the sort of 

information necessary to make informed, sustainable decisions about seafood purchases and 

consumption.  

Given that we can trace and follow food throughout the complex supply chain enhancing 

bio-information transfer, it behooves us to produce policy that promotes a high information market 

that provides sufficient communication of this information to the consumer. Such policy could 

include more detailed labelling in grocery stores that allow consumers the ability to make clear 

informed decisions. Current labeling requirements in Canada, for example, allow many species to 

be labeled under broad terms while also having multiple acceptable names for some species 

(Cawthorn et al., 2021). These vague naming conventions conceal the species identity of fish being 

consumed from the consumer, and often also distributors/retailers, and open the door for fish from 

overfished stocks to be grouped with more abundant species or populations under the same name 
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– ultimately diluting signatures of market availability and biodiversity trends. Elsewhere, 

consumers are provided much more information when they purchase seafood. In the EU, seafood 

labels include common names, scientific names, geographic origin, and method of harvest (gear 

used), allowing the consumer to make more informed decisions based on both stock sustainability 

as well as other environmental concerns they may be motivated by (e.g., GHG emissions and 

bycatch associated with certain harvest methods) (Cawthorn et al., 2021). In Canada, this is an 

unfortunate example of intentional information loss, not necessarily with malicious intent but 

simply due to outdated and insufficient labeling requirements, which could easily be remediated 

as the information already exists at some point in the supply chain. Misinformation – specifically 

vague labeling – is actively preventing consumers from accessing information about their 

purchases. Regardless of whether one would make informed and responsible decisions, the system 

is not currently set up to allow consumers to do so. That said, eco-labeling and sustainability 

certifications, such as MSC certification, that go above and beyond government-imposed labeling 

regulations seem to have a positive influence on consumer choice in that consumers are even 

willing to pay more for seafood perceived as more sustainable (Chen et al., 2015; Johnston et al., 

2001; Roheim et al., 2011; Tully and Winer, 2014), though this effect does differ based on the type 

of seafood, certifying agency, and shows international heterogeneity (Johnston et al., 2001).  

We argue that with sufficient information transfer throughout the supply chain, fish stocks 

deemed “sustainable” should not actually come at a price premium to the consumer, particularly 

if it is defined by legislation as in the EU (i.e., required rather than optionally bought in to). Given 

that low density stocks should be more costly to catch (e.g., more fuel/work effort to catch as many 

fish as a high-density stock), this would ultimately de-incentivize the demand to continue 

harvesting a depleted stock unless this signal of depletion is diluted through species substitution 

(fraud or mislabeling) or vague labeling requirements. Further, high density resources in other 

habitats (either the same species or different but similarly desirable species) ought to be easier to 

catch on average and should therefore, all else equal, cost less to harvest. Consumer preference, 

even modest, would exacerbate this response in demand and ought to result in an average 

stabilizing response just like the generalist module in nature. 
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Unfortunately, the current low-information state of the global seafood system is effectively 

masking, or decoupling, classic supply and demand relationships. From a food web perspective, 

misinformation, which limits our ability to detect change and/or creates lags in the response to 

changes in densities, actively prevents a density-dependent response in consumer demand and 

harvesting effort – effectively changing the functional response of fish consumers, and preventing 

a stabilizing response (i.e., acting like a type III functional response in a high information 

scenario). Lowered demand due to informed conscious consumer choices ought to shift the 

structure of fisheries markets towards more sustainable stocks. Altogether, this would incentivize 

a stabilizing response by the seafood system as a whole – that is, the aggregate, or average, 

response in seafood consumption. While there will always be exceptions for certain highly 

desirable fish species, nonlinear supply-demand relationships driving “dysfunctional fisheries” 

(e.g., Fryxell et al. 2017) or population responses that mask local signals of depletion (e.g., Burgess 

et al. 2017), we argue that the average response ought to be stabilizing in general if our fisheries 

are indeed able to respond rapidly and intelligently as a stabilizing generalist consumer would. 

That is, despite potential caveats that would either mute the supply-demand relationship or disrupt 

sustainable decision making, we note that given consumers on average are motivated to make 

sustainable purchase decisions, we ought to still see the overall aggregate response described.  

Finally, other initiatives for reducing fraud and increasing transparency show promise for 

efficient information transfer from resource all the way to the consumer. While a thorough review 

of these programs is beyond the scope of this paper, it is worth highlighting that local initiatives 

such as direct fisher to consumer models are excellent examples of shortening the supply chain 

and therefore simplifying supply-demand relationships and lowering the opportunities for lost 

information. Importantly, the success of these programs also highlights the potential for harnessing 

consumers’ interest in making sustainable decisions from both an ecological and social 

perspective. In a perfect high-information seafood market, one could imagine the ability to include 

information on more aspects of sustainability such as GHG emissions, bycatch and discard rates 

associated with the fishery, nutritional value, and social or cultural implications of the fishery 

(Farmery et al., 2021).  
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Given that consumer preference, and more broadly demand in an informed market, is even 

modestly negatively correlated with species risk (Harris, 2007; Honkanen and Young, 2015; Jaffry 

et al., 2004; Tully and Winer, 2014), then we are in position to reinsert humans into a global food 

web in a manner that is more consistent with nature’s structure. Indeed, information does appear 

to play a role in human consumers’ behaviour: human-species interaction strengths weaken when 

a species in a given region is increasingly impacted (i.e., shows greater risk of local extinction) 

(Jaffry et al., 2004). Here, aggregated consumer responses can indeed drive rapid market responses 

and that truly transparent supply chains and information transfer to the consumer ought to allow 

for our fishing efforts to reflect the behaviour of a stabilizing apex predator (Surana et al., 2005). 

The high information seafood market we have discussed here suggests that our markets – given 

the structure of the seafood system already present – could have the ability to harness a 

consumptive seafood portfolio effect of variable fisheries resources across multiple scales.  

Notably, seafood markets can adapt to differential variation between and within fish 

species, across different spatial scales, and even across the source/method of obtaining seafood. 

While there are certainly socio-economic and ethical implications to consider regarding potential 

structural shifts in the seafood system, many structures are already in place that could facilitate 

sustainable market flexibility if allowed to operate in this way. For example, in addition to rapid 

switches between populations, species and/or regions of harvest, aquaculture production could 

subsidize seafood markets as a way of maintaining supply to the consumer while alleviating 

pressure on wild populations when densities are low – something that may be done already 

(Munguia-Vega et al., 2022), but of course ought to be done transparently and ethically. Somewhat 

similarly, livelihood diversification is a strategy already adopted by many economically vulnerable 

fisherfolk and may allow for resilience in the face of variable resources (Allison and Ellis, 2001) 

– though this of course is a topic with a deep and nuanced body of literature far beyond the scope 

of this paper (Roscher et al., 2022). However, we argue that with proper information transfer, we 

could move towards a truly adaptive and flexible food system as a whole. Importantly, ensuring 

transparency and traceability through the supply chain by utilizing the technologies and practices 

we discuss here is needed to combat various forms of misinformation we are currently seeing in 

our seafood system. Rather than a misinformation market that tends to drive marine species 
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imbalance, we can bring about a high information market that has the potential to let checks and 

balances operate within the seafood system, aiding global seafood sustainability and the 

maintenance of marine biodiversity. 

Here, we have argued that structural properties of food webs that maintain stability may be 

useful to consider for the way we harvest seafood and thereby include ourselves in the food web. 

In a simplified sense, our arguments require i) that humans (consumers) on average wish to forage 

sustainably, and ii) that a strong relationship exists between supply and demand (this latter requires 

market flexibility). Furthermore, identifying where our metaphor falls off may be an argument for 

us to consider how current global harvesting could be modified to meet some of these “natural 

sustainability criteria” such as allowing for market flexibility in an equitable way. For instance, 

we have built a system that harvests extremely efficiently but as a trade-off may have little 

flexibility to switch. Indeed, this may be something we wish to fundamentally alter as we move 

towards a more sustainable way to coexist with nature. 
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