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ABSTRACT 

INFLUENCE OF TEMPERATURE CYCLING AND ETHANOL AMENDMENT ON 

ARSENIC MOBILITY IN A CONTAMINATED NORTHERN WETLAND 
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University of Guelph, 2021       Dr. Susan Glasauer 

          Dr. Lucy Mutharia 

 

 

Pyritic tailings from legacy gold mines frequently leach elevated concentrations of 

sulfate, iron, and arsenic into surrounding environments, with mines in northern environments 

being subject to freeze-thaw cycling that can encourage further leaching. In this study, the effects 

of freeze-thaw cycling and ethanol amendment on an iron and arsenic contaminated wetland 

sediment were investigated. Sediment chemistry and aqueous element concentrations were 

monitored, while the microbial communities were probed using 16S gene analysis. In ethanol 

amended microcosms, greater proportions of arsenic were removed from solution and identified 

in sulfide associated sediment fractions, presumably because of ethanol stimulated microbial 

activity. Ethanol addition also stimulated the growth of Geobacter and other SRBs. Freeze-thaw 

cycling tended to cause a lag in microbial sulfate reduction. This implicates that loss of arsenic 

from wetlands may occur at the beginning of freeze-thaw cycling, until the function of the 

microbial community with respect to arsenic removal is restored.
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 Introduction 

 The environmental impact of mining 

Mining is one of Canada’s most important industries, directly and indirectly employing 

over 600,000 workers, while contributing $97 billion to Canada’s GDP (The Mining Association 

of Canada, 2019). Ontario is Canada’s leading producer of gold, nickel, and platinum group 

metals (Natural Resources Canada, 2018). Mining practices in Canada are mainly regulated by 

provincial governments to prevent both acute and chronic impacts to surrounding environments 

(Ministry of Northern Development and Mines, 2020). However, minimal environmental 

regulation of the early- and mid-twentieth century mining industry resulted in a substantial 

number of abandoned legacy mine sites across the province. Ecological liabilities remain at these 

sites, including tailings ponds, waste rock piles, and slag deposits, which when improperly 

managed can leach dissolved metals into the environment (Briones-Gallardo et al., 2017).  

Following the extraction of minerals from hard rock metal ores (eg. Au, Cu, Pb, Zn), the 

bulk waste material exists as a slurry of fine-grained waste ore and ore processing fluids known 

as ‘tailings’ (Lottermoser, 2007; Sarkar et al., 2017). Tailings waste piles, when not maintained 

effectively, are often the central source of contamination on legacy mine sites as mineral 

particulates solubilize and migrate through erosion from precipitation, freeze-thaw (FT) cycling, 

and other physical processes (Dybowska et al., 2006; Salomons, 1996). Waste piles in non-arid 

climates that experience seasonally freezing temperatures are subject to FT cycles that can result 

in the seepage of contaminated waters, especially during spring freshet. 

Remediation of mine waste is a central issue for degraded legacy sites and for the 

development of new mines. Unmanaged sulfur-rich mine wastes have the potential for chronic, 

far-reaching impacts that can threaten ecosystems and human health, such as the acidification of 

water systems and the dissolution of heavy metals (Dybowska et al., 2006; Fashola et al., 2016). 

Each mine site is unique in terms of its geochemistry and environmental setting, particularly 

mineral composition, climate, geography and accessibility. Therefore, there are a number of 

remediation strategies that could be considered for each site. These include passive strategies 

such as capping or covering, permeable barrier filtration, and re-vegetation, or active strategies 

such as biochar amendment, washing treatments, or bioreactor processing (Fellet et al., 2011; 

Gatzweiler et al., 2001; Gregory et al., 2015; Moutsatsou et al., 2006; Rodriguez-Freire et al., 
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2016). Although these processes are tailored to be site-specific, they all generally attempt to 

achieve some, if not most, of the following goals: reduce waste volume, neutralize pH, lower 

dissolved metal and sulfate concentrations, lower metal bioavailability, foster oxidation or 

reduction of wastewater, or geospatially isolate tailings (Johnson and Hallberg, 2005).  

 

 Wetland-based bioremediation in cold-climate mining environments 

Many of the legacy mine sites in Ontario are located in the northern half of the province 

within the Canadian shield, situated in rough and/or heavily forested terrain, where winters are 

long and cold (Crins et al., 2009; MacKasey, 2000; Ontario Ministry of Northern Development 

and Mines, 2017). These environments present obstacles for many remediation techniques, 

mainly due to poor accessibility and severe winter temperatures. Passive remediation strategies 

are favoured, as the implementation and execution of active strategies are often not logistically 

or economically viable, with obstacles including access roads for heavy machinery, electricity 

for water pumping, continual input for chemical treatments, or on-site monitoring stations 

(Johnson and Hallberg, 2005; Kalin, 2004). Therefore, a successful strategy for use in remote 

northern environments would be able to withstand severe and cyclic climate conditions, while 

requiring minimal active management. 

Wetlands can provide the basis for a passive remediation strategy to treat water impacted 

by acid mine drainage (AMD) in almost any climate. Boreal wetlands have evolved to survive 

the harsh winter season, and those influenced by mine effluent often contain microbial 

communities that have developed resistance to the low pH and high concentrations of dissolved 

metals associated with AMD (Jenssen et al., 2005; Mander and Jennssen, 2002; Skousen and 

Ziemkiewicz, 2005). Wetland systems have also exhibited the ability to withstand greater 

fluctuations in pH, Eh, and dissolved metals than other passive remediation strategies (Johnson 

and Hallberg, 2005; Kalin, 2004). The anoxic environment that typically dominates wetland 

environments below surface sediments can be exploited to remediate some metals associated 

with AMD, particularly through the activity of sulfate reducing bacteria (SRB). The SRB is a 

key bacterial group involved in the removal of sulfate and metals from solution (Alam and 

McPhedran, 2019; Gadd, 2010). The anoxic zone of wetlands, which is typically below the 

water-sediment interface, provide an important habitat for SRB and other anaerobic microbes. 
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Therefore, when aiming to mitigate the migration of potentially toxic concentrations of metals 

from mine sites, wetland-based systems should be considered. The following sections discuss the 

biogeochemistry of wetland systems and the associated microbially-linked bioremediation of 

sulfate- and metal-rich tailings effluent in greater depth. 

 

 Chemistry of iron and sulfur in acid mine drainage (AMD) 

Acidic leachate forms when oxygenated water contacts pyrite (FeS2) and other metal 

sulfide minerals that are common in mine tailings, such as arsenopyrite (FeAsS), chalcopyrite 

(CuFeS2), and orpiment (As2S3) (Gadd, 2010; Sarkar et al., 2017; Sracek et al., 2014a; Vaughan, 

2004). The reactions of oxygen with Fe2+ and S2- in these minerals results in acid mine drainage 

(AMD), which is characterized by low pH and elevated concentrations of dissolved iron, sulfate, 

and metals such as As, Mn, Ni, Pb, and Zn (Amos et al., 2015; Cooke and Johnson, 2002; 

Johnson and Hallberg, 2005; Lottermoser, 2007; Sahinkaya et al., 2009; Sracek et al., 2014b). 

Oxidation of pyrite occurs through a generalized three-step process shown below (Feng et al., 

2019; Johnson and Hallberg, 2005): 

(1) 2FeS2 (s) + 2H2O(l) + 7O2 (g) → 2Fe2+
(aq) + 4SO4

2-
(aq) + 4H+

(aq)
  

(2) 4Fe2+
(aq) + O2 (g) + 4H+

(aq) → 4Fe3+
(aq) + 2H2O(l)

  

(3) FeS2 (s) + 14Fe3+
 (aq) + 8H2O(l) → 15Fe2+

(aq) + 2SO4
2- + 16H+ 

(4) Net: FeS2 (s) + H2O(l) + 3.5O2 (g) → Fe2+
(aq) + 2SO4

2-
(aq) + 2H+

(aq) 

Ultimately, the net equation shown in step (4) indicates that one mole of pyrite creates 

two moles each of AMD-generating sulfate and protons. The Fe2+ generated in step (3) can be 

oxidized to Fe3+ , which does not generate acidity; however, the subsequent rapid hydrolysis of 

Fe3+ to form Fe(OH)3 and other hydroxylated species produces substantial acidity in addition to 

the acidity produced during oxidation of S2- to S6+ (sulfate)  (Dos Santos et al., 2016). 

Furthermore, Fe2+ produced from the reaction between Fe3+ and FeS2 can propagate the acid 

genesis cycle by reentering in step (2) (Feng et al., 2019; Johnson, 2003).  The breakdown of the 

pyrite minerals and the consequent acidity serve to mobilize elements of concern in tailings 

runoff. 
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A critical process in remediating AMD-affected waters is through sulfate reduction. This 

process is facilitated by sulfate-reducing bacteria (SRB) that couple the oxidation of an electron 

donor (often an organic carbon source) to the reduction of sulfate (Neculita et al., 2007). The 

general equation for sulfate reduction linked to metal precipitation is represented in equations (5) 

and (6), where CH2O represents a basic organic carbon source and M represents a cationic metal 

(eg. Fe3+, Pb2+, As3+) (Eger, 1994; Neculita et al., 2007; Sun et al., 2020): 

(5) 2CH2O(aq) + SO4 (aq) → 2HCO3
-
(aq) + H2S(aq) 

(6) H2S(aq) + M2+
(aq) → MS 

(s) + 2H+
(aq) 

The carbonate that is generated may precipitate metals in the form of low solubility metal 

carbonates if the pH is sufficiently alkaline. In many acidic and sulfate-rich mining 

environments, however, aqueous sulfide (H2S, HS-, or S2
-, dependent on pH and redox 

conditions) can react with some divalent metals to form metal sulfide precipitates and minerals 

(Neculita et al., 2007; Skousen et al., 2017; Sun et al., 2020). The reduction of sulfate and the 

concomitant production of carbonate raises the water pH, which helps to further reduce the 

solubility of many metals that are mobile at low pH values (Chuan et al., 1996; Moore et al., 

1988; Noble et al., 2016). Since SRB are generally strict anaerobes, dissimilatory sulfate 

reduction conducted by SRB occurs in the anoxic zone of wetland sediments primarily found at 

or just below the sediment-water interface (Schlesinger and Bernhardt, 2013). It is important to 

note that the sulfate reducing capacity of a microbial community can be influenced strongly by 

the presence of O2, Mn(IV), As(V), and Fe(III), which are more energetically favourable than 

SO4
2-

 for use as terminal electron acceptors by respiring microbes (Campbell et al., 2006; 

Kirchman, 2011; Newman et al., 1998). The concentration of these competitive oxidants may 

vary between environments, especially those influenced with tailings runoff composed of 

varying mineral types. As such, these elements should be taken into consideration when 

assessing the capacity for an SRB community to perform sulfate reduction. 

 

  Arsenic biogeochemistry 

One element of major environmental concern in legacy gold mines is arsenic (As), an 

acutely toxic metal commonly concentrated in tailings from the processing of gold-bearing 

arsenopyrite (FeAsS) ore (Wang and Mulligan, 2006; WHO, 2001). Though arsenic can exist in 
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numerous oxidation states, the most relevant in studies concerning bioremediation and mine 

waste are inorganic arsenate [As(V)] and arsenite [As(III)]. In solution, As(III) confers greater 

toxicity than As(V) due to its ability to inhibit enzymes by forming As(III)-S bonds with 

sulfhydryl and cysteinyl groups; As(V) does not commonly bind to sulfhydryl groups (Sharma 

and Sohn, 2009; Suzuki et al., 2008).   

The predominant redox states of arsenic in acidic to neutral pH is As(V) under oxidizing 

conditions and As(III) under reducing conditions. (Cheng et al., 2009; Stollenwerk, 2005). For 

pH values 2-7 aqueous As(V) exists mainly as some balance of the negatively charged hydrated 

species H2AsO4
-
 or HAsO4

2-, while aqueous As(III) exists mainly as neutrally charged H3AsO3 

(Cheng et al., 2009; Lu and Zhu, 2011). The exact mixture of these chemical species in a natural 

system depends strongly on environmental parameters including Eh, pH, concentration, and 

influence from dissolved ions such as Ca2+, Fe3+, and SO4
2- (Wang and Mulligan, 2006; Wilkin 

et al., 2003). The main goal of bioremediation systems targeting water associated with arsenic-

bearing tailings is to immobilize arsenic that exists in the aqueous phase, because soluble arsenic 

species are more biologically available in natural environments and therefore have a higher 

potential to be toxic compared to solid phase arsenic (Sharma and Sohn, 2009).  

The first pathway for immobilization of arsenic is adsorption. In many wetland 

environments influenced by arsenic-rich tailings effluent, arsenic redox chemistry operates 

mainly within an anoxic zone at the sediment-water interface (Fan et al., 2018; Nyquist and 

Greger, 2009; Skousen and Ziemkiewicz, 2005). Under oxidizing conditions, negatively charged 

As(V) species can be immobilized by adsorbing to positively charged surfaces of minerals (eg. 

Fe-(hydr)oxides) or organic matter (eg. humic acids) (Cheng et al., 2009; Lenoble et al., 2002; 

Thanabalasingam and Pickering, 1986). If reducing conditions are then established, microbially-

mediated reductive dissolution of Fe(III)-oxides with adsorbed As(V) can occur, releasing Fe2+ 

and hydrous species of As(V) into solution  (Newman et al., 1998; Rickard and Luther, 2007). 

This may happen directly via bacterial dissimilatory iron reduction or indirectly via by-products 

of microbial processes (ie. H2S produced by SRB) (Afonso and Stumm, 1992; Barton et al., 

2015). Under reducing conditions, hydrous As(V) can be reduced to hydrous As(III) by aqueous 

sulfide species (ie. H2S) or directly by arsenate-respiring microbes (Briones-Gallardo et al., 

2017; Campbell et al., 2006; Glasser et al., 2018; Jiménez-Rodríguez et al., 2009; Newman et al., 
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1998). Iron oxide and sulfide minerals in sediment, such as orpiment (As2S3), realgar (As4S4), 

hematite (Fe2O3) and pyrite (FeS2) can then act as adsorbents for hydrous species of As(III) such 

as H3AsO3 (O’Day et al., 2004; Slowey et al., 2007; Zhao et al., 2017). Hydrous As(III) 

(H3AsO3) has also been shown to adsorb to humic acids, although with weaker affinity than 

As(V) species (Cheng et al., 2009; Paikaray, 2015).  

The second major pathway of arsenic immobilization is precipitation. Studies have shown 

that precipitation of As(V) with Fe(III) is a major removal mechanism of arsenic in slightly 

acidic and oxidized environments, forming poorly crystalline ferric arsenate precipitates (e.g. 

scorodite) (Lee et al., 2019; Riveros et al., 2001; Sadiq et al., 2002). In reducing environments, 

hydrous As(III) (H3AsO3) can precipitate with Fe2+ and/or H2S as Fe-As or S-As minerals, 

predominantly as arsenopyrite (FeAsS) and orpiment (As2S3) in reducing and mildly acidic 

conditions (pH 4-6) (Cheng et al., 2009; Lu and Zhu, 2011; Sharma and Sohn, 2009).  

 

 The effects of freeze-thaw cycling on metal dissolution 

The dissolution rate of metals and metalloids in AMD is controlled by a range of 

environmental variables including pH, dissolved organic matter, temperature, and the presence of 

major anions and cations (Johnson, 2003; Johnson and Hallberg, 2005; Lottermoser, 2007). 

Freeze-thaw cycling is of particular interest, where temperatures fluctuate above and below 

freezing repeatedly within days or weeks. As a consequence of global climate change, it is 

expected that snowpack in Ontario and across the boreal north will continue to decrease, with the 

consequence that soil temperatures will fluctuate around 0°C more frequently in late winter and 

spring (IPCC, 2018). Freeze-thaw cycling causes the expansion and contraction of water/ice in 

pore spaces, leading to accelerated weathering of waste rock (Lottermoser, 2007). In the winter 

months, when surface water is frozen and flow is restricted, studies have shown that aqueous 

sulfate and metal concentrations in tailings runoff are lower, with a corresponding increase in pH 

(Guerra et al., 2016; Moncur et al., 2014). Research has also shown that after the first major thaw 

event in spring months, tailings effluent contains a flush of soluble mineral compounds (e.g. 

sulfate, iron-oxides) that have formed in tailings over the dry winter months (Guerra et al., 2016; 

Moncur et al., 2014). Studies on natural wetlands, constructed wetlands, bioreactors, and using 

lab-scale incubation systems have all shown that low molecular weight, labile carbon substrates 
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such as acetate, lactate, and ethanol can accelerate sulfate reduction rates and increase metal 

removal from solution (El Bayoumy et al., 1999; Lee et al., 2019; Luo et al., 2008; Neculita et 

al., 2007; Oyekola et al., 2010; Santini et al., 2010). In a natural system, these substrates exist in 

low concentrations and can originate as an end product from the microbial biodegradation of 

complex plant biomass. Little is known about how FT cycling impacts the seasonal mobility of 

elements associated with mining waste, which is of particular concern in northern environments. 

Given the strong connections between microbial respiration and the mobility of some elements, 

as explained above, it can be expected that changes in FT cycling will impact the ability of 

microbes to help sequester elements in less mobile forms.  

 

 Sulfate reducing bacteria (SRB) and cold temperatures 

Although runoff from sulfidic tailings is enriched in sulfate, it is typically deficient in 

organic carbon (Kolmert and Johnson, 2001). In contrast, a natural wetland system contains a 

range of complex carbon sources, with simple carbon available from the degradation of plant 

matter (cellulosic substrates) and as by-products of other microbial processes (Lottermoser, 

2007; Neculita et al., 2007). Sulfate-reducing bacteria are capable of utilizing a number of simple 

or easily biodegradable carbon sources, including acetate, lactate, glucose, ethanol, vegetable oil, 

and starch (Gibert et al., 2004; Gopi Kiran et al., 2017; Ko et al., 2017; Neculita et al., 2007). 

They cannot, however, directly utilize more complex carbon substrates like hay or wood chips; 

other groups of microbes (e.g. methanogens) are necessary to digest the complex substrates into 

shorter chain organic compounds (Gibert et al., 2004; Gopi Kiran et al., 2017; Ko et al., 2017; 

Neculita et al., 2007). These substrates, much like other variables discussed in this review, can 

select or enrich for certain members or groups within a bacterial community. As such, when 

considering carbon amendments for the stimulation of natural remediation sites, the creation of 

artificial bioreactors, or in vitro culture studies, the need for efficient and sustained microbial 

activity should be carefully considered. 

  As previously mentioned, SRB are an essential group of bacteria for bioremediation of 

water influenced by mine wastes enriched in sulfide, especially in a wetland-based system. 

Sulfate-reducing bacteria are a diverse group of chemolithotrophic, anaerobic bacteria 

encompassing at least 59 genera and 220 genomics-identified species (Barton et al., 2015; Gadd, 
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2010). They are commonly isolated from environments with concentrations of metals and 

metalloids that are toxic to most other organisms, employing a range of mechanisms for 

detoxification such as efflux pumps, gated channels, and intracellular reductases (Barton et al., 

2015; Gadd, 2010). For example, D. vulgaris, one of 57 SRB species belonging to Desulfovibrio, 

has been shown to be functionally active at elevated minimum inhibitory concentrations (MIC) 

of Cr, Cu, Mn, Ni, and Zn (Barton et al., 2015; Cabrera et al., 2006). In addition, SRB are 

capable of maintaining activity at pH values ranging from 3 to 9.5 and temperatures ranging 

from -1.8°C to over 100°C (Goeres et al., 1998; Knoblauch and Jørgensen, 1999; Kolmert and 

Johnson, 2001; Liu et al., 2014). This diversity and resistance to extreme conditions has allowed 

for the success of SRB-based remediation systems around the world, including Australia, 

Bolivia, Canada, Korea, Spain, and USA (Gopi Kiran et al., 2017; Jiménez-Rodríguez et al., 

2009; Johnson and Hallberg, 2005; Ko et al., 2017; Santamaria et al., 2014; Santini et al., 2010). 

Nevertheless, the effectiveness of SRB-based remediation systems depends strongly on 

environmental conditions such as temperature. Although SRB are adaptable, optimal conditions 

in cold, northern environments affected by AMD and metals are not fully understood.  

Despite the adaptation of some SRB to psychrophilic temperatures (<15°C), low 

temperatures still limit the potential for sulfate reduction in most soils. A study examining sulfate 

reducing microbial communities reported that sulfate reducing activity of Arctic and Antarctic 

sediments was optimal at 24-26°C, well above average in situ temperatures (Robador et al., 

2016). This study also found that temperate sediment SRB reached only 9-13% of maximum 

sulfate reduction rates at their mean in situ temperature of 12°C (Robador et al., 2016). The 

amount of existing research that addresses the biogeochemistry of sulfate or other metal 

reduction rates in terms of FT cycling is sparse, although some studies have found that FT cycles 

are not detrimental to microbial community structure or long term activity rates (Juan et al., 

2018; Lim et al., 2020; Sawicka et al., 2010; Walker et al., 2006). Despite the fact that microbial 

communities that are impacted by FT cycling may eventually regain full activity, the immediate 

impairments to activity increase the risk for loss of As in the short-term. Overall, further research 

is needed to better understand the limitations that FT cycling places on the biogeochemical 

constraints of microbial sulfate reduction in these environments, and how that affects arsenic 

immobilization.  
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 Project rationale 

The former Long Lake gold mine south of Sudbury, Ontario is well-suited for exploring 

the linkages between FT cycling and microbially-mediated immobilization of arsenic, iron and 

sulfate in wetlands impacted by runoff from sulfide-bearing mine tailings. An uncontained 

tailings area (TA-01) continues to leach elevated concentrations of arsenic, iron, and sulfate to 

the downstream environment, with most runoff discharging to a creek that passes through a 

wetland area before release into Long Lake Bay. The wetland area, termed the runoff-

contaminated wetland (RCW) in this study, provides a potential point of sequestration for 

aqueous sulfate and arsenic. This may occur through precipitation as metal sulfides or through 

adsorption, supported by studies that have shown the effectiveness of bioremediation for treating 

mine wastewater using natural and constructed wetlands (Nyquist and Greger, 2009; O’Sullivan 

et al., 2004; Skousen and Ziemkiewicz, 2005).  

Although there is abundant research on arsenic mobility in mine contaminated waters, 

there is a clear gap when it comes to addressing the conditions particular to northern mining 

environments, in particular fluctuations between frozen and thawed conditions in the upper layer 

of soil. Freeze-thaw cycling during early spring conditions can mobilize previously sequestered 

arsenic from mining-impacted wetland soils by suppressing dissimilatory reduction of sulfate 

and/or metals. As climate change increases the frequency FT cycling, arsenic may be mobilized 

during periods of seasonal transition. Freeze-thaw cycling may also disproportionately affect 

certain members of sediment microbial communities, resulting in shifts in composition and 

suppression of microbial activities critical to the immobilization of arsenic. The addition of 

ethanol as an easily accessible carbon source can potentially help to immobilize elements that are 

solubilized during FT cycling by stimulating dissimilatory sulfate and arsenic reduction. Ethanol 

is a low cost and readily available carbon source that could be applied large scale, and has shown 

to efficiently stimulate biogenic sulfide production in previous studies (Kousi et al., 2011; Luo et 

al., 2008; Velasco et al., 2008). The information obtained from this project may help to inform 

tailings effluent management systems being applied in seasonal, northern-situated mining 

environments. Understanding the dynamics of carbon amendment on microbial activity in the 

framework of arsenic mobility will also provide insight into the applicability of actively 

managed natural or constructed wetlands in this climate.  
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 Hypotheses and research approach 

The major objectives of this project were to investigate the influence of FT cycling and 

ethanol amendment on a wetland soil microbial community and the resulting effects on the 

mobility of arsenic, as well as to decipher the relative contribution of dissimilatory iron-, sulfate- 

and arsenic-reducing pathways on arsenic mobility. The hypotheses are that: (1) FT cycling will 

increase the mobility of arsenic and iron, (2) biostimulation of microbes will cause an increase in 

sulfate reduction and removal of arsenic and iron from solution, (3) arsenic and iron will be 

sequestered in sulfide precipitates, and (4) SRBs will dominate the microbial community, 

especially in ethanol stimulated microcosms.  

In this study, anaerobic microcosm incubations were constructed using natural sediments 

from the Long Lake wetland impacted by arsenic- and iron-rich runoff. Preliminary microcosms 

utilized a microbial inoculum from Long Lake sediments to assess the ability of the microbial 

community to reduce aqueous Fe(III) and SO4
2-. This set of experiments also provided important 

information about biologically-mediated reduction of Fe(III) in the growth media and the 

impacts of organic carbon amendments used in subsequent incubation experiments. Next, 

sediment microcosms were incubated with either freshwater media or amended with a 

combination of As(V), SO4
2- and ethanol enriched solutions, and were exposed to three 

successive FT cycles. Filtered liquid extracts were analyzed for aqueous metal and sulfate 

concentrations, arsenic speciation, and other chemical conditions. After the incubation period, 

the solids were investigated for shifts in the concentrations of arsenic and iron in extracted 

fractions, and 16S rRNA was evaluated for changes in the microbial community. The goal was to 

better understand the impacts of FT cycling and carbon limitation on the capability of the soil 

microbial community to control arsenic mobilization.  
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 Methods 

 Sampling location and procedure 

 The site of the former Long Lake gold mine located south of Sudbury, Ontario, Canada 

hosts 163,000 m3 of abandoned tailings, with most located in major tailings area TA-01 

(46°18'45”N 81°08'50”W). This mine was operational from 1908 to 1939 and is now managed 

by the Ministry of Energy, Northern Development and Mines (ENDM) (Ministry of Energy, 

Northern Development, and Mines, 2019). The tailings generate acid mine drainage containing 

sulfate, iron, and arsenic that discharge into Long Lake after traversing through an intermediary 

stream named Luke Creek (Figure 1). Two trips were made to the Long Lake gold mine area. 

The first occurred in October of 2018 and focused on surveying TA-01 and assessing possible 

runoff-affected sampling locations downstream, analyzing sediments for O2, pH, and 

temperature, and acquiring samples for use in preliminary experimentation. The second trip 

occurred in June of 2019 and was focused on extracting the sediment for use in the study’s main 

microcosm incubations, as well as taking the necessary in situ chemical measurements. Sediment 

samples were collected from a wetland adjacent to Luke Creek, situated between TA-01 and 

Long Lake that receives runoff from the tailings through seasonally-high water levels and 

through lateral discharge from the creek, which has formed in sandy sediment. Sediment was 

taken from within two distinct 2 m by 2 m plots, one located 10m into the wetland from the bank 

of the stream, termed the runoff-contaminated wetland (RCW), and another plot located 100 m 

into the wetland from the bank of the stream, termed the back wetland (BW). The BW was used 

as a comparative wetland area because it does not receive direct inflow of tailings runoff from 

Luke Creek although it may receive seepage during high water periods. Four subsamples were 

retrieved from within each site and combined equally by weight to provide a composite sample 

for each location.  
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The RCW site contained a surface layer of undecomposed plant detritus ranging from 5-

15 cm in thickness covered with 20-30 cm of water at the time of sampling (June 2019). Below 

the undecomposed plant detritus was a soil layer comprised of a mixture of decomposed organic 

material and finer mineral particulates. The BW site had a thicker layer of plant detrius (15-20 

cm) with 5-10 cm of water cover. For sampling, much of the large, loose undecomposed organic 

matter was removed to reach the decomposed organic matter and mineral sediment beneath, 

identified by a much denser and sludge-like consistency. The mineral sediment was collected and 

stored in sealed plastic bags in the dark at 4°C until it was used in microcosm studies. The pH 

and dissolved O2 (dO2) of surface sediment were determined using the Thermo Scientific Orion 

Star A325 portable meter (Thermo Fisher Scientific, Waltham, USA). To obtain pH values, 

sediment was analyzed on-site immediately after extracting the sediment from the wetland. The 

reason for this was that the probe could not reach deeply enough in situ, below the water and 

surface organic cover, to obtain an accurate pH of the sediment being extracted. The pH probe 

was inserted into the bags of sediment so that the probe was completely covered and allowed to 

Luke Creek 

Direction of water flow 

Backflow into wetland 

Stream bank sampling site 

RCW sampling site 

BW sampling site Wetland  
area 

Major Tailings 
Area 1 (TA-01) 

Long Lake 

Figure 1. Satellite imagery of the Major Tailings Area 1 (TA-01) at the former Long Lake gold mine. Luke Creek 

transports arsenic, iron, and sulfate enriched tailings runoff into Long Lake bay and to a lesser extent the proximate 

wetland. RCW – Runoff-contaminated wetland; BW – Back wetland. 

100m 
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equilibrate with the pore water. This was repeated in triplicate for bags of soil from six 

individual points within each plot, for a total of 18 measurements per plot. The dO2 

measurements needed to be taken from wetland as extraction and analysis time creates too much 

potential exposure to oxygen. Therefore, dO2 measurements were taken from the sediment-water 

interface for all points within the plots, as this was as far as the probe could reach. The RCW 

sediment had a pH of 5.9-6.0 and the site had a dO2 of 0.1-0.5 mg/L, while the BW sediment had 

a pH of 5.4-5.7 and the site had a dO2 of 7.2-10 mg/L. Since dO2 was measured at a higher depth 

than the depth at which the sediment was extracted, reported values are likely higher than the 

actual sediment values. 

 

 Pre-sediment inoculum experiments 

Incubation experiments were conducted to assess the capability of sediment 

microorganisms to remove iron and sulfate from solution through direct and indirect pathways of 

reduction, before introducing soluble arsenic to the microcosms The incubations were conducted 

at room temperature in 100 ml borosilicate serum bottles filled with 60 ml of autoclaved Iron and 

Manganese Reducer Medium (Emerson and Tang, 2007). Bottles were bubbled with N2 gas for 

~60 seconds before being sealed with a rubber stopper and aluminum crimp top. Phosphate (as a 

NaH2PO4·H2O solution) was autoclaved in a concentrated solution (20x concentration) 

separately from the medium to prevent mineral-phosphate precipitates forming during 

autoclaving. A microbial inoculum was created by mixing 10 g of RCW site sediment with 90 ml 

of sterile deionized water (10-1 dilution), shaking, and allowing to settle; microcosms were 

inoculuated with 1ml of the solution. The Minimal Medium was amended with sodium sulfate, 

an iron source (ferric citrate or Fe(OH)3), and a carbon source (Table 1). All amendments except 

ferrihydrite were added after autoclaving as concentrated solutions through the rubber cap using 

a sterile syringe. This was done to avoid changes to iron chemistry during autoclaving. 

Ferrihydrite was added to bottles in a biosafety cabinet, which were then flushed with N2 and 

resealed; controls were conducted alongside to assure that sterile conditions were maintained. 

Ferrihydrite synthesis is described below. All treatments were conducted in triplicate and the 

experiment was repeated twice as time replicates. Only the results from the second time replicate 
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are reported in this study; errors in execution of the first time replicate resulted in unpublishable 

data but was used to refine and shape the second time replicate experiment.  

  

Ferrihydrite is a poorly crystalline Fe(III) oxyhydroxide that is commonly found in iron-

rich, mining affected sediments (Carlson et al., 2002; Lynch et al., 2014; Saalfield and Bostick, 

2009). For this study, hydrous ferric oxide (HFO), which is poorly crystalline ferrihydrite, was 

synthesized. For synthesis of HFO, 21.6g of FeCl3(H2O)6 was added to 200 ml of sterile 

deionized water and adjusted to a pH of 7 using NaOH. Upon neutralization, the HFO 

precipitated out of solution and was separated by centrifugation in two sterile 250 ml centrifuge 

tubes at 7000 rpm. Finally, the supernatent was removed and the HFO was rinsed with 20 ml of 

sterile, deionized water, followed by centrifugation as described above. This process was 

repeated three times and HFO was stored at 4°C in the dark until use. 

 

 Freeze-thaw experiments 

Experiments using anaerobic microcosms were prepared to assess the impacts of freeze-

thaw (FT) cycling and amendment with ethanol as a source of C on the bioimmobilization of 

soluble arsenic. The first experiment addressed the response of native sediment geomicrobiology 

to FT cycling using unamended microcosms consisting only of wetland sediment and Minimal 

Freshwater Medium (Emerson and Tang, 2007). The second set of experiments addressed the 

impacts of simulated spring-thaw flush conditions on microbial arsenic geochemistry through the 

Table 1. Liquid media constituents for pre-soil bottle incubations 

Sample code A B C D E F 

Sulfate 5 mM 5 mM 5 mM 5 mM 5 mM 5 mM 

Acetate 5 mM 5 mM 5 mM 5 mM  5 mM 5 mM 

Ethanol - - 10 mM 10 mM - - 

pH 7 7 7 6 7 6 

Iron source 
10 mM  

iron citrate 

10 mM  

iron citrate 

10 mM  

iron citrate 

10 mM  

iron citrate 

10 mM 

ferrihydrite 

10 mM 

ferrihydrite 

Inoculum 

source 
Wetland 

Stream 

Bank 
Wetland Wetland Wetland Wetland 
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use of microcosms amended with aqueous arsenate and sulfate immediately after FT cycling 

(Table 2). Sodium sulfate and ethanol were added in a 1:1.5 ratio (10mM : 15mM) as previous 

studies have shown this ratio can achieve optimal sulfate reduction (Velasco et al., 2008). 

Ethanol was chosen as the carbon source, over other feasible sources such as lactate or acetate, 

due to the proven efficacy of stimulating sulfate reducing activity, SRB biomass, and low costs 

for potential application on a large scale (Alam and McPhedran, 2019). Each time replicate 

consisted of a set of microcosms exposed to three FT cycles and another set kept at 4°C, before 

both sets were incubated at room temperature for 19-36 days to investigate the impacts of the 

treatments on arsenic mobilization, microbial respiration and changes in microbial communities. 

A study using killed controls was also conducted following the same protocol, but in this case 

the treatments were sterilized using a 0.5% ethanol-free formaldehyde solution. Published 

research remains inconclusive on the most effective method for sterilization or inactivation of 

sediment microbes that also imparts minimal changes to sediment chemistry. Several different 

sterilization or bacterial inactivation methods were tested, including multiple rounds of 

autoclaving and fumigation, but none resulted in complete sediment sterilization (Lees et al., 

2018; Lotrario et al., 1995; Powlson and Jenkinson, 1976; Razavi darbar and Lakzian, 2007; 

Tuominen et al., 1994). The formaldehyde treatment was ultimately chosen because heat, light, 

and pressure related geochemical reactions could be avoided and sustained microbial inactivation 

has been shown in previous research (Tuominen et al., 1994).  

Table 2. Sample codes and constituents in amended sediment incubations. 

 

The incubations were conducted in Wheaton 600 ml borosilicate serum bottles sealed 

with a rubber stopper and aluminum crimp top. Sediment from each sub-site of either the RCW 

or BW sites was homogenized in a sterile beaker by mixing with a sterile glass stir bar and 50 g 

of homogenized soil was distributed to each bottle. Large pieces of organic matter, including 

twigs or large roots, were discarded prior to mixing the sediment. 250 ml of sterile freshwater 

Constituents Samples codes 

ARS SUF ETH 

Sodium arsenate 1 mM 1 mM 1 mM 

Sodium sulfate - 10 mM 10 mM 

Ethanol - - 15 mM 
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minimal medium was added to each bottle and bubbled with N2 gas that was passed through an 

0.45 µm antimicrobial gas line filter for ~5 min before being capped and sealed. Samples for FT 

cycling were placed in a Styrofoam insulated tray fitted to cover the bottles to the height of the 

liquid level. This was to encourage freezing from the surface down to simulate natural 

conditions. Freeze-thaw microcosms were then placed in an environmental chamber and exposed 

to three cycles of freezing and thawing between +4°C and -4°C with temperatures switched at 

24-hour increments. Temperatures in the chamber completed transition in <2 hours, but due to 

the insulating foam, the bottles did not completely freeze or thaw until after at least 16 hours 

after the temperature was changed. The microcosms that were not exposed to freeze-thaw cycles 

were established two days prior to incubation at room temperature and kept at 4°C until the FT 

microcosms finished three cycles. All bottles were incubated at room temperature in an 

anaerobic chamber using a gas mix of 10% H2, 10% CO2, and 80% N2. All sampling was 

conducted in the anaerobic chamber except for end point sediment extraction, which took place 

in a biosafety cabinet. This experiment was repeated independently five times, and all treatments 

within each experiment were conducted in triplicate. All geochemical or microbiological 

analyses were conducted on a minimum of two time replicates. 

 

 Gas chromatography 

 In order to track microbial respiration, we sampled the headspace of each microcosm for 

carbon dioxide (CO2) and methane (CH4) gas throughout each experiment. The headspace of 

each microcosm was analyzed using the SRI 8610 multiple gas analyzer gas chromatograph 

(GC) with methanizer, FID, and TCD detection. The GC separates and detects both CO2 and CH4 

using a silica gel packed column and a molecular sieve packed column. Hydrogen was used as a 

carrier gas at a flow rate of 20ml/min. The methanizer was set to 380°C, the valve oven set to 

90°C, the TCD current set to low, and the FID current set to high. Atmospheric air, a 5000 ppm 

CO2 standard, and a 50,000 ppm CO2 standard were tested in triplicate and used to create a 

standard curve for each experiment. For CH4, the GC was calibrated using atmospheric air, as a 

CH4 standard could not be acquired during the sampling period of this experiment. Therefore a 

dependable standard curve could not be created, resulting in values being reported in terms of 

relative concentrations and not as absolute concentrations. Five ml of headspace was extracted 
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from each microcosm using a gas-tight glass syringe and sterile needle and injected directly into 

the 1 ml sample loop with the excess gas used to flush the line. Values from each triplicate of a 

given treatment were averaged and reported as a single value with standard deviation. This 

procedure was repeated for three microcosm time replicates, but the second replicate data had to 

be discarded due to GC operational problems during testing. The two experimental datasets were 

reported separately and compared in this study. The N2000 chromatography data system was 

used for data acquisition and analysis. 

 

 Spectrophotometric sulfate analysis 

 Dissolved sulfate was determined to assess the activity of sulfate-reducing microbes 

indirectly in the microcosms. Sulfate was analyzed using a modified version of the Hach 

SulfaVer 4 method which is equivalent to USEPA method 375.4 for sulfate testing in 

wastewater. This is a turbidimetric method in which the SulfaVer 4 reagent (Hach; barium 

sulfate) reacts with sulfate in the sample to form turbidity proportional to sulfate concentration. 

This method was developed for a Hach portable colorimeter and was adapted to an Agilent UV-

VIS spectrophotometer for this study. The same lower detection limit as the Hach colorimeter 

(~2 mg/L) and a higher upper detection limit (100 mg/L) was achieved. To assess sulfate in the 

microcosms, solution was extracted through the stopper using a sterile needle and disposable 

syringe, and syringe- filtered (0.45 µm, PES, Fisherbrand Basix). A SulfaVer 4 barium sulfate 

packet was added to 1 ml of filtrate diluted to 10 ml with deionized water, shaken until 

dissolved, and reacted for 5 minutes. Reacted solution was immediately analyzed in duplicate at 

450 nm. If readout values between duplicates exhibited a difference greater than 1%, the analysis 

for that sample was repeated. Triplicates of a given treatment were averaged and reported with 

standard deviation. Sulfate standards were prepared with sodium sulfate in deionized water at 2, 

5, 10, 20, 50, and 100 mg/L concentrations. The standard error for the spectrophotometric 

readout was determined to be 5%. This experiment was used for two microcosm incubation time 

replicates; results were reported separately and compared below. 
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 Sequential and total extraction of wetland sediments 

 The sediment was characterized from the runoff-impacted area of the wetland (RCW) and 

the back-wetland (BW) site in order to establish the geochemical distribution for the elements of 

interest. Sediment was analyzed for As, Fe, Mn, Ni and Zn by sequential and total extraction. 

Sequential extraction is an analytical procedure used to assess the elements  associated with 

operationally defined solid phases. Sequential extraction of arsenic and other cations was 

conducted using a modified version of the method described by Huang and Kretzschmar (Huang 

and Kretzschmar, 2010). Sediment was freeze dried and passed through a 2 mm sieve. 0.25 g of 

sieved sediment was used for each sediment or microcosm extraction. Six fractions were 

targeted: (1) soluble and exchangeable, (2) organic matter, (3) acid volatile sulfides and very 

poorly crystalline Fe (hydr)oxides, (4) poorly crystalline Fe (hydr)oxides, (5) sulfides, and (6) 

residual. The original method was modified to omit the Mn oxides and crystalline Fe 

(hydr)oxides fractions because the concentrations of manganese in the sediment were negligible, 

and for the purposes of this study it was not important to separate the crystalline mineral fraction 

from the residual fraction. A reverse aqua regia digestion was conducted for the combined 

crystalline Fe (hydr)oxide and residual fraction. For this extraction, 9 ml HNO3 and 3 ml HCl 

were added to the residual sediment in Teflon digestion bombs at room temperature and allowed 

to dissolve organic matter for 24 hours or until the acid no longer reacted with the organic 

matter. The bombs were sealed and placed in an oven at 120°C for 16-20 hours before being 

allowed to cool, followed by filtration using Whatman 42 2.5 mm ashless filter papers (Millipore 

Sigma, Burlington, USA, WHA1442-042). Total extractions were conducted using the same 

reverse aqua regia digestion procedure.  

 The first extraction of the RCW and BW site sediment was conducted after sampling, 

without incubation, in 12 replicates each. Montana soil II is a standard reference material 

certified by the National Institute of Standards and Technology and was included alongside 

extractions. Subsequent extractions of post-incubation amended RCW sediment was conducted 

once on each microcosm triplicate, with results averaged for each treatment and reported with 

standard deviation. Extractions of two independent microcosm time replicates were completed, 

but only data from one was included in this report; analysis of extracts from the first experiment 
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resulted in a significant amount of samples with values for iron that were above detection limit, 

and due to financial constraints could not be reanalyzed at the time. 

 

 Arsenic speciation 

 The oxidation state of aqueous arsenic was determined using HPLC-ICP-MS (Agilent 

1260 Infinity, Agilent 7700x) for inorganic As(III) and As(V) at the Biotron facility at Western 

University in London, ON, Canada. The method reported an R2 of >0.998. An amount of 5 ml of 

liquid was extracted through the sealed rubber top using a disposable sterile syringe, filtered 

through a 0.45 µm syringe filter, and diluted to 15 ml using deionized water. The redox state of 

the inorganic arsenic species were preserved with 500 ppm EDTA and samples were stored at 

4°C until analysis. 

 

 Determination of metal concentrations 

The Varian Vista Pro CCD Simultaneous ICP-OES with an axial viewed plasma was 

used for the determination of arsenic, calcium, and iron in both liquid extracts and 

sequential/total extraction solutions. Analysis was conducted by Peter Smith at the University of 

Guelph, Guelph ON, Canada. Standards were created by diluting ICP-MS 1000 mg/L stock 

solutions (SCP Scientific, Mississauga ON) to working analytical range. All liquid extracts from 

microcosms were syringe filtered (0.45 µm, PES, Fisherbrand Basix), acidified using 2% HNO3, 

and stored at 4°C until analysis. All elements were analyzed in triplicate. Results were reported 

as either a range of values or as an average of the values with the standard deviation. 

 

 Visualization of sediment mineral composition 

 Scanning electron microscopy with energy dispersive X-ray spectroscopy was used to 

image and identify putative arsenic containing minerals in microcosm sediment from four 

treatments: FT exposed ethanol-amended sediment (FT-ETH), non-FT exposed ARS- and ETH-

sediments (nFT-ARS, nFT-ETH), and a formaldehyde-inhibited, FT exposed ethanol-amended 

sediment (X-ETH). Imaging was conducted by Ivan Barker at Surface Science Western of 
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Western University in London ON, Canada. Each sample was mounted on a carbon conductive 

adhesive and immediately placed in a vacuum chamber to remove residual water. The sample 

was then examined using a Hitachi SU8230 Regulus Field Emission Scanning Electron 

Microscope (FE-SEM) combined with a Bruker FlatQuad SDD Energy Dispersive X-ray (EDX) 

detector. EDX is a semi-quantitative technique that can detect all elements from carbon to 

uranium with a minimum detection limit of approximately 0.1 weight %. A 3 kV accelerating 

voltage was used for these analyses to reduce the interaction volume. The sample was coated 

with a thin layer of iridium in order to minimize sample charging. 

 

     DNA extraction and 16S rRNA gene analyses 

 0.25 g of the pre-incubated and post-incubated RCW sediments were extracted using the 

Qiagen DNeasy Power Soil Pro kit, following the manufacturer's instructions (Qiagen GmbH, 

Germany). The quantity and quality of the extracted DNA was inspected using the Nanodrop 

spectrophotomer ND 2000 (Nano- Drop Technologies, Wilmington, DE, USA). Genomic DNA 

was amplified by PCR using primers targeting the 16S rRNA gene of bacteria and archaea. PCR 

was conducted following these steps: i) an initial denaturing step at 95 °C for 5 min, ii) 30 cycles 

of 95 °C for 30s, 58 °C for 30s, 72 °C for 60s, and iii) a final extension step of 72 °C for 5 min. 

PCR amplicons were then sequenced using paired-end MiSeq Illumina Sequencing at 

Metagenom Bio Inc. (Waterloo, Canada). 

Demultiplexed sequences were processed using DADA2 v1.8 (Callahan et al., 2016) 

managed through QIIME 2 v.2019.7 (Caporaso et al., 2010). In this workflow forward and 

reverse reads were truncated at decreasing quality (typically ca. 225 forward and 175 reverse), 

primers were removed, and paired reads were assembled after Illumina sequencing error 

modelling and correction. Subsequently, chimeric ASVs were removed by reconstruction against 

more abundant parent ASVs. An amplified sequence variant (ASV) table was then constructed 

for downstream analysis. Note that an ASV table is analogous to an OTU table but constructed 

through Illumina denoising rather than clustering techniques. Taxonomy was assigned to 

representative sequences using a naive Bayesian classifier implemented in QIIME 2 with scikit-

learn (v.0.21.3) trained against SILVA release 134 clustered at 99% identity. Assignments were 

accepted above a 0.7 confidence threshold.  
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 Results 

 Distribution of As, Fe, Ni and Zn in wetland sediment impacted by mine water 

discharge 

Overall, both RCW and BW sediments contained high concentrations of arsenic. The 

RCW sediment had significantly higher average concentrations of arsenic (13,479 ± 1055 

mg/kg) and iron (47,268 ± 3695 mg/kg) than BW sediment (134 ± 75 mg/kg As, 6842 ± 1152 

mg/kg Fe). This was anticipated based on prior data for runoff from major tailings area TA-01 

into Luke Creek, which is hydrologically connected to the RCW site (Ministry of Northern 

Development and Mines, 2017). The concentrations of manganese and zinc in the sediment were 

not significantly enriched at the RCW or BW sites compared to average crustal concentrations 

(Table 3). Nickel was enriched at both sites compared to crustal abundances, with BW site 

exhibiting four to five times greater concentrations than RCW.  

 

Table 3. Average concentrations of select metals in sediment from two Long Lake wetland sites.  

Sequential extraction was used as a tool to predict the association of arsenic and iron with 

different solid fractions. The sequential extraction method described by Huang and Kretzschmar 

(2010) was chosen because the method is specific for arsenic in mineral-rich soils and the results 

can be used to relate arsenic presence to major iron and sulfur mineral groups. It is important to 

note that the extracted fractions are operationally defined on the basis of their reactivity with 

specific extractants and this method cannot, therefore delineate sharply between the fractions. 

Element RCW sediment 

average 

(mg/kg) 

BW sediment 

average 

(mg/kg) 

Average element 

concentrations in earth’s 

upper continental crust 

(mg/kg) (Wedepohl, 1995) 

CCME maximum 

recommended 

concentrations for 

residential soils (mg/kg) 

Mn 42.8 ± 7.0 76.4 ± 9.1 527 N/A 

Ni 71.4 ± 15.4 341.7 ± 34.0 18.6 45  

Zn 17.7 ± 4.2 34.7 ± 3.7 52 250 

As 13,478 ± 1055 133.8 ± 74.8 2.0 12 

Fe 47,268 ± 3695 6842 ± 1152 30,890 N/A 

Abbreviations: RCW – Runoff contaminated wetland; BW – Back wetland; CCME – Canadian Council of Ministers of the 

Environment. CCME data obtained from available fact sheets; Mn and Fe were not available. (CCME, 1997, 2015, 2018)  
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The distribution of arsenic and iron among seven fractions are listed in Table 4, with extractant 

reactivity increasing and metal mobility decreasing in successive fractions. Arsenic and iron in 

the most mobile fraction (soluble and exchangeable) is low relative to most of the other fractions. 

Organic matter contained around 17% of total arsenic and iron. The bulk of arsenic and iron 

were contained in the acid-volatile sulfides fraction and in the poorly crystalline Fe/Al fraction, 

together representing about 60% of arsenic and iron in the RCW sediment. This supports that 

poorly crystalline iron and sulfide minerals are likely important to arsenic cycling.  

 

Table 4. Distribution of As and Fe in operationally defined fractions of runoff-contaminated wetland (RCW) 

sediment 

Acid volatile sulfides are a group of minerals that are defined by their release of H2S 

when treated with an acid and encompasses poorly crystalline, fine grained metal sulfide phases 

(Rickard and Morse, 2005). The largest proportion of iron exists in AVS associated Fraction 3 

(43.55%). Fraction 5 (18.31% of total As) represents arsenic in less volatile sulfide minerals 

including arsenopyrite (FeAsS) and amorphous orpiment (As2S3). Arsenic and iron are also 

strongly correlated in Fractions 3, 4 and 5 - those associated with poorly crystalline iron 

hydroxides and sulfides (r = 0.948, p <0.01). Conversely, a relatively low amount of arsenic and 

iron exist in the most refractory mineral forms, including highly crystalline and silicate-

associated forms (1.46% total As, 6.04% total Fe in Fractions 6 and 7). These fractions also 

exhibit a weak and non-significant correlation between arsenic and iron (r = 0.527, p > 0.1). 

Together, this data suggests a strong potential for remobilization of Arsenic and iron from RCW 

sediment, a theme that was further investigated in microcosm incubations. 

Fraction As (mg/kg) Avg. As (%) Fe (mg/kg) Avg. Fe (%) 

Soluble & exchangeable 430 (+/- 14) 3.30% 70 (+/-2.7)  0.15% 

Organic 2195 (+/- 119) 16.89% 8425 (+/- 452) 17.82% 

Acid-volatile sulfides, VPC Fe/Al 4674 (+/- 486) 35.97% 20,584 (+/- 1721)  43.55% 

Poorly crystalline Fe/Al 3127(+/- 165) 24.07% 8514 (+/- 279) 18.01% 

Sulfides 2380 (+/- 225) 18.31% 6820 (+/- 1029) 14.43% 

Crystalline Fe/Al 189 (+/- 46) 1.46% 1461 (+/- 143) 3.09% 

Residual 0 (+/- 0) 0.00% 1394 (+/- 68) 2.95% 

Total (sum of fractions) 12,994 100.00% 47,268 100.00% 

Abbreviations: VPC – very poorly crystalline 
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 Assessing the capability of a sediment microbial community to reduce Fe(III) and SO4 
2- 

Prior to sediment-based incubations, microcosms consisting only of medium with and 

without amendments were prepared to assess for iron- and sulfate-reducing activity. The 

microcosms were inoculated with suspension from the RCW site. Variables included pH (pH 6, 

7), iron source (iron citrate or ferrihydrite), and carbon source (acetate, ethanol) (Table 1). A 

single treatment set (treatment B) used an inoculum from the stream bank of Luke Creek, 

approximately 10m from the RCW site. This was used as a comparative data set to represent a 

microbial community directly and consistently exposed to the Luke Creek effluent, without the 

buffer of a wetland environment. All treatments exhibited an increase in aqueous Fe2+ beginning 

on approximately day 4 of the incubation (Figure 2). For treatments amended with iron citrate 

(A, B, C, D), those containing only acetate as a carbon source (A and B) reached peak aqueous 

Fe2+ concentrations sooner than those with both acetate and ethanol (C and D); day 10-12 for A 

and B compared to day 16-18 for C and day 18-22 for D. Despite this, there were notable 

overlaps in the maximum Fe2+ concentrations for all treatments that contained iron citrate (4 - 6 

mM). All treatments experienced a plateau or decrease in aqueous Fe2+ concentrations after 

reaching maximum values, which began concurrently with or shortly after the observed 

formation of iron and sulfide precipitates (Figure 3). Decreases in aqueous Fe2+ concentrations in 

treatments A-D were significant, decreasing between 0.8 – 2 mM from the peak. 

 

Copy of Table 1. Liquid media constituents for bottle incubations in liquid medium only 

Treatment A B C D E F 

Sulfate 5 mM 5 mM 5 mM 5 mM 5 mM 5 mM 

Acetate 5 mM 5 mM 5 mM 5 mM 5 mM 5 mM 

Ethanol - - 10 mM 10 mM - - 

pH 7 7 7 6 7 6 

Iron source 
10 mM  

iron citrate 

10 mM  

iron citrate 

10 mM  

iron citrate 

10 mM  

iron citrate 

10 mM  

ferrihydrite 

10 mM  

ferrihydrite 

Inoculum 

source 
RCW 

Luke Creek 

stream bank 
RCW RCW RCW RCW 
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  Treatments E and F, containing 10mM of mineral Fe(III) instead of iron citrate, 

experienced a comparatively small increase in aqueous Fe2+ beginning approximately day 4 of 

incubation; an increase that was mimicked by the ferrihydrite-amended autoclaved control. This 

may indicate that solubilized, reduced Fe2+ is being rapidly adsorbed or precipitated after 

dissolution. Treatment D (pH 6) exhibited less rapid aqueous Fe2+ disappearance after the peak 

compared to Treatment C (pH 7), which may suggest that pH affects aqueous Fe speciation in 

this system. Sterile control microcosms containing iron citrate (Con-ic) or ferrihydrite (Con-fh) 

experienced an increase in aqueous Fe2+ concentrations over the duration of the incubation 

period, indicating the presence of an abiotic pathway for the transformation of aqueous Fe3+ to 

Fe2+; chemical reduction from the HEPES buffer in the growth medium may cause this. 

The visual change in solution colour and opacity provides important clues to help explain 

iron and sulfate chemistry in the microcosms. At Day 4, Fe(III) as ferric citrate is still mainly in 

Figure 2. Aqueous concentration of Fe2+ during a 44-day incubation of iron- and sulfate-enriched, liquid-only microcosms. 

Microcosms were inoculated with the microbial community of sediment from the Long Lake runoff contaminated wetland 

(RCW) or sediment from the bank of nearby Luke Creek. The two liquid controls (Con-ic and Con-fh) were autoclave 

sterilized. All treatments contain 5mM sulfate and 5mM acetate and were inoculated with RCW sediment unless noted 

otherwise. Error bars represent standard deviation.Treatment variables: (A) pH 7, 10mM iron citrate; (B) pH 7, 10mM iron 

citrate, Luke Creek inoculum; (C) pH 7, 10mM iron citrate, 5mM acetate + 10mM ethanol; (D) pH 6, 10mM iron citrate, 

5mM acetate + 10mM ethanol; (E) pH 7, 10mM ferrihydrite; (F) pH 6, 10mM ferrihydrite; (Con-ic) pH 7, 10mM iron citrate; 

(Con-fh) pH 7, 10mM ferrihydrite 
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solution, whereas the ferrihydrite has settled to the bottom because of its relative insolubility 

(Figure 3). Changes to the ferric citrate treatment can be seen in the darker colour for treatment 

A; black is commonly indicative of the sulfide precipitates. Although the addition of ethanol did 

not appear to accelerate the formation of black precipitates, it did appear to increase the 

formation of white precipitates. These white precipitates may be due to the formation of 

insoluble hydroxides, such as Fe(OH)2 or Mg(OH)2, rather than sulfide precipitates (Williams, 

1996). The autoclaved controls for iron citrate (not pictured) did not show any precipitate 

formation, and along with ferrihydrite controls did not exhibit any colour change from day 4 to 

44. 

This experiment provided important preliminary information for the next series of 

incubations to test the sediment for the capacity to chemically transform arsenic, iron and sulfate. 

It was determined that the microbial community is capable of using acetate as a carbon source, as 

Figure 3. Iron- and sulfate-enriched medium incubations with microbial consortiums from two arsenic contaminated sediments 

from the former Long Lake gold mine. Microcosms were flushed with N2 gas and sealed to maintain anaerobic conditions 

throughout the incubation period. Sterile controls were included but not pictured. Note that some bottles may appear completely 

black, such as Treatment F bottle 2 on day 44, but have the inner wall coated with black precipitate while the growth solution 

was clear. Abbreviations: RCW – runoff contaminated wetland. All treatments contain 5mM sulfate and 5mM acetate and were 

inoculated with RCW sediment unless noted otherwise. Treatment variables: (A) pH 7, 10mM iron citrate; (B) pH 7, 10mM iron 

citrate, Luke Creek inoculum; (C) pH 7, 10mM iron citrate, 5mM acetate + 10mM ethanol; (D) pH 6, 10mM iron citrate, 5mM 

acetate + 10mM ethanol; (E) pH 7, 10mM ferrihydrite; (F) pH 6, 10mM ferrihydrite 
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well as presumably ethanol due to the observed differences in precipitate formation and aqueous 

Fe2+ concentrations in those microcosms. Ethanol was ultimately chosen for later incubation 

experiments due to its potential for in situ use (ie. cost effectiveness). Due to the high 

concentration of soluble sulfate, it is presumed that the black precipitates formed in the bottles 

are sulfides. Though this was not confirmed with additional analyses in this experiment, SEM  

analysis from previous bottle incubation studies using this medium contained sulfur-rich 

precipitates with identical black appearance (unpublished data). Overall, these results show that 

the RCW site contains a microbial community capable of transforming aqueous Fe3+ and SO4
2-. 

Additionally, microbially-mediated processes are the main driver of the conversion of aqueous 

Fe3+ to Fe2+, and subsequently the precipitation of iron and sulfide minerals, in these treatments. 

 

 Unamended sediment microcosms  

To assess the effects of freeze-thaw (FT) cycles on microbial respiration and the 

mobilization of Fe2+ from unamended sediment, microcosms containing minimal freshwater 
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Figure 4. CO2 production in unamended anaerobic sediment microcosms through 19 days of incubation at room temperature. 

Error bars represent standard deviation. Abbreviations: FT - freeze-thaw exposed; nFT - no exposure to freeze-thaw cycling; 

RCW – runoff contaminated wetland; BW – Back wetland 
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media and sediment from RCW or BW sites were incubated for around 19 days. These 

microcosms served to assess the response of the microbial community to respond to FT cycling. I 

observed that total CO2 in the microcosm headspace increased for all treatments throughout the 

experiment; however, rates in the first 5 days were approximately 13-30 ppm/day higher than in 

the final 14 days for all treatments (Figure 4).  Average CO2 production rates over the 19 day 

experiment were affected much more significantly by sediment origin (RCW; 28-31 ppm/day, 

BW; 14-17 ppm/day) than by FT cycling exposure. Though not significant, a trend can be 

observed where FT exposure induced a lag in CO2 production compared to the unfrozen 

treatments until ~days 10 and 5 for RCW and BW site microcosms, respectively.   

For methane (CH4), a gas standard could not be acquired at the time of sampling and 

therefore readout values are reported relative to each other (Figure 5). By the completion of the 

incubation period both BW sediment groups produced significantly more CH4 than RCW groups, 

with 30-100x greater maximum concentrations. In addition, autoclave-killed BW sediment 

controls produced CH4 in the same low range as the RCW microcosms (0.6-1.2 readout value) 
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Figure 5. CH4 production in unamended anaerobic sediment microcosms through 19 days of incubation at room temperature. 

Data is expressed as arbitrary units, based on relative output, not in terms of concentration as no CH4 standard was available 

at the time of sampling. Error bars represent standard deviation. Abbreviations: FT - freeze-thaw exposed; nFT - no exposure 

to freeze-thaw cycling; RCW – runoff contaminated wetland; BW – Back wetland 
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(data not shown). Though CH4 production was markedly higher in BW sediment microcosms, 

CO2 production was still relatively 3x-10x higher. These results suggest that a CO2-producing 

anaerobic microbial community dominates in both RCW and BW sediments, with BW sediment 

also hosting an active fermentative anaerobic community. 

The concentration of Fe2+ released from sediment into solution was also monitored 

throughout the incubation (Figure 6). More Fe2+ was observed in solution during the incubation 

for the RCW microcosms, consistent with the higher concentrations of total iron compared to the 

BW sediment (47,268 mg/kg for RCW, 6842 mg/kg for BW). When ferrozine detectable 

aqueous Fe2+ is normalized as a percentage of total iron in sediment, the difference between the 

two sediments is much smaller; 0.035% variance for nFT microcosms and 0.082% for FT. 

Additionally, there were no significant differences between FT and unfrozen treatments in Fe2+ 

concentrations as a function of incubation time, although normalized concentrations of Fe2+ in 

solution tended to be higher in the unfrozen treatments until day 13. Overall, there was an initial 

0.000

0.005

0.010

0.015

0.020

0.025

2 4 7 13

F
e2

+
(%

 o
f 

to
ta

l,
 N

o
rm

al
iz

ed
)

Day

FT-RCW nFT-RCW FT-BW nFT-BW

0.0

0.5

1.0

1.5

2.0

2.5

3.0

3.5

2 4 7 13

[F
e2

+
] 

(m
M

)

Day

FT-RCW nFT-RCW FT-BW nFT-BW

Figure 6. Quadruplet-averaged aqueous Fe2+ in unamended RCW and BW microcosms. The left graph displays the total concentration of 

aqueous Fe2+, while the right graph displays aqueous Fe2+ normalized as a percentage of total sediment Fe. Error bars represent standard 

deviation. Abbreviations: FT - freeze-thaw exposed; nFT - no exposure to freeze-thaw cycling; RCW – runoff contaminated wetland; BW 
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release of Fe2+ into solution for all microcosms, though the amount of Fe2+ released as a fraction 

of total iron was low (0.87%-1.34%). It should also be kept in mind that Fe2+ produced during 

the incubation could be precipitated as mineral sulfides or other precipitates that will not be 

detected using the ferrozine method. 

 

 Stimulation of microbial As removal with carbon and sulfate amendments 

Once the initial FT experiments were complete, I investigated how the addition of 

amendments to stimulate microbial activity, in particular sulfate reducing bacteria, impacted 

arsenic chemistry and mobility. As explained in the methods, microcosms were supplemented 

with one of three amendments (Table 2): “ARS” amendments received only arsenate, “SUF” 

amendments received arsenate and sulfate, and “ETH” amendments received arsenate, sulfate, 

and ethanol as a carbon source. Microcosms exposed to freeze-thaw cycling before incubation 

are denoted by “FT” and non-freeze-thaw exposed incubations are denoted by “nFT”. The 

experiment was conducted twice as time replicates (TR1, TR2), and each treatment was 

conducted in triplicate. The incubation periods for the first and second time replicates were 30 

days and 36 days, respectively.  

Treatments amended with arsenate, sulfate, and ethanol (ETH) produced significantly 

more CO2 than treatments without ethanol (ARS, SUF) for both time replicates; approximately 

7% - 33% more CO2 by day 36 for TR1 and approximately 7%-18% more CO2 by day 30 for 

TR2 (Figure 7). The other variables (arsenate, sulfate) did not result in significant or repeatable 

differences in respiration, nor did exposure to FT cycling.  

Sulfate concentrations from two time replicate incubations (TR1, TR2) are shown in Figure 8. 

Microcosm treatments that included ethanol (ETH) were the only treatments that had detectable 

removal of sulfate from solution. Unfrozen ETH microcosms (nFT-ETH; 90.6% ± 6.5%, 87.5% 

± 1.5%) had removed slightly more sulfate than FT-ETH microcosms by the completion of the 

incubation (88.5% ± 1.5%, 81.2% ± 1.3%), a trend that was more significant in TR2. Sulfate loss 

from solution was first observed in most microcosms following a short lag period of 8-12 days, 
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accompanied by the formation of black precipitates commonly associated with insoluble metal-

sulfides (Fan et al., 2018; Li et al., 2006; Ramamoorthy et al., 2006; Saalfield and Bostick, 

2009). Microcosms amended with SO4
2-

 and As(V), but not with ethanol (SUF) did not exhibit 

detectable loss of sulfate from solution or the appearance of black precipitates by day 30 of either 

TR1 or TR2 (Figure 8). A small delay in sulfate removal occurred for FT-ETH microcosms 

compared to nFT-ETH microcosms, with detectable sulfate disappearance beginning ~2-3 days 

later. As a result, between Days 8 and 19, SO4
2- removal rates for FT-ETH microcosms were 

approximately 0.08-0.09 mM SO4
2- day-1 lower than nFT-ETH microcosms. Interestingly, there 

was an increase in aqueous sulfate in As(V)-SO4
2--amended microcosms (SUF) by day 36; it is 

not fully understood why this occurred. 

Figure 7. Anaerobic CO2 production during 36- and 30-day incubations of amended runoff-contaminated wetland sediment 

(RCW) microcosms, conducted as two time replicates. Error bars represent standard deviation. Abbreviations: FT - freeze-thaw 

exposed; nFT - no exposure to freeze-thaw cycling; ARS – 1mM arsenate; SUF – 1mM arsenate + 10mM SO4; ETH – 1mM 

arsenate + 10mM SO4 + 15mM ethanol 
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The pH values for all treatments were taken at days 1, 6, and 30 (Table 5). All treatments 

experienced an increase in pH over the first 30 days of the experiment. Microcosms amended 

with As(V), SO4
2-, and ethanol exhibited the largest increases in pH (+1.05-1.17) compared to 

those with only As(V), (ARS, +0.68-0.98) or As(V) and SO4
2- (SUF, +0.89-0.99). This is likely 

influenced by the presumed reduction of sulfate occurring in ETH microcosms, which is known 

to consume protons resulting in an increase in pH (Sánchez-Andrea et al., 2014). Ethanol 

amended microcosms also tended to have a greater portion of the total pH increase occurring in 

the first six days of the incubation compared to ethanol-free microcosms which tended to have 

the majority of the increase in the final 24 days. Additional pH sample points were taken on Day 

14 of the incubation, but subsequently it was determined that there was a fault in the pH probe 

for this sample period and therefore the data was not included. 

Although the media contained As(V) at an initial concentration of ~138 mg/L (1mM), the 

total amount of arsenic in solution at time 0 may have been higher due to dissolution from 

sediment during pre-incubation temperature cycling or refrigeration. After 24 hours of incubation 

(sample Day 1), aqueous arsenic concentrations had decreased to 50-82 mg/L. For all amended 

treatments, aqueous arsenic, iron, and calcium concentrations increased during incubation, while 

only microcosms amended with arsenate, sulfate, and ethanol (ETH) showed a subsequent 

plateau or reduction in aqueous element concentrations (Figure 8). There was a decrease in 

dissolved arsenic in ethanol-amended microcosms between days 19 and 36. This trend coincides 

Table 5. Average solution pH of amended RCW sediment microcosms over the first 30 days of incubation 

Treatment 
Average pH values 

Day 1 Day 6 Day 30 Δ Days 1-6 Δ Days 6-30 Δ Total 

FT-ARS 5.78 ± 0.05  5.89 ± 0.11 6.76 ± 0.06 +0.11 +0.86 +0.98 

FT-SUF 5.92 ± 0.01 6.15 ± 0.11 6.91 ± 0.12 +0.23 +0.76 +0.99 

FT-ETH 6.03 ± 0.07 6.76 ± 0.04 7.20 ± 0.08 +0.73 +0.44 +1.17 

nFT-ARS 6.10 ± 0.09 6.28 ± 0.07 6.78 ± 0.06 +0.18 +0.51 +0.68 

nFT-SUF 5.92 ± 0.04 6.06 ± 0.1 6.81 ± 0.06 +0.15 +0.74 +0.89 

nFT-ETH 6.00 ± 0.06 6.70 ± 0.03 7.05 ± 0.07 +0.70 +0.35 +1.05 

Abbreviations: RCW- runoff contaminated wetland; FT - freeze-thaw exposed; nFT - no exposure to freeze-thaw cycling. 

Treatments: ARS – 1mM arsenate; SUF – 1mM arsenate + 10mM SO4; ETH – 1mM arsenate + 10mM SO4 + 15mM ethanol 
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with the decrease in aqueous iron, calcium, and sulfate also seen in ETH microcosms between 

days 19 and 36. Conversely, there was an increase in aqueous arsenic, iron, and calcium 

beginning from day 1-7 until the completion of the incubation period for all ARS and SUF 

microcosms.  

In addition to total arsenic, 0.45 µm filtered samples from three time points (days 1, 12, 

and 30) from treatments SUF and ETH were analyzed to assess inorganic As(III) and As(V) 

(Figure 9). An unamended microcosm set was used as the control. Results show that As(III) 

increased and As(V) decreased significantly over the duration of the experiment for treatments 

SUF and ETH.  
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Figure 8. Aqueous concentrations of select elements during two amended microcosm incubation experiments. Time replicate 

1 (TR1) is shown in the left column, and time replicate 2 (TR2) is shown in the right column. Error bars represent standard 

deviation. Abbreviations: FT - freeze-thaw exposed; nFT - no exposure to freeze-thaw cycling; ARS – 1mM arsenate; SUF – 

1mM arsenate + 10mM SO4; ETH – 1mM arsenate + 10mM SO4 + 15mM ethanol 
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For non-amended control microcosms, both FT and nFT sets experienced increases in 

As(III) (FT; +788 ± 75 mg/L, nFT; +225 ± 120 mg/L) while FT showed an increase in As(V) 

and nFT showed a decrease. Concentrations of As(V) on Day 1 were lower for nFT SUF and 

ETH microcosms (41.8 ± 6.7 mg/L) than those exposed to FT (54.8 ± 3.3 mg/L). Concentrations 

of As(III) on Day 30 were also lower for nFT microcosms (15.8 ± 0.9) compared to FT exposed 

microcosms (19.4 ± 2.0). Interestingly, there was a considerable spike in As(III) for the FT 

control replicates (increase of 8.88 ± 0.69 mg/L) between days 1 and 12 that had declined by day 

30 (decrease of 6.52 ± 0.57 mg/L). This could not be explained by a related drop in As(V), and 

the trend was not observed in any other microcosm set. Overall, there was a negative correlation 

between concentrations of aqueous As(III) and As(V) in SUF and ETH amended microcosms.   

These results indicate that FT may have caused an increase in the amount of inorganic 

arsenic being cycled in the aqueous phase of SUF and ETH incubations, a trend that did not 

appear from the total soluble arsenic data (Figure 8) that found no correlation between FT and 

arsenic concentration. Additionally, the sum of As(III) and As(V) is notably lower than 

previously determined total soluble arsenic for all microcosms at all time points; it is possible 

that some dissolved arsenic chelated with soluble organic matter. 

 

Figure 9. Aqueous As(III) and As(V) concentrations in amended microcosms at three points during a 30-day incubation. Error 

bars represent standard deviation. Abbreviations: FT - freeze-thaw exposed; nFT - no exposure to freeze-thaw cycling; ARS – 

1mM arsenate; SUF – 1mM arsenate + 10mM SO4; ETH – 1mM arsenate + 10mM SO4 + 15mM ethanol 
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 Changes in the distribution of As and Fe in wetland sediments after FT cycling 

Sequential extraction was used to analyze sediment post-incubation in order to 

investigate whether FTC and the addition of ethanol impact the distribution of arsenic and iron 

among different solid fractions. Due to the natural heterogeneity of RCW sediment, total 

concentrations of arsenic and iron varied significantly between microcosms (up to 15%). A large 

variation in total arsenic and iron concentrations also exists between pre-incubation bulk 

sediment (12,994 mg/kg As; 47,268 mg/kg Fe) and post-incubation microcosm sediment (7139-

9939 mg/kg As; 29,168-39,011 mg/kg Fe), likely due to dissolution of solid-associated elements. 

To control for this, arsenic and iron in each fraction were expressed as a percentage of the sum of 

fractions within their respective microcosm, with post-incubation changes in fractions reported 

as ΔAs and ΔFe (Figure 10).  

After incubation, the concentrations of arsenic and iron in the organic fraction and in the 

poorly crystalline Fe-(hydr)oxide fraction (Fraction 4), were lower for all microcosms (Fraction 

2), indicating the loss of these elements from their respective solid fractions during the 

incubation period. In contrast, the concentrations of arsenic and iron were higher in the acid 

volatile sulfide fraction (Fraction 3). The microcosms that contained ethanol showed the most 

consistent and substantial changes in arsenic concentration, with decreases in Fraction 2 (-ΔAs 

8.96%-11.26%) and Fraction 4 (-ΔAs 10.88%-13.96%), and increases in Fraction 3 (+ΔAs 

16.49%-21.33%) and Fraction 5 (+ΔAs of 5.76%-7.52%). For ethanol amended microcosms, the 

changes in the concentrations of iron in different sediment fractions were similar to the changes 

in arsenic concentrations: a decrease in Fraction 2 (-ΔFe 7.28%-9.63%) and Fraction 4 (-ΔFe 

7.18%-10.32%), and a large increase in Fraction 3 (+ΔFe 17.18%-20.12%). In comparison to 

treatments that received only arsenate and sulfate (ARS and SUF), the ethanol-amended 

microcosms had significantly larger increases in arsenic and iron in Fraction 3. For most 

fractions, the differences in ΔAs and ΔFe between FT and unfrozen microcosms of the same 

treatment were either not significant or were relatively small (ie. less than 1%).  

Although some triplicate samples were found to have substantial variance in their results 

for ΔAs and ΔFe, exhibited by large error bars, the two elements were positively correlated 

under most conditions. To test this, Spearman’s correlation and Spearman’s rank significance 

table were used. Data was tested amongst individual fractions (Fractions 1-6),  
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Figure 10. Percentage change in sediment As and Fe fractions between pre-incubated and post-incubated runoff-contaminated 

wetland (RCW) sediment. Error bars represent standard deviation. Abbreviations: FT - freeze-thaw exposed; nFT - no exposure 

to freeze-thaw cycling; ARS – 1mM arsenate; SUF – 1mM arsenate + 10mM SO4; ETH – 1mM arsenate + 10mM SO4 + 15mM 

ethanol. Fraction 1 – soluble and exchangeable; Fraction 2 – organic-associated; Fraction 3 – acid-volatile sulfides and very 

poorly crystalline iron (hydr)oxides; Fraction 4 – poorly crystalline iron (hydr)oxides; Fraction 5 – sulfides; Fraction 6 – 

crystalline iron minerals 
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amendment type (ARS, SUF, or ETH), temperature conditions (FT and non-FT), and as a total 

grouping of all data points (Figure 11). Overall, strong significant positive correlation (rs = 

0.891, p < 0.01) was found between ΔAs and ΔFe. In all cases, the correlation was at least 

moderately positive (rs > 0.6), with most very strongly positive (rs > 0.8). Fractions 2, 3, and 4 

(rs = 0.932, 0.984, and 0.942, respectively), representing the organic, poorly crystalline iron, and 

acid-volatile sulfide associated fractions, showed significant, very strong positive correlation 

between ΔAs and ΔFe. Fractions 1, 5, and 6, (rs = 0.750, 0.645, and 0.628, respectively) 

representing the soluble, sulfide, and crystalline iron associated fractions, showed significant but 

weak positive correlation for these two elements. The ΔAs and ΔFe in ethanol-free treatments 

ARS and SUF (rs = 0.891 and 0.930) were correlated more strongly than ethanol-containing 

treatment ETH (rs = 0.809); ethanol amended microcosms tended to cluster closer than ethanol-

free microcosms (Figure 12). Additionally, ΔAs and ΔFe in microcosms exposed to FT cycling 

showed a weaker correlation compared to unfrozen microcosms (rs = 0.826 versus 0.899).  
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Figure 11. Correlation plots depicting the changes that occurred in fractional iron concentration (ΔFe) and arsenic concentration 

(ΔAs) between pre- and post-incubation sediment. Abbreviations: ARS – 1mM arsenate; SUF – 1mM arsenate + 10mM SO4; 

ETH – 1mM arsenate + 10mM SO4 + 15mM ethanol; Fraction 1 – soluble and exchangeable; Fraction 2 – organic-associated; 

Fraction 3 – acid-volatile sulfides and very poorly crystalline iron (hydr)oxides; Fraction 4 – poorly crystalline iron (hydr)oxides; 

Fraction 5 – sulfides; Fraction 6 – crystalline iron minerals 
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To further investigate the connection between arsenic and iron, as well as investigate the 

relationship of sulfate and arsenic in sediment, scanning electron microscopy with electron 

dispersive x-ray spectroscopy (SEM-EDX) was used to assess the solid phase at the end of the 

incubation period. Sediments from four microcosms were investigated: nFT-ARS, nFT-ETH, 

FT-ETH, and a formaldehyde-inhibited, ethanol-amended microcosm denoted X-ETH. Between 

five to nine areas were analyzed per sample, termed points of analysis (PoA). The x-ray data for 

the three growth microcosms (nFT-ARS, nFT-ETH, FT-ETH) showed that arsenic was 

correlated strongly with sulfur enrichment [r(20) = .908, p < 0.01], while iron was determined 

had no apparent correlation with As [r(20)= -.489, p < 0.05]. Data for PoA exclusively from 

sediment nFT-ARS, which did not receive sulfate amendment during incubation, still shows a 

positive correlation between As and S [r(6) = .896, p <0.05] and no significant correlation 

between As and Fe. In comparison, the inhibited microbial control, X-ETH, exhibited no 

significant relationship between As and either S or Fe. In addition, the strong negative 

correlation between O and As [r(28)= -.933, p < 0.01] and O and S [r(28)= -.943, p < 0.01] for 

the analyzed areas may be indicative for the presence of arsenic-sulfide minerals such as realgar 

(As4S4) and orpiment (As2S3). To relate mineral composition to the elements detected in these 

samples, normalized mass ratios of As, Fe, and S were converted to molar ratios (Table 6). 
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Figure 12. Modified scatterplot depicting ΔAs against ΔFe for each fraction in ethanol-amended microcosms. The clustering of 

samples is significantly clearer than other amendments. Abbreviations: Δ – change in proportion; As – arsenic; Fe – iron; ETH – 

1mM arsenate + 10mM SO4 + 15mM ethanol 
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Table 6. Mass and molar data for select EDX analysis points on post-incubation sediments. Elements with data 

include oxygen (O), sulfur (S), iron (Fe), and arsenic (As).  

Numerous PoA were found to have S:As molar ratios similar to common arsenic sulfide 

minerals; ie. PoA 3 (0.98:1), 14 (1.05:1), and 18 (0.95:1) are similar to realgar (As4S4; 1:1), and 

PoA 13 (1.5:1) is the same as in orpiment (As2S3; 1.5:1). Many PoAs had S/As ratios that fall 

slightly above, below, or between commonly known ratios, ie. PoA 6, 7, and 8  

Normalized mass concentration (%) Molar ratio 

Amendment code 
Point of  

Analysis (PoA)  O S Fe As 

S/As Fe/As 

FT-ETH  

1 39.7 3.8 5.9 0 - - 

2 21.5 15.8 4.4 20.8 1.77 0.28 

3 22 19.1 4.5 16 2.79 0.38 

4 4.4 24.3 0.6 58.1 0.98 0.01 

5 38 4.7 7.5 1.5 7.32 6.71 

6 5 26.4 0.9 50.6 1.22 0.02 

7 10.9 21.4 2.9 41.8 1.20 0.09 

8 12.4 20.1 2.7 38 1.24 0.10 

9 31.6 7.3 0 8.2 2.08 0.00 

nFT-ARS 

10 5.1 21.2 0 55.1 0.90 0.00 

11 39.5 3.3 0 0 - - 

12 7.1 19.1 0.7 52.7 0.85 0.02 

13 8.6 20.9 0 32.5 1.50 0.00 

14 19.4 12.1 7.6 27 1.05 0.38 

15 9.1 22.2 1.2 44.3 1.17 0.04 

nFT-ETH 

16 8.4 22.3 0 46.2 1.13 0.00 

17 23.6 14.5 0.6 16.3 2.08 0.05 

18 5.5 22.2 0 54.8 0.95 0.00 

19 25.6 7.8 18.1 6 3.04 4.05 

20 15.1 12.4 0.8 25.6 1.13 0.04 

X-ETH 

21 28.7 6.5 17.7 27 0.56 0.88 

22 31.1 5.2 17.6 24.7 0.49 0.96 

23 37.9 5.5 16.4 0 - - 

24 34.7 0 14.1 19.3 0.00 0.98 

25 25.8 10.8 26.1 12.1 2.09 2.89 

26 11.5 17.2 5 42.1 0.95 0.16 

27 25.2 7 7.3 16.3 1.00 0.60 

28 40.6 2.7 0.7 0 - - 

Abbreviations: FT – freeze-thaw exposed; nFT – no exposure to freeze-thaw cycling; X – Formaldehyde inhibited; ARS – 

1mM arsenate; SUF – 1mM arsenate + 10mM SO4; ETH – 1mM arsenate + 10mM SO4 + 15mM ethanol 
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(S:As of 1.20:1 – 1.24:1). This may be due to the semi-quantitative nature of EDX, where 

analysis points may not be focused on single mineral particles and as such may include colloids 

of nanoparticles consisting of multiple minerals. Non-growth-inhibited PoA (FT-ETH, nFT-

ARS, nFT-ETH) with detectable levels of arsenic had either low Fe:As ratios (11/18 PoA 

<0.4:1), extremely high ratios (2/18 PoA >4:1) or non-existent ratios (5/18 = 0, due to no Fe 

being detected). It would also be reasonable to expect sulfur and iron to form pyrite and other Fe-

sulfides, but it is possible that existing iron could not be mobilized from sediment, limiting 

available iron for this process. In comparison, four of six PoA in growth-inhibited X-ETH 

sediment exhibited Fe:As ratios between 0.5:1 and 1:1. It should be kept in mind that the 

minerals that were assessed could have already existed in the sediment. However, the differences 

between the X-ETH treatment and the growth treatments suggests that the incubation conditions 

led to precipitates with lower proportion of iron relative to arsenic. 

 

  Bacterial community structure 

  To assess the impacts of carbon amendment and FT cycling on microbial community 

composition, I applied 16S rRNA gene analysis to unaltered sediment from the RCW site (field 

samples) and amended microcosm sediments. Table 7 displays species richness, Shannon- 

Weiner index and Simpson’s diversity values to display the effect of treatment on diversity. All 

treatments except for nFT-ARS experienced a decrease in species richness from field samples 

Table 7. Richness and diversity values of microbial community 16S rRNA genes. 

Sample Richness Shannon diversity Simpson’s diversity 

Time 0/Field Samples 380 5.08 0.982 

FT – ARS 355 5.12 0.989 

FT – SUF 310 5.05 0.998 

FT – ETH 366 4.91 0.982 

nFT – ARS 412 5.28 0.990 

nFT – SUF 368 5.19 0.989 

nFT – ETH 323 4.98 0.985 

Abbreviations: FT – freeze-thaw exposed; nFT – no exposure to freeze-thaw cycling; Amendment A – 1mM arsenate; 

Amendment B – 1mM arsenate + 10mM SO4; Amendment C – 1mM arsenate + 10mM SO4 + 15mM ethanol 
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after the full incubation period. Additionally, ETH treatments were identified to have the lowest 

Shannon and Simpson’s diversity values of their respective temperature exposure; this may be a 

result of selectively enhancing the growth of a ethanol using bacteria. It should be mentioned that 

project restrictions limited 16S rRNA gene analysis to a relatively small sample size (n=16), and 

while the quality of the samples was adequate, the quantity weakens the statistical certainty of 

our genomic trend analysis. Nevertheless, trends that can be identified and that are relevant will 

be discussed. 

Results show notable similarities in abundance data at the order level between nFT and 

FT, and between ARS and SUF treatments (Figure 13). Acidobacteriales and Rhizobiales make 

up the two largest orders for ethanol-free microcosms ARS and SUF, while ethanol-amended 

microcosms (ETH) showed a strong increase in the abundance of Desulfuromonadales. The 

major contributing genus of the Desulfuromonadales, Geobacter, had the greatest increase in 

abundance in ethanol-amended microcosms, ranging from 16.74% - 23.38% in ETH microcosms 

compared to 1.16% - 3.76% in ARS and SUF microcosms. Geobacter was also found 

consistently throughout field site sediment samples at an average abundance of 3.49% ± 2.71%. 

In addition, SIMPER analysis shows that ethanol amendment is responsible for 48.9% of the 

total difference in microbial community composition between SUF microcosms and ETH 

microcosms. Iron-reducing genus and strict anaerobe Geothrix was also notably present in 

sediment (1% - 4% relative abundance). Interestingly, aerobic, iron-oxidizing genera such as 

Gallionella, Rhodoferax, and Hyphomicrobium were present in sediment at the completion of the 

incubation period, even though conditions were maintained anoxic. 
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Figure 13. Relative abundance barplots for Phyla and Order levels of communities from pre- and post-incubated runoff-

contaminated wetland (RCW) site sediments, determined from 16S rRNA sequences. Time 0 represents pre-incubated sediment, 

while all others were extracted post-incubation. Abbreviations: FT - freeze-thaw exposed; nFT - no exposure to freeze-thaw 

cycling; ARS – 1mM arsenate; SUF – 1mM arsenate + 10mM SO4; ETH – 1mM arsenate + 10mM SO4 + 15mM ethanol 
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 Discussion 

 Potential for arsenic remobilization in RCW sediment 

The former Long Lake gold mine is one of many contaminated legacy sites in Canada 

that may benefit from in-situ bioremediation strategies. The Ministry of Energy, Northern 

Development and Mines (ENDM) has previously reported the need for remediation of tailings 

leachate from major tailings area 1 (TA-01) (Ministry of Energy, Northern Development and 

Mines, 2019). Our study shows that runoff from Luke Creek which drains from TA-01 is causing 

high concentrations of arsenic at the wetland site RCW adjacent to the Creek. The fact that the 

BW sediment also contains elevated concentrations of arsenic though it is located 100m away 

from the bank of Luke Creek suggests that elevated concentrations of arsenic may extend beyond 

the areas immediately proximate to TA-01 or Luke Creek (see Figure 1), although we cannot rule 

out naturally high background concentrations. The ENDM report focuses on limiting the 

introduction of new tailings leachate into Luke Creek to inhibit arsenic delivery to Long Lake 

downstream, but it does not discuss the potential for the remobilization of arsenic minerals and 

precipitates that have accumulated in the surrounding areas; this is one area our study looks to 

address. 

The total element concentrations do not provide information on the lability and 

bioavailability of arsenic, therefore sequential extraction was used to separate arsenic and iron 

into six operationally distinct pools with varying degrees of resistance to dissolution. Studies 

have shown that arsenic adsorbed to, or bound within, organic matter, poorly crystalline iron 

hydroxides, or acid volatile sulfides is subject to remobilization by oxidation from iron- or 

sulfate-oxidizing bacteria, exposure to oxygen, or decreases in pH (Chen et al., 2020; Filippi et 

al., 2015; O’Day et al., 2004). The introduction of oxygen threatens the stability of precipitates in 

previously anoxic sediments not only due to direct oxidation by O2, but also through the 

establishment of iron and sulfur oxidizing bacterial communities (Rios-Valenciana et al., 2017; 

Salzsauler et al., 2005).  

The seasonal element cycles at the Long Lake wetland may leave sediment susceptible to 

the introduction of oxygen when periods of freezing restrict water flow, resulting in lower 

surface water cover. Previous studies have shown that seasonal variation in water cover or water 

flow in arsenic laden wetlands, streams, and aquifers influences the release of arsenic from 
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sediments (Moncur et al., 2014; Sathe et al., 2018; Stollenwerk, 2005; Veloso et al., 2019). 

Furthermore, as temperatures approach freezing in the fall, microbial activity decreases, while 

water carrying oxygen to the wetland continues. As a result, oxygen that would usually be 

consumed by microbes can diffuse deeper into surface sediment causing oxidation of reduced 

As, Fe and S. Subsequently, spring freshet may result in a large flush of effluent from tailings 

previously immobilized in ice during the winter months (Moncur et al., 2014; Søndergaard et al., 

2012). A study of river water that runs through a surface exposed sulfidic ore deposit in North 

Greenland found that 41% of yearly iron discharge occurred just three weeks after first spring 

melt, supporting the importance of early spring conditions on downstream water quality 

(Søndergaard et al., 2012). Therefore, because the RCW sediment was determined to have the 

majority of arsenic in the fractions containing organic matter and loosely crystalline iron and 

sulfide minerals (Fractions 2, 3 and 4; 76.92%), spring thaw is a serious potential threat for 

arsenic remobilization at this site. According to the environmental conditions at the RCW site 

(pH 5-6), released arsenic would be expected to exist mainly in solution as H3AsO3 species if 

conditions were reducing and H2AsO4
- if they were oxidizing; both are cytotoxic at 

concentrations a fraction of what could be released at this site (Lu and Zhu, 2011; Sharma and 

Sohn, 2009) 

Arsenic coordinated in crystalline iron and sulfide minerals such as arsenopyrite (FeAsS), 

realgar (As4S4), or orpiment (As2S3) are more resistant to proton- and ligand-associated 

dissolution than are organic matter and the poorly crystalline minerals discussed above (Rickard 

and Morse, 2005). Total sulfur concentrations and sulfur species in the sediment could not be 

analyzed in this study due to Covid-19 restrictions on research, but the proportion of As (18.31% 

± 1.73%) and Fe (14.43% ± 2.18%) in the sulfide fraction (Fraction 5) lends support that 

crystalline sulfide minerals such as orpiment may contribute to arsenic immobilization. It is 

important to note that the RCW sediment is capable of generating insoluble, amorphous phases 

of arsenic and iron because these are known to structurally transform into crystalline minerals 

such as pyrite or orpiment over time (Dixit and Hering, 2003; Rochette et al., 1998). Despite this, 

the low concentrations of arsenic and iron in Fraction 6 indicates that if there is a transformation 

of amorphous arsenic and iron to mineral forms, they do not remain in surface sediment. This 

may be because amorphous phases of arsenic and iron undergo cycles (possibly seasonally) of 

dissolution and reprecipitation, preventing mineralization. 



46 

 

Organic matter (OM) has been shown to affect arsenic solubility depending on OM 

composition; high molecular weight, insoluble OM can decrease soluble As(III) and As(V) 

through adsorption, while low molecular weight, dissolved OM tends to increase solubility by 

creating soluble complexes with inorganic arsenic or competing for adsorption sites on Fe 

(hydr)oxides (Chen et al., 2002; Sharma and Sohn, 2009; Stollenwerk, 2005; Thanabalasingam 

and Pickering, 1986). Dissolved, cationic arsenic (As3+, As5+) may be immobilized by 

complexing with negatively charged functional groups on insoluble organic matter, such as 

carboxylate and phenolate groups (Tipping, 2002). Organic material has also shown to trap 

mineral flocs containing co-precipitated or adsorbed arsenic, promoting the formation of larger 

and less soluble organic-mineral aggregates (Veloso et al., 2019). Studies have also shown that 

subsequent FT cycles can result in the breakdown of organic matter, causing the release of 

associated minerals (Kim et al., 2017; Pokrovsky et al., 2018). Because organic carbon was not 

assessed in this study it may be suggested that due to the relatively high proportion of As 

(16.89% ± 0.92%) and Fe (17.82% ± 0.96%) within the insoluble organic fraction, insoluble OM 

such as partially decomposed plant tissue plays an important role in sequestering these elements.  

 Overall, the findings presented by preliminary analysis of iron and arsenic in RCW and 

BW site sediments show a strong relationship between iron and arsenic, especially in the organic, 

poorly crystalline iron, and acid volatile sulfide containing fractions. Data suggests that arsenic is 

immobilized through a combination of both surface adsorption and amorphous mineral co-

precipitation. These findings also provided a baseline for comparison when investigating the 

effects of FT cycling and ethanol amendment on arsenic mobility in the following incubation 

studies. 

 

 Native microbes drive the reduction of aqueous Fe(III) and SO4
2-   

The preliminary incubation studies assessed the ability of the native microbial consortium 

in the sediment to reduce sulfate and Fe(III) under anoxic conditions. At the same time, we tested 

acetate and ethanol as C sources for biostimulation of sulfate and Fe(III) reduction. The results 

showed that incubation of the sediment microbes with either Fe citrate or ferrihydrite resulted 

mostly in the production of black precipitates, presumably iron sulfides. In contrast, microcosms 

incubated at pH 7 with amended ethanol in addition to acetate produced white precipitates, 
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which may be indicative for ferrous carbonate, siderite (FeCO3) (Cummings et al., 2000; Jones et 

al., 2006). Siderite may have formed as the result of rapid iron reduction and increased aqueous 

bicarbonate concentrations from metabolism of ethanol (Cummings et al., 2000; Lynch et al., 

2014). The initial increase in Fe2+ in solution supports that Fe(III) reduction took place; however, 

it is not possible to rule out that hydrogen sulfide (HS-) produced by SRB acted as a reductant 

and reduced Fe(III) to Fe2+ in solution. Despite standard redox towers suggesting Fe3+ is 

thermodynamically more favourable as a terminal electron acceptor, several sediment incubation 

studies have shown that SRB can perform dissimilatory sulfate reduction prior to or 

concomitantly with microbial Fe3+ reduction (Hansel et al., 2015; Komlos et al., 2008; Koretsky 

et al., 2003; Li et al., 2006). Additionally, although the respiration of crystalline forms of iron 

such as ferrihydrite is a relatively poor method of obtaining energy, dissimilatory iron reducing 

bacteria (DIRB) such as Shewanella putrefaciens CN32 or Geobacter sulfurreducens have been 

shown to do so even in nutrient poor conditions (Glasauer et al., 2003; Straub and Schink, 2004). 

Confirming that the capability of the microbial community to drive iron and sulfate reduction 

allowed us to move forward with sediment incubation experiments. 

To investigate the impacts of FT cycling on arsenic and iron mobilization, I incubated the 

native wetland soil from the site adjacent to Luke Creek (RCW) and the soil from the site further 

from Luke Creek (BW) that was relatively unimpacted to assess changes in microbial respiration 

and water and sediment chemistry.  To understand how the soil microbial community would 

respond to FT cycling the first round of incubation studies applied FT cycling to both sediments 

as the only variable. The second set of sediment incubations aimed to directly address the 

objective of assessing the influence of ethanol on arsenic mobilization, but also included FT 

cycling as a variable. 

 

 Sediment microcosms are capable of recovering from FT cycling 

Arsenic liberation may occur due to FT cycling through the release of adsorbed As(III) or 

As(V) during physical breakdown of insoluble organic-metal colloids, introduction of oxygen to 

the anoxic sediment-water interface, and inhibition of sulfate-reducing bacteria (Feng et al., 

2007; Kim et al., 2017; Xu et al., 2016). It is well stated in literature that microbial activities are 

strongly influenced by temperature, and as temperature drops below the optimum temperature 
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for growth, microbial activity decreases (Nedwell, 1999). Studies that have exposed arctic, 

subarctic or temperate climate sediment to FT cycling are largely inconclusive on the overall 

effect to microbial communities. Some have found that sustained disruption to microbial 

communities occurs, either through a loss of diversity or reduced activity (Larsen et al., 2002; 

Schimel and Clein, 1996), while others have found that there is little lasting effect (Eriksson et 

al., 2001; Juan et al., 2018; Lim et al., 2020; Männistö et al., 2009).  

Our studies found that FT cycling had some immediate, but minimal long-term effects on 

the respiratory (evaluated from CO2 production) capacity of the microbial community. In 

unamended microcosms, FT exposed sediment experienced a small but immediate delay in 

respiration compared to nFT microcosms, but by the end of the incubation period there were no 

differences in respiration rates between the two. Similarly, microcosms amended with ethanol, 

sulfate and/or As(V) showed no reproducible differences between FT and nFT microcosms. 

Interestingly, FT exposure resulted in an increase in relative CH4 production in unamended BW 

sediment incubations, suggesting that FT cycling was advantageous to fermentative microbes or 

disadvantageous to CO2 producing microbes in this sediment. Some studies have reported a 

microbially-related flush of CO2 immediately after FT cycling, at least in part due to release of 

easily accessible carbon substrates from destruction of soil organic matter or microorganisms, 

however this was not apparent in our study (Herrmann and Witter, 2002; Kurganova et al., 2007; 

Schimel and Clein, 1996).  

The solutions in the incubation bottles were less cloudy after freeze-thawing, which may 

be a result of FT-induced formation of less soluble organic and metal complexes (Kim et al., 

2017). A study which looked at iron and OM solubility in circumneutral fen water found that 

after 10 FT cycles of Fe and dissolved organic matter (DOM) enriched water, up to 85% of iron 

and 25% of DOM had been removed from solution (Pokrovsky et al., 2018). Liquid extracts 

from our unamended microcosm experiment analyzed for Fe(II), along with visual observations, 

supported the findings of the study by Pokrovsky et al. (2018) and revealed that FT cycling did 

result in lower aqueous Fe(II) concentrations for RCW sediment microcosms. This was observed 

as an unexpected beneficial outcome for FT cycling in the scope of metal immobilization. 

Further studies would be useful to investigate the connection between Fe-DOM colloids 

produced during FT cycling and the inclusion of other target elements such as arsenic.  In the 
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amended microcosm studies, FT cycling was not found to have lasting effects on transformations 

or solubility of arsenic, iron, or calcium within our microcosm environment compared to 

unfrozen treatments. There is a possibility that because microcosms were completely anaerobic 

during FT cycling , the impacts of oxygen which would normally be present were excluded. This 

could not be avoided as anoxic conditions were needed to preserve the strict anaerobic sulfate 

reducers within the sediment. 

It is important to note that the critical period for release of arsenic is immediately after 

thawing, during microbial recovery. Conducting the sediment incubations over a 4-6 week period 

allowed us to observe the recovery of microbial activity and the related changes to sediment and 

solution chemistry, but it is possible that we did not capture changes occurring on short time 

scales of hours to several days immediately following thawing. Ultimately, our study suggests 

that microbial activity recovers from stress related to FT cycling within 1-2 weeks and the 

system adjusts in the long term to retain arsenic after exposure to conditions that mimic spring 

thaw. Our results suggest that arsenic may be vulnerable in the short term to release from 

sediment due to FT cycling, but this needs to be further investigated. 

 

 Ethanol stimulates microbial activity independently of FT cycling 

A common way to stimulate microbial activity within a natural system is through the 

addition of a carbon source, with the assumption that with all other nutrients considered, easily 

accessible carbon is a limiting factor for growth (Skousen et al., 2017). For anoxic environments 

that contain sulfate and elements of potential concern, the microbial community of most interest 

is sulfate reducing bacteria (SRB). Sulfate-reducing bacteria use an electron transport chain to 

couple the oxidation of a carbon source to the reduction of sulfate in a process called 

dissimilatory sulfate reduction. Bacteria generally catabolize ethanol to CO2 through two main 

intermediates, acetaldehyde then acetate (Keller et al., 2019; Tagaino et al., 2019). Some 

bacterial species lack a mechanism for the oxidation of acetate, resulting in acetate being 

released as an end product; acetate may then also be used as a carbon source for other SRB 

(Dworkin et al., 2006; Kousi et al., 2011).  
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Previous studies have stated the correlation between labile carbon substrate addition 

(most commonly lactate, acetate, or ethanol), increased respiration rates, improved sulfate 

removal, and metal precipitation from solution (Kaksonen et al., 2003; Kousi et al., 2011; 

Oyekola et al., 2010; Sahinkaya et al., 2009; Velasco et al., 2008). Ethanol was chosen as a 

simple carbon substrate due to its proven efficacy, usage by a large number of SRBs, and its cost 

effectiveness, meaning these findings are more applicable for large scale in situ systems (Kousi 

et al., 2011; Rodriguez-Freire et al., 2016; Sahinkaya et al., 2009; Velasco et al., 2008). Complex 

carbon substrates such as wood chips or hay are easily available and cost effective, but are not 

rapid growth solutions as they must be first broken down by other groups of bacteria into simpler 

substrates for use by SRBs (Juwarkar et al., 2010; Santini et al., 2010). 

Ethanol had a clear connection to increased microbial activity, shown by significantly 

greater CO2 production in ETH-microcosms. These treatments were also the only ones to exhibit 

removal of sulfate from growth media (mean 86.9% ± 0.522% removal by day 36). Because 

aqueous sulfate removal in arsenate + sulfate SUF-microcosms did not occur, ethanol is posited 

to be the key variable that is driving sulfate removal. The decision to utilize a 1.5:1 chemical 

oxygen demand (COD)/SO4
2- ratio in the form of a 15 mM ethanol and 10 mM sulfate 

amendment is based on previous research reporting optimal sulfate removal is achieved in the 

range of a 1.5-2.5/1 ratio in similar SRB driven systems (El Bayoumy et al., 1999; Velasco et al., 

2008). Our results show that this ratio was effective in eliciting sulfate reducing activity, 

although we did not investigate other ratios. I could infer that sulfate removal was microbially-

driven in the incubation studies, rather than purely abiotic based on comparison with treatments 

that contained formaldehyde. If the sulfate removal process was driven through exclusively 

abiotic reactions induced by ethanol, then inhibited ETH-microcosms would be expected to 

exhibit similar sulfate removal rates as non-killed ETH-microcosms. 

During the incubations, the increased release of arsenic and iron may be a result of 

bacterial iron reduction being enhanced by ethanol, which can result in the release of arsenic 

adsorbed to iron oxides (Chapelle and Lovley, 1992; Lee et al., 2019). This explanation is even 

more likely when considering the relative abundance of iron-reducing Geobacter compared to 

other bacterial groups in ETH-amended microcosms. More importantly, all ethanol-amended 

triplicate samples showed a reversal in aqueous concentrations of iron, arsenic, and calcium (or a 
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flatline in the case of nFT-ETH; Figure 7) after the mid-incubation maximum. This trend 

coincides with the observed timeline of sulfate reduction, suggesting that the creation of metal 

sulfide precipitates may have acted to co-precipitate with or adsorb iron, arsenic, and calcium, as 

seen in similar microcosm studies (Briones-Gallardo et al., 2017; Drahota et al., 2017; Gramp et 

al., 2010; Hwang and Jho, 2018; Kousi et al., 2011; Velasco et al., 2008). At the inflection point 

of iron, arsenic, and calcium release, the solid and aqueous phases could reach some 

undetermined equilibrium and the rate of sulfide production may act to co-precipitate metals at a 

greater rate than the rate of dissolution. The consumption of protons during the presumed 

reduction of sulfate is one potential reason for a greater increase in pH, as well as a higher final 

pH in ETH microcosms compared to ARS or SUF microcosms; precipitation of Fe3+ with sulfide 

may also contribute to a pH increase (Cummings et al., 2000). Overall, this study found that of 

the variables examined, ethanol addition had by far the most significant influence on microbial 

respiration, As and Fe mobility, and sulfate reduction.  

 

 Interplay between sulfur, iron, and arsenic in sediment 

As previously discussed, it is not just the total amount of arsenic in the RCW sediment 

that is of concern, but also its apparent susceptibility to remobilization. To get a better 

understanding of how arsenic changes association within the sediment due to FT cycling and 

ethanol amendment, we conducted extractions at the completion of the incubation period and 

compared them to the unincubated values; we also confirmed mineral associations using SEM. 

Overall, there was a clear increase in arsenic in fractions associated with organic matter (Fraction 

2) and poorly crystalline Fe-(hydr)oxides (Fraction 4), and a decrease in fractions associated with 

sulfides (Fractions 3 and 5). For iron, the trends were very similar to arsenic - decreases in 

Fractions 2 and 4 and an increase in Fraction 3 - but the changes in concentrations were 

generally lesser in magnitude. Unlike As, Fe did not exhibit a clear increase in Fraction 5, 

indicating that the preexisting or newly formed sulfides had a larger influence on sequestering 

arsenic compared to iron. The large increase in the proportion of arsenic in the sulfide fractions 

is likely in part a result of the arsenic in solution preferentially adsorbing to sulfides already 

present in the RCW sediment. This is because the increases of arsenic associated with Fractions 

3 and 5 were seen in SUF microcosms where the presumed reduction of amended sulfate did not 
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occur. The increase of iron in Fraction 3 may be through reductive dissolution of iron 

(hydr)oxides present in sediment and subsequent precipitation as iron sulfides. 

Samples amended with ethanol seemed to be linked to changes in the distribution of 

arsenic and iron among the different solid or mineral fractions of the sediment. A greater loss of 

arsenic and iron in the organic fraction at the end of the incubation in ETH-microcosms may be 

explained by sulfide-driven reduction of surface bound Fe(III) and As(V). Sediment was stored 

in a sealed plastic bag between sampling and incubation, and while there is a chance of some 

oxygen exposure, there is also a likelihood that despite reducing conditions attained in the 

microcosms, some oxidized Fe(III) and As(V) existed that adsorbed to organic matter. Previous 

research shows that sulfide can drive both Fe(III) and As(V) reduction in sediments, therefore it 

is reasonable to suggest that the reduction of sulfide in ETH-microcosms could result in greater 

release of these elements from the organic fraction (Briones-Gallardo et al., 2017; Rodriguez-

Freire et al., 2016; Watts and Lloyd, 2012). The considerable presence of iron reducing 

Geobacter is also likely to contribute to this finding. Once dissolved, aqueous arsenic and iron 

may be co-precipitated with AVS, explaining the greater increase of iron and arsenic in Fraction 

5 of ETH-microcosms. Biologically-linked metal-sulfide removal processes have been 

exemplified in applied wetland studies, such as in an engineered wetland in Trail, British 

Columbia that showed that microbial SO4
2- reduction was linked directly to HS- production and 

subsequently to arsenic- and zinc-sulfide formation (Mattes et al., 2011). This study also found 

that when a decrease in SRB population occurred due to bioreactor maintenance, both the total 

reduction of SO4
2- and removal of zinc from solution dropped below average. In the scatterplot 

of post-incubation ΔAs against ΔFe for ETH-microcosms a clustering phenomenon is exhibited 

that is not seen in ARS- or SUF-microcosms. A modified plot was created to better visualize this 

in terms of fractions (Figure 11). This clustering effect shows that ethanol eliminates some of the 

variance between replicates seen in other amendments, further clarifying the influence on the 

movement of iron and arsenic within defined fractions.  

As for the EDX analysis, it should be noted that the relatively small number of areas that 

were analyzed were chosen because they were enriched in arsenic. Therefore, this introduced 

bias by selectively excluding non-arsenic-containing minerals that could have been forming due 

to FT cycling. We were not able to discern any connection between ethanol amendment and 
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specific arsenic enriched minerals that differed from non-ethanol amended microcosms. This 

does not necessarily mean there were no trends, simply that limited EDX sample points 

prevented a deep analysis in this aspect of the project 

 

 Changes to the microbial community structure 

Ethanol addition appeared to have a marked effect on microbial community structure 

compared to field samples and across both temperature exposures. Desulfuromonaldes 

dominated in ETH-amended microcosms, which include a number of sulfate-reducing genera, 

namely Geobacter. Geobacter is a well studied metal-reducing genus with species capable of 

using sulfate, iron, manganese and uranium as terminal electron acceptors for anaerobic 

respiration (Caccavo et al., 1994; Cologgi et al., 2014; Lovley et al., 2004; Nevin et al., 2005). 

Because Geobacter species are strict or obligate anaerobes, their significant abundance within 

ETH-amended microcosms (16.74%-23.38%) is a strong indication that the conditions within 

these microcosms was reducing. Some common Geobacter species capable of iron and sulfate 

reduction (ie. G. psychrophillus, G. metallireducens) can effectively use ethanol as a carbon 

source, though acetate has shown to be the preferential carbon source for Geobacter studies and 

can elicit metal reducing activity in a higher number of species (Aklujkar et al., 2009; Caccavo et 

al., 1994; Call and Logan, 2011; Commault et al., 2016; Lovley et al., 2004; Williams et al., 

2011). A study examining arsenic contaminated sediment in Southeast Asia found a link between 

Geobacter (and close relatives), Fe(III) reduction, and As(V) reduction in sediment (Héry et al., 

2010). In this study it was hypothesized that iron reducers such as Geobacter spp. were 

responsible for reductive dissolution of Fe(III) oxyhydroxides and sorbed As(V), where released 

As(III) was subsequently sequestered by SRB-produced sulfide; a potential process for arsenic 

sequestration in RCW sediments.  

Although Geobacter species tend to be linked to Fe(III) or other metal reduction more 

frequently than SO4
2- reduction in environmental studies (Akob et al., 2008; Cummings et al., 

2000; Das et al., 2016; Jones et al., 2006; Williams et al., 2011), in our study it is likely that 

Geobacter enrichment in ETH microcosms is directly linked to sulfate reduction. This can be 

justified by the observations that ETH microcosms were highly enriched with Geobacter 

compared to other treatments and ETH microcosms were the only treatment to exhibit substantial 
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removal (presumed reduction) of amended sulfate. It could also be postulated that Geobacter was 

not enriched in ARS and SUF microcosms because of the lack of an easily accessible carbon 

source in ethanol, irrespective of SO4
2-, Fe(III) and As(V) reduction. Consequently, Geobacter 

could have still directly contributed in part to the reduction of arsenic or iron. Ultimately, the 

enrichment of Geobacter in ETH microcosms is presumably due to ethanol amendment and 

resulted in sulfate reduction, while direct Fe(III) and As(V) reduction cannot be ruled out. 

Although Geobacter was the most prominent bacterial group to be stimulated by ethanol 

in the microcosm study, SIMPER analysis revealed that ethanol amendment is responsible for 

48.9% of the total difference in relative microbial community composition between SUF and 

ETH microcosms, suggesting that there are other major contributing bacterial groups. 

Desulfosporosinus, a sulfate reducing bacterial genus which includes species that have been 

isolated from acid mine drainage (D. acidiphilus), freshwater sediment (D. lacus) and 

constructed wetlands (D. youngiae), was also found to be enriched in ethanol amended 

microcosms (Alazard et al., 2010; Lee et al., 2009; Ramamoorthy et al., 2006). These findings 

together indicate that ethanol has strong influence on bacterial community growth, especially in 

promoting the growth of sulfate- and iron-reducing bacteria. 

The survival of microbes in cold climates requires bacteria to have physiological 

adaptations, such as adaptive membrane fluidity and production of antifreeze or cold shock 

proteins (Muñoz et al., 2017; Walker et al., 2006). Due to the wide range of temperatures 

experienced in temperate or continental climates (including Long Lake), the proportion of the 

microbial community that is cold-adapted is much more unclear compared to that of permanently 

cold arctic climates. In our study, sediment microbial communities that were subjected to three 

rounds of FT cycles between -4°C and +4°C survived and generally retained community 

composition by the end of the incubation period, albeit with slight reductions in diversity 

compared to those not exposed to FT cycling (Shannon’s index; Table 7). These results align 

with a similar study in which arctic tundra sediment was exposed to three to five FT cycles, and 

which also reported only minor changes to 16S rRNA community structure, even over a longer 

incubation period of 60 days (Männistö et al., 2009).  

The recovery of the microbial community from FT cycling can also be seen at the Phyla 

and Order levels, where comparisons of FT and unfrozen microcosms of the same treatment 



55 

 

show that amendment type (ARS or SUF vs ETH), not temperature cycling, is the major factor in 

community change after 5 weeks (Figure 10). It should be noted that impacts of FT cycling are 

likely to be most apparent immediately after thawing, and as such this study cannot make claims 

of the full effect of FT cycling on community structure. Because the soil microbial community in 

the RCW sediment was unknown prior to 16S rRNA gene analysis, the extent to which rapid 

changes in temperature and intracellular ice crystal formation would affect microbes during FT 

cycling was unknown. I hypothesized, however, that since sampling occurred in mid-summer 

(June 2019), there would be some portion of the community that would be susceptible to 

detrimental effects from FT cycling. We were able to determine a FT-related lag period in 

respiration that was not apparent in nFT sediment microcosms. By the end of the incubation 

period though, we were not able to observe any significant FT-related changes in microbial 

community structure nor any effects on the microbially-related activities within the microcosms. 
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 Conclusion 

Remobilization of previously sequestered metals is a relevant threat to the long-term 

remediation of many legacy mining environments, including the former Long Lake gold mine. 

Our study found extremely high levels of arsenic and iron in wetland sediment influenced by 

tailings-contaminated runoff from Luke Creek. Importantly, sediment extractions reveal that 

there is a risk for a substantial proportion of the immobilized arsenic to be remobilized via 

proton-promoted dissolution from organic matter, poorly crystalline iron-hydroxides, and acid 

volatile sulfides. On the basis of the six operationally defined fractions examined, iron and 

arsenic were significantly correlated. It is suggested that, based on previous research, 

remobilization may be prevented at this site by maintaining reducing conditions at the sediment-

water interface and avoiding influxes of low pH runoff (Johnson and Hallberg, 2005; Juwarkar et 

al., 2010).  

Lab scale microcosm incubations revealed that amendment with ethanol, not FT cycling, 

imparted the most significant impact on soil microbiology and geochemistry over time scales of 

weeks. At a 1.5:1 ethanol/SO4
2- amendment ratio the microbial community was able to recover in 

1-2 weeks from three freeze-thaw cycles and successfully perform sulfate reduction. Microcosms 

with sulfate reduction exhibited a decrease in aqueous iron and arsenic that is believed to be a 

result of co-precipitation with or adsorption to microbially-generated sulfide. Ethanol 

amendment also resulted in a shift in the 16S rRNA identifiable bacterial community, most 

notably drastic increases in the abundance of iron reducing Geobacter and sulfate reducing 

Desulfosporosinus. These results, combined with the relative low-cost of ethanol compared to 

other commonly studied carbon additives, suggest that using ethanol as method of stimulating 

sulfate- and iron-reducing activity is a potential option in arsenic contaminated, cold-climate 

sediments.  

Conversely, three cycles of FT prior to incubation was found to have little to no impact 

on the composition of the RCW microbial community and its capacity for respiration and sulfate 

reduction after several weeks, when sediment geochemistry indicated recovery from FT 

exposure. The observations made in this study suggest that FT did not significantly influence 

sediment arsenic and iron, but does not exclude the possibility that arsenic may be released 

immediately after FT, a particularly sensitive time when microbial activity is slowed as 
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supported by microbial respiration. Overall, this suggests that in the long term, the members of 

the microbial community are capable of recovering, though they may still be susceptible to the 

immediate effects of FT cycling.   

In summary, our findings suggest that the RCW site may be a viable target for further in-

situ bioremediation of contaminated tailings effluent. The wetland sediment hosts a bacterial 

community susceptible to short-term inhibition by FT cycling, but capable of surviving 

extremely high concentrations of arsenic and is functionally resistant to long term effects of FT 

cycling. Ethanol amendment may be approached as a viable method of stimulating iron- and 

sulfate-reducing activity in sediment, ultimately increasing the capacity for runoff filtration at 

this site. More research should be done to investigate community composition at key seasonal 

changes (eg. during spring thaw) for a better understanding of community fluxes after long term 

temperature changes. 
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