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ABSTRACT 
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Increases in food production are imposing new and greater stressors on global 

ecosystems, but effects on food web structure remain poorly studied. We tested whether the food 

web energy pathways and trophic structure of fish communities were altered by aspects of 

agriculture, including land cover changes, riparian habitat and water quality. A generalist 

predator (Semotilus atromaculatus) was analysed using stable isotopes to quantify terrestrial and 

aquatic resource use and trophic structure. Our results show aquatic energy input increases and 

trophic position decreases significantly with increased agricultural impact and nutrients. We 

show that asymmetric restructuring exists in impacted systems since generalists are unable to 

link aquatic and terrestrial energy pathways in riparian systems and may reduce the resilience of 

the system, although this may be mitigated by local refuge riparian habitat. We suggest future 

actions to determine the size of riparian buffer needed to mitigate the effects of agricultural land 

use. 
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PROLOGUE 

Overview of Global Agricultural Land-Use Change 

Human population densities are expected to increase from 7.6 to approximately 9.7 billion 

people by 2050 (United Nations, 2019). As a result, the footprint of agriculture can be expected 

to grow on the landscape by 593 million hectares globally, unless we are careful to mitigate 

known agricultural conditions (World Resources Institute, 2019).  As food demands increase, so 

will yields, demanding higher intensity agriculture, with more nutrients and water needed. 

Regionally and globally, nutrient movement from streams and rivers into lakes and oceans, 

coupled with climate warming can increase in frequency of dead zones in oceans globally 

(Rabalais et al., 2009; Bell, Elmetri & Lapointe, 2014). These dead zones are not just unique to 

oceans, and have been seen in freshwater systems like the Great Lakes, especially Lake Erie 

(Vidon et al., 2010; Breeggemann et al., 2016; Bruulsema et al., 2011; Dodds et al., 2009). 

 

Agricultural Influences on Streams, Chemically and Physically 

We are now aware that conventional agriculture not only alters the land on which crops are 

grown, but because of the connectedness of landscapes, local and regional agriculture can drive 

shifts in abiotic characteristics of streams, representing a fundamental change to these systems. 

Changes can occur via runoff, erosion, and landform alterations. Conditions typically associated 

with agricultural intensification include increased nutrient and sediment loads, presence of 

pesticides and herbicides, channelization, and reduced riparian habitat (Hawes & Smith, 2005, 

Welsch, 1991). Secondary effects of these impacts can lead to warmer water temperatures, 

steeper bank slopes, algae growth and eutrophication (Hawes & Smith, 2005). On a local scale, 
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removal of terrestrial riparian zones in conventional farms may remove reciprocal across-

ecosystem terrestrial-aquatic subsidies (Hladyz et al., 2011a). Riparian zones may be able to 

absorb some of the nutrient runoff from fields and maintain cool water temperatures (Qiu et al., 

2019; Singh et al., 2014; Beechie et al., 2010; Carline & Walsh, 2007; Yuan, Bingner & Locke, 

2009). 

Streams that flow through agriculturally impacted areas can suggest trends in moisture 

retention, nutrient inputs, channelization, pesticides and herbicides, and habitat quality (Allan, 

2004). The river continuum concept, first developed by Vannote and Sweeney (1980), dictates 

that streams represent a dynamic equilibrium along their length from headwaters to the mouth, 

and processes along the length dictate a transition from allochthonous headwaters to 

autochthonous higher order streams. A shift in headwater streams to characteristics of 

autochthonous production in headwaters would be representative of a disturbance to the system 

(Vannote & Sweeney, 1980).  

Impacted streams are characterized by higher sediment loads and velocities, especially where 

channelization reduces the sinuosity of the stream (Trenhaile, 2013). The increased sediments are 

a result of runoff from fields (Ghabbour et al., 2017), and are often coupled with a decreased 

riparian buffer and reduced capacity to catch sediments before they reach the stream. In 

straightened channels, stream flow becomes laminar with higher velocities, which promotes 

sediment transport further downstream and reduces in-stream habitat (Robert, 2003). The same 

applies with nutrient runoff, which enters the stream along with sediment, and includes nitrogen 

and phosphorus, which have been linked to algal blooms and eutrophication (Hawes & Smith, 

2005; Schlesinger, 2013). Nitrogen, which becomes depleted quickly by crops, has a shorter 

residence time in soils, but is more mobile on the landscape. Phosphorus is typically high in 
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manure-based fertilizers, is less labile than nitrogen and only becomes biologically available 

with weathering processes, and so take longer to become depleted from soils (Schlesinger, 2013). 

Buffer strips have been proposed to absorb some of these nutrients, but their effectiveness 

has been shown to have mixed results (Mayer et al., 2007; Jobin et al., 2004; Zhang et al., 2017). 

These high nutrient and sediment loads, coupled with generally laminar, constant flow rates in 

channels, creates ideal conditions for algae and phytoplankton growth (Vidon et al., 2010; 

Breeggemann et al., 2016; Bruulsema et al., 2011; Dodds et al., 2009). The lack of overhanging 

vegetation exacerbates this trend (Broadmeadow and Nisbet, 2004). All of the above mentioned 

phenomena, collectively or individually, can affect the stream biota. 

 

Agricultural Impacts on Stream-Riparian Communities 

Land use is also heavily impacting adjacent aquatic communities at both local (Hladyz et al., 

2011a) and regional scales (Woodward et al., 2012, Dodds et al. 2009, Bell, Elmetri & Lapointe, 

2014). Stream ecosystems are largely dependent on local and regional conditions, and 

agricultural practices are no exception. At the local stream scale research has noted well-

documented shifts in diversity on a variety of taxa including shifts towards macroalgal states 

driven by high nutrient loads, which affects the composition of macroinvertebrate species 

(Barrett, Haynes & Warton, 2017; Belore, Winter & Duthie, 2002; Grimstead, Krynak & Yates, 

2018; Yates & Bailey, 2010) and more recently there has been an effort by researchers to extend 

these results to food web structure and function as the field shifts towards more broad scale 

understandings of ecology (McCann & Gellner, 2020). Hladyz et al. (2011c) found a general 

increase in the importance of microbes relative to invertebrates as important agents of 

decomposition in agricultural streams proportional to the degree of agricultural riparian 
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alteration. Lee et al. (2018) found that agricultural nitrogen was being assimilated into the 

aquatic food web as nutrient levels increased using δ15N. Ward-Campbell et al. (2017a) found 

that agricultural drains, widespread throughout Southwestern Ontario for maintaining uniform 

soil wetness, are habitat for fish species, and showed no difference in fish species richness from 

reference low-impact areas. This study found that macroinvertebrate assemblages did differ 

significantly between the drains and reference sites, but that the maintenance of the drains did 

not change the functional group community, confirming Yates’ findings (Ward-Campbell et al., 

2017b; Yates & Bailey, 2010).  

Macroinvertebrate assemblages form the major food source for fish communities within 

streams, and changes in assemblages may force changes in the forage behaviour of fish. Yates 

and Bailey (2010) found through extensive multivariate analysis that different classes of aquatic 

organisms respond to different spatial scales of agricultural pressure. This study found that 

benthic invertebrate communities tend to respond mostly to local habitat-scale changes, for 

example changes in amounts of in-stream habitat structure like rocks and woody debris (Yates & 

Bailey, 2011). Conversely, fish species richness seems to respond most to landscape or whole-

watershed scale changes, including percent agricultural land use. There is some evidence 

however that stream corridor length, that is the length of stream with a buffer width greater than 

ten metres, also affects fish species richness (Grimstead, Krynak & Yates, 2018; Yates & Bailey, 

2010). These shifts away from detrital-based food webs towards nutrient-rich streams with 

nutrient-tolerant species may also influence food web stability. 
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Stream-Riparian Ecosystem Overview 

Agriculture may influence links between aquatic-terrestrial habitats that have been identified 

as key stabilizing structure of these aquatic and terrestrial food webs. Headwater streams are 

highly dependent on food sources from the terrestrial habitat surrounding and overhanging them, 

and there are many reciprocal subsidies between the terrestrial and aquatic zone, largely in the 

form of insects (Nakano & Murakami, 2001). In a seminal contribution, Nakano & Murakami 

(2001) established a seasonal perspective in how food webs respond to changing aquatic 

terrestrial production in relatively pristine temperate streams. Specifically, they documented 

asynchronous production in aquatic insects and terrestrial riparian insects as well as the 

consumption of these asynchronous production events by both aquatic and terrestrial consumers 

(Nakano, Miyasaka & Kuhara, 1999; Kato et al., 2003; Murakami & Nakano, 2002; Kawaguchi 

& Nakano, 2001). Insect in-fall feeds many fish over the summer and fall, and leaf litter provides 

a substrate for biofilms and bacterial colonizers used by those same emergent larval insects over 

the winter (Raitif, Plantegenest & Roussel, 2019). While these studies have shown that increased 

nutrients and riparian removal appear to have the potential for food web impacts, it is not yet 

well understood how different practices and intensities of local agriculture (e.g., lower-impact 

organic farms versus high impact conventional farms) mediate cross-ecosystem stream food web 

responses. A supporting study shows that emergent invertebrate assemblages have been shown to 

shift towards those that provide fewer terrestrial subsidies, adding to the decoupling effect 

(Raitif, Plantegenest, & Roussel, 2019). Trophic compression of whole food webs (the 

shortening of food chain lengths) and altered trophic links within food webs were argued, along 

with the assimilation of nitrogen-based fertilizers into the aquatic food web altering trophic 

signatures (Hladyz et al., 2011b; Price et al., 2019; Wilson & Xenopolous, 2011). These altered 
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trophic signatures are represent a significant finding, as such major carbon flows ought to 

fundamentally drive primary production and secondary production throughout stream food webs. 

 

Agriculture & Food Webs 

This study uses the generalist module as described by McCann, Rasmussen & 

Umbanhowar (2005), whereby a highly mobile generalist consumer can represent the system at 

large due to its ability to feed proportionally on the various food sources available, and to feed 

across trophic levels. When one carbon pathway contributes more to the net carbon production of 

an ecosystem, the tissue of the generalist consumer will reflect the net carbon signature. 

Examples of linked carbon pathways in other systems include lake trout in freshwater lakes, 

where, as a top predator, they link two predominant ecosystems. These two ecosystems are 

littoral near-shore habitats and pelagic open water habitats (Vander Zanden & Rasmussen, 1999, 

2001). Spiders were found to consume prey across terrestrial and aquatic sources in riparian 

habitats in freshwater streams of New Zealand (Collier, Bury & Gibbs, 2002). In a study by 

Webb et al. (2019), terrestrial and aquatic inputs were found across a range of different 

ecosystems, from boreal lakes to wetlands to mangroves. Studying the generalist consumers 

across a gradient in agricultural land use can elucidate trends within the lower levels of the 

ecosystem as food sources that occur as a result. 

Coupling is defined as the linking of two or more ecosystems by a consumer, which feeds 

between them. Coupling can occur over both spatial and temporal scales, but this paper focuses 

on spatial coupling. Spatial coupling occurs when an organism feeds from multiple habitats, 

linking those ecosystems therein.  This multi-ecosystem coupling is important to study as it can 

dictate the stability of the systems in question. The greater stability of coupled ecosystems is 
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derived from the linking of distinct energy channels that differ in productivity:biomass ratios and 

turnover rate (Rooney et al., 2006).  Increased turnover rates (fast channels) correlate to stronger 

interactions between species, and slow channels have weak interactions (McCann, Hastings & 

Huxel, 1998).  In systems where one channel decreases and the other increases, top predators can 

shift feeding patterns to regulate the increasing channel and allow the decreasing energy channel 

to recover (Rooney et al., 2006). This phenomenon works the same way with each ecosystem 

coupled.  Where one ecosystem has been disturbed or damaged, top predators can shift feeding 

habits away from these unstable systems until stability has been restored, thus relieving the 

system of top-down pressure.  Post, Conners & Goldberg (2000) found that coupling between 

littoral and pelagic ecosystems by lake trout could strongly influence stabilization of the lake 

ecosystem.  

In streams, coupling exists between the terrestrial and aquatic pathways, linking the two 

systems and allowing for alternative energy channels when one is depleted (Nakano & 

Murakami, 2001). Carbon movement between terrestrial and freshwater ecosystems is often 

depicted as multi-directional pathways in which inputs of terrestrial organic matter and nutrients 

help fuel the production of aquatic consumers (Collier, Bury & Gibbs, 2002; Fisher & Likens, 

1973; Covich, Palmer & Crowl, 1999). The terrestrial coupling can come from two pathways; 

either direct in-fall of insects into the stream, or through leaf litter in the fall. Coupling can also 

be affected by several abiotic factors including ecosystem size, temperature and clarity (Post, 

Pace & Hairston, 2000).  

Trophic level is the position an organism occupies in a food chain, or in other words, how 

many successions of organisms were eaten to reach a given point (Yodzis, 1984).  Food chain 

length can be limited by the primary productivity available to the system (total energy), 
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ecosystem age, the ability of predators to consume large prey, or the frequency of disturbances 

(Post, 2002a). 

Trophic position or food chain length could further elucidate food web structural changes 

due to agricultural land use. Food chain length and trophic position are strongly related to 

percent coupling because when coupling increases, trophic position generally decreases and 

biomass distributions become more top-heavy (Tunney, McCann, Lester & Shuter, 2012).  Food 

chain length is a central characteristic of ecological investigation, and can dictate nutrient 

cycling, primary productivity, predator prey dynamics, trophic cascade effects and 

bioaccumulation of various compounds in top-predators (Oksanen & Oksanen, 2000; Persson, 

1996, 1999). In freshwater streams, trophic position is largely dictated by total primary 

productivity. Food web coupling and trophic position are acutely linked to ecosystem stability, 

and this is especially important to study where humans exert influence on natural systems 

(Rooney et al., 2006).  

 

Model Ecosystem 

To study food web structural changes due to agricultural land use, the model ecosystem of 

headwater streams in Southwestern Ontario affords a unique opportunity to test the effects of 

agricultural land use on stream food web structure. This study takes place on the North Shore of 

Lake Erie spanning six major watersheds, including the Grand River, Thames River, Catfish 

Creek, Kettle Creek, Big Creek and Otter River systems. Twenty-nine sample sites are included 

and are all low order headwater streams in sand and till plains. The sites span a gradient in 

agricultural pressure from about 35% to 95% by land use type.  
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Southwestern Ontario is an area of environmental concern, contributing to significant 

nutrient enrichment in the Great Lakes, but is also one of Canada’s most economically important 

regions of agricultural production. Southwestern Ontario is the source of more than 45% of 

Ontario’s grain corn and soy, 74% of Ontario’s fruit crop, and 72% of Ontario’s vegetable crop 

(OMAFRA, 2017). Historically, the area was farmed very intensely, with the major cash crops of 

corn, soy, and tobacco being most prevalent. The area underwent a great degree of deforestation 

to clear farmland, and in the 1930s, exposed topsoil and drought led to extreme depletion of the 

organic soil layer, which was later amended with heavy application of nitrogen and phosphorus-

based fertilizers. Today, fertilizers are mainly nitrogen- and potassium-based, since phosphorus 

is still present in soils from years prior (Bruulsema et al. 2011). 

Southwestern Ontario is also home to several unique species and ecotypes characteristic of 

the Carolinian Zone, not found anywhere else in Canada (Carolinian Canada, 2013). This 

uniqueness extends into the aquatic systems present in the study area, namely the streams and 

rivers. The streams in Southwestern Ontario are home to some of Canada’s aquatic Species at 

Risk (SAR) including fish, macroinvertebrates and mussels. Headwater streams are less 

susceptible to up-stream influences, and thus make a good study system to represent their unique 

catchment. These streams are home to a few key species which make up a parge proportion of 

the fish community, which is consistent across all sites. In particular, the generalist top predator 

functional group can have the greatest impact on the structural resilience of ecosystems. In our 

system, creek chub (Semotilus atromaculatus) will be used as the generalist top predator, 

because they are highly opportunistic, can thrive in a wide variety of habitats, are widely 

abundant, and are easily recognizable (Fitzgerald et al., 1999). 
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Stable Isotopes and Food Web Structure 

Stable isotopes present an opportune method for evaluating food web structure, including 

coupling and trophic position. Coupling has been studied by previous research in streams, but 

rarely across a gradient of agricultural pressure. While work has been done to study the impacts 

of agriculture on macroinvertebrate communities, few studies have taken the next step to relate 

agriculture to fish communities, as representatives of food availability. Webb et al. (2019) found 

that across many terrestrial-aquatic relationships studied, those with low terrestrial net 

productivity had high aquatic carbon input. Another paper by Lee et al. (2018) found no 

relationship between agricultural land use factors and the degree of terrestrial resource use by 

fish consumers, but used 𝛿13C isotopes, which have since proven to be unsuccessful for 

assessing terrestrial and aquatic resource use in streams (France, 1995; Rosenfeld et al., 1992; 

Jardine et al., 2014; Hladyz et al., 2011b). It has been suggested that carbon isotope 

differentiation depends on the underlying geology of each food source origin, making it 

unsuitable for use in streams, which can flow over multiple geological deposits over their course 

(Hladyz, 2011b). As a result,  𝛿13C partitioning of baselines becomes more difficult as stream 

order increases.  

Stable isotope ratios of deuterium (𝛿2H) have become a proven method to trace carbon flows 

(coupling) through terrestrial and aquatic energy channels in stream ecosystems (Doucett et al., 

2007; Solomon et al., 2011; Vander Zanden et al., 2016; Brett et al., 2018). Previous studies have 

shown that baseline organisms show sufficient differentiation in 𝛿2H concentrations in most 

freshwater systems, especially those in temperate climates. In terrestrial systems, 𝛿2H is enriched 

compared with aquatic environments, and this is represented in the chemical composition of 

primary producers’ tissues. 𝛿2H  is then carried up through the food chain to the top consumers, 
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following correction factors for environmental water uptake (Page et al., 2017). There is some 

debate as to the proportion of environmental water uptake in aquatic consumers, but generally 

can be summarised by feeding guild, taxonomic grouping and trophic position. Environmental 

deuterium levels are generally associated rainfall patterns and remain similar across large 

distances. 

Stable isotope ratios of nitrogen (δ15N) of consumers are enriched in 15N relative to their prey 

and therefore provide information on trophic position. This enrichment in 15N during feeding is 

called a diet-tissue discrimination factor (DDF), and typically ranges 3-4‰ (DeNiro & Epstein, 

1981, Minagawa & Wada, 1984). Using DDFs and δ15N values of a consumer and lower trophic 

levels species (i.e. baseline organisms) allow the estimation of consumer trophic positions. Each 

stream must be sampled for variations in baseline consumer because spatial variation between 

stable isotope values both within and across waterbodies, (Vander Zanden et al., 1999, Guzzo et 

al., 2011).  

 

Conclusion 

We aim to fill a gap in current knowledge regarding the ways in which our agro-food systems 

are impacting freshwater stream food web structure, and ultimately, what we might do to 

mitigate these in the face of increasing agricultural intensity. 

This thesis aims to determine the relationship between agricultural land use on stream food 

web structure. The thesis is broken up into three parts. The first is a prologue where I outline past 

research on changes to global agricultural land use, effects of agriculture on stream ecosystems, 

look at the past impacts of agriculture on stream food webs, and outline the methodology and 

model ecosystem used in this study. The second section is a data chapter where I empirically 
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argue that increased agricultural land use does cause a shift in generalist top predators to an 

increase omnivory and feeding on aquatic based energy channels. Lastly, in the epilogue I 

provide a brief synthesis of my findings in the second section and comment on how my thesis 

advances our knowledge of food webs in agricultural systems and provide future steps for how 

we might mitigate these impacts to maintain ecological integrity. 
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Chapter 1 

Agriculture, food webs and the role of riparian buffers in mitigating 

regional changes to stream food web structure 

 

Abstract 

Local and regional habitat conditions associated with agricultural activity can 

fundamentally alter aquatic ecosystems. Increased nutrient inputs, channelization, and reduced 

riparian habitat both upstream and locally contribute to the degradation of stream ecosystems and 

their function. Here, we examine headwater stream food webs to determine the effects of 

agricultural land cover on food web energy pathways and trophic structure in watersheds which 

feed into Lake Erie. Terrestrial and aquatic resource use and trophic position across a gradient in 

agricultural intensity was evaluated using stable isotope ratios of deuterium (2H) and nitrogen 

(15N) from muscle tissue of a representative generalist predator, creek chub (Semotilus 

atromaculatus). Following research that found stream food webs are highly subsidized by 

terrestrial insects, this paper predicts that high intensity farms that increase aquatic primary 

production and have smaller or less riparian habitat ought to decouple these webs from terrestrial 

insects (The Reduced Terrestrial Pathway Hypothesis). Additionally, increased nutrients from 

agriculture are expected to drive cascades that lead to increased omnivory and trophic reduction 

(Bottom Up Trophic Compression Hypothesis). Consistent with these hypotheses, we show 

that aquatic energy input increases and trophic position decreases significantly with agricultural 

conditions. These food web results correspond with a reduced body length in fish sampled and 

increased top-heaviness as agricultural land use increased. Intriguingly though, our results 
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suggest that mitigating local agricultural land use immediately around streams (e.g. riparian 

buffers) can counter these potentially negative food web in the face of high whole-watershed 

agricultural intensity.  



 

 
 

15 

INTRODUCTION 
 

The human population is expected to reach ca. 9.7 billion people by the year 2050 

(United Nations, 2019). To feed this population, the global footprint of agriculture is expected to 

grow by ca. 593 million hectares compared to current levels (World Resources Institute, 2019). 

Conventional agriculture directly alters the land on which crops are grown, but due to the 

connectedness of ecosystems, it can also impact adjacent aquatic food webs at both local (Hladyz 

et al., 2011c) and regional scales (Woodward et al., 2012, Dodds et al. 2009, Bell, Elmetri & 

Lapointe, 2013). At the local scale, removal of terrestrial riparian zones by conventional farming 

can remove reciprocal across-ecosystem terrestrial-aquatic subsidies (Hladyz et al., 2011a). 

Regionally and globally, nutrient movement through streams and rivers coupled with climate 

warming have been argued to drive the alarming increase in the frequency of aquatic dead zones 

globally (Valiela & Bartholomew, 2015), and simultaneously may be restructuring (coined 

rewiring; Bartley at al., 2019) whole stream food webs (Rabalais et al., 2009; Bell, Elmetri & 

Lapointe, 2014). 

While research on nutrient-driven impacts of agriculture in terrestrial systems abound 

(Rabalais et al., 2009), far less is known about the impacts of agriculture on locally adjacent 

aquatic stream and river food webs.  At the local stream scale, shifts in diversity in response to 

agriculture have been documented in a variety of taxa, ranging from diatoms to predatory fish 

(Barrett, Haynes & Warton, 2017; Belore, Winter & Duthie, 2002; Grimstead, Krynak & Yates, 

2018; Yates & Bailey, 2010) More recently there has been an effort by researchers to extend 

these results to food web structure and function (e.g., Hladyz et al., 2011b; Lee et al., 2018; Price 

et al., 2019). While these studies have shown that increased nutrients and riparian removal 

appear to have the potential to alter energy flows into ecosystems, it is not yet well understood 
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how different forms of local agriculture (e.g., organic farms versus high impact conventional 

farms) mediate cross-ecosystem stream food web responses (Raitif, Plantegenest, & Roussel, 

2019). Increases in nutrients from fertilizer may be assimilated into the food webs and increase 

primary and secondary production within the stream. In response, higher trophic position 

consumers can then shift their diet and feed lower down in the food web, leading to shorter food 

chain lengths (i.e. trophic compression). Nitrogen-based fertilizers may also enrich aquatic 

baseline trophic signatures (Hladyz et al., 2011b; Price et al., 2019; Wilson & Xenopolous, 

2011). Although work has been done to study the impacts of agriculture on macroinvertebrate 

communities (Barrett, Haynes & Warton, 2017; Belore, Winter & Duthie, 2002; Grimstead, 

Krynak & Yates, 2018; Yates & Bailey, 2010), researchers have not taken the next step to 

examine how agriculture influences the trophic ecology of stream fish communities. 

In a seminal contribution, Nakano and Murakami (2001) established a seasonal 

perspective of how stream food webs respond to changes in aquatic and terrestrial production in 

relatively pristine temperate streams. Specifically, they documented asynchronous production in 

aquatic insects (spring pulse) and terrestrial riparian insects (summer pulse) as well as the 

consumption of these production events by both aquatic (fish) and terrestrial (bird and spider) 

consumers (Nakano, Miyasaka & Kuhara, 1999; Kato et al., 2003; Murakami & Nakano, 2002; 

Kawaguchi & Nakano, 2001). The generalist consumers in these studies ‘surfed’ the temporal 

waves of aquatic and terrestrial insect production. The river continuum concept, first developed 

by Vannote and Sweeney (1980), argues that small headwater stream food webs aregenerally be 

dominated by terrestrial allochthonous production, with the role of autochthonous production 

tending to increase in higher order streams. Therefore, a shift in small headwater stream food 
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webs from allochthonous to autochthonous dominated energy could result in adverse 

perturbation to the ecosystem (Vannote & Sweeney, 1980).  

The collective results discussed above suggest a simple framework for predicting the 

impacts of agricultural intensification on the dynamics of stream food webs (Fig. 1). The 

Reduced Terrestrial Pathway Hypothesis (RTPH, Fig. 1) states that changes in fish food web 

structure in streams are a result of agricultural land use changes because of reduced carbon 

inflow from terrestrial sources. This results in two predictions; first that nutrient concentrations 

will increase with percent agricultural land use, and second, that terrestrial coupling will be 

negatively correlated with increasing agricultural land use (Fig. 2a and b). Following classical 

top-down food chain theory (Oksanen et al., 1981), we expect increases in nutrients from 

fertilizers to increase energy flow up the now autochthonously-driven food web (Fig. 1) to in 

turn increase resident top predator density. To test this hypothesis, we used stable isotopes to 

represent diet composition. 

Following top-down theory (Oksanen et al. 1981), if landscape modification increases 

nutrient enrichment in streams, this will drive cascading trophic responses with top predators 

holding aquatic insects in check allowing benthic algae to proliferate. Recent research has argued 

that the abundance of basal resources from such cascades might increase omnivory by more 

generalized top predators, resulting in trophic compression of the whole web (Tunney et al., 

2012; 2014; Ward et al. 2015). The Bottom Up Trophic Compression Hypothesis; BUTCH 

states that changes in trophic level of creek chub are a result of increased omnivory on primary 

producers, driven by excess nutrients from agricultural land use (Fig. 1). Thus, theory suggests 

that tri-trophic cascades are associated with trophic compression, suggesting that if both a 

cascade occurs, and omnivory increases, then this is strong empirical support for trophic 
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compression (Tunney et al. 2012; Ward et al. 2015). This produces the prediction that trophic 

position will decrease in generalist top predators with increasing agricultural land use pressure, 

as autochthonous production increases (Fig. 2c). To test this hypothesis, we simultaneously 

employed stable isotopes to measure trophic position and estimated relative densities of fish and 

invertebrate communities to look for evidence of cascades.   

We note that recent research has argued climate change is driving the wholesale rewiring 

of food webs by altering species distributions (Blanchard, 2015; Kortsch et al., 2012, 2015) and 

altering resource accessibility and availability (Bartley et al. 2019). Rewiring is the change in 

number or strength if interactions in a food web driven by global change (Bartley et al. 2019). 

Further, researchers have theoretically and empirically begun to argue that global change 

generally is driving food web rewiring because of the asymmetric impacts of most global 

changes. As an example, climate change appears to be warming nearshore zones in lakes or 

coastal zones more than offshore zones and in the process decoupling cold-adapted generalist 

more from nearshore zones. Following these ideas, here we predict agriculturally driven rewiring 

as the terrestrial pathway is asymmetrically impacted by surrounding land use (Fig. 1).  

Specifically, landscape modification (removal of riparian insects) drives the domination of the 

aquatic pathway and so “rewires” these webs away from the terrestrial feeding compartment. 

In what follows, we test the RTPH and BUTCH by examining stream food web responses 

across a natural gradient in local (i.e. adjacent to stream) and regional (i.e. drainage basin) level 

agricultural intensity, from conventional farms to conservation areas, with intermediate farms 

practicing alternative land use practices (gradient discussed in methods; e.g., riparian buffers). 

To do this we use stable isotope ratios of deuterium (δ2H) and nitrogen (δ15N) to trace the 

coupling response of a key generalist species (i.e., predictions from RTPH, Fig. 2a and b) while 
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we use both isotopes and densities to test for the cascade and the omnivory response of the 

BUTCH across a twenty-eight stream gradient (Fig. 2c). Supporting data on site characteristics, 

benthic invertebrate communities, and creek chub density and size were also collected to support 

causal mechanisms.  Results of the research can provide insights as to whether local land 

management is capable of buffering agricultural impacts to stream food webs by preserving the 

major pathways of energy flow. 

 

METHODS 
 

Study System 
 

This study used headwater streams along the north shore of Lake Erie, in southwestern 

Ontario, Canada (Fig. 3). This study area was chosen because it includes some of the highest 

density areas of agricultural production in Canada. The 28 sampling sites span six major 

watersheds (Grand River, Thames River, Catfish Creek, Kettle Creek, Big Creek and Otter River 

systems) and are all low order, headwater streams located in sand and till plains. The sample 

sites span a gradient in agricultural pressure, from conservation areas to conventional farms, and 

highly and minimally impacted sites were included within each watershed where possible. At 

each study site, one reach was selected. Field collections were carried out at least 20 metres and 

one hydraulic jump upstream from the nearest culvert or bridge to mitigate structural influence 

on stream flow (e.g. ponding). Reaches were selected preferentially to include, in order of 

preference: an S-bend, a riffle-pool-riffle sequence, or a straight channel to reflect the greatest 

variety of habitat and flow rate within one sample. A space-for-time gradient design was used, as 

agricultural land use is a continuous variable. 
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During sampling, all best management practices were followed to prevent the spread of 

diseases, pathogens, chemicals, or invasive species between sites, and especially between 

watersheds, as described in OSAP version 10 (Stanfield et al., 2017). Before each sampling 

event, all equipment was cleaned using a 10% bleach solution and inspected for safety and 

transport of biological material. Any species at risk that might have been present or have been 

historically noted to be present were considered to mitigate disturbance. Work was conducted 

under the authority of an Animal User Protocol from the University of Guelph (AUP #3682) and 

Ontario Ministry of Natural Resources collection permit #1086855. 

  

Stream Morphology and Agricultural Gradient 
 

During July and August, stream morphology measurements were taken at three sections 

of the reach to determine more of the physical characteristics present in the stream to be used in 

multivariate analysis. To determine the severity of agricultural conditions for each site, a variety 

of different abiotic, agricultural, and biotic environmental variables were used to determine 

which factors related to agriculture had the most influence on food web structure. For a list of all 

parameters measured, see Table 1.  

Discharge was calculated using the following equation: 

𝐷 =  (0.625 𝑥 (√0.02 𝑥 𝐻𝑎𝑣𝑔)) 𝑥 (𝑤𝑤  (ℎ𝑎𝑣𝑔)) 

Where D is discharge, 𝐻𝑎𝑣𝑔 is the hydraulic head averaged from ¼, ½, and ¾ distance from the 

left bank, and ℎ𝑎𝑣𝑔 is the averaged depth at ¼, ½, and ¾ distance from the left bank. Hydraulic 

head measurements were repeated for the upper, lower and mid distance of the reach that was 

sampled for fish (see below), and were taken in a run, rather than on a bend.  
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The percent agriculture on the landscape was determined using two measures. Percent 

agriculture within the drainage basin of each site (regional agriculture) was determined using the 

OFAT hydro-mapping tool (OMAFRA,  www.ontario.ca/page/watershed-flow-assessment-tool). 

Although a gap in data exists in the watershed percent agriculture in our sites (Fig. 5), this is 

reflected across the province (supplementary Fig. 3), with very few watersheds having between 

30% and 60% agricultural land use. Local agricultural land use was also determined within a 250 

meter radius of the sites using the sf and raster packages in the R statistical computing package 

(R Core Team 2020; see Appendix 1). Buffer width, or the width of canopy dominated 

vegetation along the streambank, was averaged between left and right banks, and at 0, 0.5, 1, 1.5 

and 2 kilometers upstream. Valley slope was calculated at the same intervals using the equation 

(slope = valley height / ½ valley width) and averaged by site. Sinuosity was calculated by 

dividing the five-kilometer distance upstream by the straight-line distance between the two 

points. Sinuosity, slope, and buffer width were calculated using aerial photography from Google 

Earth Pro (Google Earth Pro, Google Inc., Mountain View, Ca, USA). Turbidity, conductivity, 

dissolved oxygen, chlorophyll and temperature were sampled in situ using an EXO2 

multiparameter sonde (YSI Inc., Yellow Springs, Ohio, USA). Water quality was tested within 

the selected reach for electrofishing, in a section of laminar flow where depth was sufficient to 

cover the sensors. One-liter water samples were collected for nutrient analysis and stored at -

20°C. Water nitrogen concentration was measured using segmented flow colourimetry and 

phosphorous concentrations were sampled using inductive coupled mass spectrometry, by SGS 

(SGS Canada Inc., Lakefield, Ontario, Canada). Average bed grain size was estimated using the 

Wentworth grain size scale index (Wentworth, 1922). 
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Fish Sampling 
 

The focal fish species in this study was the creek chub (Semotilus atromaculatus), a 

resident generalist top predator, that is highly opportunistic and feed mainly on invertebrates and 

small fish. This fish thrives in a wide variety of habitats and is widely abundant throughout the 

study area (Fitzgerald et. al, 1999). Fish sampling was based on the Ontario Stream Assessment 

Protocol Version 10 (Stanfield et al., 2017). The period of July and August was selected for fish 

sampling because it reflects the period of peak biomass and is most likely to include mainly 

resident fish populations, rather than migratory or seasonal species. Stream characteristics like 

width and depth can be found in Table 1. At each site, a reach of 40 meters was sampled using a 

triple pass electrofishing method using a backpack electroshocker (Smith-Root model LR-24, 

Smith-Root Inc, Vancouver, Washington, USA) set at the minimum voltage required to direct 

fish toward netters. Settings differed between sites based on stream conditions and voltage was 

adjusted to achieve 25W average power output between electrodes using a pulsed DC waveform 

with a frequency of 30 Hz. A systematic approach was used on the first pass, an opportunistic 

approach was used on the second, and spot checks were used on the last pass. Two netters were 

used if stream width was above two meters. Block nets were used at each end of the sampling 

reach to allow for the estimation of proportional abundance rather than catch per unit effort 

(CPUE). All fish greater than two centimeters in length was identified to species, and the weight, 

total length and fork length were recorded to the nearest 100th of a gram/millimetre. Fish to be 

lethally sampled were euthanized using an overdose of tricaine methanesulfonate, and all other 

fish were returned live to the stream. Fish sampling included identifying sex, taking a dorsal 

muscle tissue sample, and removing stomach contents. Where possible, up to ten creek chub 

were sampled at each site, excluding fish too small to sample for isotopes (less than three grams). 
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Ten fish were collected from each feeding group where present, including herbivores (northern 

hog sucker), detritivores (white sucker, bluntnose minnow), and invertivores (johnny darter, 

common shiner, blacknose dace). Following electrofishing, each site was also sampled overnight 

for fish using three minnow traps, baited with dog biscuits. If fewer than ten fish of the target 

species were collected for lethal sampling during electrofishing, individuals caught in the 

minnow trap were supplemented to achieve sampling targets, while all others were live released. 

Traps were set at the top, bottom and middle of each electrofished reach, and a float was added 

to the interior of each trap to ensure that any amphibians would not drown. The length and 

weights of fish caught in minnow traps were recorded but were not included in abundance counts 

from electrofishing.  

 

Macroinvertebrate Sampling 

Macroinvertebrates were collected to compare community data to coupling or trophic 

responses in creek chub. The invertebrates were collected about 20 m downstream of each 

selected reach using kick-sweep methods across ten one meter-squared plots for a total of 40 

minutes, so as not to disturb fish upstream. The contents from each plot were then placed into a 

white tray and any extraneous materials were picked out. The first 100 randomly selected 

organisms were kept for diversity estimates, but generally less that 100 organisms were found 

within the 10 m2 plots. Terrestrial invertebrates were collected from a variety of habitat along 

each sampling reach using a net for 20 minutes, repeated twice, spanning a length of about 20 

meters of shoreline vegetation each. The first 50 organisms from each sweep were collected, for 

a total adding up to 100, to be used for diversity estimates (Supplementary Figs. 1 and 2). These 

diversity samples were stored in ethanol to preserve body form and later identified to order, and 
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their feeding guild was identified using general dietary characteristics for orders 

(https://bugguide.net/). 

 

Stable Isotope Baseline Sampling 

Baseline samples were collected from each stream site to account for differences in basal 

stable isotope values between sampling sites. Baseline samples included autochthonous primary 

production from both the terrestrial and aquatic zone, including algae as the aquatic baseline. 

Leaf litter detritus, coarse particulate organic matter (CPOM) was collected from within the 

stream to represent the terrestrial baseline. Samples were placed and stored in a -20˚ celcius 

freezer.  

 

Stable Isotope Analysis 

Creek chub dorsal muscle and baseline samples were placed in a drying oven at 60˚C for 

48-72 hours and were then ground into a fine powder using a mortar and pestle. Ground samples 

were sent to the Fisk Lab Stable Isotope Facility at the University of Windsor for quantification 

of δ15N and to the Ján Veizer Stable Isotope Laboratory at the University of Ottawa Isotope lab 

for quantification of δ2H. All stable isotope values are conveyed in δ notation (units ‰), where 

δ2H or δ15N = [(Rsample / Rstandard) − 1] x 1000, where R is 2H/1H or 15N/14N.  Analytical error 

(based on standard deviation) from the repeated analysis of internal and international standards 

was 0.09‰ for δ15N and the absolute difference between duplicate samples was 1.84‰ for δ2H. 

Precision, assessed by the standard deviation of replicate analyses of four standards (NIST1577c, 

internal lab standard (tilapia muscle) , USGS 40 and Urea (n=40 for all)), measured  ≤0.08‰ for 

δ15N.  Precision, assessed by the standard deviation of replicate analyses of seven standards 



 

 
 

25 

(AND-UK (hair), OTT-COL (hair), CAL-CAN (hair), CAL-SAL (hair), Kga-1 (kaolinite), 

IAEA-NBS-30 (biotite), IAEA CH-7 (polyethyl. foil), AND IAEA-NBS-22 (oil)), is +/-2‰ for 

δ2H.  

Environmental water contributes to the δ2H of aquatic organisms, so we had to account 

for the δ2H of water in our samples. To do this we used the average δ2H value from previously 

published data from May to August for a station in Simcoe, Ontario, which is central to our study 

region (Froehlich, Gibson & Aggarwal, 2002). We adjusted the creek chub δ2H values for each 

stream by adjusting for the contribution of environmental water, adapted from Page et al. (2017). 

𝑤2 = 1 − (1 − 𝑤1)2 

𝛿2H𝑎𝑑𝑗𝑢𝑠𝑡𝑒𝑑 𝑝𝑟𝑒𝑑𝑎𝑡𝑜𝑟 =
[𝛿2H𝑝𝑟𝑒𝑑𝑎𝑡𝑜𝑟 − (𝑤2 ∗ 𝛿2H𝐻2𝑂)]

1 − 𝑤2
 

Where 𝑤1 and 𝑤2 are the proposed proportion of environmental water in aquatic primary and 

secondary consumers, respectively (Wilkinson et al., 2015).  

The number of creek chub collected at each site for stable isotopes ranged 2-20. Baseline 

data on stable isotopes for algae and CPOM were measured at 27 and 25 of the 28 sites, 

respectively (Table 3). For those sites that were missing either algae or CPOM, baselines values 

from adjacent sites were used: detrital baseline isotope data was from site P1 was used for sites 

P2 and P3 for both nitrogen and deuterium. 

We then determined the proportion of terrestrial energy use and trophic position for each 

individual creek chub, for sites where creek chub were collected. The proportion terrestrial 

energy (𝑝. 𝑡𝑒𝑟. 𝑒𝑛𝑒𝑟𝑔𝑦𝐶𝐶) assimilated by each creek chub was calculated the δ2H values 

corrected for environmental water contribution as (Vander Zanden & Vadeboncoeur, 2002) 

𝑝. 𝑡𝑒𝑟. 𝑒𝑛𝑒𝑟𝑔𝑦𝐶𝐶 =
(𝛿2H𝐶𝐶− 𝛿2H𝑎𝑙𝑔𝑎𝑒)

(𝛿2H𝐶𝑃𝑂𝑀− 𝛿2H𝑎𝑙𝑔𝑎𝑒)
, 
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where CC is creek chub and CPOM is coarse particulate matter. The trophic position of each 

creek chub was calculated as (Post, Pace & Hairston, 2000)  

𝑇𝑃𝐶𝐶 = 1 + (𝛿15N𝐶𝐶 − 𝛿15N𝐶𝑃𝑂𝑀)/3.4, 

where TP is trophic position, CC is creek chub and 3.4 is the trophic enrichment factor (Post, 

2002b). Individual trophic position and proportion terrestrial energy estimates for creek chub 

were then used to calculate a mean (± 1 SD) value for each study site. A two-source trophic 

model was also used and compared (see Appendix 2). 

 

Local Agricultural Intensity Gradient 

We first used a principle component analysis (PCA) to reduce our exploratory dataset and 

discern any relationships that may exist between the many environmental and agricultural 

parameters that were measured (Table 1). Prior to conducting the PCA, any variables that failed 

to meet normality assumptions were log10 transformed to fit a normal distribution. To decide 

whether a parameter should be included in the PCA, it needed to meet the following criteria; it 

must be an abiotic parameter, it should not be directly related to any other parameters included in 

the model, and it should be continuous rather than categorical (Yates & Bailey, 2010). 

Parameters also need to reasonably be related to the health and feeding of freshwater 

communities and be related to either human impact or surficial geology, which represents 

variation in the natural environment, irrespective of human impact (Bailey, Norris & 

Reynoldson, 2004). While closely correlated, both whole watershed percent agriculture and 

percent agriculture within a 250-meter radius of the site were included to see how they differed 

and compared with other variables. Average buffer width was included to determine how natural 

riparian buffers related to other parameters irrespective of percent agriculture. Turbidity was 
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included as a measure of both suspended sediment and water clarity and has been shown to affect 

benthic invertebrate community assemblages and fish feeding strategies (Martin et al., 2019). 

Sinuosity was included as a measure of agricultural channelization, which may reduce habitat 

variability and availability to macroinvertebrate and fish communities (Ward-Campbell et al., 

2017a & b). Valley slope was included, as past research has shown that a slope higher than 10˚ 

may allow for enough surface runoff to mitigate the nutrient and sediment catching effects of 

riparian buffers (Fasching et al., 2019; Mayer et al., 2007; Jobin et al., 2004). Grain size and 

stream order were included as pre-existing environmental variables which drive initial 

community assemblages. Riparian tree cover was included to represent the extent of interface 

between the terrestrial and aquatic habitats, as well as sunlight penetration. 

 

Community and Food Web Responses 

Linear regressions were used to test for relationships between the local and regional 

percent agricultural land use and the nutrient content in the water to confirm the agricultural 

gradient was affecting water quality. A linear regression was also used to test for relationships 

between terrestrial coupling with local and regional agricultural land use (RTPH).   

 

Trophic Responses 

A linear regression was used to test for a relationship between trophic position of creek 

chub against both local and regional agricultural land use (BUTCH). Mechanisms for top-

heaviness driven by agricultural land use were also tested, specifically we measured the ratio of 

creek chub to edible aquatic invertebrates +1, and nutrient enrichment. Body size of creek chub 

were also followed as body size is often correlated to changes in trophic position. These were 
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compared to both local and regional agricultural land use, as well as associated conditions like 

phosphorus concentrations and riparian buffer width. 

 

RESULTS 
 

Local Agricultural Intensity Gradient 

Water quality, stream morphology and physical conditions across sites clearly differed in 

relation to environmental characteristics. Using a series of Pearson correlations, we found that 

sinuosity, buffer width, turbidity and agriculture within a 250 m radius were all significantly 

correlated to percent agriculture within the watershed (Fig. 4). In the PCA we see that the first 

axis has high loading scores for parameters associated with agricultural activity (average bed 

grain size, stream order, channel valley slope), while the second axis, has mainly parameters with 

high loadings associated with the geology of the landscape (percent agriculture at the regional 

and local scale, turbidity, tree cover, sinuosity, and buffer width). A total of 36.5% and 21.4% of 

the variation within the system is represented in the first and second PCA axis respectively, and 

only the first two axes were significant (Fig. 4). Buffer width was inversely correlated to local 

and regional agriculture (Fig. 5a and b). As local and regional agriculture increased, buffer width 

decreased (F1, 24 = 41.84, p < 0.001, R2
adj = 0.62; F1, 24 = 16.55, p <0.001, R2

adj = 0.383). Nutrient 

concentrations within the stream were also related to agriculture. Log10 dissolved nitrogen 

concentration (mg L-1) was significantly positively correlated to both log10 local percent 

agriculture within 250 m (Fig. 5c) and log10 watershed percent agriculture (Fig. 5d). As local and 

regional agricultural land use increases, nitrogen concentrations also increase (local F1, 24 = 5.13, 

p = 0.03, R2
adj = 0.14; regional F1, 24 = 10.54, p = 0.003, R2

adj = 0.276). Log10 dissolved 

phosphorus concentration (mg L-1) showed no correlation to local agricultural land use (Fig. 5e; 
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F1, 24 = 0.065, p = 0.801, R2
adj = -0.039) but was significantly positively correlated to log10 whole 

watershed percent agricultural land use (Fig. 5f). As regional agricultural land use increases, 

phosphorus concentrations also increase (F1, 24 = 4.70, p = 0.04, R2
adj = 0.13). Percent agriculture 

within the drainage basin for each site ranged from 39 to 93%, with no sites having between 48% 

and 66% (Supplementary Fig. 3).  

 

Community and Food Web Responses (RTPH and BUTCH) 

Creek chub were present within 20 out of 28 sampling sites, and an additional two sites 

had creek chub present in the minnow traps, but no creek chub were caught within the reach. 

Creek chub body size, measured by fork length, ranged from 22 mm to 214 mm across all sites. 

Mean creek chub total body length (mm) showed no relationship with local or regional 

agricultural land use (Fig. 7c and d; F1,18 = 0.02, p = 0.90, R2
adj = -0.06; F1,18 = 0.09, p = 0.76, 

R2
adj = -0.05). There was no relationship between individual body size and terrestrial coupling or 

trophic position (F1,175 = 2.37, p = 0.12, R2
adj = 0.08; F1,175 = 0.03, p = 0.87, R2

adj = -0.005). Fish 

species richness ranged 1-12 species across sites (Table 2). 

As local agriculture intensity increases, we found reduced use of terrestrial resources by 

creek chub (Fig. 6a). The mean contribution of terrestrial relative to aquatic food sources in 

creek chub diets by site decreased as local percent agriculture within 250 m increased (Fig. 6a; 

F1,18 = 7.79, p = 0.01, R2
adj = 0.26). Further, as agricultural intensity increases, we also see a 

reduction in trophic position of the creek chub (Fig. 6c). Trophic position of creek chub at each 

site decreased significantly as log10 local percent agriculture within 250 meters increased (Fig. 

6c; F1,19 = 4.53, p = 0.04, R2
adj = 0.15). Neither the proportion of terrestrial energy nor trophic 

position of creek chub were predicted by whole watershed percent agriculture (Fig. 6b and d; 
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F1,18 = 2.29, p = 0.15, R2
adj = 0.06; trophic position F1,19 = 0.17, p = 0.68, R2

adj = -0.04). Thus, 

local agricultural land use explained food web variation better than whole watershed agriculture. 

We next asked if creek chub were becoming increasingly top heavy to understand the 

omnivorous response with agricultural intensity (i.e., their biomass increases relative to their 

preferred trophic prey; McCauley et al. 2018). The log10 transformed ratio of creek chub 

abundance to edible benthic invertebrate abundance showed no relationship to local or regional 

agricultural land use (Fig. 7a and b; F1,15 = 1.66, p = 0.22, R2
adj = 0.04; F1,15 = 0.006, p = 0.94, 

R2
adj = -0.07) but was positively correlated to inverse log10 buffer width (m), averaged over two 

kilometers upstream from the study site (Fig. 8a; (F1,15 = 6.08, p = 0.026, R2
adj = 0.241).). Thus, 

as buffer width decreases (and agriculture increases), creek chub increase in abundance relative 

to their preferred prey. While mean creek chub total body length (mm) showed no relationship 

with local or regional agricultural land use, it decreased with log10 dissolved phosphorus 

concentration (mg L-1) (Fig. 8b; F1,17 = 5.26, p = 0.04, R2
adj = 0.19). Thus, as agricultural nutrient 

runoff increases and riparian habitat decreases, body size and trophic positions decrease while 

the food web becomes more top-heavy. 

 
 

DISCUSSION 

Here, we explored how variations in the amount of local and regional agricultural land 

use impacted adjacent stream food webs. We hypothesized that conventional farms would 

increase the nutrient production in the aquatic pathway while, simultaneously, the removal of 

riparian zones should decouple stream webs from the terrestrial insect pathway (i.e., the reduced 

terrestrial pathway hypothesis; RTPH; Fig. 2a and b). We found that indeed aquatic webs 

responded consistent with the RTHP. Specifically, using δ2H as a terrestrial tracer, we found that 
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when the amount of local agriculture increased, the generalist top predator, creek chub, showed 

less terrestrial assimilation and greater top-heaviness. Local agricultural land use was found to be 

a better predictor of terrestrial resource use (terrestrial coupling) than regional agricultural land 

use. Intriguingly, this finding suggests that even at sites with a high percent of agriculture within 

the watershed, regional land use impacts could be mitigated when local agriculture was reduced. 

A more natural local condition may reduce nutrient run-off (Mayer et al., 2007; Dosskey et al., 

2010) and offer leaf infall and terrestrial insects to stream food webs (Nakano & Murakami, 

2001; Doucett et al., 2007; Webb et al., 2019; Babler, Pilati & Vanni, 2011) that makes food 

webs less top heavy and more stable. Thus, riparian buffers may act potently to maintain the 

resilience of these ecosystems in an otherwise heavily regionally impacted agricultural landscape 

(Ward-Campbell et al., 2017b; Wilson & Xenopolous, 2011; Yates & Bailey, 2010). 

Our prediction that nutrient enrichment would result in trophic compression of generalist 

top predators in highly impacted streams was supported by the findings that the trophic position 

decreased with increasing percent local agricultural land use (BUTCH: Fig 2c and Fig. 6c). We 

also see that consumer:resource density of creek chub increased with increasing percent local 

agricultural land use (Fig. 8a).  Despite losing a second energy pathway (terrestrial insects) we 

hypothesized that high impact sites drive highly productive aquatic pathways that are top heavy 

(BUTCH, Fig 1; Huxel et al., 2002; McCauley et al., 2018; Polis 1999; Cebrian et al. 2009; Rip 

& McCann 2011; Chapin et al. 2012; Sandin & Zgliczynski, 2015). In addition to the decrease in 

top predator trophic position, we also found increased evidence for omnivory in impacted 

streams, as shown by both increased predator density relative to prey and smaller body size (Fig. 

8). The inflated predator densities are consistent with top-down driven omnivory (Ward, 

McCann & Rooney, 2015; Tunney et al., 2012; Diehl & Feissel, 2001; Holt & Polis, 1997), 



 

 
 

32 

where high top predator densities suppress prefered trophic level prey, releasing lower level 

prey. Similar to terrestrial coupling, local agricultural land use was found to be a better predictor 

of trophic position than regional agricultural land use. This further highlights that ability of local 

habitat to mitigate the effects of agriculture on the structure of stream food webs. 

In our study system, Macronutrients like nitrogen and phosphorus each increased with 

increasing regional and local percent agriculture, but that the relationship was stronger for 

nitrogen concentrations. Phosphorus is less labile than nitrogen and tends to only become 

biologically available with weathering processes (Schlesinger, 2013), whereas nitrogen is more 

readily consumed by crops like corn and wheat, so it is less likely to exist in high levels within 

the soil (Ribey & O’Halloran, 2016). Because nitrogen levels showed a stronger relationship to 

local agricultural conditions, we suggest that the local condition, or riparian habitat, may be able 

to mitigate the effects of nitrogen runoff on food web structure, but not phosphorus, simply by 

having less agricultural fertilizer input (Mayer et al., 2007; Dosskey et al., 2010). 

Theory has generally argued that ecosystem coupling by higher order trophic levels can 

act as potent stabilizers (Rooney et al., 2006). This stabilizing mechanism has been argued to be 

increasingly important in highly variable systems as mobile generalists may be capable of 

behaviorally consuming high-density pathways and releasing low density pathways in a manner 

that promotes balance (Kondoh, 2003; McCann & Rooney, 2009).  As such, the increased 

reliance on a single dominant pathway in a highly impacted landscape may threaten the stability 

of stream food webs that exist in a highly variable environment. Despite high percent agricultural 

land use at the regional scale, our findings suggest that local land use, specifically riparian 

buffers and corridors, can mitigate food web effects, adding resilience to these stream 

ecosystems. 
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While our results are consistent with previous work suggesting trophic position decreases 

with increased resource availability (Tunney et al., 2012; 2014), more evidence is required to 

confirm presence of omnivory in creek chub relative to their invertebrate food. This study lacks 

sufficient data on algal production to confirm this, and visual identification of algae in creek 

chub stomach contents was unreliable. Future studies should measure abundance and resource 

use by all trophic levels to confirm the presence of a bottom-up trophic cascade. This study 

aimed to include sites spanning a gradient of agricultural land use across the region, but our 

study lacked sites with intermediate agricultural conditions. It is interesting to note that this gap 

is reflective of the stream conditions in the highly agricultural setting across Southwestern 

Ontario in general, as such a gap can be seen to exist across a broader set of streams than those 

used in this study (see Supplementary Fig. 5). While this study took place in Southwestern 

Ontario, we feel that these findings should translate across temperate agricultural ecosystems, 

following a synthesis by VanderZanden et al. (2016), which found that δ2H remains an effective 

tool across temperate landscapes, but that stable carbon isotopes (i.e. δ13C) may be more suited 

in tropical ecosystems. This study also utilized headwater streams, where resource origin could 

be acutely traced, and terrestrial resource use is typically high. Mid- and high-order streams may 

present differing dynamics, especially since these are typically characterized by wide channels 

without full overhead tree coverage, and typically greater detrital and planktonic resource use 

(Xenopoulos et al., 2017). Future studies could manipulate the parameters shown in this study to 

pinpoint specific management actions that would have the most impact on ecosystem resilience. 

All in all, our results are consistent with recent papers that have argued that 

environmental change may tend to asymmetrically impact macrohabiats and ecosystems with 

generalist consumer behavior tending “rewire” ecosystems (Bartely et al., 2019; CaraDonna et 



 

 
 

34 

al., 2017; Blanchard, 2015).  Here, we find asymmetrical impacts on stream webs as agriculture 

tends to remove terrestrial insect production while fueling aquatic pathways with increaed 

nutrient loading. Thus, our results lead one to postulate that large-scale changes in environmental 

conditions, not just climate change, may generally drive differential impacts on habitats and 

ecosystems leading to food web rewiring. Buffer strips may allow for the continued access to 

terrestrial carbon sources despite agricultural land use even where agricultural practices have a 

significant effect on fish community structure and resilience, and practices will need to be 

improved in the future for the sake of preserving stream ecosystems intact. It was previously 

unknown how agriculture affected carbon pathways in streams. This study has brought to light 

the mechanisms through which agricultural land use impacts the structure and function of stream 

ecosystems, and may help to lay a future path for the harmony between agro-food systems and 

ecological integrity. 
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EPILOGUE 

This thesis has established that food web structure and function are being fundamentally 

altered by agricultural land use practices and associated factors. This thesis has established that 

food web structure and function are being altered by agricultural land use practices. We have 

shown that agricultural land use changes can decouple terrestrial pathways from stream food 

webs. Nutrient loading appears to drive top-down cascades, which are a well-known theoretical 

signature of instability (McCauley et al., 2018). Collectively, these food web changes might 

threaten the resilience of stream biodiversity, and such impacts require management decisions to 

mitigate against the harmful impacts of these stream food web responses. 

The ecosystem in question has become decoupled and top-heavy, but there are things we 

can do to mitigate this. A highly coupled ecosystem may be more stable than even the most 

diverse community (May, 1971, 1973). Theory has argued that habitat compartments with 

coupling by generalist predators can be potent stabilizers of ecosystems (Pimm & Lawton, 1998; 

McCann et al., 2005), especially within ecosystems that have highly variable abiotic conditions 

(McMeans et al., 2015), like streams, which vary in velocity, nutrient levels, temperature and 

turbidity throughout the year. 

Manipulative studies should test the effects of improvements in three areas: creating 

buffer habitat, and reducing channelization and sedimentation, and creating refuge habitat. 

Establishing a 20-meter floodplain could allow the river to meander within this, creating habitat 

for both terrestrial and aquatic species, although an adaptive buffer width depending on 

topography may be more effective (Tiwari et al., 2016; Perry et al., 2015). While no single 

agreed upon buffer width exists, past research finds that wider buffer widths are able to absorb 

more nutrients and sediment, and that these buffers are more effective at a shallow bank slope 
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(Fasching et al., 2019; Mayer et al., 2007; Jobin et al., 2004; Zhang et al., 2017). This would 

allow velocity to decrease and sinuosity to increase, allowing the sediment to have a chance to 

settle out of the water column. In turn, this could reduce the sediment load, along with nutrients 

like phosphorous and nitrogen from reaching Lake Erie and affecting lotic ecosystems (Vidon et 

al., 2010; Breeggemann et al., 2016; Bruulsema et al., 2011; Dodds et al., 2009). Any best 

management practices associated with reducing runoff and nutrient content would also be 

beneficial for ecosystem functioning, such as wetland creation or restoration, as it could reduce 

the low-quality aquatic subsidy we see in this paper (Holmes, Armanini & Yates, 2016). 

Our research, and that done by Yates & Bailey (2010) and Ward-Campbell et al. (2017a 

&b) suggest that refuge habitat may also be enough to sustain fish community structure and 

diversity and allow them to re-colonize even the most affected reaches. Other work by Yates 

(Yates & Bailey, 2010; 2011; Krynak & Yates, 2018; Holmes, Armani & Yates, 2016; 

Grimstead, Krynak & Yates, 2018) shows that local condition and water quality are the biggest 

drivers for benthic macroinvertebrate assemblages. By extension, local refuge habitats would 

allow for mobile fish species to access these invertebrates when resource quality or quantity is 

low in impacted areas. Emergence of large-bodied aquatic insects into the terrestrial zone is also 

noted to be more prevalent in habitats of high ecological integrity, and provide pollinator 

services, subsidize crop pest predators during lean periods, and soil fertilization (Raitif, 

Plantegenest & Roussel, 2019). These cross-ecosystem subsidies, both into and out of freshwater 

streams can only be fostered if adequate refuge habitat is available. This could manifest as a 

series of conservation areas along a river course or incentivising riparian planting and buffer 

strips on stream banks, which can also help with soil erosion (Qiu et al., 2019; Singh et al., 2014; 

Beechie et al., 2010; Carline & Walsh, 2007; Yuan, Bingner & Locke, 2009). 
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Finally, this research adds to the growing food web rewiring literature that argues global 

environmental changes are significantly altering (i.e., rewiring) food webs with potentially large 

repercussions. While this general research has tended to focus on climate change my work 

suggests the intriguing idea that other aspects of global change (e.g., land modification) likely 

impacts one macrohabitat more than another (e.g. riparian insect productivity removed, stream 

productivity increased) and so also drives significant rewiring.  Further, the changed structure 

(de-coupled top consumers and strong top-down forces) are well-known destabilizing structures 

from food web theory, suggesting we may be threatening the overall resilience of ecosystems 

globally if rewiring of the type outlined here occurs broadly.  Intriguingly, our work does suggest 

though that even modest local actions (e.g., riparian buffer strips) may mitigate against ill 

impacts even in the face of strong regional global changes (here, widespread agricultural land 

modification). 
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TABLES 
Table 1: Environmental variables measured. Standard error is shown where more than one measurement was taken. Site codes 

represent specific sites, see Figure 3. 
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Table 2: Fish abundances by species by site 
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HT 0 0 0 0 0 0 0 4 0 0 43 

JC 0 3 0 0 0 0 0 2 0 0 19 

JW 0 1 4 0 0 0 0 12 0 0 240 

KC 0 17 0 13 0 0 1 9 0 0 299 

LEF 0 0 0 0 0 0 0 1 4 1 21 

ST 7 0 0 0 0 0 0 0 0 0 46 

MT 0 0 0 0 0 0 0 0 0 0 13 

PF 0 0 0 0 0 2 0 57 0 0 439 

PV 3 0 0 0 0 0 0 7 0 0 64 

SC 0 1 0 0 0 0 0 32 0 0 423 

UH 0 0 0 0 0 0 0 0 0 0 107 

VN 2 0 0 0 0 0 0 0 0 0 49 

WA 12 0 0 0 0 0 0 5 0 0 122 

WH 2 2 1 0 1 0 0 10 0 0 70 

WW 0 0 0 0 0 0 0 1 0 0 12 
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Table 3: Mean isotope values for Deuterium (2H) and Nitrogen (15N) by site for creek chub, aquatic baseline and terrestrial baseline. 
 

 Creek chub Aquatic baseline Terrestrial baseline 

Site δ2H  δ15N  ss δ2H  δ15N  ss δ2H  δ15N  ss 

 mean SD mean SD  mean SD mean SD  mean SD mean SD  
AC -109.62 3.027 14.097 2.364 6 -155.70 0.157 14.065 0.093 3 -115.23 23.427 6.478 0.874 3 

AT -127.47 12.585 12.097 1.348 9 -159.91 0.428 10.324 0.187 3 -113.39 3.661 6.573 0.722 3 

BW -91.92 1.252 7.831 0.107 2 -179.83 9.549 8.436 0.176 3 -96.26 14.087 2.455 0.061 3 

DE -105.37 6.756 8.655 0.706 10 -137.43 7.142 5.308 0.070 2 -108.14 0.320 1.875 0.070 3 

P1 -98.06 5.222 12.347 0.730 10 -106.86 0.611 11.999 0.046 3 -99.33 1.457 5.280 0.166 3 

P2 -103.83 6.876 10.151 0.774 10 -113.46 1.962 8.840 0.022 3 
sub value from P1 

3.720 0.089 3 

P3 -105.86 4.843 12.642 0.824 11 -122.63 21.094 10.008 0.023 3 6.113 0.393 4 

P4 -100.95 4.181 8.814 0.996 9 -135.03 11.346 7.585 3.938 4 -107.69 0.830 0.349 0.270 3 

HC -104.76 4.298 12.825 0.759 10 -161.15 10.534 9.716 0.523 3 -115.00 8.450 1.489 0.976 3 

HT -116.71 5.146 12.884 0.791 6 -145.99 3.373 7.731 0.056 3 -102.53 3.260 4.075 0.145 4 

JC -105.89 11.847 11.321 1.315 7 -111.19 0.361 11.979 0.579 3 -101.88 0.899 5.708 0.190 3 

JW -112.41 7.850 12.009 0.780 11 -158.80 1.191 8.723 0.116 3 -111.57 2.156 2.710 0.173 3 

KC -110.50 5.564 10.447 0.687 10 -131.44 29.303 10.936 0.356 3 -100.26 0.985 2.637 0.060 3 

ST -95.70 4.561 9.769 0.827 10 -104.07 1.377 5.544 0.086 3 -97.84 2.406 0.955 0.216 3 

PF -96.25 6.013 12.248 0.717 10 -127.49 2.135 5.098 6.817 3 -95.45 1.580 6.875 0.076 3 

PV -119.69 9.618 12.515 2.671 8 -124.57 1.388 7.799 0.283 3 -100.22 5.174 3.569 0.017 3 

SC -109.55 7.165 10.969 0.439 10 -123.87 0.344 5.070 2.746 3 -96.76 2.769 1.339 0.915 3 

UH -106.32 5.877 9.663 0.858 10 -114.44 0.240 5.530 0.000 2 -109.78 3.092 -0.712 0.222 3 

VN -105.39 2.065 9.058 0.199 2 -167.05 8.972 5.618 0.270 3 -110.56 8.023 1.531 0.436 3 

WA -100.74 2.947 9.544 0.668 10 -187.60 12.737 11.656 0.164 3 -106.10 9.744 5.068 0.250 3 

WH -103.92 9.049 10.428 0.926 10      -94.57 0.544 1.912 0.145 3 

WW -101.39 9.367 9.362 0.789 10 -163.02 1.146 5.550 0.057 2 -96.66 5.580 2.200 0.426 3 
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FIGURES 
 

 

 
Figure 1 A conceptual model of energy pathways in a low impact and high impact freshwater 

stream ecosystem. As agricultural land use, nutrient inputs and riparian habitat degradation 

increases, terrestrial food sources are reduced and bottom-heavy autochthonous resources 

increase, resulting in a greater density of smaller-bodied, lower trophic position top predators. 
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Figure 2 shows three predictions. (A) and (B) refer to the Reduced Terrestrial Pathway 

Hypothesis and (C) refers to the Bottom Up Trophic Compression Hypothesis. (A) Nutrient 

concentrations will increase with percent agricultural land use. (B) Terrestrial coupling will be 

negatively correlated with increasing agricultural land use. (C) Trophic position will decrease in 

generalist top predators with increasing agricultural land use pressure, as autochthonous 

production increases. 
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Figure 3 A map showing the location of all 28 sampling sites and their location within 

Southwestern Ontario, Canada. This includes 11 conservation areas, 10 conventional farms and 7 

mid-impact agricultural properties. Each site is represented by a corresponding 2-letter code. 
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Figure 4 Multivariate analysis of environmental parameters. (top) Biplot of environmental 

variables and site scores for PCA axes 1 and 2 from the PCA ordination of the collected 

agricultural and environmental data. 36.5 and 21.4 percent of variation within the system is 

represented in the first and second axis respectively. Only the first two axes are significant using 

the broken stick model. Most of the variation within the system is explained by agricultural 

variables (PC1) like land use and buffer width, while the pre-existing geological variables, in 

blue, make up the second most variation (PC2). Watershed agriculture, agriculture within a 250-

meter radius, sinuosity, average buffer width, and grain size were all log transformed. (bottom) 

A correlation matrix showing all parameters used in the PCA and their relations to each other. A 

blue square indicates a positive relationship, while a red square indicates a negative relationship. 

The colour saturation indicates the strength of the relationship. 

 

 

 

  



 

 
 

59 

 
Figure 5 Nutrient concentrations versus local and regional agricultural land use. Points represent 

mean values by site and lines represent the linear regressions. 

(A) Log10 buffer width (m) vs. log10 local percent agriculture within 250 meters. As local 

agricultural land use increases, buffer width decreases (F1, 24 = 41.84, p < 0.001, R2
adj = 0.62). 

(B) Log10 buffer width (m) vs. log10 whole watershed percent agricultural land use. As regional 

agricultural land use increases, buffer width decreases (F1, 24 = 16.55, p < 0.001, R2
adj = 0.38). 

(C) Log10 dissolved nitrogen concentration (mg/L) vs. log10 local percent agriculture within 250 

meters. As local agricultural land use increases, nitrogen runoff concentrations also increase (F1, 

(A) (B) 

(C) (D) 

(E) (F) 
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24 = 5.13, p = 0.03, R2
adj = 0.14). (D) Log10 dissolved nitrogen concentration (mg/L) vs. log10 

whole watershed percent agricultural land use. As regional agricultural land use increases, 

nitrogen runoff concentrations also increase (F1, 24 = 10.54, p = 0.003, R2
adj = 0.28). (E) Log10 

dissolved phosphorus concentration (mg/L) vs. log10 local percent agriculture within 250 meters. 

As local agricultural land use increases, phosphorus runoff concentrations showed no 

relationship (F1, 24 = 0.07, p = 0.80, R2
adj = -0.04). (F) Log10 dissolved phosphorus concentration 

(mg/L) vs. log10 whole watershed percent agricultural land use. As regional agricultural land use 

increases, phosphorus runoff concentrations also increase (F1, 24 = 4.69, p = 0.04, R2
adj = 0.13).  



 

 
 

61 

 
Figure 6 Mean proportion of terrestrial energy and trophic position of creek chub versus. local 

and regional agricultural land use. (A) Logit transformed mean proportion terrestrial coupling of 

creek chub by site vs. log10 local percent agriculture within 250 meters. As local agricultural 

land use increases, terrestrial coupling decreases (F1,18 = 7.79, p = 0.01, R2adj = 0.26). (B) Logit 

transformed mean proportion terrestrial coupling of creek chub by site vs. log10 whole watershed 

percent agricultural land use. As regional agricultural land use increases, proportion of terrestrial 

energy use shows no relationship (F1,18 = 2.29, p = 0.15, R2adj = 0.06). (C) Trophic position of 

creek chub by site vs. log10 local percent agriculture within 250 meters. As local agricultural 

(A) 

(C) 

(B) 

(D) 
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land use increases, trophic position decreases (F1,19 = 4.535, p = 0.0465, R2adj = 0.1502). (D) 

Trophic position of creek chub by site vs. log10 whole watershed percent agricultural land use. 

Trophic position was not predicted by the percent of regional agriculture (F1,19 = 0.17, p = 0.68, 

R2adj = -0.04). Mean values per site are represented in black, while individual fish are 

represented in grey. 
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Figure 7 Demonstrates that top-heaviness is not directly related to agricultural land use. (A and 

B) The log10 transformed ratio of creek chub abundance over edible benthic invertebrate 

abundance +1, vs. log10 local percent agriculture within 250 meters and log10 whole watershed 

percent agricultural land use. For this purpose, edible invertebrates referred to any order of 

invertebrates that had previously been recorded in the stomach contents of creek chub according 

to FishBase (fishbase.se). As local and regional agriculture increases, creek chub shows no 

relationship relative to their preferred prey, (F1,15 = 1.66, p = 0.22, R2
adj = 0.04; F1,15 = 0.006, p = 

0.94, R2
adj = -0.07). (C and D) Mean creek chub total body length (mm) vs. log10 local percent 

agriculture within 250 meters and log10 whole watershed percent agricultural land use. There is 
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no relationship between body size and local or regional agricultural land use (F1,18 = 0.02, p = 

0.90, R2
adj = -0.06; F1,18 = 0.09, p = 0.76, R2

adj = -0.05). 
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Figure 8 Demonstrates top-heaviness using predator:consumer vs. buffer width and mean body 

length vs. nutrient concentrations. (A) The log10 transformed ratio of creek chub abundance over 

edible benthic invertebrate abundance +1, vs. inverse log10 buffer width (m), averaged over 2 km 

upstream from the study site. For this purpose, edible invertebrates referred to any order of 

invertebrates that had previously been recorded in the stomach contents of creek chub according 

to FishBase (fishbase.se). As buffer width decreases, creek chub become more abundant relative 

to their preferred prey, representing a top-heavy ecosystem (F1,15 = 6.08, p = 0.03, R2
adj = 0.24). 

(B) Mean creek chub total body length (mm) by log10 dissolved phosphorus concentration 

(mg/L). As phosphorus concentration increases, creek chub body size decreases (F1,17 = 5.26, p = 

0.04, R2
adj = 0.19). This shows that as agricultural nutrient runoff increases and riparian habitat 

decreases, body size and trophic positions decrease while the food web becomes more top-heavy. 
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Supplementary Figures 
 

 
Figure S1 Shows aquatic invertebrate proportional abundance sorted by order and displayed in 

order of percent agricultural land use. Note the increasing proportion of dipteran larvae and 

gastropods as agricultural land use increases.   
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Figure S2 Shows terrestrial invertebrate proportional abundance sorted by order and displayed in 

order of percent agricultural land use. 
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Figure S3 shows species-assigned mean body length (A) and trophic position (B) vs percent 

agriculture in the watershed for all fish species collected across Southwestern Ontario. Note the 

lack of samples at low percent watershed agriculture. Sites with percent urban land use greater 

than 30% were excluded. (A) As agricultural land use increases, mean body size does not change 

(F1,2069 = 0.04, p = 0.84, R2
adj = 0.00). Sites with percent urban land use greater than 30% were 

excluded. (B) As agricultural land use increases, mean body size does not change (F1,2069 = 

34.97, p = <0.001, R2
adj = 0.02). Data is from the provincial water quality monitoring network 

(PWQMN) from sites across Southern Ontario, and fish species data is presence/absence. Mean 

body length and trophic position assigned to each species was collected from FishBase 

(fishbase.se). 
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Appendix 1: R Packages Used 
 
 

Name Version 

car 3.0-7 

corrgram 1.13 

Hmisc 4.4-0 

raster 3.1.5 

sf 0.9.2 

tidyverse 1.3.0 

vegan 2.5-6 

 
 

Package References 

Fox, J., Weisberg, S., (2019).  An R Companion to Applied Regression, Third Edition. R 

package version 3.0-7. https://r-forge.r-project.org/projects/car 

 

Hadley, W., (2019). Easily Install and Load the ‘Tidyverse’. R package version 1.3.0. 

http://tidyverse.tidyverse.org 

 

Harrell, F. E. Jr., (2020). Harrell Miscellaneous. R package version 4.4-0, 

http://biostat.mc.vanderbilt.edu/Hmisc 

 

Hijmans, R., J., (2020). raster: Geographic Data Analysis and Modeling. R package version 3.1-

5. https://CRAN.R-project.org/package=raster 

 

Oksanen, J., Blanchet, F., G., Friendly, M., Kindt, R., Legendre, P., et al., (2019). Community 

Ecology Package. R package version 2.5-6, https://github.com/vegandevs/vegan 

 

Pebesma, E., (2018). Simple Features for R: Standardized Support for Spatial Vector Data. The 

R Journal, 10 (1), 439-446, https://doi.org/10.32614/RJ-2018-009 

 

Wright, K., (2018). Corrgrams: Exploratory Displays for Correlation Matrices. R package 

version 1.13. https://doi.org/10.1198/000313002533 
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Appendix 2: 2-Source Trophic Position Model 
 

 

Appendix 2: Figure 1 shows trophic position using a 2-source model based on a detrital 

(CPOM) terrestrial and aquatic (algae) baseline, versus both local and whole-watershed percent 

agricultural land use. (A) 2-source trophic position decreased as local percent agriculture 

increased (F1,19 = 5.672, p = 0.03, R2
adj = 0.19). (B) 2-source trophic position showed no 

relationship with whole watershed agriculture (F1,19 =0.83, p = 0.37, R2
adj = -0.009). Note the 

values below trophic position zero, which is not a real possible value. This is likely due to 

enrichment of aquatic δ15N from agricultural fertilizers being taken up by algae. Note in table 3 

the algal baseline values above those of creek chub, leading to an overly and falsely compressed 

food chain as agriculture increases. 

(A) (B) 
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