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ABSTRACT

IMPACTS OF FORESTRY ON SPIDER (ARANEAE) DIVERSITY, ABUNDANCE AND
COMMUNITY STRUCTURE

Chris Ho
University of Guelph, 2019

Advisor:
M. Alex Smith

Arthropods are a major component of forest biodiversity and can be indicative of
forest health. I investigated the effects of forestry on spider diversity and community
structure in Algonquin Provincial Park, Ontario. I found lower habitat complexity in
harvested-sites accompanied by higher maximum temperatures. Spider diversity in
harvested sites was characterized by lower phylogenetic diversity (PD) not reflected in
species richness, abundance, nor family guilds. However, spider communities in
harvested-sites were phylogenetically more clustered with higher Nearest Taxon Index
(NTI). NTI was positively correlated with temperature, suggesting temperature as a
possible driver of phylogenetic structure. The presence of phylogenetic signals (not
detected by taxonomic or functional measures) suggests that phylogenetic measures
can be a sensitive tool in detecting disturbance long after forestry has finished. Lower
PD has been associated with lower ecological resilience and cautions against
interpreting patterns of diversity without accounting for the impact of disturbance on
phylogenetic history.
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1 IMPACTS OF FORESTRY ON SPIDER (ARANEAE)
DIVERSITY, ABUNDANCE AND COMMUNITY STRUCTURE
1.1

Introduction

Disturbance is an environmental perturbation that can shape ecosystems by
affecting their diversity, composition, structure, and functional processes. Certain
ecosystems, such as tall grass prairies, are dependent on periodic disturbances from
fire to maintain their species composition and biodiversity. Fire imposes an
environmental filter on the community, selecting against non-tolerant species. By
contrast fire-adapted species may experience ecological release from the reduced
competition (Briggs and Knapp 1995, Roxburgh et al. 2004). Disturbance can be
naturally occurring or anthropogenic in origin. Anthropogenic disturbances can
drastically affect the surrounding ecosystems, disproportionally affecting biodiversity,
abundance and community structure. In comparing mixed natural and human-impacted
habitats, Shochat et al. (2004) found that arthropod abundance increased while
biodiversity decreased in human-impacted sites. Similar patterns of abundance and
diversity were observed in spiders by Buddle et al. (2000), when comparing forest
habitat naturally disturbed by fire and by anthropogenic forestry. The impact of
disturbance on an ecosystem depends on the type, frequency, and scale of that
disturbance in combination with the resilience of the ecosystem (Niemelä 1999).
Resilience is capacity of an ecosystem to respond to disturbance by resisting and
to recover rapidly. Holling (1973) used ecological resilience to describe the amount of
stress an ecosystem can resist before shifting towards a different steady state. For
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instance, higher frequency of fire in Canadian boreal forests has been shown to shift the
fire-adapted coniferous ecosystem structure to deciduous stands (Weber and Flannigan
1997, Bond-Lamberty et al. 2007). In my study of a post-disturbed system, resilience is
more applicable from the perspective of recovery. Engineering resilience is defined by
Pimm (1984) as the time taken by a system to recover to a pre-disturbed state following
a disturbance (Pimm 1984, Peterson et al. 1998). To investigate the biotic response to
anthropogenic disturbance, I wanted to understand the underlying abiotic conditions
affected by forestry by comparing differences in abiotic factors between disturbed and
references sites, in relation to the change in species assemblages, diversity, and
community structure.
1.1.1 Forestry
In eastern North America, anthropogenic forestry is the primary disturbance
affecting forest ecosystems (Masek et al. 2011). Up to 6.1 million ha of the 734 million
ha of total forested areas in North America are harvested annually (Masek et al. 2011).
The nature of the ecological effects of forestry are substantially different compared to
natural disturbances such as fire, insect, storms, and wildlife (Niemelä 1999). The
removal of biomass accompanying forestry often alters forest composition through the
creation of numerous large bare patches. This is different from natural disturbances, not
usually accompanied by biomass removal, which tends to result in a less uniform
disturbance area (Niemelä 1999). Habitat fragmentation can be a barrier for species
with low dispersal abilities, which can reduce the diversity of an assemblage and thus
increase the risk of local extinction (Welsh and Droege 2001). To understand the impact
of forestry on the biotic community it is useful to understand effects of forestry on abiotic
2

factors. On a local scale, forestry can decrease the complexity of the physical habitat
and associated microhabitats (Parrish and Summerville 2015). The reduction of physical
habitat structure has been shown to decrease the distribution and diversity of arboreal
arthropods, shifting the community composition towards a terrestrial assemblage
(Kostylev et al. 2005, Samu et al. 2014). The reduction in branch structure and canopy
by forestry has been shown to be accompanied by a decline in abundance and
biodiversity for Araneae, Psocoptera, and Collembola (Halaj et al. 2000). Thus, the
physical reduction of tree branches is correlated with a decrease in abundance of
canopy spiders, while artificially increasing the number of branches can increase
arboreal spider abundance (Halaj et al. 2000). The removal of canopy exposes the
forest floor to more sunlight and increases the average soil temperature in mixed-wood
and coniferous forests (Macdonald and Fenniak 2007). Understanding the effects of
temperature and habitat complexity on the biotic community can help predict the
distribution and structuring of arthropod communities in response to anthropogenic
disturbances (Bonte et al. 2008).
1.1.2 Spider Ecology and Community Structure
Arthropods are the most diverse and abundant multicellular organisms in forest
ecosystems and are important to nutrient cycling and transfer (Lattin 1993). However, it
is prohibitively costly and time consuming to monitor the effect of disturbance on all
species and habitats (Pearce and Venier 2006). A frequently used solution is to select
specific taxa that have specific ranges of resource requirement or environmental
variability as indicators (Dufrêne and Legendre 1997, Hilty and Merenlender 2000). To
be effective, the taxonomy and ecology of these indicator taxa should be well studied,
3

repeatable, ecologically meaningful, and easy to evaluate (Smith et al. 2007). By
monitoring the presence or absence of such indicators, these taxa are used as
representative proxies to understand the effect of environmental change on the
ecosystem (Hilty and Merenlender 2000).
In North America, spiders are well-studied, relatively abundant, easy to capture,
and, compared to many arthropods, taxonomically well-described (Coddington and Levi
1991). Their small adult range size makes them responsive to local changes at the local
stand and litter scale, and spiders are often used as indicator taxa of forest health
(Langor and Spence 2006) (Niemelä 1999). Spiders are major predators in both
number and biomass in temperate and northern forest ecosystems (up to 2.08 kcal of
prey/m2 per year) (Moulder and Reichle 1972, Samu et al. 2014, Nyffeler and Birkhofer
2017). Spiders are intermediate generalist predators; the predation by spiders imposes
a strong top-down effect on the abundance of understory arthropod predators and forest
decomposers (Varady-Szabo and Buddle 2006, Smith et al. 2007). For example, the
removal of spiders from forest floor communities leads to increases in the abundance of
herbivorous species and the rate of vegetation decay (Castro and Wise 2010). In turn,
spiders serve as an important bottom-up linkage to higher trophic levels and are
predated by mammals, birds, reptiles, amphibians and other predators (Smith et al.
2007, Slowik and Blagoev 2012).
Spiders have a broad range of life history strategies that enable them to exploit a
large variety of predatory niches. This likely occurs via niche differentiation (Samu et al.
2014), whereby multiple spider species can co-occur spatially via partitioning of different
niches/habitats (canopy, understory, and ground litter) associated with different
4

morphologies (Kress et al. 2014). I use the Grinnellian definition of the niche, as the
habitat and resource requirement of a species/taxon group necessary to persist
(Grinnell 1917, Leibold 1995). Habitat structure affects niche space (Klopfer and
MacArthur 1960), and the heterogeneity of structure found in highly complex habitats
likely supports more potential niches and therefore a higher number of functional groups
(a collection of species or higher taxa with similar resource requirement within their
community) and thus is likely to support a higher biodiversity than a less complex
habitat (Halaj et al. 2000). While spiders occupy a wide range of life-history strategies,
within specific families, these strategies are quite conserved. Thus, arachnologists have
historically divided the entire order into 8 distinct guilds by families (and secondarily by
subfamily) (Cardoso et al. 2011). Guilds are defined as groups that share one or more
resource categories that may include non-phylogenetic groups (Simberloff and Dayan
1991, Blondel 2003). These guilds take into account hunting styles and the various
lifestyles which affect and limit habitat usage, and thus guild composition can be
sensitive to local-scale disturbances which in turn can affect both the species diversity
and phylogenetic community structure (Cardoso et al. 2011, Pinzon et al. 2011).
1.1.2.1 The effects of forestry on spiders: what we know
Spider assemblages can be affected by litter type, structure, ambient light,
humidity, and temperature (Uetz 1979, Varady-Szabo and Buddle 2006, Ziesche and
Roth 2008, Sereda et al. 2012). In particular, spider species richness (SR) has been
shown to be greater when habitats are more structurally complex (Castro and Wise
2010). Castro and Wise found that spider communities found in harvested sites and
along forest edges tend to be characterized by active hunting spiders with high thermal
5

tolerance to temperature fluctuations (~30℃), while the spider communities found in
uncut sites tends to be dominated by web-building spiders (Castro and Wise 2010)
(Schmalhofer and Casey 1999). Spider communities have been shown to be sensitive
to forestry, where even selective harvesting can change the composition of spidercommunity structure towards the community structure found in clear-cuts (Buddle and
Shorthouse 2008, Pinzon et al. 2012). As generalist predators, spiders regulate the
density of invertebrate herbivores, shifting guild composition, which has important
implications for the maintenance of ecosystem processes (Castro and Wise 2010).
1.1.2.2 Taxonomic Impediment and DNA Barcoding
Spiders are often used as an indicator taxon of forest health. However, the
assessment of spider diversity remains hindered by a biological “taxonomic
impediment”, since the majority of identification keys are based on adult males – and
most trap contents contain non-adults and females (Langor and Spence 2006, DeWalt
2011, Smith et al. 2012). The use of sex-specific adult reproductive characteristics in
species-level morphological keys impedes the identification of poorly preserved or
juvenile specimens (Blagoev et al. 2009). This issue can be compounded with
seasonality, where the majority of individuals recovered from surveys (in some cases
nearly 3/4) can consist of juveniles (Davey et al. 2013). Most spiders have notable
sexual dimorphism, yet up to 46% of spiders have been described based on only one
sex, which makes morphological identifications difficult or impossible for many taxa
(Platnick et al. 2014).
One solution to this impediment is the use DNA-based identification, such as
DNA barcoding (Hebert et al. 2003), where a short DNA sequence from a standardized
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gene region (5’ region of the cytochrome c oxidase subunit I (COI) gene in animals) is
amplified from an unknown individual and compared against (and contributed to) a
reference library for species and specimen identification. Comparing sequences from
unknown juvenile or female spiders to a reference library permits the subsequent
identification and use of the majority of the trapped individuals. A comprehensive DNA
barcode library for North American spider species currently encompasses ~70% of the
estimated ~1460 named species found in Canada, and thus, spiders of Canada are an
ideal candidate for DNA-based identification (Blagoev et al. 2009). In cases where a
sequence does not correspond to any named specimens in the library, these individuals
can still be included in analyses by using standardised molecular operational taxonomic
units (MOTU) as interim species proxies (Blaxter et al. 2005). Barcode Index Numbers
(BINs) are a specific type of MOTU that are derived from DNA barcode sequences
clustered based on Refined Single Linkage (RESL) (Ratnasingham and Hebert 2013).
Algorithms based on single linkage clustering have been used in the past as proxies for
species-level identifications in fields where morphology-based taxonomy is difficult in
some hyper-diverse taxa, such as in bacteria and fungi (Blaxter et al. 2005). In many
taxa, these clusters are often congruent with traditionally described species. For
example, Blagoev et al (2016) found a high congruence between spider species and
BINs, 78.1% of which had a one to one correspondence between BIN membership and
a known species, while 19.4% of species names matched to two or more BINs (a
possible indicator of cryptic diversity). Thus the use of DNA barcodes to address the
difficulty in species-level identification presents an opportunity to learn more about their
diversity and the factors that shape that diversity.
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1.1.3 Diversity and Community Structure
Two commonly used metrics in ecology to describe diversity are alpha and beta
diversity (Whittaker 1972). Alpha diversity is a local measure of diversity within a
site/community, e.g. species richness within a site, whereas beta diversity is a measure
of regional diversity that characterized the local diversity in relations to another
habitat/site, which when combined provides the gamma (or total) diversity (CavenderBares et al. 2009). An ever-increasing number of metrics have been created to quantify
diversity, with more than 278 combinations of metric and null models, thus making index
selection a daunting challenge (Mouquet et al. 2012, Tucker et al. 2016, Miller et al.
2017). In light of the large volume of diversity indices, the morass of these metrics of
alpha and beta diversity have been categorized based on the question of interest into
three general dimensions of: richness, divergence and regularity/evenness (Tucker et
al. 2016, Miller et al. 2017).
1.1.3.1 Richness: a measure of how much?
A simple measure of alpha diversity is taxon richness, obtained by the count of
distinct taxonomic units within an area, with species richness (SR) being the most
commonly delineated taxon level (Vellend et al. 2011). Richness can also be measured
phylogenetically. Phylogenetic richness is characterized by the sum of accumulated
difference among taxa (Tucker et al. 2016). One common metric to quantify
phylogenetic richness is phylogenetic diversity (PD), defined by the total sum of all
branch lengths separating taxa in a community, inversely correlated with the
relatedness of a taxon in an assemblage (Faith 1992). PD is a measure of phylogenetic
alpha diversity that accounts for the relatedness of an individual to its community; thus,
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PD can be used as a sensitive tool in detecting uneven relatedness within a community
that would not be evident from richness measures alone (e.g. species richness) (Martin
et al. 2004, Forest et al. 2007, Smith et al. 2017).
1.1.3.2 Divergence: asks how different?
Taxonomic measures, such as species turnover, are metrics commonly used to
examine differences in species composition between communities (Pavoine and Bonsall
2011, Tucker et al. 2016). Phylogenetic measures can also be used to calculate
similarity or difference between sites (i.e. beta diversity) (Graham and Fine 2008).
Phylobetadiversity compares the distance between communities as an estimate of the
evolutionary relatedness of the community, calculated as minimum distance between a
species and all other members of the community. Comparison of phylobetadiversity
between harvested and undisturbed communities can reveal differences in community
structure that might not be apparent (e.g. where richness remains the same).
1.1.4 Phylogenetic structure
Phylogenetic community structure (PCS) is a metric used in explaining the
underlying factors affecting guild assemblages within a community – particularly for taxa
about which we know very little. For example, if traits associated with environmental
capacity (i.e. guilds) are phylogenetically conserved, then we would expect that
changes in environmental conditions would filter the community composition to
preferentially contain certain guilds more frequently than others, resulting in
phylogenetic clustering (Kembel & Hubbell 2006; Mishler et al. 2014). Phylogenetic over
dispersion could be a signal of high levels of interspecific competition, as coexistence of
9

closely related species sharing the same niche/resources is selected against due to the
competitive exclusion principle (Hardin 1960, Harvey and Pagel 1991, Webb et al.
2002). Alternatively, over-dispersion could be a result of past migration due to largescale environmental changes followed by convergent evolution (Horner-Devine and
Bohannan 2006, Cadotte and Tucker 2017). One frequent measure of PCS is the
nearest taxon index (NTI). The NTI is a standardized measure of phylogenetic distance
from each taxon to its nearest taxon in the sample and quantifies the extent of terminal
clustering (tip-level divergence) without accounting for deep-level clustering (Webb et al.
2002, Horner-Devine and Bohannan 2006, Smith et al. 2014, Smith 2015). The net
relatedness index (NRI) is another commonly used metric, and measures deeper
divergences by assessing the degree of phylogenetic clustering across a phylogeny
(Webb et al. 2002, Horner-Devine and Bohannan 2006).
My objective is to study the effects of anthropogenic disturbance (in the form of
forestry) on spider communities by contrasting differences in abiotic factor between cut
and uncut areas in and around Algonquin Provincial Park, Ontario with patterns of
spider diversity, abundance, and community structure (Figure 1) to ask the following
questions: Are the effects of forestry to abiotic factors (e.g. the decrease in habitat
complexity and increase in temperature) still detectible in this system? If so, are these
differences in abiotic factors reflected by a biotic response in spider abundance,
diversity, and community structure? Are the responses similar for functional, taxonomic,
and phylogenetic diversity within and between communities? What changes are
associated with the phylogenetic community structure between cut and uncut areas?

10

1.1.5 Hypotheses and Predictions
If habitat complexity is indicative of available habitat structure and forestry
reduces available habitat structure, then I would expect a decrease in spider
abundance, richness, and phylogenetic diversity coinciding with lower habitat
complexity in cut sites. If forestry disproportionately reduces habitat complexity, and
web-weaving spider are limited by the availability of physical habitat structure for webbuilding, then I would expect to find a lower aboveground habitat complexity reflected by
lower abundance and phylogenetic diversity for web-weaving spiders than in huntingspiders.
If spider functional diversity are limited by habitat diversity and if forestry has a
significant effect on the availability of habitat, then I expect a shift in guild composition
and abundance towards hunting spiders from web-weaving spiders in cut sites. If the
reduction in canopy from forestry allows more radiant energy to reach the forest-floor,
then I would expect to find evidence for warmer temperature in cut sites. Furthermore, if
spider assemblages in Algonquin Provincial Park are limited by maximum temperature,
and the higher maximum temperatures found in harvested sites impose an
environmental filter; then I would expect to find spider communities in cuts sites to be
characterized by lower phylogenetic diversity and to be more phylogenetically clustered
towards the more thermal-tolerant hunting spiders. I would also predict that NTI would
have a positive relationship with maximum temperature.
My cut sites had lower habitat complexity and higher maximum temperatures.
Cut site spider diversity was lower when measured phylogenetically (using PD) but not
taxonomically (when measured using species richness). I found no difference for
11

abundance in family guilds; however, spider communities in harvested sites were
phylogenetically more clustered with a higher Nearest Taxon Index (NTI). NTI showed a
positive trend with maximum temperature, suggesting temperature is a possible driver
of phylogenetic structure. The presence of phylogenetic signals not detected by
taxonomic or functional measures suggests that phylogenetic measures can be a
sensitive tool in detecting the scars of disturbance long after forestry. Lower PD has
been associated with a lower ecological resilience and cautions against interpreting
patterns of diversity derived from a single metric, e.g. taxon richness, which might not
account for the impact of disturbance on phylogenetic history.
1.2

Methods

1.2.1 Study area
Algonquin Provincial Park, Ontario is located on the transition between the
temperate deciduous broadleaf forest to the south and the boreal forest to the North
(Natural Resources Canada 2014). Ontario provincial parks are protected areas whose
mandate is to preserve cultural and natural features, maintain biodiversity, and provide
economic opportunities (such as forestry) (Ministry of Natural Resources and Forestry
2014). Established in 1893 to improve the management of forestry, Algonquin is the
only provincial park within Ontario that continues to allow industrial logging (Ontario
Parks 1998). This balance between conservation and economic use provides a unique
opportunity to investigate the effect of that disturbance on the diversity of one of the
most abundant arthropod predators in those forests – the spiders (Arachnida, Araneae).
1.2.1.1 Disturbance in Protected Areas
12

My study employed a paired impacted-reference design comparing five pairs of
impacted and reference sites within Algonquin Provincial Park and one pair just outside
of park boundaries (Figure 2). Each site consisted of 50 m 2. Impacted sites were
characterized by regions that have been disturbed by forestry (within the past 25 years)
and were chosen across the park based on a pragmatic consideration of the number of
sites, road accessibility, and history of forestry (Figure 2). Each disturbed site was
paired with a reference site characterized by forest patches that have not been
disturbed by forestry (within 25 years) based on logging history and secondarily by a
site walk, which examined the site for evidence of logging (stumps, downed trees, etc.).
Reference sites were chosen to be paired in close proximity (<11km) with an impacted
site. All site pairs were located no farther apart than 80 km (Appendix 1) (Smith et al.
2017).
1.2.1.2 Sampling Collection Protocol
Each site was sampled over a two-week period between June to September in
2011 and again in 2012 (before my involvement in the project) (Smith et al. 2017).
Specimens were collected using a modified protocol for leaf-litter arthropods (Smith et
al. 2014) to standardise collection effort between sites. Sampling methods for spiders
included terrestrial Townes-style Malaise traps (Townes 1972), canopy Malaise traps,
yellow-pan traps, pitfall traps, leaf-litter sifting, mini-Winkler traps, and active searching.
One canopy and one terrestrial Malaise trap were placed at each site and retrieved after
7 days. Pitfall traps (n = 6) were deployed along transects at 10-meter intervals between
traps for each site. Leaf litter and soil samples were collected along the same series at
20m intervals for leaf litter sifts and mini-Winkler traps (3 instances for each). After the
13

collecting period, trap samples were stored in 95% ethanol at 4°C and subsequently
sorted to taxonomic order. All specimens sampled in 2012 were counted and
morphologically identified to family using regional keys (Ubick et al. 2005). Spider
samples were randomly selected for subsampling and sequenced for molecular
identification (below).
1.2.2 Abiotic measurements
1.2.2.1 Habitat Complexity
A high-resolution panoramic GigaPans photograph was taken at each site to
document the surrounding habitat (Figure 3) (Appendix 2). From these photographs, I
calculated habitat complexity with a standardized protocol modified from Zeide (1991),
Smith(1996), and Smith et al ( 2014) (http://www.gigapan.com/galleries/7832).
GigaPans for Algonquin sites were taken approximately 30 cm above the ground by the
field team during initial trap deployment. The panoramic images captured for the paired
sites outside of the park boundary (Douglas [cut] and Shaw woods [uncut]) were taken
in autumn or spring with canopy leaves already falling; thus, this site pair was excluded
from the analysis. To calculate a measure of habitat complexity from a flattened version
of the Algonquin panoramas (n = 5), I used a fractal box count (Kenkel and Walker
1993). Briefly, I first standardized the pixel dimension (height and width) for all
panoramic images, and converted these panoramic images into grayscale, and
subdivided them vertically into twelve equally sized subsamples (30 degrees) (Smith
2010). To distinguish physical changes in complexity between ground level and aboveground level for cut and uncut sites, I further subdivided each panorama horizontally
along the image midline to create four sets of equal images, 12 from below and 12
14

above the midline that approximates the forest floor line for cut and uncut treatment of
each site (Kostylev et al. 2005). I imported these panels into ImageJ to be sharpened,
converted to binary, and used in fractal box counts analysis on ImageJ (3) (Ritchie
2009, Kovalenko et al. 2011, Schneider et al. 2012) (Figure 4). Box counting analysis
subdivides an image into equal-sized square boxes, and then counts the number of
boxes occupied; this is repeated with boxes of increasing width (widths of 2, 3, 4, 6, 8,
12, 16, 32, and 64 pixels) (Zeide and Pfeifer 1991, Smith et al. 1996). The output is a
fractal dimension value (D), which is a measure of the complexity based on the
parameter of fractal geometry, where a higher D value indicates higher complexity
(Smith et al. 1996). The D values for each of the 12 subsamples were averaged for
each set of panoramic images, and the mean complexity values of each set above and
below were compared using paired T-test between their paired site counterparts.
1.2.2.2 Temperature
I deployed Hobo Pendant temperature data loggers (UA-001-64) to test if the
decrease of canopy habitat structure by forestry would allow more radiant energy to
reach the forest floor and thus increase temperature in my cut sites. I mounted the
temperature loggers ~50 cm from ground level at each site to record air temperature at
10-minute intervals between June and September, 2015. From these collections, I
calculated the daily maximum, minimum, average, and range of temperature at each
site. Since my temperature was recorded in the summer of 2015 while my biological
sampling occurred in 2011 and 2012, I wanted to know if temperatures recorded in 2015
were comparable with temperature observed during the biological sampling period of
2011 and 2012. Using publically available temperature data from a weather station
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within Algonquin Park East Gate (amongst my sampling sites) maintained by
Environment Canada (https://weather.gc.ca/past_conditions/index_e.html?station=tnk), I
tested if temperatures recorded in 2015 were comparable with temperature observed
during the biological sampling period of 2011 and 2012 using an ANOVA by testing
mean temperature between the 2011, 2012, and 2015. I used paired two-tailed t-test to
compare the daily maximum, minimum, and mean temperature between treatments to
the temperature from 2015 Algonquin East Gate (Appendix 3).
1.2.3 Biotic measurements
1.2.3.1 Sample list
Over 3,282 spiders were collected in the interval between June 2011 and
September 2012. From these, 560 were DNA sampled, producing 510 sequences
assigned to BINs (Appendix 4). A total of 1,934 spiders collected from 2012 were further
identified to family level or lower based on morphology (including 2012 sequenced
specimens). A complete species list of all spiders collected and sequenced from
Algonquin Park were uploaded to BOLD in the publically available dataset DSAGPARAN.
1.2.3.2 Functional Guilds and Abundance
To estimate the total abundance of spiders at each site, I counted and
morphologically identified (to family or subfamily) all spiders collected from 2012. I used
these taxonomic assignments to assign each specimen to a functional guild based on
two “supra-classes” of web-weavers and cursorial/hunting spiders (Michalko and Pekár
2016). I further subdivided these into 8 functional guilds (Cardoso et al. 2011). I used
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paired T-test to compare the change in relatively proportion (%) between treatments at
family and guild level. I compared differenced in abundance of these specimens at the
family and guild level between uncut and cut site with a paired T-test.
1.2.3.3 DNA Protocols
Our ecological survey of arthropods trapped many more specimens than we
were able to be analyze molecularly. Specimens were serially assigned numbers, then
randomly subsampled to 570 (six 95 well plates) with a random number generator
(RNG) from each site for DNA barcode analysis (Haar 1998). All barcoded specimens
were photographed in dorsal view with a Leica Z16 APOA Microscope using the Leica
Application Suite V4.3. DNA was extracted from tissue samples taken from the right
hind femur (unless missing or other damaged limbs were available). Molecular
processing was completed at the Canadian Centre for DNA Barcoding using standard
DNA barcode protocols (Ivanova and Grainger 2007, DeWaard et al. 2008, Blagoev et
al. 2013). Samples underwent tissue lysis, DNA extraction, and bidirectional sequencing
with PCR amplification using LepF/LepR primers(Hebert et al. 2003). For quality control,
the resultant forward and reverse trace files ends were clipped and aligned with
MUSCLE (Edgar 2004); the combined contig was edited and filtered for sequence
ambiguity greater than 1% or if the sequence was shorter than 510 base pairs. The
sequences, collection metadata, and photographs of barcoded specimens were
uploaded to the Barcode of Life Data System (BOLD: www.boldsystems.org,
dx.doi.org/10.5883/DS-ASALGONQ). Once on BOLD, these sequences were compared
to the BOLD library and were assigned taxon names from BINs (or <2% sequence
match for specimen without BINs).
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1.2.4 Phylogenetic Analysis
To construct my phylogeny, I used single high-quality representative nucleotide
sequence (fewest ambiguities and longest length) for each BIN in MEGA6.0 (Tamura et
al. 2013). I used a RNG to sub-sample the sequences with permutations (50) to the site
with the lowest number of sequences (n = 22) to standardized sample size for
sequencing success across sites (Haar 1998). This resulted in a standardized pool of
264 specimens (22 specimens x 12 sites) comprised of 103 unique BINs. To determine
the best-fit substitution model for my COI phylogeny, I used the built-in model selection
tool in MEGA6.0, which selects for the lowest Bayesian Information Criterion (BIC), with
the Akaike Information Criterion, corrected (AIC), and Maximum Likelihood value (InL)
considered. The General Time Reversible model (GTR) (Tavaré 1986), assuming that a
certain fraction of sites are evolutionarily invariable (+I parameter) while others are
modeled for non-uniformity of evolutionary rates among sites using a discrete gamma
distribution (+G parameter), was selected to construct the Maximum likelihood tree
(Tamura et al. 2011) in MEGA6 (Tamura et al. 2013) (Appendix 3) (Boyle and
Adamowicz 2015). I mapped the resultant tree to presence/absence (p/a) matrices
created for each site and treatment. All statistical analyses were performed in EstimateS
ver. 9.10 (Colwell and Elsensohn 2014) and in R (R Development Core Team 2015)
using the packages picante (Kembel et al. 2010) and ncf (Bjornstad 2016). The
phylogenetic tree standardized for sample size was built from 264 specimens and was
comprised of 103 distinct BINs (Figure 5). The subsampled specimen list used in tree
construction is available under DS-AGPARAN1000 (dx.doi.org/10.5883/DSASALGONQ).
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1.2.4.1 Rarefaction Curves and Betadiversity
I tested sampling completeness using rarefaction curves calculated in EstimateS
(Colwell and Elsensohn 2014) based on a pooled presence/absence (p/a) matrix from
BINs of all barcoded spiders (Colwell and Elsensohn 2014). To account for the effect
distance had on BIN similarity between sites, I compared Jaccard indices based on the
same P/A matrix of BINs calculated in EstimateS with the pairwise geographic distance
matrix using a Mantel test performed in R (Jaccard 1901, Smouse et al. 1986, Urban
and Urban 2003). I also used a Mantel test to compare geographic distance to
phylogenetic distance to test the null hypothesis that differences in PD between sites
were not due to physical separation (Smouse et al. 1986).
Species richness – Using BIN richness (BR) as proxy for SR, I assessed the resultant
BIN count for each site with a paired t-test to compare the mean BR of each site
between treatments. To obtain taxonomic-based SR, I used the BOLD Identification
Engine to assign Linnaean names to my specimens, and counted. SR was compared to
BIN-based taxon richness, to assess if BIN-based richness follows a close relationship
with SR based on Linnaean name.
Guild redundancy – Spider families were further concatenated into a broad division of
hunters and web weavers (Table 1) (Nyffeler et al. 1994, Cardoso et al. 2011). I
assessed the abundance and diversity of functional groups between cut and uncut sites
with paired t-tests. I used Faith’s phylogenetic diversity (PD) between functional types to
take into account functional trait (hunting strategy) (Faith 1992).
1.2.4.2 Phylogenetic Diversity
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Using presence/absence (PA) matrices and the ML tree, I calculated Faith’s PD
using the package picante in R. I tested the relations between treatment types and PD
with a paired t-test (Kembel et al. 2010, R Development Core Team 2015). To account
for the expected relationship between BR and SR, I controlled for the relationship
between PD and BINs using linear regression to investigate if there are patterns in PD
not accounted for by BR; the residuals from this relationship were then used to compare
uncut and cut treatments. The same analysis was performed for NTI to account for any
relationship between NTI and BR. Phylogenetic analysis of the p/a tree structure
between treatments was used to obtain the Nearest Taxon Index (NTI) calculated as
NTI = −1 ∗

(

(

)
(

(

)
)

, or where NNPDobs is the mean nearest neighbor

distance to nearest taxon in the phylogeny of the pool; mn (NNPD exp), and sd(NNPDexp)
are the mean and standard deviation expected for n randomly distributed taxa in the
phylogeny of the pool (Webb et al. 2002, Kembel et al. 2010). The NTI measures
whether the most closely related co-occurring species in a community are more or less
closely related than expected. The NTI is derived from the mean nearest taxon distance
(MNTD) and is used to measures the extent of terminal clustering on the phylogeny by
determining the average minimal distance or branch length between taxa in a particular
community. High and positive NTI indicates that a community is clustered more than
would be expected by chance. Conversely, negative values of NTI suggest possible
dispersion across the phylogeny and indicate that members are more distantly related
than would be predicted by chance (Webb et al. 2002, Horner-Devine and Bohannan
2006). This is differentiated from the Net Relatedness Index (NRI) derived from the
mean phylogenetic distance (MPD) calculated from all pairwise distances for a group of
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taxa. When used in a rooted phylogeny, the NRI is suitable to detect signals of deep
branching from an assemblage’s evolutionary history (Webb et al. 2002, Horner-Devine
and Bohannan 2006, Chai et al. 2016). DNA barcoding in animals, being based on a
single mitochondrial marker, is not an ideal candidate in examination of deeper-level
phylogenetic signals (Clare et al. 2008). Thus, NTI, which measures the mean minimal
distance between species found at sampling site (terminal clustering between tips
independent of deep-level clustering), is a more appropriate measure than NRI for
phylogenies built with COI (Smith et al. 2014, Smith 2015). I compared differences in
phylogenetic structure between treatment with Nearest Taxon Index (NTI) using the PA
matrices and ML tree in the statistical package picante in R. To ensure results were not
an artifact of model selection, I tested 7 null models for NTI and NRI. I compared the
similarities of assemblages morphologically using Jaccard’s index in EstimateS (v 9.1
Colwell) and phylogenetically using phylobetadiversity (Colwell 2009, Colwell and
Elsensohn 2014). Phylobetadiversity was calculated in picante using the MNTD
between species from two sites. Both values of betadiversity were compared to pairwise
geographic distance (km) using a Mantel Test (Smouse et al. 1986). Betadiversity was
assessed with comdistnt derived from MNTD to measure the average minimum
distance between a species of a set and all species in another set. This was used to
compare site-similarity in relatedness over distance and tested with a Mantel test
(Tucker et al. 2016). To determine if and/or which diversity measures responded with
changes in abiotic variable between treatments, I performed linear regression on abiotic
factors (temperature and complexity) as predictors and biotic response variables (NTI,
PD, SR and functional guild abundance). To account for the influence of time (the
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difference in time of harvest in cut sites to uncut sites), I plotted the change in PD and
NTI against the age of harvest to test with linear regression.
1.3

Results

1.3.1 Physical differences between sites
As predicted, cut sites were characterized by lower D-values (t= 6.72, p-value <
0.001, df = 5). When focused at and above forest-floor level, the difference in D-value
between cut and uncut was attributable to above-ground complexity. The average
above forest-floor D-values in uncut sites was higher than in cut sites (mean D-value for
uncut: 1.877, 95% CI = -0.1487, mean D-value for cut = 1.756, 95% CI = -0.0923; t =
11.859, df = 4, p-value < 0.001). This pattern was not observed in forest-floor D-value
between treatment (t = 0.039, p-value = 0.970, df = 4) (Figure 6) (Appendix 4). This
suggests that the habitat complexity above ground is lower for harvested sites, while no
differences in complexity were observed at forest-floor.
The thermal environment also differed significantly between cut and uncut sites
during peak periods of spider activity (June and late September) (Figure 7). Daily
temperature fluctuations were greater in cut sites than in uncut sites (t-value = 3.96, p =
0.011, df = 5). The difference in magnitude of the fluctuations was due both to a
significantly higher mean daily maximum temperature (t-value = 3.82, p = 0.012, Table
6), and significantly lower mean daily minimum temperature in cut sites relative to uncut
sites (t-value = -3.44, p = 0.018, df = 5 Appendix 3). The average temperature in cut
sites follows the same trend as maximum temperature, but not significant at α = 0.05 (tvalue = 2.500, p = 0.054, df = 5). All the sites followed this pattern except for the Achray
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pair, which showed the opposite trend for temperature maximum, range, and a nonsignificant decrease in minimum. I performed a Grubbs’ test for outliers (z= (|meanvalue|/SD)) on Achray’s mean temperature against sites which failed to reject Achray as
an outlier. I compared mean temperature taken at Algonquin East Gate between 2011,
2012, and 2015 during sampling months and found no significant differences in
temperature trends (P-value = 0.846, F = 0.168, df = 2) between the specimen sampling
years and temperature recording year (Table 2) (Figure 8). Using unpaired t-tests to
compare 2015 Algonquin East Gate daily maximum temperature with uncut sites, I did
not find significant differences between the mean daily maximum temperature between
my uncut sites and the 2015 Algonquin East Gate (Table 2) (Appendix 3).
1.3.2 Accumulation
Accumulation curves have shown that neither BIN nor site rarefaction has
reached asymptote (Figure 9). Of the 103 distinct BINs, a large portion (51%) of
collected BINs were only collected once with 18% doubletons. To address the issue of
sample size dominated by a high number of singletons and doubletons, accumulation
curves were also plotted with Chao 1 and Chao 2 numbers Figure 10 a) and b)
respectively). When I extrapolated the number of collected specimens, the individual
rarefaction curves begins to approach asymptote at 1000 specimens; individual
rarefaction curves based on BINs appear to approach asymptote at approximately 160
+/- 5 BIN. Meanwhile, the site rarefaction curve reaches an asymptote at approximately
145 +/- 5 BINs. When the number of observed sampling sites was extrapolated to 100,
increase of BIN diversity begins to reach asymptote after ~25 sites (Figure 9, Figure
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10), suggesting that the influence of incomplete regional sampling cannot be
discounted.
1.3.3 Phylogenetic betadiversity
There was a significant decrease in shared species similarity with increasing
geographical distance (Mantel test correlation = -0.494, p = 0.035) (Figure 11(A)).
Likewise, similar distribution patterns were found when filtered by cut treatment but not
in uncut (cut multiple R-squared = 0.379, p = 0.015, Mantel r = -0.494, p = 0.03, uncut
multiple R-squared 0.172, p = 0.124, Figure 10). I found significant correlation between
geographical distance and phylogenetic betadiversity (Mantel test correlations = 0.407,
p = 0.034) (Figure 11, (b)).
1.3.4 Abundance and Guild structure
I did not find evidence that the total abundance of spiders differed significantly between
uncut (239 SE ±49.062) and cut (212 SE ±39.422) sites (t = 0.450, p-value = 0.679, df =
4) (Figure 12). Likewise, I did not find evidence to support shifts in spider composition at
the guild or family level between treatments (Figure 13, Figure 14). Analysis of BIN
richness between the uncut and cut treatments also revealed no significant difference (t
= 0.143, p-value = 0.892, df = 5)(Figure 15 (B)).
1.3.5 Species richness and turnover
I found no evidence that mean BIN richness differed (t = 0.143, p = 0.892, df = 5)
between uncut (mean: 17.170, SE+/- 1.046) and cut sites (16.83 +/-0.307)(Figure 15
(B)). An examination of all barcoded specimens returned with 139 unique BINs
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associated to 126 named species, of which 39 BINs were new to BOLD at time of
collection. However, we found a very high rate of species turnover between treatments.
Uncut site contained 86 BINs with 28 (20%) unique to uncut sites; 111 BINs were found
in cut sites of which 53(38%) BINs were exclusive to cut sites, with 58 (42%)
cosmopolitan BINs found in both treatments. My comparison of BINs and species
names found 14 species names associated with more than one BIN, with 6 BINs
associated with more than one species name (2). There was one instance of a named
species identified via the BOLD identification engine without BIN assignment and two
BINs not associated with species names (matched to family-level identification).
Anyphaenidae was the only family to be found unique to uncut sites only; on the other
hand, the most widespread species found in all but two sites was Callobius bennetti
(BOLD:AAB8212). The most abundant BIN/species was Helophora insignis
(Linyphiidae: BOLD:AAC2516).
1.3.6 Phylogenetic Diversity
Initial test of PD did not reveal any difference in PD between treatments (t =
1.432, df = 5, p-value = 0.212) (Figure 15 (A)). However, when controlled for the relation
between PD and SR (BINs), the analysis of residual also yielded a significant decrease
in PD in cut sites (t = 4.100, df = 5, p = 0.009) (Figure 16 (A)). As predicted, my
regression analysis supports a close relationship between the difference in SR between
cut and uncut BIN richness and the difference in PD between cut and uncut (R 2= 0.738,
P = 0.004) (Figure 17).
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1.3.7 Phylogenetic Structure
I found evidence supporting significant differences in phylogenetic structure (NTI)
between treatment sites; cut sites were more phylogenetically clustered (greater NTI)
than uncut sites (t = -4.551, df = 5, p-value = 0.006) (Figure 16 (C)). This trend holds
true in in comparison of residuals to control for the relationships between PD/BIN and
NTI/BIN (t = 3.197, df = 5, p-value = 0.024). This suggests that spider communities
across cut sites were more phylogenetically clustered than uncut sites (Figure 16 (C)).
When the maximum daily temperature was plotted with NTI value pooled from uncut
and cut treatments, I found a positive trend between temperature and NTI (Figure 18).
To control for treatment, the difference in maximum temperature between treatments
was plotted with the change in NTI between treatment-pairs (Figure 19), resulting in a
non-significant positive trend. Comparison of PD and NTI over the change in time since
forestry did not show any pattern between cut age and PD or NTI (Figure 20), nor did I
find support for trends between D-value (both above and below forest-floor) with PD or
NTI.

1.4

Discussion

Anthropogenic environmental disturbance is a consequence of economic growth.
To understand how such disturbances affect natural communities, we must first
understand and be able to properly estimate the severity and duration of such
disturbances. I was surprised to find signals from forestry in cut sites even after 25
years after last harvest. These forests were visually very similar to the uncut sites
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(Appendix 3), but were characterized by higher temperatures and lower above-ground
habitat complexity. This was unexpected as Buddle et al. (2000) suggested that spider
assemblage is heavily influenced by stand age and that spider communities tend to
converge after 30 years of forest growth. The spider assemblages in my cuts sites
displayed lower phylogenetic diversity and greater phylogenetic clustering than did their
uncut pairs. However, contrary to previous studies, and my expectations, I found no
differences in guild composition, abundance, or species richness between treatments.
This suggests that perhaps there is a differential sensitivity or a lag in response
between phylogenetic, taxonomic, and functional metrics to forestry.
1.4.1 The Role of Abiotic Factors
1.4.1.1 Habitat Complexity
The greater habitat complexity I found in cut sites for above forest-floor, coupled
with the lack of difference in habitat complexity found at forest-floor, supports my
prediction that the effects of forestry would be more evident above-ground level than at
the forest understory. In addition to the direct reduction in canopy complexity at cut
sites, the fallen coarse woody debris (CWD) remaining on the forest-floor after logging
can contribute to microhabitat complexity and might mitigate some of the effects of
forestry at the ground level (Castro and Wise 2010). Nitterus et al. (2007) found that the
harvest of CWD associated with clear-cutting decreased the habitat complexity and
caused a shift in arthropod community towards generalist species. While information
regarding cut practices and sampling breadth are lacking, I speculate that the lack of
difference for ground-level complexity might be due to the “uneven-aged selection”
harvesting that predominate Algonquin forestry practice (54% of annual harvest).
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Selection harvest has less impact on forest floor that would maintain more microhabitats and may serve to buffer the effects of forestry, in contrast to the clearcut
system that only accounts for 3% of Algonquin annual harvest. Alternatively, the
patterns of habitat complexity at forest floor might be due to the time gap between
forestry and sampling (5-15 years), where enough time has passed in the cycle of
succession for the understory to regenerate.
The use of standardized panoramic images and fractal box counting can be a
useful tool in assessing habitat complexity when more intensive measures (transect
squares, vegetation height, and assessment of coarse woody debris) are not possible.
Due to time constraints in the field, only a single GigaPan panorama was taken at some
sites. Increasing the number of GigaPans would provide a more robust analysis to test
the relationship between complexity with other biotic and abiotic factors (e.g.
temperature). Halaj et al. (2000) found that habitat complexity was a powerful predictor
of diversity and abundance, with higher complexity correlating to higher species
richness (Halaj et al. 2000). Malumbres-Olarte et al. (2013) found that high plant
abundance/diversity was positively associated with habitat complexity, which in turn was
associated with greater spider diversity and abundance. In addition, spider diversity and
species composition were influenced by vegetation composition and were found in
association with certain plant community composition, e.g. shrubs with Linyphiidae
sheet-weavers (Malumbres-Olarte et al. 2013). In the future, these GigaPans could be
used to access directly plant diversity at the species level, which might be useful in
predicting spider communities present at those sites (e.g. Appendix 5).
The midline division of my GigaPans into forest floor and above-forest floor found
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differences in complexity between treatments attributed to above-forest floor. The
overall comparison between treatments found cut sites to be more open, with higher
temperature and lower habitat complexity. However, the constraint of small sample size
made it difficult to compare whether patterns in complexity followed site-specific trends
in temperature and phylogenetic signals. In the future, manual selection of the ground
lines for each photo slice, rather than selecting the mid-line of the entire image as the
standard delineation of forest floor, might be useful to reduce variance. This would
account for the natural variability of the terrain and would help to eliminate the noise
from where the ground level starts above or below the arbitrary midline. With a reduced
canopy cover, I also found that the cut sites experienced both higher maximum
temperatures during the day and cooler minimum temperature at night.
1.4.1.2 Temperature
The distribution of spider species can be affected by litter type, structure, ambient
light, humidity, and temperature (Uetz 1979, Varady-Szabo and Buddle 2006, Ziesche
and Roth 2008, Sereda et al. 2012). Vitally important ecophysiological traits in forest
arthropods, such as locomotion, foraging ability, courtship, and rates of feeding and
growth, are affected by increases in temperature (Angilletta et al. 2002). Dowling el al.
(2008) found evidence that enzymatic processes controlled by mitochondrial genes
were highly dependent on local temperature, potentially facilitating fitness and driving
evolution. Understanding the effects that temperature has on the physiology and
behaviour of spiders can help predict the distribution and structuring of spider
communities (Bonte et al. 2008). Ectotherms respond to spatial and temporal thermal
heterogeneity with a combination of behavioural and physiological changes in order to
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regulate their internal temperature and to mitigate any potential negative effects of
thermal stress (Angilletta et al. 2002).
The thermal point above which an organism’s responses is compromised with
uncoordinated movement (usually fatal but not always) is defined as the critical thermal
maximum (CTmax) (Cowles and Bogert 1944). CTmax has been widely used as the
parameter for thermal tolerance in ectotherms, linking physiological limit to ecology
(Lutterschmidt and Hutchison 1997). Global changes in temperature can alter the
stability of food webs. Nooten et al. (2014) found significant species turnover between
transplant sites with warmer temperature (mean annual difference of 2.5°C). I found that
the average maximum temperature in cut sites was 6.25°C warmer than uncut sites
(Figure 7). I had expected that increases in temperature would be reflected by higher
abundance and diversity for spiders, predicting that spiders were limited by lower rather
than higher temperature. The CTmax was not assumed to be a limiting factor as the
CTmax for most spider species is above 45°C (with the study location generally much
cooler than this (summer average temperature of ~17°C) (Figure 21))(Hanna and Cobb
2007). However, throughout this study I recorded numerous instances of cut sites
temperature exceeding 40°C, with particular hot days where Brent station cut site had
reached temperature over 55°C (Smith et al. 2017). Dingman et al. (2013) found that
the temperature measured from near substrate surface can be significantly higher (812°C) at 0.05 m than ambient air temperature recorded at 2 m (the standard for climate
models, and USGS weather station height. This suggests that the actual temperature
experienced by spiders living in near-surface level microclimate to be even higher than
the recorded temperature at ~0.5m. However, Van den Bert et al. (2015) found that
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spiders may respond to near sub-lethal temperature with non-random behaviour
modifications to use covers, including but not limited to rocks and vegetation, to mitigate
and shelter from lethal temperatures (van den Berg et al. 2015). The behavioural
response to use microhabitats to mitigate approaching CTmax makes it difficult to
isolate the effect of temperature from disturbance, and it would be interesting to assess
the CTmax of spider community in vivo with and without shelter.
1.4.2 Response and Absence of Response in Biotic Factor
1.4.2.1 Betadiversity & Biogeography
Analysis of phylobetadiversity reveals a significant and high level of species
dissimilarity over short geographical distance. This may imply the presence of a strong
regional site effect or high habitat heterogeneity selecting for local adaptation, which in
turn decreases species compositional similarity over distance. Alternatively, the high
dissimilarity may be an artefact of incomplete sampling, as neither my specimen nor
site-based sampling curves reached asymptote; thus, the high level of dissimilarity
could be attributed to a low sample size. However, support against high regional
variation can be seen in Figure 21 and Figure 8. Looking at pattern of temperature in
Figure 21 it can be clearly seen that the cut sites are delimited by hotter days in cut
sites with the exception of Achray-cut, which appears to have a slightly lower maximum
temperature. However, Grubb’s test for outliers fail to reject Achray’s mean temperature
as an outlier. Although, Achray reversal of temperature trend is also reflected in the
biotic response, which is the only site where PD was higher in cut than uncut site. Note
that the 2015 temperatures taken at the East Gate were congruent to average
temperature recorded across my treatment and uncut sites. This suggest that local site
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effects on temperature might not be as strong, and that temperature differences
between cut sites might to due to variation with treatment rather than local response. I
had assumed that dispersal would not be a limiting factor in determining the spider
community, since many spider species can disperse long distances via ballooning, and
that sampling sites edges were surrounded by forest, with at least 5 years since the
most recent disturbance (Bonte et al. 2008). However, the significant relationship I
found here between distance and betadiversity was not explained by treatment and so
warrants a reconsideration of dispersal as a potential limiting factor for spiders in these
forests. Bonte et al. (2008) found that spider dispersal was affected by the thermal
conditions experienced during juvenile development. Higher temperatures than 30°C
facilitated short-distance dispersal by rappelling, whereas lower temperature favours
long-distance dispersal via balloon, and Bonte et al. (2008) concluded that the optimal
temperature for reproduction and dispersal occurred between 20°C and 25°C (Bonte et
al. 2008). With over half of my treatment sites surpassing an average daily maximum
temperature of 30°C, a selection for short-distance dispersal facilitated by high
temperature may possibly contribute to the high betadiversity dissimilarity observed
over relatively small distances in Algonquin Provincial Park. However, due to sample
size, I cannot discount the high dissimilarity over short distances as an artifact of
incomplete sampling. I explored whether this pattern was specific to spiders or if this
patterns holds true among other taxa. Compared with a study by Smith el al, (2017) that
incorporated a diverse representation of terrestrial arthropods, I found the same pattern;
betadiversity declined over short distances, evident in other terrestrial arthropods of
Algonquin Provincial Park (Smith et al. 2017). This suggests that the trend is not
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isolated to spiders but due to a broader mechanism affecting multiple taxa of terrestrial
arthropods.

1.4.2.2 Abundance, species richness and guild composition
I did not find evidence for differences in species richness, guild composition and
abundance between treatments. This finding is contrary to my expectation and
literature, that closed-canopy would be more associated with web-building families (e.g.
Linyphiidae, Amaurobiidae, and Hahniidae) (Buddle and Shorthouse 2008). Buddle et.
al. (2008) found patches of exposed canopy from partial harvesting had the distinct
effect of shifting spider guild composition towards ground-running spiders with Pardosa
xerampelina (a ground-running hunter) listed as a species indicator of clearcut stands. I
had expected the cut treatment sites to be also dominated by ground-hunting spider
assemblages, which was not the case. However, all three species of Pardosa were
collected (Pardosa xerampelina, Pardosa dorsalis, and Pardosa moesta) only in cut
sites. In certain family groups such as the ground-hunting spiders (Lycosidae, wolf
spiders), I found, differences in abundance level with a higher abundance in cut
(52.6±7.473) sites compared to uncut (40.6±0.738) sites; while the abundance of sheet
weavers (Amaurobiidae) decreased between uncut (17.9±2.993) and cut sites (10.8
±1.6). These changes correspond to previous work, which found that ground-hunting
spiders increased in abundance following harvest (Buddle et al. 2000). While I did not
find any difference in guild, these family-level results suggest that while multiple families
within a guild share ecosystem function/life-style, there are still taxon-specific
differences in traits that may result in physiological limitations. For example, Kwon et al.
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(2014) found the response of spider abundance to temperature change was species
specific, with some increasing in abundance, while most decreased. When abundance
was compared grouped by family, Lycosidae abundance increased, while other hunting
families remained stable or decreased. While guild assemblage may be a match at
family level in spiders, the detection of family-level differences not reflected at the guild
level suggests the presence of unknown traits not captured within the guild level.
Furthermore, the presence of treatment-restricted genera (e.g. Pardosa) suggests that
the coarse relationship between taxon and guild may miss fine-scale differences found
at lower taxon level preference and/or tolerance missed in broad family-level delineated
guilds.
1.4.2.3 Biodiversity & Phylogenetic Structure
1.4.2.4 Phylogenetic, taxonomic and functional diversity
Changes in PD and PCS that are not reflected in species richness or guild
compositions might suggest a differential sensitivity and recovery rates to disturbance
between functional diversity (FD) (guild assemblage), taxonomic diversity, and
phylogenetic diversity (Fountain-Jones et al. 2017). Fountain-Jones et al. (2017) found
functional composition of beetles had recovered after ~45 years post logging but had
found no difference in phylogenetic diversity and taxonomic diversity. As the short-term
(~5) year effects of forestry have been documented on biodiversity (measures of SR,
PD, FD), the assumption of finding no difference in guild composition between my
treatments was unlikely due to the lack of effect from forestry (Buddle and Shorthouse
2008, Chai et al. 2016). There are several potential mechanisms that may explain the
observed differences. First, there may be differential sensitivity between taxonomic,
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functional and phylogenetic diversity in response to forestry, and such a decoupling
would result in differing rates of recovery. Second, the impact of forestry practices
(mostly selection cut with limited clear-cut) in Algonquin might be subtle, so that
phylogenetic diversity was affected without observable changes in taxonomic or
functional diversity. Third, functional diversity was measured at a coarse guild level, and
that may have been too coarse to detect differences between treatments compared to
the more sensitive phylogenetic measures. Mclver et al. (1992) found that the recovery
of diversity post disturbance was unequal, with functional diversity recovering first,
followed by taxonomic diversity, with phylogenetic diversity the last to return to baseline.
Given the age(s) of the disturbances I examined (all more recent than ~45 years), this
chronology of recovery may explain why I found no differences in guild assemblage
(which had recovered), while phylogenetic structure (with a slower recovery rate) still
showed evidence of disturbance (McIver et al. 1992). The mixed response of PD and
NTI with BIN richness/SR suggests a differential sensitivity in the rate of recovery
between measures of biodiversity in response to forestry on spider communities.
Alternatively, the mixed response may suggest a hidden effect of forestry not detected
by guild composition and species richness. Sutherland et al. (2016) found that
harvested secondary forest may superficially appear to have recovered to a predisturbed state with habitat services (from CWD) and carbon storage restored, but full
recovery may take up to ~200 year. Thus, assessments of recovery based on a single
diversity measure (e.g. taxon richness) might overlook these more sensitive “scars” of
disturbance and erroneously conclude that the community has returned to original state
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(Chai et al. 2016).

1.4.3 Resilience
If there is differential recovery between functional, taxonomic, and phylogenetic
diversity but an ecosystem’s functional and taxonomic diversity has restored
(engineering resilience), then one might ask, why would phylogenetic diversity, or the
lack thereof, matter? High PD is known to promote ecosystem stability against
perturbation, increasing a system’s ecological resilience (Dinnage et al. 2012).
Phylogenetic distance can serve as a proxy for evolutionary diversity and ecological
differences, where an ecosystem with high evolutionary diversity should have more
redundancy, thus promoting stability. Perez-Valera (2018) found that the engineering
resilience of a community is dependent on the initial PD of the remaining species pool,
which serves as the foundation for ecosystem reassembly. Communities that are more
phylogenetically dispersed tend to have a faster recovery to pre-disturbed state.
However, ongoing or perturbation in rapid succession before PD can recover could
have potential long-term consequences (Craven et al. 2018). Forestry of secondary
forest, where the engineering resilience appears to have recovered to a pre-disturbed
state from a functional point of view but before PD recovers, can be indicative that the
ecosystem’s ecological resilience has not recovered fully and that subsequent
perturbation before phylogenetic diversity recovery can serially decrease an
ecosystem’s ecological resilience over time. This can eventually lead to a depleted
ecological resilience where an ecosystem shifts to a new stable state (e.g. high fire
frequency shifting a forest composition from coniferous to deciduous).
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1.5

Conclusion

Anthropogenic environmental disturbance is a consequence of economic growth.
The study of disturbance ecology provides ecologists insights into how different
ecosystems, communities, populations, and species respond to different types and
magnitudes of disturbances. In my thesis, I examined the impact of disturbances on the
species richness, abundance, guild composition, phylogenetic diversity, and
phylogenetic structure of spiders of Algonquin Park Ontario. I found that harvested sites
had a lower habitat complexity and higher maximum temperatures. Spider diversity in
harvested sites was lower when measured phylogenetically (using PD) but not
taxonomically (when measured using SR). I found no difference for abundance in family
guilds; however, spider communities in harvested sites were phylogenetically more
clustered with a higher NTI (Figure 22). NTI showed a positive trend with maximum
temperature, suggesting temperature is a possible driver of phylogenetic structure. The
presence of phylogenetic signals not detected by taxonomic or functional measures
suggests that phylogenetic measures can be a sensitive tool in detecting the scars of
disturbance long after forestry. Lower PD has been associated with a lower ecological
resilience and cautions against interpreting patterns of diversity derived from a single
metrics, e.g. taxon richness, which might not account for the impact of disturbance on
phylogenetic history.
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1.6

Epilogue

My study sought to investigate the broad-scale effects of ‘forestry’ on the
arachnid community, by comparing phylogenetic diversity and community structure
between cut and uncut habitat. However, I did not find sufficient evidence to isolate the
primary driver of the biotic response. Understanding the role of abiotic variables affected
by forestry and the biotic responses to these variables may allow us to isolate the
primary driver of the biotic community from forestry and whether it is taxon specific or
across broad taxa. In the future, other abiotic variables that are affected by forestry (e.g.
humidity and light availability) should be incorporated into studies that seek to
understand biotic community. My study cautions against the use of coarse measures of
guild as functional assessments of ecosystems without understanding the phylogenetic
attributes may lead to different conclusions regarding responses to disturbance. My
findings reveal changes in the phylogenetic structure and diversity, even when no
evidence for differences were observed from the functional guild perspective.
My thesis also contributed to BOLD new species/new specimens Microdiopoena
guttata, Floricomus plumalis, Glyphesis scopulifer, and Memessus brevidentatus. It was
surprising to find a novel species in a well-represented taxon not currently on BOLD,
especially when these specimens were collected from a well-represented sample
locality such as Algonquin Provincial Park. This, along with the higher number of
singletons and doubletons present in invertebrate studies, suggests the presence of
other unknown diversity not captured within our sample sites and provide merit for longterm monitoring of what are considered as “well-studied” sites for rare species with low
density. For a complete list of species and associated BINs for specimens used in this
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study readers may see the Algonquin Provincial Park public dataset on BOLD
(dx.doi.org/10.5883/DS-ASALGONQ). My research has advanced knowledge regarding
the effects of forestry on the spiders of Algonquin Provincial Park, Ontario. The data
collected contributed 560 new records and 510 spider sequences to BOLD that will
become public data. This study also contributed 10 new BINs to BOLD’s Library. For
these reasons, my research is important in providing a greater understanding of the
effects that forestry has on spider biodiversity and insight into how changes in habitat
complexity may drive changes in community structure in Algonquin Provincial Park.
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Tables
Table 1. Summary of sampling spider specimens from Algonquin Park.
Specimen summary of spider sampling from Algonquin Provincial Park
Total specimen collected from Algonquin Provinical Park (2011-2012)
3282
Specimen submitted for sequencing
560
Specimen successfully sequenced
510
Specimens with BINS
506
Total Unique BINs
138
Mean number of specimen per BINs
3.4
Number of singleton
52
Number of doubleton
19
Subsampled specimens for phylogeny
264
Subsampled BINs Unique
103
Specimen selected for morphological identification
1978
Total specimen ID to family or Lower (2012)
1943
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Table 2. Average of daily temperature (Average, Minimum, Maximum, and Range) for
uncut and cut treatments in Algonquin Park 2014

Temperature

Average

Minimum

Maximum

Range

Sites

Uncut

Cut

Achray
Basin Depot
Brent
Oxtongue
Rock Lake
ShawWoods-Douglas
Achray
Basin Depot
Brent
Oxtongue
Rock Lake
ShawWoods-Douglas
Achray
Basin Depot
Brent
Oxtongue
Rock Lake
ShawWoods-Douglas
Achray
Basin Depot
Brent
Oxtongue
Rock Lake
ShawWoods-Douglas

17.816
17.877
17.007
16.696
16.863
18.446
12.66
11.823
11.992
11.85
12.07
14.235
24.2
25.289
24.387
22.581
22.264
22.861
11.539
13.466
12.395
10.73
10.194
8.625

17.602
18.096
18.191
17.369
17.22
19.176
12.462
10.493
10.032
11.192
11.073
13.858
23.613
31.484
33.8
33.37
29.255
27.555
11.151
20.991
23.768
22.178
18.182
13.697
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Table 3. Summary of Habitat complexity score (D-Value) for above and at forest floor
level for all sites in Algonquin Provincial Park, Ontario.

Sites
Achray
Basin Depot
Brent Station
Oxtongue
Rock Lake

Bottom (D-value)
Uncut
Cut
1.923
1.911
1.882
1.919
1.913
1.919
1.910
1.889
1.917
1.905

Top (D-value)
Uncut
Cut
1.864
1.733
1.891
1.804
1.873
1.734
1.860
1.752
1.896
1.759
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Table 4. Average family abundance and standard error between treatments categorized by generalized guild, specific
guild and family

General

Guild

Family

Uncut Cut Uncut SE +/- Cut SE +/-

Ambush hunters

Thomisidae
Corinnidae
Dictynidae
Gnaphosidae
Ground hunters
Liocranidae
Lycosidae
Hunters
Phrurolithidae
Anyphaenidae
Clubionidae
Other Hunters
Philodromidae
Pisauridae
Salticidae
Araneidae
Orb Web Weavers
Tetragnathidae
Theridiosomatidae
Agelenidae
Weavers
Amaurobiidae
Sheet Web Weavers
Hahniidae
Linyphiidae
Mysmenidae
Space Web Weavers
Theridiidae
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3.4
0.8
12.6

4.4
1.4
12.8

1.435
0.583
3.234

2.293
0.245
3.169

2.2
28.2
40.6
2.2
0.4

4.8
11.4
52.6
1.4
0

1.744
8.941
14.945
0.735
0.400

2.437
3.982
2.482
0.748
0.000

3.6
5.2
0.2
3.4

2.6
5.8
1.4
4

1.122
1.497
0.200
1.288

1.631
2.888
0.510
0.775

9
1.8
0.8
3.6
17.8

9.4
1.8
0.6
2.2
10.8

2.387
0.860
0.374
1.503
5.987

3.234
0.970
0.400
0.490
3.200

17.4
72.8
0.2
13

16.2
58.2
0.4
9.8

6.202
14.051
0.200
5.158

5.995
17.895
0.400
2.557

Figures

Figure 1. Impact of forestry on abiotic variables (habitat complexity, temperature) and the biotic response (family and guild abundance,
SR, PD, NTI)
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Figure 2. Map of forestry age categories of forestry illustrated here with collection sites,
(The paired site Shaw Woods and Douglas is shown east and outside of Algonquin
Provincial Park) I s. Reprinted [adapted] from “Investigating the effect of forestry on
leaf-litter arthropods (Algonquin Park, Ontario, Canada)”, by M. A. Smith et al, 2017,
PLOSONE, reprinted with permission (Smith et al. 2017).

45

Figure 3. Comparison of GigaPan image taken of the two treatment type from Algonquin
Provincial Park in 2011. a) a cut site
(url:http://www.gigapan.com/galleries/7832/gigapans/113271); and b) an uncut site
(http://www.gigapan.com/galleries/7832/gigapans/114010). Both GigaPans were taken
at the Brent station site (Figure 1). Fractal analysis of the GigaPan images, and was
used to compare the habitat complexity above (canopy) and below horizon line (forest
floor) and difference in complexity between cut and uncut site.
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Figure 4. A stepwise example of GigaPan images processing for fractal box analysis.
The panorama taken from Brent Station 2012 - cut site (image url:
http://gigapan.com/gigapans/107989) (A) was standardized for uniform pixel size and
turned into greyscale in (B). The image was then divided along the midline into top and
bottom approximating the forest floor line, these slices were further subdivided into 24
equal pieces (C). Each slice was sharpened and converted to binary (black and white)
for factual box counting analysis in ImageJ to produce a fractal dimension D-value (D).
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Figure 5. Maximum likelihood phylogeny unrooted tree built with GTR+G+I model from
spiders of Algonquin Park, guilds delineated in green for hunting spiders and blue for
web-weaving spiders. Families delineated by shade. Treatment (U = Uncut, C = Cut,
and UC = found in both treatment
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Figure 6. The change habitat complexity for a) above and b) at forest floor between cut and uncut sites measured by
using fractal box counting (D-values) between cut and uncut site
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Figure 7. Average daily A) maximum, B) mean, C) minimum & D) range temperature for
each of the six paired (uncut and cut) sites taken during the months of June to
September 2015 in Algonquin Provincial Park.
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Figure 8. A) Daily Mean Temperature (°C) recorded at Algonquin East Gate weather
station during sampling season (June 15th to October 1st) for 2011, 2012, and 2015.
Daily Maximum Temperature (°C) of uncut B) and cut C) sites plotted to maximum
temperature recorded at Algonquin East Gate weather station during sampling season
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Figure 9. A) Specimen and B) site based accumulation curves for Frequency of BINs in
Algonquin Park with 95% confidence intervals
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Figure 10. Individual based and site based accumulation curves plotted with a) Chao 1
b) Chao 2 numbers for Frequency of BINs for Algonquin Park with 95% confidence
intervals.
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Figure 11. Relationship between betadiversity (A) Jaccard index score and B)
Phylobetadiversity (COMDISTNT)) and pairwise geographic distance (km) between
each sampling site in and around Algonquin park. Note the sharp decline in similarity
with an increase in distance.
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Figure 12. Total spider abundance between cut and uncut treatments in Algonquin Park.

55

Figure 13. Guild-based spider abundance between treatments in Algonquin Provincial Park
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Figure 14. Family-based spider abundance between treatments in Algonquin Provincial Park
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Figure 15. Pairwise comparisons between uncut and cut sites for A) Phylogenetic
diversity (PD), B) BIN richness and C) Nearest Taxon Index (NTI).
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Figure 16. The relationship of A) BIN Richness (BR) to Phylogenetic Diversity (PD), and B) Nearest Taxon Index (NTI) to
BR. Residual of PD-BR and NTI-BR adjusted for BR shows a decrease in PD and increased NTI in cut sites.
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Figure 17. The change in BR between paired sites plotted against the differences in PD
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Figure 18. Plotting NTI (A) against the mean maximum temperature between uncut and cut sites with a trend that all sites
increase in temperature and NTI from uncut to Cut, with the inverse relationship shown in PD (B) where PD decreases
with increase in temperature from uncut to cut.
*exception in Achray where the pattern is opposite for both NTI and PD
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Figure 19. The delta NTI plotted to the delta of mean maximum temperature.
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Figure 20. Delta year since most recent cut against delta phylogenetic diversity (PD) and for Nearest Taxon Index (NTI)
between cut and uncut treatments
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Figure 21. Warming bars showing daily maximum temperature for cut and uncut sites in Algonquin
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Figure 22. Summary for the impact of forestry in Algonquin Provincial Park. Harvested
sites were characterized by lower habitat complexity accompanied by higher maximum
temperatures. Spider PD was lower in harvested sites, but not reflected by taxonomic
diversity (SR). No difference was detected between treatments in family guild
abundance; however, spider communities in harvested sites were phylogenetically more
clustered with a higher Nearest Taxon Index (NTI).
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Appendices
Appendix 1. Latitude and Longitude of site sample sites.
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Appendix 2. URL of Gigapan Panorama used in fractal box counting analysis
Site
Achray
Achray
BasinDepot
BasinDepot
Brent
Brent
Oxtongue
Oxtongue
RockLake
RockLake

Treatment
Cut
Uncut
Cut
Uncut
Cut
Uncut
Cut
Uncut
Cut
Uncut

Url
http://gigapan.com/galleries/7832/gigapans/107109
http://gigapan.com/galleries/7832/gigapans/107170
http://gigapan.com/galleries/7832/gigapans/114372
http://gigapan.com/galleries/7832/gigapans/114373
http://gigapan.com/gigapans/107989
http://gigapan.com/galleries/7832/gigapans/108257
http://gigapan.com/galleries/7832/gigapans/107567
http://gigapan.com/galleries/7832/gigapans/108308
http://gigapan.com/galleries/7832/gigapans/108236
http://gigapan.com/gigapans/115396
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Appendix 3. Box plot A) of the 2011, 2012, 2015 mean temperature at Algonquin
Provincial Park, East Gate
(https://weather.gc.ca/past_conditions/index_e.html?station=tnk) B) Average daily
maximum temperature for all B) uncut site and C) cut sites (overlaid with 2015 East gate
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Appendix 4. Standardized Gigapan image taken from Basin Depot [uncut a) and cut b) ]
used in fractal analysis. Note the density of undergrowth in the cut site.
(uncut http://gigapan.com/galleries/7832/gigapans/114373,
cut http://gigapan.com/galleries/7832/gigapans/114372)
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Appendix 5. Demonstrating potential use of Gigapan images to identify site vegetation,
the red box shown of Brent station cut site is zoomed in at b) allowing for the photo
identification of bunchberry (Cornus canadensis), and Acer rubrum with the aid of
Peterson’s guide to edible plants of Eastern North America.
(Gigapan URL: http://www.gigapan.com/gigapans/107989)
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