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ABSTRACT 

 

DEVELOPMENT AND APPLICATION OF A SOIL PHOSPHORUS SENSITIVITY MAP FOR A 

LAKE SIMCOE WATERSHED 

 

Stephanie N. Vickers  Co-advisors: 

University of Guelph  Dr. L. Evans and Dr. I. O’Halloran 

 

Agricultural non-point source phosphorus (P) loading to tributaries is a significant mechanism for 

the eutrophication of Lake Simcoe. This thesis is an investigation of P chemistry in agricultural 

soils of the Maskinonge river watershed to identify critical source areas where remedial efforts 

can be targeted. Soil assemblage models were developed to predict P adsorption to charged 

soil minerals; proton- and P-binding constants of four clay samples were determined by 

potentiometric titration and batch adsorption experiments respectively. Binding constants of 

goethite were obtained from the literature. The models were translated to the landscape by 

means of the digitized legacy soil map of York County. The model-predicted P adsorption 

capacities of the mapped soils were categorized into a five-level P adsorption/risk index. The 

index ratings were applied to the soil map, creating a soil P sensitivity map for the Maskinonge 

watershed. 
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CHAPTER ONE 

Introduction 

1.1 Background 

1.1.1 Eutrophication 

Eutrophication is the enrichment of an aquatic system with nutrients resulting in excessive plant 

and algal growth. This phenomenon occurs naturally over hundreds of years as lakes and 

streams are loaded with sediments; however, humans have accelerated the rate of 

eutrophication through various anthropogenic activities (Carpenter et al. 1995). In freshwater 

systems, phosphorus (P) has been identified as the primary limiting nutrient (Schindler 1974); 

hence when P is introduced to a freshwater system in excess it enhances primary productivity, 

specifically algal growth (Hasler and Swenson 1967; Sharpley et al. 1994). When algae flourish 

heavily, it creates algal blooms that prevent sunlight from reaching underlying plants in the 

littoral zone (Lehtiniemi et al. 2005). When both the underlying plants and the algae die, 

microbial decomposition depletes dissolved oxygen (DO) in the water, creating hypoxic 

conditions that can be lethal to fish and other organisms (Hasler and Swenson 1967; Sharpley 

et al. 1994). Algal blooms such as cyanobacteria, can even pose public health threats as they 

produce harmful toxins (Downing et al. 2001; Kleinman et al. 2011). 

Once regarded as a slight concern for water quality, non-point source P loss from 

agricultural land has since been identified as a consistent primary contributor of P to eutrophic 

surface waters (Carpenter et al. 1998; McDowell et al. 2010; Kleinman et al. 2011). With the 

growing use of P fertilizer and manure, eutrophication from agriculture is a major water quality 

impairment that restricts the use of freshwaters for fisheries, recreation, industry and drinking, 

creating both environmental and economic impacts for society (Sharpley and Tunney 2000; 

Daverede et al. 2004; Kleinman et al. 2011). Runoff from agricultural land can be exceptionally 

harmful to water quality because it contains soluble P and untreated organic matter and 

because losses are dependent on hydrologic and climatic conditions that are difficult to identify, 

control and reduce (Heathwaite and Dils 2000). Although P management is an important 

component of profitable agriculture, P inputs to freshwater systems has become a global 

environmental concern (Sharpley et al. 1994). 
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1.1.2 Lake Simcoe 

Lake Simcoe is a large inland lake in southern Ontario (Figure 1.1); its watershed provides 

recreational opportunities and drinking water for eight municipalities and helps develop a 

thriving tourism industry in the area (LSRCA 2009). Lake Simcoe’s watershed also hosts a 

diverse community of aquatic species including sensitive cold-water fish that require relatively 

high levels of DO to survive (Palmer et al. 2011). Agricultural production has been active for 

over 150 years, dating back to when pioneers first settled in the area. Unfortunately, beginning 

in the 1970’s, Lake Simcoe experienced decreased water quality due to high nutrient loadings – 

particularly P – from both point sources, such as sewage treatment plants, and non-point 

sources, such as surrounding agricultural production (Evans et al. 1996). Additionally, as the 

Greater Toronto Area expands northward causing idle land to become increasingly urbanized, 

eutrophication due to point source P is also becoming a concern (Winter et al. 2007). As a 

result, Lake Simcoe is experiencing near-shore algal growths and DO depletion to levels lethal 

to fish (Winter et al. 2007). 

In recent years, maximum P loads have been set to control point source inputs and 

agricultural best management practices enacted (LSEMS 2003). Although P levels in some 

tributaries are declining below these acceptable targets and fertilizer use hasn’t increased 

drastically, Lake Simcoe is still experiencing symptoms of eutrophication (LSPRS 2010; Winter 

et al. 2007). It is speculated that the agricultural soil’s ability to retain P is diminished because a 

large proportion of the P-retention sites are already occupied, thus any additional or applied P is 

not being held by soils and is transported via runoff or through-flow into the lake (Sharpley and 

Rekolainen 1997; Heathwaite and Dils 2000; McDowell & Sharpley 2000). Lake Simcoe’s recent 

trend of eutrophication has been largely attributed to P loads from agricultural fields and 

activities related to increasing urbanization (LSPRS 2010). As a result, eutrophication has crept 

to the forefront of environmental agendas and the Ontario government has dedicated funds to 

investigating mitigation techniques and strategies to reduce P entering Canada’s lakes (MOE 

2008). A better understanding of P dynamics in the soil is crucial to begin designing 

management strategies that reduce eutrophication. 
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Figure 1.1. Location of Lake Simcoe in southern Ontario.  
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1.2 Study area: Maskinonge watershed 

The Maskinonge river watershed is located in northern York County on the southeastern shore 

of Lake Simcoe in Ontario, Canada (Figure 1.2). The watershed occupies an area of 

approximately 63.5 km2 including portions of the towns of Georgina and East Gwillimbury. The 

community of Keswick is situated where the Maskinonge river outlet drains into Lake Simcoe. 

The Maskinonge watershed has the highest proportion of land dedicated to agriculture (71%) 

and lowest degree of natural cover (21 %) compared to the rest of Lake Simcoe’s watersheds 

(LSRCA 2010; Young and Jarjanazi 2014). Urban areas occupy approximately 6% of the 

watershed, though this number is rapidly increasing (LSRCA 2010). It contains a variety of 

crops including field corn, wheat, soybeans, sod and vegetables. The watershed’s land 

elevation ranges from 218 to 291 m above mean sea level and is characterized by an average 

yearly temperature of 6.9C and precipitation of 709.0 mm (EC, 2010; LSRCA 2010). 

The Lake Simcoe basin was created by glaciers 25 – 13 ka ago during the Pleistocene 

epoch (Deane 1950). Its southern bay was carved out by glacial movement and meltwater 

erosion (Deane 1950). As ice withdrew northward, meltwater was dammed into lakes with no 

drainage outlet, creating glacial Lake Algonquin (Deane 1950). During deglaciation, the 

southern bay was flooded by meltwater and glacial Lake Schomberg became a narrow bay of 

glacial Lake Algonquin (Deane 1950). The Oak Ridges Moraine (ORM) is large landform west of 

the Niagara escarpment that forms the ridge that divides the drainage of Lake Simcoe and Lake 

Ontario (Sharpe et al. 2002a). The southern branch of the Maskinonge watershed lies on the 

ORM. 

York County has been subject to two major till depositions, both occurring in the late 

Wisconsinan glacial episode (Sharpe et al. 2002b). The first deposit was the Newmarket Till (25 

– 13 ka), which is a dense and stony till with a silty sand to sandy silt texture (Sharpe et al. 

2002b; Russell et al. 2003). It is thought to have incrementally accumulated till that formed a 

continuous deposit across the Lake Simcoe area, with deposits of sand and silt and scours from 

meltwater (Sharpe et al 2002a). The more recent glacial ice advance originated from the Lake 

Ontario basin, and this deposited the Kettleby Till (14 – 13 ka) (Russell et al. 2003; Sharpe et al. 

1999). This is a thinner surface till with a clayey texture, interbedded with fine sands and silt 

(Sharpe et al. 2003). 

The Maskinonge subwatershed covers an area subjected to a range of glacial processes 

that deposited materials of varying textures (Figure 1.3). The dominant till sheet in the area is 
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the Newmarket Till, covering approximately 30% of the watershed (Sharpe et al. 1997). Sandy 

glaciolacustrine deposits are also widespread, covering approximately 50% of the watershed, 

and originated from glacial Lake Schomberg (Deane 1950). There are a few silty to clayey 

glaciolacustrine deposits in the far north and south regions of the watershed, also originating 

from glacial Lake Schomberg. Glaciofluvial and organic deposits are minimally present, and only 

occur on the flanks of the Maskinonge River. Small pockets of the Kettleby Till have been 

mapped in the east-central region of the watershed but represent less than 1% of the watershed 

area. 

The soils in the Maskinonge watershed are a product of the weathering of the geologic 

depositions mentioned above. They fall into three great groups: Gray-Brown Luvisol (formerly 

Gray-Brown Podzol), Melanic Brunisol (formerly Brown Forest Gleysol) and Humic Gleysol 

(formerly Dark Gray Gleysol) (Hoffman and Richards 1955). There is a variety of soil textures in 

the Maskinonge watershed due to its geographic position. The flanks of the southern extension 

of the watershed consist of undulating hills and well drained sands, whereas clay rich material 

has been found near far northern and southern boundaries. There is also a band of 

glaciolacustrine sands that runs southwest to northeast through the widest part of the 

watershed; the majority of sod production is situated on these sandy soils. The soils mapped in 

the Soil Survey of York County is shown in Figure 1.4. 

The Maskinonge watershed was chosen as the study area as it contains the highest 

level of agriculture with a wide variety of cropping systems. Additionally, the Maskinonge River 

has the highest tributary input of P into Lake Simcoe, meaning that it contains the highest 

amount of P from diffuse agricultural inputs (Young and Jarjanazi 2014). The average 

concentration of P in the river between 2009 and 2012 was 121 µg L-1, much higher than the 

Provincial Water Quality Objective of 30 µg L-1. These characteristics allow this research to 

narrow its focus to the effects of agriculture on P dynamics. Additionally, the Maskinonge 

watershed offers a heterogeneous assortment of soil types and textures to be studied.  
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Figure 1.2. Location of the Maskinonge watershed within the Lake Simcoe watershed.  
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Figure 1.3. Surficial geology of the Maskinonge watershed. 
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Figure 1.4. Soil Survey of York County legacy soil map. 
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1.3 Project purpose 

The purpose of this research is to create a ‘soil P sensitivity map’ for the Maskinonge watershed 

to aid in assessing source areas of soluble P loss in agricultural soils. The map is based on site-

specific chemical models that describe the adsorption of P to soil constituents and predict the 

quantity of P in solution. The model-predicted partitioning of P is used to create risk indices for 

various soil types, taking into account chemical and physical soil characteristics. These indices 

translate immediately to extrapolation across the Maskinonge watershed by means of the 

classification of soil series in the Soil Survey of York county digitized geographic information 

system (GIS) layer. The soil P sensitivity map identifies soils prone to P export and areas where 

remedial efforts should be targeted. This research aims to contribute to the overall 

understanding of P fate and transport in Ontario’s agricultural landscapes. 

 

1.4 Literature review 

1.4.1 Phosphorus in the soil 

Phosphorus is an important constituent in terrestrial and aquatic systems. It is both a 

significantly limiting nutrient in agriculture and the primary cause of non-point source 

eutrophication of freshwater systems (Holford 1997; Schindler 1974). It is also very chemically 

reactive in the soil thus it is considered the most immobile and unavailable plant nutrient 

(Holford 1997; Schachtman et al. 1998). In soil P can exist in either organic or inorganic forms; 

only a fraction of inorganic P is plant-available, and this fraction readily complexes, precipitates 

or adsorbs to soil components to become unavailable to plants. Therefore, soils are often 

amended with P fertilizer or manure to increase crop yields. The mismanagement and over 

application of these amendments has caused agriculture to become the greatest non-point 

source P input to freshwaters contributing to eutrophication worldwide (Kleinman et al. 2011). 

Appropriate P management is imperative but an understanding of the P chemistry and dynamics 

in soil is necessary. 

 

1.4.1.1 Phosphorus soil chemistry 

Organic P, constituting 30% to 65% of the total P in soil, is found in crop residues and soil 

humus (Shen et al. 2011). Most organic P exists in stabilized forms such as inositol phosphates 

and phosphonates through interactions with humic and fulvic acids in soil organic matter (Shen 
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et al. 2011). Organic P can be released to inorganic P via mineralization processes carried out 

by soil organisms (Shen et al. 2011).  

Inorganic P, constituting 35% to 70% of total P in soil, is very chemically reactive and 

can form various soluble, mineral and bound P fractions (Shen et al. 2011). The only fraction of 

P plants absorb is the soluble inorganic form known as the orthophosphate species (H2PO4
-, 

HPO4
2-, PO4

3-). These negatively charged species originate from the dissociation of phosphoric 

acid (H3PO4
o) and their relative proportions in soil are determined by protonation and 

deprotonation reactions governed by pH (Hinsinger 2001) (Figure 1.5). In the pH range of 

agricultural soils, the predominant orthophosphate species are H2PO4
- and HPO4

2-. These 

species have a tendency to form aqueous complexes with calcium (Ca), magnesium (Mg), iron 

(Fe) and/or aluminum (Al) (Pierzynski et al. 2005) (Figure 1.6). Iron and Al form strong 

precipitates with hydroxide (OH) ions, but the concentration of OH ions in soil is dependent on 

pH; from neutral to alkaline pH, OH ions are prevalent so Fe and Al preferentially react with OH 

ions permitting Ca and Mg to be the predominant cations with which P can complex. Contrarily, 

at acidic pH ranges, there is a greater proportion of Fe and Al cations since Fe and Al hydroxide 

species dissolve. Although inorganic P represents a very small fraction of total P in soils, it is the 

soluble fraction that is dissolved in water and transported via runoff or through-soil flow. 

Inorganic P can also exist as particulate P by forming solid precipitates with cations in the soil 

and/or adsorbing to soil constituents. 

 
Figure 1.5. Phosphoric acid (H3PO4

0) speciation. 
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Figure 1.6. Phosphoric acid (H3PO4

0) speciation with Ca, 
Mg and Al. 

 

Inorganic P readily forms solid precipitates with Ca, Mg, Fe and/or Al depending on the 

pH and the concentration of these cations in the soil (Pierzynski et al. 2005). Due to the 

dissolution of Fe and Al hydroxides in acidic conditions, P will precipitate with Fe and Al in acidic 

soils to form minerals such as strengite, vivianite and variscite. In calcareous or alkaline soils, P 

will precipitate with Ca and Mg forming minerals such as brushite, octacalcium phosphate, 

hydroxyapatite, newberyite and bobierrite. Precipitation occurs when the soil solution is 

supersaturated with respect to P and its co-precipitating cation, and dissolution occurs when the 

soil solution is unsaturated with these ions (Tunesi et al. 1999). These P precipitates vary in 

their solubilities depending on pH and concentration of cations but they follow a general trend: 

Fe-P and Al-P minerals have increasing solubility with increasing pH whereas Ca-P and Mg-P 

minerals have decreasing solubility with increasing pH (Hinsinger 2001).  

When P fertilizer containing soluble orthophosphate is applied to soil, it will form P 

precipitates depending on the pH and cations present, but the solubility of precipitates can also 

change with time. For example, if P fertilizer is applied to a calcareous soil in Ontario, P would 

first react with Ca ions forming the most soluble Ca-P mineral brushite (Audette 2015). Over 

time the Ca-P mineral will transition to less soluble forms such as octacalcium phosphate and 

finally the most stable Ca-P mineral, hydroxyapatite (Audette 2015). Phosphorus from P 

precipitates can be transported from a field by wind and water erosion bringing particulate P 

with it and by mineral dissolution into water. If the mineral precipitates are deposited in a water 
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body, changes in the solution chemistry (pH or concentration of cations) can also cause 

dissolution, releasing reactive P into solution (Hinsinger 2001). 

 Another mechanism that renders P unavailable is adsorption to soil colloids. The 

negatively charged orthophosphate ions can adsorb to positively charged soil constituents such 

as clay minerals and Fe/Al oxides (Edzwald et al. 1976; Fox & Malati 1993). Clay minerals and 

Fe/Al oxides are extremely important components in soil as they have high specific surface 

areas, providing charged sites for fixation processes to occur (Shen et al. 2011). The charges 

on the edge sites of clay minerals and Fe/Al oxides are variable and pH dependent; at low pH, 

protonation occurs causing the sites to become positively charged whereas at high pH, 

deprotonation occurs causing the sites to become negatively charged (Hinsinger 2001). The 

point of zero net proton charge (PZNPC) is the point at which all sites are neutral; below the 

PZNPC the sites are predominantly positive and above it the sites are mostly negative. The 

PZNPC for Fe/Al oxides have been found to be relatively high thus their sites are positively 

charged across the pH range encountered in agricultural soils (Hinsinger 2001). 

The adsorption of P to colloidal material is highly dependent on pH, as pH controls both 

the speciation of orthophosphate in solution and the charge on adsorbing sites (Hinsinger 

2001). As a result, the adsorption of most anions follows a trend known as an adsorption 

envelope. At very acidic conditions, edge sites are protonated but P exists as the neutral 

phosphoric acid species (H3PO4
o), which is not capable of being adsorbed. Conversely at 

alkaline pH conditions, P exists as negatively charged orthophosphate species (H2PO4
-, HPO4

2- 

and PO4
3-) that are capable of being adsorbed but the edge sites are also negatively charged. 

Therefore maximum adsorption occurs at a pH range where there are both negatively charged 

orthophosphate species present and also positively charged sites upon which to adsorb.  

 When P fertilizer is applied to soil, a portion of the orthophosphate ions will be removed 

from solution by adsorbing onto clay minerals, Fe/Al oxides and organic matter, depending on 

pH. This fraction of P can also be transported to surface waters through wind and water erosion 

of sediment-bound P (Sharpley et al. 1996). Additionally, water moving through the soil matrix 

can desorb P that is loosely adsorbed to soil colloids; desorption can also occur when the 

eroded sediment-bound P is deposited in a water body (Sharpley et al. 1996). The presence of 

competing ligands (such as organic acids and bicarbonate ions) can also cause P desorption 

via ligand exchange whereby P is replaced by other ligands on the adsorbing sites (Hinsinger 

2001). However, studies have found that clay minerals have higher adsorbing affinities for P and 

P is more energetically sorbed to Fe/Al oxides versus other competing ligands (Jones and 
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Brassington 1998). Therefore, the adsorption capacity of a soil is dependent on many chemical 

and physical parameters such as pH, cation concentration, clay content, Fe/Al oxide content, 

organic matter content and concentration of competing ligands. 

 

 1.4.1.2 Phosphorus in agriculture 

Global agricultural production will continue to increase and with it will the demand for P to 

maintain suitable yields (Cordell et al. 2009). After nitrogen (N), P is typically the most limiting 

nutrient to crops and, contrary to N, P is not supplied to the soil by the atmosphere and is slowly 

recycled naturally (Holford 1997). As a result of limited P availability, plant roots possess several 

mechanisms to increase the amount of plant-available P in the rhizosphere (Hinsinger 2001). 

Nevertheless, soils are often amended with P fertilizers or manures to attain a sufficient amount 

of plant-accessible P for crops. In order to make adequate fertilizer recommendations, the 

nutrient requirement of crops and their response to a nutrient input must be understood; soil 

nutrient testing, more specifically soil P testing, is recognized as an effective tool for this 

purpose (Olson et al. 1982). Some difficulties exist when making fertilizer recommendations 

based on soil test values and may result in the over application of P fertilizer (Olson et al. 1982). 

Furthermore, manure application rates based on crop N requirements also result in an over 

application of P. These practices can have environmental repercussions. Hence, P plays a very 

important role in crop production systems, which can also affect the environment so a 

comprehensive understanding of P dynamics in agriculture is necessary for optimal P 

management (Sims et al. 2000; Shen et al. 2011). 

Many soils around the world are inherently deficient in P, but even fertile soils can have 

P concentrations under 10 M in the soil solution (Bieleski 1973; Hinsinger 2001). This is rather 

low compared to the P concentrations in plant tissue, which may be 1000-fold higher, ranging 

from 5 to 20 mM (Schachtman et al. 1998; Raghothama 1999). Phosphorus uptake efficiencies 

and tissue P concentrations differ with plant species resulting in a wide range of crop P 

requirements (Föhse et al. 1988). Since crop P requirements usually exceed the concentration 

of plant-available P found in soil, plant roots contain specialized high-affinity transport systems 

that move orthophosphate ions across this steep chemical gradient at the root-soil interface, 

known as the rhizosphere (Schachtman et al. 1998; Shen et al. 2011). However, if the 

rhizosphere is also P-deficient then these transport systems are ineffective. As a result of the 

high reactivity of orthophosphate ions and intrinsically low levels of available P, plants have 
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developed numerous processes that aim to increase P availability (Raghothama 1999; 

Hinsinger 2001); alterations in plant morphology (root architecture or mycorrhizal associations) 

as well as root-induced biochemical processes (secretion of root exudates) all contribute to 

greater P availability in the rhizosphere (Raghothama 1999; Hinsinger 2001; Shen et al. 2011). 

Plant root architecture has evolved under P-deficient conditions by sacrificing mass and 

diameter for increased surface area to explore a greater volume of soil (Shen et al. 2011). 

Changes such as root branching, elongation, and the formation of root hairs have been 

observed in P-deficient plants (Raghothama 1999; Lynch and Brown 2008; Shen et al. 2011). 

Additionally, some plant species have developed shallow root systems by sending their roots 

laterally to forage higher P concentrations in the topsoil (Lynch and Brown 2008). Also, if roots 

encounter localized P-rich patches in the soil, root proliferation can occur to enhance P uptake 

(Raghothama 1999; Shen et al. 2011). This physiological flexibility is important for a plant’s 

ability to survive in a soil environment where P is scarce. Mycorrhizal associations can also 

increase P uptake in some plant species, particularly symbiosis with arbuscular mycorrhizal 

fungi (Schachtman et al. 1998; Lynch and Brown 2008; Shen et al. 2011). The formation of 

mycorrhizal hyphae increases the surface area through which P is absorbed, resulting in a 

greater P uptake than the plant would experience without the symbiosis (Schachtman et al. 

1998; Shen et al. 2011). 

Root-induced biochemical processes play a vital role in changing the availability of P in 

the rhizosphere. The major root-induced processes that increase P availability are rhizosphere 

acidification/alkalinization and the exudation of organic acids and/or phosphatase (Raghothama 

1999; Hinsinger 2001; Lynch and Brown 2008; Shen et al. 2011). Rhizosphere 

acidification/alkalinization occurs when plant roots release either protons (H+) or OH/bicarbonate 

ions (HCO3
-) and is determined by the cation/anion uptake ratios of plant roots (Shen et al. 

2011). If plant roots take up excess cations they will release protons and if they take up excess 

anions they release OH/HCO3 ions to counterbalance the charge ratio entering the root 

(Hinsinger 2001). Soil P deficiency has been found to inhibit nitrate (NO3
-) uptake, thus 

increasing cation/anion ratio taken up by roots resulting in rhizosphere acidification (Neumann 

and Römheld 1999). This root-induced acidification is important in calcareous soils especially as 

Ca-P minerals are increasingly soluble under acidic conditions, so the dissolution of these 

minerals results in higher plant-available P contents in the rhizosphere (Hinsinger 2001). 

 Under P deficient conditions, plant roots excrete organic acids and phosphatase into the 

rhizosphere that act to increase P availability in several ways (Raghothama 1999; Hinsinger 



 

15 
 

2001; Lynch and Brown 2008). Organic acids are dissociated in the cytosol of root cells and are 

released to the soil as anions (Hinsinger 2001). These organic anions can chelate Ca, Fe and Al 

to release P bound to these metals (Raghothama 1999; Lynch and Brown 2008). The organic 

anions can also act as competing ligands and have the potential to desorb P from soil colloids 

(Hinsinger 2001). In addition, plant roots secrete phosphatase enzymes that can mineralize 

inorganic P from organic compounds (Lynch and Brown 2008; Shen et al. 2011). 

The occurrence and efficacy of root-induced processes that increase P availability in the 

rhizosphere are influenced by numerous factors such as soil pH, plant species, plant nutritional 

status, fungal species, symbiosis ability, concentration of cations/anions in the soil, types and 

concentration of secreted organic acids, interactions with microflora, and other environmental 

factors (Hinsinger 2001; Shen et al. 2001). For these reasons it is unrealistic to rely on root-

induced processes alone to increase P availability to plants; it is unlikely that these processes 

will be capable of providing a plant with sufficient P over its lifetime due to their variability in the 

environment. Therefore most soils, especially those subject to large-scale agricultural cropping 

systems, need to be amended with P to maintain soil fertility and crop yields (Holford 1997). In 

order to make appropriate fertilizer or manure recommendations, an understanding of the 

relationship between P levels in the soil and associated crop response is essential. Soil P 

testing is recognized as the best available tool for this purpose. 

 Agronomic soil P tests (SPT) were designed to provide farmers with information 

regarding the amount of available P in the soil over a growing season and subsequent fertilizer 

(and sometimes manure) application rates to attain optimal crop yields (Sharpley & Tunney 

2000; Shafqat & Pierzynski 2013). Since available P is dynamic, SPTs measure labile P, which 

is the fraction of P that is immediately available or will be available to a crop over a growing 

season (Holford 1997; Sharpley et al. 1996). Labile P includes a quantity of loosely adsorbed P 

and P from soluble P minerals (Sharpley et al. 1996; Holford 1997). Thus, a SPT value does not 

provide a direct concentration of available P in the soil, rather an indication of P availability 

throughout a growing season (Holford 1997).  

Soil P tests performed in Ontario use the sufficiency approach and have three 

components: an extractant, calibration and fertilizer recommendation (OMAFRA 2009). There 

are a variety of SPTs in use and each one has a different but specific chemical reagent that 

extracts P from the soil. In order to provide meaningful results, a SPT is calibrated to relate the 

SPT value obtained by the extractant, to relative crop productivity or yield (Sibbesen 1983). 

From this relationship, a soil’s critical level can be identified. Therefore, SPTs must be calibrated 
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to relate a SPT value to a soil’s critical level and once a crop response is predicted, a fertilizer 

(or manure) recommendation can be made (Sibbesen 1983). 

 There are numerous SPTs used in North America; their efficacy depends on the P 

fraction of interest, and the soil and climatic conditions of the area, prohibiting a universal SPT 

(Holford 1997). The most widely used soil test for Ontario is the Olsen-P test as it was designed 

for soils with high calcium carbonate (CaCO3) content (Olsen et al. 1954). The Bray and Mehlich 

methods are unsuitable for calcareous soils as they use hydrogen chloride (HCl) as an 

extractant; CaCO3 neutralizes HCl, inhibiting the acidic environment needed to dissolve soluble 

P minerals (Fixen and Grove 1990). The Olsen-P method uses sodium bicarbonate (NaHCO3) 

as an extractant at a pH of 8.5. The bicarbonate ion behaves similarly to orthophosphate in soil, 

acting as a competing ligand to displace loosely adsorbed P, and prevent re-adsorption (Olsen 

et al. 1954; Sibbesen 1983). At a pH of 8.5, Fe and Al preferentially form metal hydroxides with 

OH ions in solution, promoting the release of P from Fe- and Al-P complexes (Sibbesen 1983; 

Sims et al. 2000). Additionally, the Olsen-P method dissolves soluble Ca-P minerals (Sibessen 

1983; Olsen et al. 1954). At a pH of 8.5, HCO3
 ions forms complexes with Ca ions; this drives 

down the amount of Ca in solution causing soluble Ca-P minerals to dissolve (Olsen et al. 

1954). 

 Although SPTs are the best available method for predicting nutrient limitations, there are 

still discrepancies in fertilizer application rates based on a SPT value (Olson et al. 1982; Sims et 

al. 2000). Factors such as the spatial variability in a field and philosophical differences in the 

interpretation of an SPT value can result in varied perceptions of optimal fertilizer rates (Olson 

et al. 1982; Kachanoski and Fairchild 1995). Plant-available P can vary drastically within a field, 

thus fields that are fertilized at a single rate can result in over and under fertilization in some 

areas (Kachanoski and Fairchild 1995). Soil test calibrations are typically obtained from sites 

with low variability but applied to highly variable sites; this method tends to under predict optimal 

fertilizer rates (Kachanoski and Fairchild 1995). Thus, many farmers observe increases in yield 

when they apply rates higher than those predicted by such calibrations; some farmers will over 

apply P regardless of the field’s SPT value as a result of this spatial scaling issue (Kachanoski 

and Fairchild 1995). 

 Another issue that affects the amount of fertilizer applied to a field is differences in soil 

testing philosophies. The two most common soil test concepts still being used today are the 

build-up and maintenance and sufficiency approaches (Olson et al. 1982; Olson et al. 1987). 

The concept behind the build-up and maintenance approach is to build up nutrient levels to a 
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high SPT value, then maintain it at this level with small additions of fertilizer every season to 

replace the amount that is likely removed by crops (Olson et al 1982). This philosophy allows for 

liberal fertilizer recommendations since it does not consider the soil’s native residual nutrient 

reserves (Olson et al. 1987). In fact, this build-up and maintenance approach has been thought 

to contribute to the enormous increase in fertilizer use since the 1950s (Olson et al. 1987). 

Contrarily, the sufficiency concept is regarded as a more conservative approach, and is based 

on long-term crop response data (Olson et al. 1982). Soil test values are calibrated into 

response categories and fertilizer recommendations are made based on predicted crop 

responses to additional fertilizer inputs (OMAFRA 2009). This approach implies that if a SPT 

value is very high, or the crop is unlikely to respond to applied fertilizer, then the soil is able to 

supply enough nutrients to sustain optimal crop yields and no additional fertilizer is needed for 

that season. However, if the crop is likely to have increased yields as a result of fertilizer input 

then this method recommends pro-rated fertilizer rates (OMAFRA 2009). 

 Difficulties can arise when determining appropriate fertilizer rates using SPT values; 

however, fertilizer is not the only external source of P; manure also contains P, among other 

nutrients, and its application to fields is a vital component of sustainable agriculture (Jia et al. 

2015). Manure not only provides plant-available nutrients to the soil but also organic matter, 

improving both soil fertility and quality. Certain application methods such as banding or 

incorporating fertilizer/manure reduce the applied material’s vulnerability to runoff losses and 

increase the P available to the crop (Kleinman et al. 2011). Additionally, the timing of application 

can also affect P loss. Application timing according to the annual water budget should be 

planned, but more specific applications should try to maximize the amount of time between 

fertilizer/manure application and a runoff event to reduce losses of P (Smith et al. 2007). 

Appropriate application rates for both fertilizer and manure strive to balance optimal nutrient 

levels for crop production and some acceptable, but not environmentally harmful, level of 

nutrient loss. 

Contrary to P fertilizer, manure application rates were often determined to meet crop N 

requirements (Sharpley et al. 1996; Wang et al. 2015). Due to the unfavourable N:P ratio in 

manures, an excessive P build-up occurred in many soils (Sharpley et al. 1996; Sims et al. 

2000; Wang et al. 2015). Unfortunately, with the recent growth of livestock operations in 

Canada, a massive volume of manure has been generated and some agricultural operations 

repeatedly use manure as a nutrient source for crops because there is no other economically 

viable alternative (Sharpley et al. 1996; Sims et al. 2000; Jia et al. 2015; Wang et al. 2015). 
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Approximately 60 – 70% of Ontario’s agricultural soils have adequate to excessive SPT levels 

(defined as a Bray P1 equivalent SPT value ≥ 40 ppm) (IPNI 2013); the over application of both 

P fertilizer and manure has evolved from an agronomic to an environmental concern (Sharpley 

et al. 1996; Sharpley and Tunney 2000; Sims et al. 2000; Shafqat and Pierzynski 2013; Jia et al. 

2015; Wang et al. 2015). 

 

 1.4.1.3 Environmental soil phosphorus 

Both fertilizer and manure provide inputs of soluble orthophosphate – considered dissolved 

reactive P – and particulate P which includes P bound to sediments and organic matter 

(Sharpley et al. 1996). These forms of P can be transported from agricultural fields to nearby 

surface waters via three pathways: runoff and through-soil losses and tile drains. There are 

many factors that affect the form and fate of nutrients in soil so identifying and managing 

nutrient loss is a difficult task. Excessive non-point source P losses from agriculture have 

contributed to widespread eutrophication in many parts of the world (Sharpley et al. 1994; 

Heathwaite and Dils 2000; Sharpley and Tunney 2000; Kleinman et al. 2002; Daverede et al. 

2004; McDowell et al. 2010; Glaenser et al. 2011; Kleinman et al. 2011). Eutrophication occurs 

when limiting nutrients are introduced to an aquatic system in excess, promoting harmful algal 

blooms and subsequent hypoxic conditions (Hasler and Swenson 1967). This can have severe 

environmental and socioeconomic impacts. Consequently, research that aims to understand the 

various sources and pathways of P related to eutrophication has increased. Targeting sites of 

high P loss potential and therefore where remedial measures should be focused is imperative in 

environmental risk assessment approaches (Sims et al. 2000).  

 Soil nutrients can be lost from a field to nearby water bodies through three main 

transport pathways: surface runoff, through-soil loss and tile drains (McDowell and Sharpley 

2001; Kleinman et al. 2006; Macrae et al. 2007; Lam et al. 2016). Most nutrient losses arise 

when rainfall interacts with either inorganic or organic amendments applied to land (Macrae et 

al. 2007; Brennan et al. 2012). Critical areas are often targeted for management interventions, 

where both high nutrient content and high transport potential exist; it is the combination of both 

source and transport factors that generate areas prone to nutrient loss (Sharpley et al. 1994; 

Daverede et al. 2004; Kleinman et al. 2006). 

 In all transport pathways and both P sources, the forms of P lost are generalized into two 

categories: dissolved reactive P (DRP) and particulate P (PP) (Djodjic et al. 2000; Daverede et 
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al. 2004). The DRP is comprised of water-soluble orthophosphate, which is the fraction of P 

immediately available for biological uptake (Sharpley et al. 1996; Daverede et al. 2004). 

Contrarily, PP includes all P in the solid phase including P adsorbed to soil colloids, P in 

minerals and P in organic matter (Sharpley et al. 1996; Daverede et al. 2004). The application of 

both fertilizer and manure can result in P loss from a field, particularly if the applied material is 

left on the soil surface (Daverede et al. 2004). Mineral P fertilizers typically contain high 

amounts of soluble P, which can easily be transported out of a field in the form of DRP 

(McDowell et al. 2010). Contrarily, manure contains both soluble P and PP (Brennan et al. 

2012). Incorporation of both types of P amendments will reduce the degree of DRP loss in soils 

by minimizing the direct interaction between rainfall and applied materials and also promoting 

sorption of DRP to soil constituents (Kleinman et al. 2011). However, incorporation may also 

increase the potential for PP losses through erosion (Daverede et al. 2004; Kleinman et al. 

2011). Although DRP is the immediately biologically available pool, PP is a chronic, slow-

releasing source of P (Sharpley et al. 1996). Therefore, if PP is transported to water bodies, it 

can present a long-term environmental concern (Daverede et al. 2004; Kleinman et al. 2011). 

 Runoff losses typically involve rainfall interacting with the soil solution and particles, 

transporting a nutrient across the soil surface from a field boundary to surface waters. Surface 

runoff can be produced by two mechanisms: infiltration excess and saturation excess (Kleinman 

et al. 2006). Infiltration excess runoff occurs when rainfall intensity exceeds the rate of infiltration 

through the soil whereas saturation excess runoff occurs when the soil’s water storage capacity 

is exceeded by rainfall, causing the water table to rise to the soil surface (Kleinman et al. 2006). 

Sporadic, high intensity rainfall events trigger infiltration excess runoff whereas frequent, low 

intensity rainfall results in saturation excess runoff (Kleinman et al. 2006). It is not only rainfall 

hydrology that plays an important role in runoff generation - spring snowmelt over frozen soils 

represents a substantial proportion of annual runoff in Ontario and these events typically export 

high levels of P from a field (Macrae et al. 2007; Kleinman et al. 2011; Lam et al. 2016). Surface 

runoff usually contains a greater proportion of PP than DRP, particularly for conventionally tilled 

fields (Sharpley et al. 1996). Runoff can cause water erosion that favours small soil fractions 

such as clays and colloidal organic matter leaving the eroded material enriched with P (Sharpley 

et al. 1994; Sharpley et al. 1996). However, runoff can also contain DRP originating from either 

recently applied fertilizer/manure or P desorbed/dissolved from constituents at the soil surface 

layer (Sharpley et al. 1996). 
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Through-soil losses involve the downward movement of water and nutrients through the 

soil to the subsurface layers. Through-soil losses of P occur either through two pathways: matrix 

flow and preferential flow (Sharpley et al. 1994; Sharpley and Tunney 2000; Kleinman et al. 

2011). Matrix flow occurs when rainfall infiltrates the soil bringing nutrients down with it 

(Glaesner et al. 2011; Kleinman et al. 2011). It is largely determined by soil texture, where 

sandy soils have lower sorption and water holding capacities, thus have greater rates of P 

leaching (Djodjic et al. 1999; Lin et al. 1999; Kleinman et al. 2011). Preferential flow occurs 

when rainfall bypasses the soil matrix and follows larger transport pathways (i.e. soil 

macropores) such as old root channels or cracks (Heathwaite and Dils 2000; Glaesner et al. 

2011). It is determined by soil structure and affected by soil moisture content; the presence of 

macropores allows for the rapid transport of P through the soil with little to no interaction with 

the soil matrix (Djodjic et al. 1999; Kleinman et al. 2011). Both matrix and preferential flow 

contain DRP and PP in different proportions. As rainfall percolates through the soil, desorption 

and dissolution can occur, allowing DRP to leach through the soil during matrix flow (Djodjic et 

al. 1999; Kleinman et al. 2011). Matrix flow can also contain PP bound to colloids, though to a 

lesser degree (Heathwaite and Dils 2000). Preferential flow typically contains a higher 

proportion of PP since the rapid movement of water through preferential pathways reduces the 

extent to which desorption and dissolution can occur (Djodjic et al. 1999; Heathwaite and Dils 

2000; Glaesner et al. 2011). 

Tile drains are networks of perforated tubes installed in the subsurface of agricultural 

fields that remove excess water from the soil (Lam et al. 2016). They are common in areas that 

receive a high level of rainfall or experience seasonally high water inputs such as spring snow-

melt (Lam et al. 2016). Tile drainage systems have been identified as potential P transport 

pathways to tributaries (Macrae et al. 2007; Kleinman et al. 2011; Lam et al. 2016). Specifically, 

in sandy loam soils of the Lake Simcoe watershed, P losses through tile drains have been found 

to be episodic and occur during large rainfall or snowmelt events (Lam et al. 2016). Both matrix 

and preferential flow can accumulate in tile drainage networks and therefore, the degree of DRP 

and PP moving through tile drains is dependent on the same factors that affect through-soil 

losses such as soil texture, structure, moisture content and presence of macropores (Djodjic et 

al. 1999; Macrae et al. 2007; Kleinman et al. 2011; Lam et al. 2016). Regardless of the forms of 

P conveyed, runoff, through-soil transport and tile drains are major pathways of P loss and have 

the potential to create severe water quality impairments to downstream surface waters 

(Sharpley et al. 1994; Heathwaite & Dils 2000; Sharpley and Tunney 2000; Kleinman et al. 
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2002; Daverede et al. 2004; McDowell et al. 2010; Glaenser et al. 2011; Kleinman et al. 2011; 

Lam et al. 2016). 

There are many factors that can affect the degree of P loss from a field such as rainfall 

intensity, time between fertilizer application and rainfall event, type and amount of P source 

applied, incorporation of P source, tillage management, initial soil P status, soil texture and 

structure, surface slope, proximity to water table and antecedent hydrologic conditions 

(Daverede et al. 2004; Kleinman et al. 2006; Macrae et al. 2007; Macrae et al. 2010; McDowell 

et al. 2010; Kleinman et al. 2011; Brennan et al. 2012; Lam et al. 2016). Some of these factors 

are controllable to reduce P losses but others are inherent attributes of the land that vary 

spatially and temporally. Many involve agronomic and environmental tradeoffs (Sharpley et al. 

1994); farmers must apply a P fertilizer/manure rate that is enough to satisfy crop demand while 

remaining below environmentally detrimental levels (Kleinman et al. 2011); manure is applied 

even if fertilizer is the optimal P source due to a lack of manure storage and application options 

(Jia et al. 2015); incorporation of fertilizer/manure reduces DRP losses but can exacerbate PP 

losses (Deverede et al. 2004; Kleinman et al. 2011). Remedial action depends on the careful 

management of tradeoffs and controllable factors to reduce P loss while maintaining an 

essential agricultural industry. 

In recent years, there has been an increased interest in using SPTs for environmental 

risk assessment, but the suitability of these applications have not been fully established 

(Sharpley et al. 1996; Sharpley and Tunney 2000; Wang et al. 2015). Regardless, there has 

been widespread development in using SPTs to determine environmentally sound 

fertilizer/manure recommendations based on the potential for non-point source P loss to 

contribute to eutrophication (Sharpley et al. 1996; Kleinman et al. 2002; Jia et al. 2015). Many 

studies have demonstrated that the loss of P to surface waters is correlated to the SPT level 

(Sims et al. 2000; Daverede et al. 2004; Wang et al. 2015). However, careful selection of an 

appropriate soil test must take place as agronomic SPTs were designed for crop response 

analysis and may not be suitable for all environmental applications (Wang et al. 2015).  

Managing nutrient loss is an inherently difficult task but is one that is imperative to 

lessen the environmental impacts from agriculture. Although on-farm remedial actions are being 

taken, there is still a large proportion of agrosystems that have severe P surpluses. Agricultural 

non-point source P loss has been identified as a major contributor to freshwater eutrophication 

across the globe (Sharpley et al. 1994; Heathwaite and Dils 2000; Sharpley and Tunney 2000; 
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Kleinman et al. 2002; Daverede et al. 2004; McDowell et al. 2010; Glaenser et al. 2011; 

Kleinman et al. 2011). 

 

1.4.2 Modelling phosphorus adsorption in soils 

A better understanding of the factors controlling P inputs from agricultural watersheds into 

nearby water bodies is required; this has led to the development of models to evaluate the fate 

and transport of P in soils (Goldberg et al. 2007). There are currently numerous models in use 

that adequately simulate non-point source P losses from agricultural fields to watersheds, 

attributing these losses to runoff and erosion processes (Guse et al. 2007; Sharpley et al. 2002). 

However, these models often contain rigid algorithms with little consideration of P inputs and 

provide little opportunity for site-specific parameters (Guse et al. 2007). Models also exist to 

describe small-scale processes such as adsorption of P on the surface of a solid soil constituent 

(Davis and Kent 1990). Adsorption processes have been portrayed mathematically both with 

empirical models and surface complexation models (SCM). Empirical models are considered 

unsatisfactory by geochemists as they provide no explanation for the mechanism of P 

adsorption and the result is only applicable to distinct experimental conditions (Davis and Kent 

1990; Goldberg 2010). Surface complexation models are thermodynamic process-based 

models that involve equations describing the adsorption reaction that occur between ions and 

reactive soil surfaces at the solid-water interface (Davis and Kent 1990; Gu et al. 2014). They 

are more robust than empirical models as they not only define the mechanism of adsorption, but 

also consider the effects of pH and ionic strength (Goldberg, 2010). Based on the success of 

these SCMs, many variations have been developed that differ in their assumptions and 

sophistication of the conceptualized adsorbing surface. 

 SCMs are a family of chemical models that aim to describe the adsorption of ions to 

charged surfaces that share several fundament assumptions: 

1. adsorbing surfaces are planes of constant electrical potential with a defined specific 

surface site density, 

2. chemical equations are used to describe the reactions between ions and charged 

surface sites, 

3. the reactants and products of these equations are at equilibrium and their concentrations 

are described with mass law equations, 
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4. the intrinsic equilibrium constants that describe these equations can be determined from 

experimental measurement, 

5. the effect of surface charge on the measured equilibrium constants can be calculated 

with an electrostatic potential term, and 

6. the variable charge at the surface is attributed to the chemical nature of the surface 

(Goldberg 1992). 

There are many common SCMs used to describe adsorption processes such as the Constant 

Capacitance Model (CCM) (Schindler et al. 1976; Stumm et al. 1980), the Diffuse Layer Model 

(DLM) (Stumm et al. 1970; Huang and Stumm 1973), the Triple Layer Model (TLM) (Davis et al. 

1978; Davis and Leckie 1978, 1980) and the Charge Distribution Multi-site Complexation Model 

(CD-MUSIC) (Hiemstra et al. 1989a, 1989b; Hiemstra and van Riemsdijk 1996). They differ in 

the number of adsorption planes considered and their description of the relationship between 

the surface charge density (σs) and electrical potential at the charged surface (φs). When using 

SCMs, one should attempt to determine as many input parameters as possible experimentally 

to increase the chemical significance of the model (Goldberg 2014). The CCM will be described 

in this Chapter although Goldberg (1992, 2014) describes other SCMs and their related 

parameters at length. 

 The CCM considers one plane of adsorption and the adsorbing ions are located 

immediately adjacent to the surface (Goldberg 1995). In addition to the aforementioned 

fundamental assumptions, the CCM also assumes: 

1. all surface complexes are inner-sphere with anion adsorption occurring via ligand 

exchange, 

2. the constant ionic strength determines the activity coefficients of soluble species in the 

conditional equilibrium constant, therefore 

3. no complexes are formed with the background electrolyte, and 

4. the surface charge density is related to the electrical potential at the surface with 

equation [1.1]: 

s d
S S

S S

F


 

 
  
 

 [1.1] 

where κ is the capacitance (Farad m-2), Ss is the specific surface area of the adsorbent (m2 g-1), 

Sd is the suspension density (g L-1), F is the Faraday constant (C mol-1) (Goldberg 1992);  σs 

and φs are as previously described. The application of the CCM to P adsorption, and the 

equations that describe surface complexation are explained in detail in Chapter four. 
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1.4.3 Scottish Environmental Protection Agency report 

This study was based off of work done by Sinclair et al. (2012) for the Scottish Environmental 

Protection Agency (SEPA). Similar to Ontario, Scotland’s water bodies are facing an increasing 

trend of eutrophication due to non-point source agricultural inputs of P (Sinclair et al. 2012). The 

objective of the report was “to develop and ground truth a relationship between soil attributes 

and soil mediated P leaching potential in Scotland, so that potential risks to water quality can be 

mapped and measures (such as awareness raising) can be targeted to where they are required” 

(Sinclair et al. 2012). The authors used three approaches to describe the relationship between 

soil attributes and P leaching. The first approach estimated a soil’s P sorption capacity based on 

the sum of P sorption capacities reported in the literature for Fe, Al, organic carbon and percent 

clay content. The second approach employed regression relationships between P sorption 

capacity and soil properties established by Evans and Smillie (1976). The final approach used 

advanced soil chemical modelling to relate soil attributes to P sorption capacity. The model 

developed in the SEPA report was applied to 399 soil samples taken from 39 soil associations 

in Scotland. The P adsorption capacities were determined for each of the soil associations 

which were ranked into a five-level ‘P sorption index.’ The ranking for each soil association was 

mapped at the national scale and for fourteen priority catchments. The methods used by Sinclair 

et al. (2012) in the development of this map are explained in detail in Chapter five. 

 

1.5 Research goals and objectives 

The overall goal of this research is to provide the Ontario Ministry of Agriculture, Food and Rural 

Affairs (OMAFRA) with a soil P sensitivity map for agricultural soils of the Maskinonge 

watershed. This map will identify locations where soils are vulnerable to soluble P export 

through runoff, leaching and tile drains. This research will be valuable in identifying areas where 

best management practices (BMP) can be targeted in order to guide the use and application of 

P fertilizer and manure; these BMPs can be targeted to where the risk of P loss from a field is 

highest. A comprehensive understanding of the chemical behaviour of P in the agricultural soils 

of the Maskinonge watershed is imperative. The specific objectives of this research are: 

1. separate and characterize the dominant clay minerals found in the region, 

2. determine the proton- and P-binding constants of these clay minerals, 

3. conduct a literature review to compile relevant proton- and P-binding constants for the 

Fe oxide mineral goethite, 
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4. develop SCMs that describe P adsorption to clay minerals and goethite in the 

Maskinonge watershed, 

5. create a P adsorption/risk index based on SCM predictions, 

6. update the Soil Survey of York County map with additional soil sampling, and 

7. develop a soil P sensitivity map based on the updated legacy soil map using the P 

adsorption/risk index. 

Objectives 1 and 2 are discussed in Chapter two: phosphate adsorption to clay minerals; 

Objective 3 is addressed in Chapter three: phosphate adsorption to goethite; Objective 4 is 

discussed in Chapter four: soil assemblage model development; objectives 4, 5 and 6 are 

addressed in Chapter five: soil phosphorus sensitivity map development. 
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CHAPTER TWO 

Phosphate adsorption to clay minerals 

2.1 Introduction 

Clay minerals are a part of the phyllosilicate mineral group and play an important role in soil 

chemistry, particularly with respect to ion retention due to their charged nature (Sparks 2003). 

Their structures are composed of alternating silica tetrahedral and Al or Mg octahedral sheets 

(Meunier 2005). Adjacent silica tetrahedron are bonded by the sharing of basal oxygen (O) 

atoms, creating a hexagonally packed sheet with apical Os pointing in the same direction 

(Meunier 2005; Sparks 2003). Each Al/Mg octahedron are bonded by sharing edges to create 

octahedral sheets (Sparks 2003). In order to maintain electrical neutrality in the octahedral 

sheets there can only exist either two trivalent Al cations (Al3+) per three octahedra or three 

divalent Mg cations (Mg2+) per three octahedra (Evans 1992; Meunier 2005; Newman and 

Brown 1987). The former is called a dioctahedral sheet and the latter is a trioctahedral sheet, in 

reference to the number of cations per three octahedra. The tetrahedral and octahedral sheets 

are stacked and strongly bonded by the replacement of two octahedral OH ions with apical Os 

from the tetrahedral sheet which creates alternating planes of O, silicon (Si), O/OH, and Al/Mg 

(Brady and Weil 2010; Evans 1992). The coordination of these sheets results in two types of 

clay layers: 1:1 and 2:1. A 1:1 clay mineral is that which has one tetrahedral sheet bonded to 

one octahedral sheet and a 2:1 clay mineral is that which has two tetrahedral sheets bonded to 

either side of one octahedral sheet (Newman and Brown 1987). The interlayer space can 

contain additional sheets or individual cations that may or may not be hydrated (Evans 1992; 

Newman and Brown 1987). 

All clay minerals possess a net structural charge that is generated either by isomorphous 

substitution or non-ideal octahedral occupancy (Meunier 2005; Sparks 2003). Isomorphous 

substitution is a process whereby one cation replaces another of similar size in the crystal 

structure; this phenomenon can occur in either the tetrahedral or octahedral sheet (Brady and 

Weil 2010; Meunier 2005; Sparks 2003). In the tetrahedral sheet Si ions (Si4+) can be replaced 

by Al ions (Al3+), generating a net negative charge for the sheet (Sparks 2003). In the octahedral 

sheet negative charges can result from cations such as iron (Fe2+), nickel (Ni2+) and Mg ions 

(Mg2+) replacing Al ions (Al3+), or lithium ions (Li+) replacing Mg ions (Mg2+) (Sparks 2003). 

Positive charges can also be generated in the octahedral sheet by cations such as titanium 

(Ti4+) replacing Al ions (Al3+) or Al ions (Al3+) replacing Mg ions (Mg2+) in the crystal structure. A 
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variety of other cations can replace those found in the tetrahedral and octahedral sheets, 

provided they have similar ionic radii. Non-ideal octahedral occupancy can generate negative 

charges in trioctahedral sheets and both negative and positive charges in dioctahedral sheets 

(Newman and Brown 1987). In an ideal trioctahedral sheet structure, all three positions are 

occupied by divalent cations whereas in an ideal dioctahedral sheet structure, two out of three 

positions are occupied by trivalent cations. If an octahedral vacancy exists whereby 

trioctahedral sheets have occupancies of less than 3 or dioctahedral sheets have occupancies 

of less than 2, then a negative charge is generated (Meunier 2005; Newman and Brown 1987). 

A positive charge can only be generated in dioctahedral sheets when all three positions are 

occupied by cations (Newman and Brown 1987). Isomorphous substitution and non-ideal 

octahedral occupancy that result in net negative charges are most prevalent, thus all clay 

minerals possess permanent negative structural charges (Brady and Weil 2010). In soils these 

negative charges are neutralized by the electrostatic attraction of exchangeable cations, giving 

clays cation exchange capacities (CEC) (Brady and Weil 2010; Sparks 2003). However, the 

edges of clay minerals are amphoteric, meaning they can undergo protonation and 

deprotonation to become positive or negatively charged depending on pH (Essington 2004; 

Sparks 2003). This attribute gives clay minerals the ability to adsorb anions in the soil and is 

discussed in detail later in this chapter. For an in-depth explanation of all clay-sized minerals, 

including those that do not possess permanent negative charge, refer to Brady and Weil (2010), 

Meunier (2005), Newman and Brown (1987) and Sparks (2003). 

Phyllosilicate clays are divided into subgroups based on their coordination, chemistry 

and structure as small differences in composition can drastically influence clay properties 

(Newman and Brown 1987). The most common 1:1 clay mineral is dioctahedral kaolinite (Brady 

and Weil 2010). Kaolinite’s successive 1:1 layers are held together by strong hydrogen (H) 

bonds, producing a mineral with a low surface area, no interlayer space and therefore no 

interlayer cations (Brady and Weil 2010; Sparks 2003). Very little isomorphous substitution 

occurs in either tetrahedral or octahedral sheets, so these clay minerals have low permanent 

negative charges (Evans 1992). The CEC of kaolinite is in the range of 5 – 15 cmol kg-1, though 

most of this is due to negative pH-dependent edge charge and not the permanent structural 

charge (Brady and Weil 2010; Meunier 2005; Sparks 2003).  

The 2:1 clay minerals include illite (clay mica), smectite, vermiculite, chlorite and 

intergrade clays. The macroscopic micas are 2:1 phyllosilicates that undergo isomorphous 

substitution primarily in the tetrahedral sheet which attracts potassium (K) ions in the interlayer 
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space (Brady and Weil 2010). In 2:1 layer configurations the two basal planes of tetrahedral Os 

create pockets in the interlayer space and these pockets are of such a size that they 

accommodate the ionic radius of K ions (Brady and Weil 2010; Evans 1992). As macroscopic 

micas weather to clay-sized micas, K ions are released from the outer boundaries of the 

interlayer space creating frayed edges (Brady and Weil 2010; Sparks 2003). In this study the 

micaceous mineral found in the clay fraction is termed illite, though it is also referred to as clay 

mica in some literature (Evans 1992). The layers of illite are strongly held together due to the 

tight fit and electrostatic attraction of interlayer K ions to the tetrahedral sheets (Brady and Weil 

2010). Therefore, illite has a low surface area and CEC in the range of 25 – 40 cmol kg-1 

(Meunier 2005; Sparks 2003). The frayed edges of illite allow for the replacement of K ions with 

other hydrated cations, eventually forming vermiculite (Meunier 2005; Sparks 2003). 

Vermiculites and smectites have similar structures and are both considered expanding 

clays due to the presence of hydrated cations in the interlayer space (Sparks 2003). However, 

the hydrated cations in the interlayer space of vermiculites act to hold the layers together 

thereby limiting its shrink/swell potential (Brady and Weil 2010). Since they are derived from 

micas, vermiculites also have substantial amounts of isomorphous substitution in the tetrahedral 

sheets giving rise to the highest CEC (100 – 150 cmol kg-1) among all clay minerals (Brady and 

Weil 2010; Meunier 2005). Smectites have slightly less negative structural charge and thus 

smaller CECs (80 – 120 cmol kg-1) comparatively (Meunier 2005; Sparks 2003). The interlayer 

space of smectites is variable in size since they do not originate from micas, giving smectites 

larger surface areas and higher shrink/swell capabilities than vermiculites (Brady and Weil 

2010). 

Chlorites are often referred to as 2:1:1 clay minerals as they contain an additional 

octahedral sheet in the interlayer space (Brady and Weil 2010; Sparks 2003). The layers are 

held together in part by H bonds and by electrostatic attraction to the negatively charged 2:1 

layers, as the additional octahedral sheets are generally positively charged (Evans 1992; 

Sparks 2003). Therefore chlorites are non-expansive, have low surface areas and CECs similar 

to kaolinite (Brady and Weil 2010; Meunier 2005). In many soils, there are clay minerals that 

exhibit properties intermediate between vermiculites, smectites and chlorites (Sparks 2003). 

These are generally referred to as intermediate clays, an example of which is hydroxy-

interlayered vermiculite (HIV) (Sparks 2003). The interlayer space of these intermediate clays 

can be occupied by hydrated cations, hydroxy-Al interlayers, non-continuous octahedral islands 

or a combination of these (Sparks 2003). The qualitative identification of the various clay 
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minerals is performed using x-ray crystallographic techniques and is explained in detail in 

section 2.2.3.1. 

The negative structural charge that arises from isomorphous substitution and non-ideal 

octahedral occupancy is a permanent charge exhibited by the basal plane of the tetrahedral 

sheet on a clay surface (Essington 2004; Newman and Brown 1987; Sparks 2003). Clay 

minerals also possess variable, pH-dependent charges exhibited at the edges of tetrahedral and 

octahedral sheets (Brady and Weil 2010; Essington 2004; Sparks 2003). For the remainder of 

this study the net negative structural charge will be referred to as a surface site (≡X-) and the 

pH-dependent charge will be referred to as an edge site (≡AlOH). At the edges of clay layers, 

ruptured bonds exist that result in incomplete sharing of Os in the silica tetrahedral sheets 

(silanol functional group) and OHs in the Mg/Al octahedral sheets (aluminol functional group) 

(Newman and Brown 1987; Sparks 2003; Sposito 1984). These singly-coordinated edge Os and 

OHs are chemically reactive functional groups that can undergo protonation and deprotonation 

reactions (Sparks 2003): 

0

2AlOH H AlOH    [2.1] 

0AlOH AlO H     [2.2] 

where ≡Al is the edge metal ion (Al3+) with a reduced coordination number in the tetrahedral or 

octahedral sheet (Sparks 2003). Neutral silanol functional groups only undergo deprotonation 

(equation [2.2]) to become negatively charged whereas aluminol functional groups can undergo 

both protonation and deprotonation (equations [2.1] and [2.2]) (Sparks 2003; Sposito 1984). The 

positively charged aluminol functional group (≡AlOH2
+) is the edge site responsible for anion 

adsorption by clay minerals. When modelling anion adsorption to clay edge sites it is very useful 

to characterize the clay’s acidity properties by determining the PZNPC. The PZNPC indicates 

the solution pH at which the edge sites are completely neutral (Sposito 1984). At a pH below the 

PZNPC the edge sites are positively charged (≡AlOH2
+) whereas at a pH above the PZNPC, the 

edge sites are negatively charged (≡AlO-). The PZNPC of clay minerals has been determined 

experimentally through potentiometric titrations (Gauthier 2011; Gu and Evans 2008; Nowell 

2016), which are explained in more detail in section 2.3.3.2 and by Zelazny et al. (1996). 

 Clay edge functional groups can form two types of complexes with other ions in the soil, 

outer-sphere or inner-sphere (Brady and Weil 2010; Essington 2004; Sparks 2003). Outer-

sphere complexes occur via electrostatic attraction whereby water molecules surrounding the 
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adsorbed ion form bridges with the charged colloid surface (Brady and Weil 2010; Essington 

2004; Sparks 2003). This type of bonding, known as non-specific adsorption, is relatively weak 

and readily reversible. The cation exchange reactions that give rise to the CEC of a clay are 

examples of outer-sphere complexes and are described by equation [2.3]: 

       X .H Na X .Na H  [2.3] 

Contrarily, inner-sphere complexes involve the formation of covalent bonds between the 

adsorbing ion and the colloid functional group by means of ligand exchange reactions described 

by equation [2.4] (Essington 2004): 

0

2 2AlOH L Al-L H O     [2.4] 

where L- is the adsorbing ligand. This type of bonding, called specific adsorption, is very strong 

and slowly reversible (Brady and Weil 2010; Essington 2004). These types of complexes are not 

readily exchangeable and are more common for anion adsorption in soils (Brady and Weil 

2010).  

 In the last two decades there has been very little experimental work addressing P 

adsorption mechanisms to clay minerals when compared to the vast body of literature 

concerning P adsorption to Fe/Al oxides (Arai and Sparks 2007; Gérard 2016). Although there 

are some batch P adsorption experiments to clays (Edzwald et al. 1976; Gimsing and 

Borggaard 2002; Manning and Goldberg 1996a; Violante and Pigna 2002), the majority of direct 

spectroscopic investigations have focused on P adsorption to Fe/Al oxides (Arai and Sparks 

2001; Bleam et al. 1991; Elzinga and Sparks 2007; Li et al. 2013; Lookman et al. 1997; Johnson 

et al. 2002; Persson et al. 1996; Tejedor-Tejedor and Anderson 1990). Therefore, much of the 

knowledge concerning clay mineral adsorption mechanisms and processes have been inferred 

from results reported for Fe/Al oxides and are discussed in more detail below.  

In soils, P exists as three anionic species (H2PO4
-, HPO4

2- and PO4
3-) that specifically 

adsorb to clay edge functional groups via ligand exchange reactions (Arai and Sparks 2001, 

2007; Bleam et al. 1991; Edzwald et al. 1976). In most soil environments with pH values 

between 4 and 8, the thermodynamically favoured species are H2PO4
- and HPO4

2- (Arai and 

Sparks 2007). Phosphate adsorption to clay minerals is greatly influenced by pH in part due to 

the thermodynamic chemistry of P and in part due to the pH-dependency of the clay edge site 

charge (Arai and Sparks 2007). At low pH values, the clay edge sites are protonated and 

capable of P adsorption; however, the orthophosphate anions are less prevalent. At high pH 
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values, the orthophosphate anions are predominant; however, the clay edge sites are 

deprotonated and not able to adsorb anions. Therefore, the theoretical P adsorption curve 

would decrease at both the acid and alkaline ends with peak adsorption occurring at near-

neutral pH (Edzwald et al. 1976; Baryosef et al. 1988). However, batch P adsorption studies 

have reported conflicting results and Gérard (2016) concluded that the shape of this curve 

greatly depends on other experimental factors such as the concentration of P added, surface 

area of the mineral and purity of the sample. 

The mechanism of specific P adsorption is generally agreed upon in the literature, 

though the configuration of the resulting inner-sphere complex is debated (Goldberg et al. 2007; 

Li et al. 2013). There is evidence that P can form both monodentate and/or bidentate complexes 

with the clay edge site functional groups (Arai and Sparks 2001; Bleam et al. 1991; Li et al. 

2013; Manning and Goldberg 1996a; Persson et al. 1996; Tejedor-Tejedor and Anderson 1990). 

In a monodentate configuration a single P oxyanion specifically adsorbs to a single aluminol 

functional group (equations [2.5] to [2.7]) (Li et al. 2013; Sparks 2003): 

3 0

2 4 2 4 2AlOH PO 2H AlH PO H O       [2.5] 

3 +

2 4 4 2AlOH PO H AlHPO H O       [2.6] 

3 2

2 4 4 2AlOH PO AlPO H O      [2.7] 

 

Contrarily, in a bidentate configuration a single P oxyanion specifically adsorbs to two adjacent 

functional groups at clay edges (equation [2.8] and [2.9]) (Li et al. 2013; Sparks 2003). More 

spectroscopic or molecular-scale research is needed to characterize the configuration of 

adsorbed P species on clay edge sites.  

3 + 0

2 4 2 4 22 AlOH + PO H Al HPO 2H O     [2.8] 

3

2 4 2 4 22 AlOH + PO Al PO 2H O      [2.9] 

Regardless of configuration, P is specifically absorbed as an inner-sphere complex, 

therefore the background electrolyte does not compete for adsorption sites as it is non-

specifically adsorbed onto the surface sites (≡X-) (Arai and Sparks 2007). In this study the ionic 

strength is held constant at 0.01 M across all experiments, thus it does not influence the 

mechanisms or capacity of P adsorption to clay minerals. The results of studies that considered 

the competitive effects of other inorganic soil anions (arsenate, sulfate, molybdate and more) on 
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P adsorption to Fe/Al oxides are variable and the discrepancies are likely due to differences in 

experimental conditions (Hongshao and Stanforth 2001; Rahnemaie et al. 2007; Manning and 

Goldberg 1996b). However, studies that have featured clay minerals as the adsorbent have 

found that P adsorption either outcompetes or is unaffected by the presence of other anions 

(Edzwald et al. 1976; Manning and Goldberg 1996a).  

The rest of this chapter explains the soil sampling and clay separation process as well 

as methods involved in characterizing the clay in order to attain information that is needed for 

the soil assemblage model. X-ray crystallography, surface area analysis and CEC experiments 

provided qualitative clay mineral data. Clay dissolution experiments ensured that the samples 

were not dissolving under the experimental conditions and provided concentrations of residual P 

on the clays. Potentiometric titrations were performed to determine the PZNPC and proton-

binding constants of the clays. Batch P adsorption experiments were performed to determine 

the clay P-binding constants. All experiments were performed at a constant ionic strength of 

0.01 M using lithium nitrate (LiNO3) as the background electrolyte. 

 

2.2 Materials and methods 

Four soil samples were taken to capture the variability of clay minerals in the study area. These 

samples form the basis of the clay mineral contribution to P adsorption in the soil assemblage 

model. The samples were air-dried and sub-samples were sent to the Agriculture and Food 

Laboratory (AFL) at the University of Guelph for analysis. Before grain-size separation could 

occur, carbonates and organic matter were removed from the soils. The sand fraction (0.05 mm 

to 2 mm) was separated using wet sieving and the clay fraction (< 0.002 mm) was separated 

using sedimentation techniques. The clay samples were purified with dialysis tubing and freeze-

dried for later use. Qualitative analysis of the clay minerals in each sample was performed using 

x-ray crystallographic techniques. The clays underwent specific surface area analysis and the 

CEC at pH 4 was determined. Dissolution experiments were performed to ensure the clays were 

not dissolving under experimental conditions. Finally, potentiometric titrations and batch P 

adsorption experiments were performed to determine proton- and P-binding constants 

respectively. 
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2.2.1 Representative soil sampling and analysis 

Four soil samples were taken to represent the dominant clay mineralogy found in the 

Maskinonge River watershed (Figure 2.1). Each sample was taken from a single location with a 

spade, to a depth of 15 cm, and locations were recorded with ArcPad (Esri) software. 

Approximately 10 to 12 kg of soil was collected for each sample. The sample locations were 

determined in consultation with Doug Aspinall (OMAFRA) and Riley Mulligan (Ministry of 

Northern Development and Mines). The first sample was taken on elevated land that contains 

silt-rich loess material, known as the Honeywood catena (Hoffman et al. 1964). This high 

ground was exposed while the glaciers retreated and was coated with loess debris that was 

blown north from the United States of America (Hoffman et al. 1964). The sample was well-

drained and is therefore indicative of the Honeywood series; it is hereafter referred to as 

Honeywood. The second and third samples were taken in the northwest portion of the 

watershed, to the east of Cook’s Bay. These locations were chosen to capture the predominant 

Newmarket Till. Both samples are indicative of the Bondhead catena which are soils that 

developed on medium textured limestone till (Hoffman and Richards 1955). Both samples were 

taken atop a ridge and were indicative of the well-drained member of the catena, known as the 

Bondhead series; they are hereafter referred to as Bondhead-1 and Bondhead-2. The fourth 

sample was taken in a clay-rich zone in the northern tip of the watershed in order to 

characterize the widespread glaciolacustrine deposits found in the area. The sample is 

indicative of the Cashel catena, which developed on the calcareous lacustrine deposits of 

glacial Lake Schomberg and is underlain by clay till (Hoffman and Richards 1955). It was taken 

in a low-lying depression with imperfect drainage therefore it will hereafter be referred to as 

Peel, which is the imperfectly drained member of the Cashel catena. 

After the soils were sampled, they were air-dried, manually crushed and passed through 

a 2 mm Nalgene sieve. They were sent to the AFL at the University of Guelph and were 

analyzed for texture, pH, extractable P and total carbon (C) content. Texture was determined 

using the pipette method based on Stokes Law of sedimentation (Sheldrick and Wang 1993). 

Soil pH was measured in a 1:1 soil to calcium chloride (CaCl2) saturated paste (Hendershot et 

al. 1993). Extractable P was determined using the NaHCO3 extractable P method, also known 

as Olsen-P (Olsen and Sommers 1982). Total C was determined by burning the samples at 

1350C in the presence of purified oxygen gas (O2(g)); the amount of carbon dioxide (CO2(g)) 

produced was measured by infrared detection and was used to calculate total C in the sample 

(Nelson and Sommers 1996). 
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Figure 2.1. Soil sample locations for the representative clays in relation to the 

Maskinonge River watershed. 
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2.2.2 Separation of the clay fraction 

The clay fraction was separated out from each of the four representative soil samples in order to 

characterize the chemical properties and P-binding tendencies of the clay minerals. Prior to 

particle size separation, carbonates and organic matter were removed from the bulk soil 

samples. The carbonate removal method was adapted from Jackson (1969) and the destruction 

of organic matter was revised from Robinson (1927). The clay separation method was adapted 

from (Gee and Bauder 1986) and involves the use of sedimentation techniques. 

 

2.2.2.1 Carbonate removal 

The soils were tested for the presence of carbonates by adding drops of 1 M HCl. All samples 

effervesced and underwent carbonate removal. The method uses ammonium acetate (NH4Ac) 

to buffer acetic acid at pH 4; this technique is much less destructive to phyllosilicate minerals 

compared to the use of strong acids (Ostrom 1961). For each sample, 40 g of soil was weighed 

out and put in a 500 mL Nalgene centrifuge tube. Depending on the texture of the sample, up to 

six 500 mL tubes were needed to yield 30 g of clay. To each tube 240 mL of 1 M NH4Ac-acetic 

acid buffer, at pH 4, was added. The tubes were shaken by hand to mix contents thoroughly 

then shaken in a reciprocating shaker for 10 minutes at 140 rpm and 25C. The tubes were 

placed in the fume hood, caps loosened (to allow CO2(g) to escape) and left to equilibrate 

overnight. They were centrifuged for 10 minutes at 685 g and 25C. If supernatants appeared 

cloudy, drops of 0.5 M magnesium chloride (MgCl2) were added to flocculate finer particles to 

the bottom and tubes were centrifuged once more. The supernatants were discarded and the 

soil was transferred to separate 600 mL tall-sided glass beakers for organic matter removal. 

 

2.2.2.2 Organic matter removal 

Organic matter was removed from all four samples using dilute hydrogen peroxide (H2O2). 

Approximately 50 mL of 12% H2O2 was added to each 600 mL beaker containing the soils. The 

contents were stirred and left in the fume hood overnight. The beakers were placed on a hot 

plate and the contents brought to a boil with constant stirring. When excessive frothing 

occurred, drops of 2-octanol were added with small additions of Nanopure water from a wash 

bottle to reduce the degree of foaming. Once samples began to boil without frothing they were 

removed from the hot plate and left to cool under the fume hood overnight. The supernatants 
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were siphoned off and discarded. If organic matter was still present as evidenced by a residual 

dark colour, the removal process was repeated once more. The contents of the beakers were 

funnelled back into 500 mL Nalgene centrifuge tubes for sand separation. 

 

2.2.2.3 Separation of the sand fraction 

The sand fraction was separated from all samples by means of sieving. To each centrifuge tube, 

40 mL of 5% sodium carbonate (Na2CO3) was added as a dispersing agent. The tubes were 

capped and shaken in a reciprocating shaker for 3 minutes at 140 rpm and 25C. A 52 µm sieve 

(No. 270 mesh, Canadian Standard Sieve Series) was placed over a 30 L plastic bucket (radius, 

15.6 cm; height, 39.5 cm) and the contents of the centrifuge tubes were passed through using a 

fine-bristle paintbrush with rinses of Nanopure water. The sand fraction was washed from the 

sieve into separate 1000 mL glass beakers that were placed in an oven at 50C until dry. 

 

2.2.2.4 Separation of the clay fraction 

The clay fraction was separated from the silt fraction for all four samples using sedimentation 

techniques. This method is based on Stokes’ Law, whereby the terminal velocity of a particle 

settling in water can be calculated given the particle diameter, or grain-size (Goossens 2008). 

Based on this principle, silt particles (0.002 to 0.05 mm) will settle at least 30 cm in 24 hours. 

For each sample, the 30 L plastic bucket containing silt and clay was filled to a depth of 30 cm 

with Nanopure water (volume, 22.8 L), stirred until the contents were in suspension and left to 

settle for 24 hours. After 24 hours, the silt fraction had settled to the bottom of the bucket and 

the overlying clay-rich solution was siphoned into a separate bucket. The siphon was placed at 

a depth of 25 cm to avoid disturbing the underlying silt particles. Approximately 30 mL of 0.5 M 

MgCl2 was added to the bucket containing clay to flocculate the clay to the bottom. The first 

bucket (silt + clay) was again filled to a depth of 30 cm with Nanopure water and stirred. Both 

buckets (clay and clay + silt) were left to settle for 24 hours. After 24 hours, the overlying water 

in the clay bucket was siphoned and discarded. The overlying clay-rich solution from the silt + 

clay bucket was siphoned into the clay buckets and another 30 mL of 0.5 M MgCl2 was added. If 

after 24 hours, the overlying water in the clay bucket was still cloudy another 15 to 25 mL of 

MgCl2 was added, the silt + clay bucket stirred and both left to settle another 24 hours. This 
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process was repeated daily for up to three weeks or until the overlying water in the silt + clay 

bucket appeared clear with no clay in suspension. 

 

2.2.2.5 Purification and lyophilization 

After sufficient clay was collected it was purified with dialysis tubing and lyophilized (freeze-

dried). The clays were transferred from the buckets into multiple 15 cm-long 3.5 kD molecular 

weight cut off dialysis membranes that were secured at both ends with plastic closures. The 

tubes were placed into Nalgene pans containing 5 L of 0.01 M LiNO3 solution. Each clay sample 

was kept in a separate pan. The pans were placed on stir plates and a magnetic stir bar was 

added to each. The tubes were left for two days to equilibrate, with the LiNO3 solution being 

refreshed once daily. After two days, the pH of the LiNO3 solution was reduced to 3 with 

additions of 0.1 M HNO3 and left to equilibrate for another 6 to 7 hours. This solution was 

discarded and the pans were filled with new LiNO3 solution and left overnight. The following 

morning, the pan contents were discarded, filled with 5 L of Nanopure water and left on the stir 

plates overnight once more. The following day, the electrical conductivity (EC) of each solution 

was recorded. The contents of the pans were discarded and replaced with fresh Nanopure 

water. The EC measurements were recorded and pans refreshed with Nanopure water twice 

daily. This process was repeated until the EC of the Nanopure solution remained consistently 

less than 10 µS/cm.  

The purified clay was poured from the dialysis membranes into separate 1000 mL 

beakers. Any remaining clay was washed from the membrane surface using jets of Nanopure 

water. A 15 mL disposable syringe was used to transfer the clay solution from the 1000 mL 

beakers into 25 mL conical centrifuge tubes. Each tube was filled with a maximum of 20 mL to 

avoid leakage during the lyophilization procedure. The tubes were placed in a -18C freezer for 

a minimum of two days. After this time, the tubes were uncapped and placed in a freeze dry 

system for four days. Once completely lyophilized, the clay samples were ground with a mortar 

and pestle and placed in separate, labelled glass sampling jars for later use. 

 

2.2.3 Clay mineral characterization 

X-ray crystallographic techniques were utilized to qualitatively characterize the minerals present 

in the clay fraction for each sample. The structural nature of clay minerals (1:1 or 2:1) generate 



 

38 
 

known inter-atomic distances (z axis) and when left to settle from an aqueous suspension, they 

preferentially orientate themselves (Moore and Reynolds 1989). These inherent attributes of 

clay minerals enhance their basal reflections, allowing for confident identification by x-ray 

diffraction (Moore and Reynolds 1989). Five treatments are used to differentiate the individual 

clay minerals from one another, following similar methods as stated in Brindley and Brown 

(1980): K-saturated, K-saturated and heated to 500C, K-saturated and boiled in HCl, Mg-

saturated and Mg-saturated and ethylene glycol or glycerol solvated. Both ethylene glycol and 

glycerol were used in this study but they provide the same quantitative information for clay 

mineral identification. 

 The method used to prepare the K-saturated and Mg-saturated treatments was as 

follows. For each sample, approximately 0.03 g of each clay was placed into two separate 15 

mL conical-bottom polypropylene centrifuge tubes. To the first tube 10 mL of 1.0 potassium 

chloride (KCl) was added, and to the second tube 10 mL of 0.5 M MgCl2 was added. The tubes 

were shaken on a vortex mixer for approximately 60 seconds then centrifuged for 5 minutes at 

2005 g and 25C. The supernatants were discarded and another 10 mL of 1.0 KCl and 0.5 

MgCl2 were added to the respective tubes. The tubes were shaken, centrifuged and discarded 

again. This step was performed once more (three times total) to saturate the clays with either K 

or Mg. To wash any excess salts from the clay, 10 mL of Nanopure water was added to each 

tube. The tubes were shaken on a vortex mixer for approximately 60 seconds then centrifuged 

for 5 minutes at 2005 g and 25C. The supernatants were discarded and this washing step was 

performed once more (twice total). After the supernatants were discarded, 0.5 mL of Nanopure 

water was added to each tube. The tubes were shaken on a vortex mixer for approximately 60 

seconds and the dispersed clay solution was immediately pipetted onto glass slides using a 

variable volume pipettor. The slides were left overnight to dry then analyzed by a PANalytical X-

pert PRO x-ray diffractometer. 

 After x-ray traces were obtained for the Mg-saturated treatments, the slides containing 

the Mg-saturated clay were placed in a desiccator containing ethylene glycol. The desiccator 

was vacuum sealed and placed in an oven overnight at 65C. The following day, the slides were 

taken out of the desiccator and quickly analyzed by the PANalytical X-pert PRO x-ray 

diffractometer one at a time. After analysis, the slides were placed back in the oven overnight at 

65C to remove any remaining ethylene glycol. The following day the slides were placed in a 

desiccator containing glycerol. The desiccator was vacuum sealed and placed in an oven 

overnight at 65C. The following day, the slides were taken out of the desiccator and quickly 
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analyzed by the PANalytical X-pert PRO x-ray diffractometer one at a time. After x-ray traces 

were obtained from the K-saturated treatments, the slides containing the K-saturated clay were 

placed in a muffle furnace for one hour at 500C then analyzed by the PANalytical X-pert PRO 

x-ray diffractometer. 

 The final treatment (K-saturated and boiled in HCl) is performed because the second-

order peaks of some chlorites will collapse upon heating to 500C, making the identification of 

kaolinite in the presence of chlorite problematic. Boiling the clay in HCl destroys any chlorite 

present, allowing for the positive identification of kaolinite. To prepare this treatment, the same 

steps used to prepare the aforementioned K-saturated treatment were followed. After the final 

washing step, 1.0 mL of Nanopure water was added to the tubes. The tubes were shaken on a 

vortex mixer for approximately 60 seconds then transferred to 50 mL glass beakers, using 

separate beakers for each clay. Approximately 10 mL of 2.0 M HCl was added the beakers 

which were placed on a hot plate in the fume hood; the solutions were boiled for 15 minutes and 

left to cool for several hours. After cooling, 10 mL of Nanopure water was added to each beaker 

and the contents were poured into 50 mL centrifuge tubes. The tubes were centrifuged for 10 

minutes at 22640 g and 25C then the supernatants were discarded. The clay was transferred 

from the 50 mL centrifuge tubes into 15 mL conical-bottom polypropylene centrifuge tubes using 

a Spoonula. Approximately 0.5 mL of Nanopure water was added to each tube and the tubes 

were shaken on a vortex mixer for 60 seconds. The dispersed clay solutions was immediately 

pipetted onto glass slides using a variable volume pipettor. The slides were left overnight to dry 

then analyzed by the PANalytical X-pert PRO x-ray diffractometer. The distinct clay minerals are 

identified by comparing the spacing and intensity of the peaks from each treatment. The 

relationship between the treatments and clay mineral diagnostic peaks are reported in Table 

2.1. 
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Table 2.1. X-ray diffraction spacing and diagnostic peaks of clay minerals in relation to 
treatment*. 

Treatments 

d
iffra

c
tio

n
 s

p
a

c
in

g
 (n

m
) 

 K-saturated 

K-saturated 
and heated 

to 500C 

K-saturated 
and boiled in 

HCl Mg-saturated 

Mg-saturated and 
ethylene 

glycol/glycerol 
solvated 

0.7 
Chlorite (2nd 
order peak), 

kaolinite 

Chlorite (2nd 
order peak) 

Kaolinite 
Chlorite (2nd 
order peak), 

kaolinite 

Chlorite (2nd  
order peak),  

kaolinite 

1.0 
Clay mica, 
vermiculite 

Clay mica, 
HIV, 

smectite, 
vermiculite 

Clay mica, 
HIV, 

smectite, 
vermiculite 

Clay mica Clay mica 

1.2 Smectite -- -- -- -- 

1.4 
Chlorite,  

HIV 
Chlorite  

Chlorite, 
HIV, 

smectite, 
vermiculite 

Chlorite,  
HIV,  

vermiculite 

1.8 -- -- -- -- Smectite 

* HIV, hydroxy-interlayered vermiculite 

 

 2.2.3.2 Specific surface area analysis 

The specific surface area (Ss) of the clays were determined by sending approximately 3 g of 

each to the Nanoscience Laboratory at the University of Guelph. The Ss was determined using 

the nitrogen gas (N2) Brunauer-Emmett-Teller (BET) theory whereby the Ss of a powder is 

calculated based on the amount of N2 adsorbed in a monomolecular layer on the solid surface 

(Brunauer et al. 1938). 

 

 2.2.3.3 Cation exchange capacity (CEC) at pH 4 

The CEC was determined for each clay sample at a pH of 4 to estimate the amount of 

negatively charged surface sites on each clay (≡X-). At a pH of 4, it is assumed that all the clay’s 

pH-dependent edge sites have been protonated (are positively charged), thus the CEC value 

reflects only the contribution from the negatively charged surface sites. The procedure was a 
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modification of the method reported in Pratt and Holowaychuk (1954); it uses a barium acetate 

(Ba(OAc)2) – acetic acid buffer, adjusted to a pH of 4. CEC experiments were performed in 

duplicate on each clay sample. 

For each sample, 0.1 g of clay was placed in a 50 mL Nalgene centrifuge tube to which 

25 mL of 0.01 M Ba(OAc)2 – 5% acetic acid buffer was added. The tubes were shaken in a 

reciprocating shaker for 24 hours at 110 rpm and 25C then centrifuged for 20 minutes at 22640 

g and 25C. The pH of the supernatant was measured to ensure it was approximately 4 (± 0.05) 

then discarded. To wash the remainder of the buffer from the clay, 20 mL of Nanopure water 

was added to each tube and the tubes were shaken for 5 minutes at 110 rpm and 25C. They 

were centrifuged for 20 minutes at 22640 g and 25C and the supernatants were discarded. 

This washing step was repeated once more. After the second wash, 25 mL of 1.0 M NH4Ac was 

added and tubes were shaken in a reciprocating shaker for 48 hours at 110 rpm and 25C. They 

were centrifuged for 20 minutes at 22640 g and 25C and the supernatants were decanted into 

100 mL volumetric flasks. Another 20 mL aliquot of 1.0 M NH4Ac was added to each tube and 

they were shaken in a reciprocating shaker for two hours at 110 rpm and 25C. The tubes were 

centrifuged for 20 minutes at 22640 g and 25C and the supernatants were decanted into the 

same 100 mL flasks. If it was necessary at any point, the supernatants were passed through a 

0.22 µm nylon filter before being poured into the volumetric flasks. The Ba concentration in the 

volumetric flasks was analyzed by Flame Atomic Absorption Spectroscopy (FAAS). The CEC for 

each clay was calculated using equation [2.10]: 
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2+

2

Ba(OAc)Ba
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[Ba ]
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clay

Z V
CEC

M Mm
 [2.10] 

where CEC is the cation exchange capacity at pH 4 in cmol kg-1, [Ba2+] is the concentration of 

Ba in mg L-1, ZBa
2+ is the valency of Ba2+ (2), VBa(OAc) is the volume of Ba(OAc)2 – acetic acid 

buffer in mL, Mclay is the weight of clay in g, and MmBa
2+ is the molar mass of Ba in g mol-1. 

 

 2.2.3.4 Clay dissolution 

Clay dissolution experiments were performed on each clay sample to investigate the potential 

for clay minerals to dissolve within the experimental conditions and to determine if any of the 

chemicals used in the batch experiments contain trace amounts of P. The dissolution 

experiments were performed in duplicate on each clay sample. 
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To attain a pH range of 3 to 9 in the batch experiments, varying concentrations of either 

nitric acid (HNO3) or lithium hydroxide (LiOH) were made. The molarity of HNO3 treatments 

ranged from 0.015 M to 0.30 M and the molarity of LiOH treatments ranged from 0.015 M to 

0.14 M for the dissolution experiments. There was a single neutral treatment of 0.01 M LiNO3. 

Twelve to thirteen treatments were used for each clay in order to attain data points at 0.5 unit 

increments between the pH range of approximately 3 to 9. 

For each sample, 0.06 g of clay was placed in a 50 mL Nalgene centrifuge tube to which 

10 mL of 0.01 M LiNO3 was added. Using a variable volume pipettor, 0.2 mL of either the HNO3, 

LiNO3 or LiOH treatments were added to the tubes. The disposable tip of the pipettor was 

changed between acid, neutral and base treatment additions. Three blank tubes were made up 

following the same process but contained no clay. These blank tubes were made to determine if 

there were trace amounts of P in the chemicals used. Each blank tube contained the 

background electrolyte and the strongest acid, neutral or base treatment used in the dissolution 

experiment. All tubes were placed in a reciprocating shaker for four days at 110 rpm and 25C. 

The tubes were centrifuged for 15 minutes at 22640 g and 25C. The pH of the supernatant was 

measured using a glass pH electrode and recorded. The supernatant was decanted into a 10 

mL disposable syringe and passed through a 0.22 µm filter membrane and into a 15 mL conical-

bottom polypropylene centrifuge tube. Cellulose filter membranes were used for supernatant pH 

measurements below 7 and nylon filter membranes were used for measurements above 7. The 

solutions were analyzed by Inductively Coupled Plasma Optical Emission Spectroscopy (ICP-

OES) for the concentrations of soluble Al ([Al]soln), Ca ([Ca]soln), Fe ([Fe]soln), K ([K]soln), Mg 

([Mg]soln), sodium ([Na]soln), P ([P]soln) and Si ([Si]soln) concentrations. 

 

2.2.4 Potentiometric titrations 

 2.2.4.1 Titration apparatus 

The titration apparatus was custom-designed for solid material titrations (Figure 2.2). It contains 

three parts: titration vessel, gas and scrubbers and the ManTech PC-Titrate™ system. The 

titration vessel consists of a Teflon beaker encased in a brass jacket and sealed with a nylon lid. 

The nylon lid has holes to accommodate the acid, base and gas lines as well as a glass pH 

electrode. A magnetic stir bar is added to the beaker and the titration vessel is placed on a 

magnetic stir plate to facilitate mixing during titrations. To maintain a constant temperature of 

25C, water is circulated through the brass jacket from a thermostatic water bath. Argon gas is 
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used as the inert gas to purge the titration system of any CO2(g). It is bubbled through three 

scrubbing chambers (0.1 M sodium hydroxide, 0.1 M HNO3 and Nanopure water) and into the 

gas outlet line which is submerged in the titration solution. The PC-Titrate™ system is designed 

by Mantech and includes two piston burettes that inject small increments of titrant into the 

titration vessel. The acid used in all titrations was 0.1 M HNO3 and the base was 0.02 M LiOH. 

Prior to all titrations, the HNO3 was suctioned into the acid piston burette and the LiOH was 

suctioned into the base piston burette. The burettes are automated based on user-defined 

titration schedules created in PC-Titrate™ software and can have very high resolutions as they 

are capable of injecting 0.01 mL volumes. 

 

Figure 2.2. Titration apparatus. 

 

2.2.4.2 Test titrations 

Test titrations were carried out prior to any clay titrations in order to gain familiarity with the 

titration software and ensure the equipment was functional. Boric acid (0.001 M) was used as a 

monoprotic test acid and citric acid (0.001 M) was used as a triprotic test acid. All test titrations 

were run at 25C and a constant ionic strength of 0.01 M. 
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Prior to each test titration, 250 mL of 0.02 M LiOH was prepared and its concentration 

was standardized by titration with 0.1 M HNO3. From the base burette, 10 mL of 0.02 M LiOH 

was ejected into a 30 mL glass beaker. The pH electrode, mechanical stir rod, and acid outlet 

line were submerged in the LiOH solution and the base standardization schedule was executed. 

Three titrations were performed in total and the mean molarity was used in subsequent 

calculations.  

For the test acid titrations, approximately 900 mL of Nanopure water was measured into 

a 1000 mL glass beaker. The beaker was placed on a hot plate in the fumehood and the water 

was brought to a boil. Once boiling, approximately 450 mL was poured into a 500 mL analytical 

flask and argon gas was bubbled through it for a minimum of 90 minutes. Once cooled, the 

water was used to make 250 mL of 0.01 M LiNO3. The titrand, either 0.001 M boric acid or 0.001 

M citric acid, was made up in this 0.01 M LiNO3 solution. Using a pipette, 40 mL of the titrand 

(test acid + LiNO3) was measured into the Teflon beaker and a magnetic stir bar was added. 

The Teflon beaker was placed in the brass jacket and sealed with the nylon lid. The titration 

vessel was placed on a magnetic stir plate. Argon gas was bubbled through the solution for two 

hours to remove CO2(g) from the system. After two hours, the titration schedule was executed. 

The titration schedule was designed whereby small injections of LiOH were added until the pH 

reached 10. For citric acid, the pH was first brought down to 2.5 with small injections of HNO3 

before the LiOH back-titration could occur in order to capture all its acid dissociation constants. 

Boric acid titrations lasted approximately two hours and citric acid titrations lasted approximately 

eight hours. Once the titration was complete, the data was exported in spreadsheet format and 

used in a least-squares fitting program called FITEQL (Westall 1982) to determine the acid 

dissociation constants. 

 

 2.2.4.3 Clay mineral titrations 

Titrations were performed on each clay sample to determine the edge site density and the 

proton-binding constants. The titrations also characterized the reactivity of the permanently 

charged surface sites with the background electrolyte by means of an electrolyte-binding 

constant. All clay titrations were run at 25C and a constant ionic strength of 0.01 M. Following 

the same procedure as the test acid titrations, 0.02 M LiOH was made up new for each clay 

titration and its concentration was standardized in triplicate. 
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Following the same procedure as the test acid titrations, Nanopure water was boiled, 

bubbled with argon gas and used to make up 0.01 M LiNO3. Using a pipette, 40 mL of 0.01 M 

LiNO3 was measured into the Teflon beaker and a magnetic stir bar was added. In order to 

maintain the same suspension density as the batch experiments, 0.2307 g of clay was added to 

the Teflon beaker. The Teflon beaker was placed in the brass jacket and sealed with the nylon 

lid. The titration vessel was placed on a magnetic stir plate. Argon gas was bubbled through the 

solution for two hours to remove CO2(g) from the system and to ensure adequate mixing of the 

clay and LiNO3 solution. After two hours, the clay titration schedule was executed. The titration 

schedule was designed whereby small injections of HNO3 was added until the solution reached 

a pH of 2.5 then small injections of LiOH was added until the pH reached 9. The clay titrations 

lasted between 8 and 12 hours. Once the titration was complete, the data was exported in 

spreadsheet format and used in FITEQL to determine the proton-binding constants, electrolyte-

binding constant and edge site density. 

 

 2.2.4.4 FITEQL procedure for proton-binding constants 

FITEQL is a software program developed by Westall (1982). It uses a non-linear least squares 

optimization analysis to fit a chemical equilibrium model to experimental data (Goldberg and 

Sposito 1984). It does so by employing an iterative approach to continually change the value of 

adjustable parameters until the residual sum of squares between the data and the calculated 

equilibrium constants is minimized (Hayes et al. 1991). FITEQL can be used to calculate 

formation constants of aqueous complexes, the solubility products of solids and the partial 

pressure of gases (Evans et al. 2010). It contains four surface complexation models – the CCM, 

the DLM, the TLM and the Stern Model – that can be used to determine binding constants for 

the adsorption of aqueous species. It also contains the Davies equation to account for ionic 

strength calculations in all of the aforementioned calculations. 

For this research, FITEQL was used to determine the acid formation constants for the 

test acids and the proton- and electrolyte-binding constants for the clay. The CCM was chosen 

as the surface complexation model to determine the proton-binding and electrolyte-binding 

constants for the clay. The CCM is explained in more detail in chapter four. To perform these 

calculations, FITEQL required the input of pH, total H+ concentration and degree of dilution at 

each step (injection) of the titration. The total H+ concentration was calculated using equation 

[2.11]: 
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where [H+]T is the total H ion concentration at each titration step (mol L-1), CHNO3 is the 

concentration of HNO3 (mol L-1), VHNO3 is the total volume of the HNO3 added at each step (mol 

L-1), CLiOH is the concentration of LiOH (mol L-1), VLiOH is the total volume of LiOH added at each 

step (mol L-1), and Vi is the initial volume of titrand in the beaker (40 mL). The degree of dilution 

was calculated using equation [2.12]: 
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where D is the degree of dilution at each titration step and VHNO3, VLiOH and Vi are as previously 

described. Ionic strength and initial estimates for the acid dissociation or binding constants (and 

edge site density) were also input to the program. FITEQL was run and adjustable parameters 

were optimized until convergence of the data was achieved. For each run, FITEQL computes a 

goodness of fit value using equation [2.13]: 
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where Vy is the overall variance in y, y is the residual for each data point, Sy is the error 

estimate for each data point, np is the number of data points, nc is the number of components for 

which both free and total concentrations are known and nu is the number of adjustable 

parameters (Herbelin and Westall 1996; Manning and Goldberg 1996b). According to Westall 

(1982), a Vy value of 1 is considered a perfect fit, while values between 0.1 and 20 indicate 

reasonably good fits. 

 

2.2.5 Phosphate adsorption to clay minerals 

2.2.5.1 Batch P adsorption experiments 

Batch P adsorption experiments were performed on each clay sample to determine the P-

binding constants of the edge sites. The experiments were performed in duplicate for each clay 

sample. The P adsorption experiments involved the same treatments and procedure as the clay 
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dissolution experiments but with the addition of a lithium dihydrogen phosphate (LiH2PO4) spike 

prior to shaking. 

For each sample, 0.06 g of clay was placed in a 50 mL Nalgene centrifuge tube to which 

10 mL of 0.01 M LiNO3 was added. Using a variable volume pipettor, 0.2 mL of either the HNO3, 

LiNO3 or LiOH treatments were added to the tubes. The disposable tip of the pipettor was 

changed between acid, neutral and base treatment additions. Using the same pipettor, 0.2 mL 

of 0.01 M LiH2PO4 was added to each tube. Three blank tubes were made up following the 

same process but contained no clay. These blank tubes represented the total amount of P 

added to the tubes. This information was needed to calculate P adsorption data to be used in 

FITEQL (explained in more detail in section 2.2.5.2). Each blank tube contained the background 

electrolyte, the P spike and the strongest acid, neutral or base treatment used in the batch 

experiment. All tubes were placed in a reciprocating shaker for four days at 110 rpm and 25C. 

The tubes were centrifuged for 15 minutes at 22640 g and 25C. The pH of the supernatants 

were measured using a glass pH electrode and recorded. The supernatants were decanted into 

a 10 mL disposable syringe and passed through a 0.22 µm filter membrane and into a 15 mL 

conical-bottom polypropylene centrifuge tube. Cellulose filter membranes were used for 

supernatant pH measurements below 7 and nylon filter membranes were used for 

measurements above 7. The solutions were analyzed by ICP-OES for [Al]soln, [Ca]soln, [Fe]soln, 

[K]soln, [Mg]soln, [Na]soln, [P]soln and [Si]soln. 

 

2.2.5.2 FITEQL procedure for P-binding constants 

For this research, FITEQL was used to determine the P-binding constants for the clay. The 

CCM was used as the surface complexation model to determine these constants and is 

explained in more detail in chapter four. To perform this calculation, FITEQL required the input 

of pH and the concentration of P adsorbed for each pH step (data point) in the batch 

experiments. The concentration of P adsorbed was calculated using equation [2.14]: 

ads added soln[P] =[P] - [P]  [2.14] 

where [P]ads is the concentration of P adsorbed at each pH step (mol L-1), [P]added is the 

concentration of total P added to each tube (mol L-1) and [P]soln is the concentration of P in 

solution at each pH step (mol L-1). The concentrations of P in the three blank tubes were 

averaged and a correction factor was applied (explained in detail in section 2.3.4); this value 
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used as the value for [P]added in each experiment. Monodentate and bidentate adsorption 

conditions were both considered and tested for convergence separately. 

 

2.3 Results and discussion 

2.3.1 Representative soil samples 

The results from the laboratory analysis of the four representative soil samples are reported in 

Table 2.2. The Honeywood sample has a silt loam texture, owing to its development on wind-

deposited loess material. Both Bondhead samples have similar particle size distributions and 

are classified as loams. The Peel sample has the highest clay percentage and is classified as a 

silty clay. The pH of all the samples are relatively similar with the exception of Peel which is 

higher. This could be due to the calcareous nature of the lacustrine clay deposits upon which it 

formed, as it also has a higher total carbon content. The percent total carbon for the first three 

samples ranged from 1.4 to 2.5%. The NaHCO3 extractable P for the Bondhead-2 sample was 

very high and possibly due to recent P application at the time of sampling. 

 

Table 2.2. Texture and chemical characteristics of the representative soil samples. 

Sample 
Number Sample Name pH 

TC  
(% dry) 

Ex. P  
(mg kg-1) %Sand 

Texture 
%Silt %Clay 

1 Honeywood 7.30 1.4 12.7 36.9 52.7 10.4 

2 Bondhead-1 7.40 2.4 14.2 40.0 41.2 18.8 

3 Bondhead-2 7.40 2.5 65.7 39.6 41.9 18.5 

4 Peel 7.76 4.2 28.4 13.3 44.2 42.5 
* TC, total carbon; Ex. P, NaHCO3 extractable phosphorus 

 

2.3.2 Clay characterization 

2.3.2.1 X-ray crystallography 

The results from the x-ray diffractometer experiments for each clay fraction are presented in 

Figures 2.3 to 2.6. For each clay sample, the lack of a peak at 1.8 nm in the Mg-saturated and 

ethylene glycol/glycerol solvated treatment and 1.2 nm in the K-saturated treatment indicates 

that there is no smectite present in these clay fractions. The Mg-saturated and ethylene-glycol 

solvated treatment for Peel clay shows a peak at 1.6 nm, but this peak is not present in the Mg-

saturated and glycerol solvated treatment, indicating that the peak at 1.6 nm is due to low-
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charge vermiculite, not smectite. The movement of the 1.0 nm peak in the K-saturated 

treatments to 1.4 nm in the Mg-saturated treatments indicates a presence of vermiculite. The 

highest movement occurs in the Peel clay, further indicating a high amount of vermiculite in this 

clay fraction. The Honeywood, Bondhead-1 and Bondhead-2 samples each contain vermiculite 

as well. Additionally, the 1.0 nm peak in the Mg-saturated, Mg-saturated and ethylene glycol 

solvated and the Mg-saturated and glycerol solvated treatments indicates clay mica (illite), 

which is present in each clay sample. In the Honeywood, Bondhead-1 and Bondhead-2 clays, 

the 1.4 nm peak seen in the K-saturated treatment collapses to 1.0 nm when heated to 500C; 

this indicates a presence of HIV in these samples. In the Peel clay, there is no peak at 1.4 nm 

for either the K-saturated or K-saturated and heated to 500C, indicating that HIV is not present 

in this clay fraction. Finally, the lack of a peak at 0.7 nm in the K-saturated and boiled in HCl 

treatment indicates that the 0.7 nm peak present in the K-saturated treatment is only due to 

chlorite, not kaolinite. Therefore, all the clay samples contain small amounts of chlorite, with the 

Honeywood clay fraction containing the most; none of the clay samples contain kaolinite. A 

summary of the clay minerals present in each clay fraction is reported in Table 2.3. 
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Figure 2.3. X-ray diffraction traces for the Honeywood clay fraction. 
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Figure 2.4. X-ray diffraction traces for the Bondhead-1 clay fraction. 
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Figure 2.5. X-ray diffraction traces for the Bondhead-2 clay fraction. 
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Figure 2.6. X-ray diffraction traces for the Peel clay fraction. 
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Table 2.3. Clay minerals present in the representative clay samples determined using x-
ray crystallography. 

Sample Name Clay minerals* 

Honeywood Chlorite, clay mica (illite), HIV, vermiculite, 

Bondhead-1 Chlorite, clay mica (illite), HIV, vermiculite 

Bondhead-2 Chlorite, clay mica (illite), HIV, vermiculite 

Peel Chlorite, clay mica (illite), vermiculite (low charge)  
* HIV, hydroxy-interlayered vermiculite 

 

2.3.2.2 Specific surface area and cation exchange capacity at pH 4 

The results from the Ss analysis and CEC at pH 4 for the four representative clays are reported 

in Table 2.4. The Ss measurements ranged from 48.3 to 71.3 m2 g-1. These values are similar to 

ones reported in Nowell (2016), Gauthier (2011) and Barabash (2010), for clays separated out 

from southern Ontario soils. They are also consistent with N2 BET values reported for illite and 

montmorillonite in Macht et al. (2011). The CEC values for all four clays were very low, possibly 

owing to the weak negative charge at this pH. 

 

Table 2.4. Specific surface area (Ss) and cation exchange capacity (CEC) at pH 4 of the 

representative clay samples.  

Sample Ss (m2 g-1) CEC (cmolc kg-1) 

Honeywood 53.9 2.0 

Bondhead-1 61.0 5.3 

Bondhead-2 48.3 4.7 

Peel 71.3 7.3 

 

 

2.3.2.3 Clay dissolution 

The results of the ICP-OES analysis of the clay dissolution extracts are presented in Figure 2.7 

to 2.11. Both Al and Si are expected to dissolve from the clay mineral structure and their 

dissolution generally increases with decreasing pH (Figure 2.7). The [Al]soln is lower than the 

[Si]soln and at some points undetectable by ICP-OES. As the highest concentrations of [Al]soln 

and [Si]soln are 5.63 x 10-5 M and 1.14 x 10-4 M respectively, clay dissolution under the batch 

experimental conditions is negligible. The [Ca]soln and [Mg]soln decrease with increasing pH 

(Figure 2.8). Some Mg may be dissolving from the clay structure if there are Mg-rich 
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trioctahedral clays present. The [Mg]soln could also be attributed to the MgCl2 used to flocculate 

the clay during separation. The [Ca]soln could be due to residual carbonates originating from the 

calcareous parent material on which these soils developed. It is also possible that the mineral 

apatite, Ca10(PO4)6(OH,F,Cl)2, is present in the clay fraction and is dissolving under acidic 

conditions. The [Fe]soln is undetectable between pH of 4 to 7 and only increases under highly 

acidic or alkaline conditions (Figure 2.9). The [Na]soln generally decreases with increasing pH 

and could be attributed to the NaCO3 used to disperse the clay during separation (Figure 2.9). 

The [K]soln is relatively high and could be due to K-feldspar minerals present in the clay fraction 

(Figure 2.10). The high concentrations could also be attributed to K dissolving from the frayed 

edges of the clay micas present in the clay fraction. The [Al]soln, [Si]soln, [Fe]soln and [Na]soln all 

spike at a pH of 6.85 in the Honeywood sample. This could indicate that the treatment which 

generated this pH has impurities or the analyzed solution contained inclusions as this trend was 

only observed in the Honeywood results. 

Low [P]soln were present in the solutions for all four clay dissolutions (Figure 2.11). The 

[P]soln generally increases with an increase in pH; for the case of the Peel clay, the [P]soln also 

increases under acidic conditions. The highest [P]soln between pH 3 and 9 for Honeywood, 

Bondhead-1, Bondhead-2 and Peel dissolution experiments are 5.37 x 10-5 M, 8.08 x 10-5 M, 

1.05 x 10-4 M and 6.17 x 10-5 M respectively. The [P]soln is likely residual P that did not desorb 

from the clays during the acid washing and dialysis stage. The positively charged edge sites 

responsible for P adsorption become deprotonated under highly alkaline conditions, which could 

desorb any remaining P. It is also possible that the [P]soln originated from the chemicals used 

during clay separation, or the LiNO3 used as a background electrolyte. Regardless, a correction 

factor was applied to the batch P adsorption data and is described in more detail in section 

2.3.4. 
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Figure 2.7. Concentration of Al and Si in solution from clay dissolution experiments. 
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Figure 2.8. Concentration of Ca and Mg in solution from clay dissolution experiments. 
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Figure 2.9. Concentration of Fe and Na in solution from clay dissolution experiments. 
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Figure 2.10. Concentration of K in solution from clay dissolution experiments. 



 

60 
 

Figure 2.11. Concentration of P in solution from clay dissolution experiments. 

 

2.3.3 Potentiometric titrations 

2.3.3.1 Test titrations 

The boric and citric acid formation constants determined with FITEQL are reported in Table 2.5. 

They are consistent with values reported by the National Institute of Standards and Technology 

(NIST) (Martell and Smith 2004). The NIST values in Table 2.5 are recalculated to an ionic 

strength of 0.01 using the Davies equation for ease of comparison. The model produced by 

FITEQL fits both test acid titration data very well (Figure 2.12), with Vy values of 1.78 and 0.47 

for boric and citric acid respectively. Based on these results, the optimization procedure used in 

FITEQL was deemed appropriate and the titration equipment was functioning properly. 
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Table 2.5. Formation constants (βn) and goodness of fit values (Vy) for test acid 

potentiometric titrations. 

 Boric acid  Citric acid 

 logβ1 Vy  logβ1 logβ2 logβ3 Vy 

Thesis -9.14 1.78  -2.96 -7.54 -13.57 0.47 

NIST -9.15   -3.04 -7.62 -13.75  

 

 

 

Figure 2.12. Test acid titration data and FITEQL modelled fits. 

 

2.3.3.2 Clay mineral titrations 

The clay mineral titration data was used in FITEQL to determine the proton-binding constants, 

c int

1Ka  and c int

2Ka , electrolyte-binding constant, - +

c int

X .Li
K , and clay edge site density, [≡AlOH]T. 

Equations [2.15] and [2.16] are used in FITEQL to describe protonation and deprotonation 

reactions of the clay edge sites (≡AlOH0): 

0 +

2AlOH + H AlOH   [2.15] 

0AlOH AlO H     [2.16] 

Equation [2.17] is used in FITEQL to describe complexation of the background electrolyte, Li+, 

with the clay surface sites (≡X-): 

       X .H Li X .Li H  [2.17] 
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The conditional intrinsic equilibrium constants for these chemical reactions are described using 

equations [2.18] to [2.20]: 

+
c int 2

1 0 +

[ AlOH ]
K = exp

[ AlOH ]{H }

s
a

F

RT

  
   

 [2.18] 

+
c int

2 0

-[ AlO ]{H }
K = exp

[ AlOH ]

s
a

F

RT

  
   

 [2.19] 






- +

- + +
c int

- +X .Li

[ X .Li ]{H }
K =

[ X .H ]{Li }
 [2.20] 

where ψs is the electrical potential at the charged surface, F is the Faraday constant (96485.334 

C mol-1), R is the ideal gas constant (8.3145 J K-1 mol-1) and T is temperature (298.15 K). The 

-
exp sF

RT

 
 
 

 term exists because {H+} at the charged surface cannot be directly measured, 

therefore it is calculated using the Boltzmann equation (equation [2.21]): 

+

s b

-
{H } = {H } exp sF

RT

  
 
 

 [2.21] 

where {H+}s is the activity of protons at the charged surface, {H+}b is the activity of protons in the 

bulk solution and ψs, F, R and T are as previously described. The PZNPC is calculated using 

equation [2.22]: 

  c int c int

1 2
1 K K
2 a aPZNPC p p  [2.22] 

The clay edge site density is described in FITEQL using equation [2.23]: 

2

0 -

T[ AlOH]  = [ AlOH ] + [ AlOH ] + [ AlO ]     [2.23] 

The electrical charge at the surface is calculated with equation [2.24]: 

 + -

2[ AlOH ] [ AlO ]
s

s d

F

S S


  
  [2.24] 

where σs is the charge density of net proton charge, Ss is the specific surface area (m2 kg-1), Sd 

is the suspension density (kg L-1) and F is as previously described. In the CCM, the relationship 

between the charge density of net proton charge and the electrical potential at the surface is 

described by equation [2.25]: 
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s s   [2.25] 

where κ is the capacitance (Farad m-2); σs and ψs are as previously described. 

FITEQL requires that a chemical system be defined in terms of species and 

components. Species are all the soluble, adsorbed and solid chemical entities in a system; 

components are independent entities and cannot be the product of a reaction between other 

components (Evans et al. 2010). The components react to create species, and are also species 

themselves (Evans et al. 2010). FITEQL organizes a chemical problem into a tableau which 

consists of a matrix of user-defined species and components. The tableau used in FITEQL to 

describe the chemistry of the system is outlined in Table 2.6. Other inputs required by FITEQL 

include clay surface site density ([≡X-]T), clay edge site density ([≡AlOH]T), Ss, Sd, κ, all known 

logβ values and initial estimates for unknown logβ values. The surface site density was initially 

set to the value of the clay’s CEC at pH 4 as it is assumed that at this pH, the surface sites are 

the only source of negative charge contributing to cation exchange. The edge site density was 

initially set to 2.31 sites nm-1, as recommended by Davis and Kent (1990) for natural materials. 

Ss are reported in section 2.3.2.2 and the Sd for the clay titrations was 5.77 g L-1. The κ was 

initially set to 2.0 F m-2 and the initial estimates for the unknown logβ values were taken from 

results of a potentiometric titration on a Brookston clay reported in Gauthier (2011). The surface 

site density, edge site density and capacitance were treated as adjustable parameters and were 

altered to improve goodness of fit. 
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Table 2.6. Species-component tableau used in FITEQL to describe the clay mineral 

potentiometric titration chemistry. 

Components ≡AlOH0 

-
exp sF

RT

 
 
 

 
≡X-.H+ Li+ H+ logβ 

S
p

e
c

ie
s
 

1 ≡AlOH2
+ 1 1 0 0 1 8.17* 

2 ≡AlOH0 1 0 0 0 0 0.00 

3 ≡AlO- 1 -1 0 0 -1 -8.70* 

4 ≡X-.H+ 0 0 1 0 0 0.00 

5 ≡X-.Li+ 0 0 1 1 -1 -2.43* 

6 Li+ 0 0 0 1 0 0.00 

7 H+ 0 0 0 0 1 0.00 

8 OH- 0 0 0 0 -1 -13.91* 
* Initial estimates 

 

 

The FITEQL model output and fit to the titration data is shown in Figure 2.13. For each 

clay, the model under predicts the total H+ concentration under acidic conditions (pH ≤ 5) but fits 

to the rest of the data well. The input values and results from the FITEQL optimizations for the 

potentiometric clay titrations are reported in Table 2.7. The clay edge site densities are all within 

a reasonable range with Honeywood having the lowest value of 3.15 sites nm-2, Peel with 3.34 

sites nm-2, Bondhead-1 with 3.61 sites nm-2 and finally Bondhead-2 having the highest value of 

4.23 sites nm-2.  The surface site densities had a greater range of values with Peel having the 

lowest value of 1.52 sites nm-2, Bondhead-1 with 1.53 sites nm-2, Bondhead-2 with 2.12 sites 

nm-2 and Honeywood having the highest value of 2.79 sites nm-2. The capacitances were within 

0.45 F m-2 of each other, with Bondhead-2 having the highest value of 2.85 F m-2 and Peel 

having the lowest at 2.40 F m-2. The absolute values of the first and second conditional intrinsic 

equilibrium constants for clay edge site protonation ( c int

1log Ka ) and deprotonation ( c int

2log Ka ), and 

the corresponding PZNPC values are all fairly high, with Honeywood having the lowest absolute 

values with a c int

1log Ka equal to 9.30 and a c int

2log Ka  equal to -9.68. Bondhead-1 has the highest 

absolute values with a c int

1log Ka  equal to 10.56 and a c int

2log Ka  equal to -11.20 respectively. The  

conditional intrinsic equilibrium constants for the surface site complexing with the background 

electrolyte ( - +

c int

X .Li
K ) are all very close to the initial estimate of -2.43, with Honeywood having the 

lowest absolute value of -2.22 and Peel having the highest absolute value of -2.43. The 

goodness of fit values for Bondhead-1, Bondhead-2 and Peel were within the fitting criteria (Vy 
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= 0.1 to 20) set out by Westall (1982) and the value for Honeywood was slightly outside this 

range at 32.42. 

 

 

 
Figure 2.13. Clay mineral titration data and FITEQL modelled fits. 

 

 

 

Table 2.7. Input values and results from FITEQL optimizations on potentiometric clay 

titration data*. 

  
[≡AlOH]T 

(sites nm-2) 
[≡X-]T 

(sites nm-2) 
κ 

(F m-2) 
c int

1log Ka  c int

2log Ka  - +

c int

X .Li
K  Vy PZNPC 

Hw 3.15 2.79 2.80 9.30 -9.68 -2.22 32.42 9.49 

Bh-1 3.61 1.53 2.65 10.56 -11.20 -2.40 10.16 10.88 

Bh-2 4.23 2.12 2.85 10.41 -11.00 -2.24 16.06 10.70 

Pe 3.34 1.52 2.40 10.42 -11.12 -2.43 17.32 10.78 
* Hw, Honeywood; Bh-1, Bondhead-1; Bh-2, Bondhead-2; Pe, Peel 
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Input values and results for similar studies performed on illite or illite-containing soils at 

0.01 M ionic strength are summarized in Table 2.8. The clay edge site densities determined in 

this study are higher than values reported by all other studies except Barabash (2010); the 

surface site densities and capacitances are within the range reported by others. For the clays 

studied in this project, the edge site density consistently exceeds the surface site density which 

is in agreement with results reported for the Red soil (RS) studied in Gu et al. (2014) as well as 

Gauthier (2011), Barabash (2010) and Gu and Evans (2007). The PZNPC for the four clay 

samples were significantly higher than values reported by others. This result could be due to 

excess carbonates in the clay fraction as Na2CO3 was used to disperse the clay during 

separation therefore it is possible that the clay did not have a long enough dialysis period or was 

not subject to enough acid-washed to remove all the carbonate. A similar situation was 

encountered by Gauthier (2011) and in this case, a correction factor was applied to the data. 

However, in this study no correction factor was applied to the data because, contrary to 

Gauthier (2011), the output model from FITEQL fit the data very well (Figure 2.13). Also, this 

high PZNPC trend was observed in all four clays in this study, indicating that it is likely linked to 

geographical proximity. The goodness of fit values for Honeywood were lower than those 

reported for the Beverly (loamy phase) clay in Nowell (2016), Gauthier (2011) and Barabash 

(2010) and the goodness of fit values for Bondhead-1, Bondhead-2 and Peel were lower than 

those reported for Beverly (loamy phase) clay in Nowell (2016), Gauthier (2011), Barabash 

(2010), and Gu and Evans (2007). Therefore no corrections to the data were made and the 

values obtained from the potentiometric titrations on the clay fractions were used in the 

subsequent soil assemblage model. 
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Table 2.8. Select inputs values and results from FITEQL optimizations on illite or illite-

containing soils at 0.01 M ionic strength. 

  Nowell (2016) Gu et al. (2014) Gauthier (2011) 
Barabash 

(2010) 
Gu and Evans 

(2007) 

clay/soil 
type*: KC BC CS RS Bh Hr EC FI 

[≡AlOH]T 
(sites nm-2) 

 
0.89 2.31 1.02 0.85 3.14 2.56 5.63 1.37 

[≡X-]T 
(sites nm-2) 

 
2.38 3.32 1.45 0.76 2.10 1.07 3.38 0.78 

κ 
(F m-2) 

 
2.80 3.20 3.20 3.20 3.50 2.70 3.20 2.00 

c int

1log Ka
 

 
7.95 7.57 6.32 7.10 6.45 6.61 8.67 7.98 

c int

2log Ka  
 

-7.55 -7.84 -7.56 -7.85 -6.69 -7.23 -9.45 -8.65 

- +

c int

X .BE
log K  

 
-2.09 -1.39 2.00 2.76 -1.85 -1.64 -1.27 -1.57 

Vy 
 

4.00 53.10  --  -- 55.87 73.57 39.00 32.00 

PZNPC 
 

7.75 7.71 6.94 7.48 6.57 6.92 9.06 8.32 

Ss  
(m-2 g) 

 
54.20 39.80 19.82 34.41 53.64 77.49 48.10 66.80 

Sd  
(g L-1) 

 
6.00 6.00 3.90 3.90 6.00 6.00 -- 2.97 

†BE 
 

LiNO3 LiNO3 NaNO3 NaNO3 LiNO3 LiNO3 LiNO3 NaNO3 
* KC, Kelvin clay; BC, Beverly (loamy phase) clay; CS, Cinnamon soil (Alfisol); RS, Red soil (Ferrosol); 

Bh, Bondhead clay; Hr, Harriston clay; EC, Elora clay; FI, Fithian illite 

† BE, background electrolyte 

 

 

The distribution of clay edge and surface sites modelled with the CCM are shown in 

Figure 2.14. For the Honeywood sample, the protonated edge site (≡AlOH2
+) is dominant from 

pH 3 to 6 and the surface site complexed with the Li ion (≡X-.Li+) is dominant from pH 6 to 9. For 

the remaining three clays, the dominant species is ≡AlOH2
+ due to the high nature of the 

PZNPC for these clays. This positively charged edge site is responsible for adsorbing the 

negatively charged phosphate species (H2PO4
-, HPO4

2-, PO4
3-) and is available for complexation 

across the entire pH range (3 to 9) in each clay. 
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Figure 2.14. Distribution and amounts of clay edge and surface sites modelled with the 

CCM. 

 

 

2.3.4 Phosphate adsorption to clay minerals 

The batch P adsorption data was used in FITEQL to determine the P-binding constants for the 

clays. Prior to its input into FITEQL, a correction factor was applied to the batch P adsorption 

data: the total P added ([P]added) in equation [2.14] was equal to the average of the P in the three 

blanks ([Pavg]blanks) plus the highest concentration of P in solution in each clay dissolution 

experiment ([Pmax]dissolution). This correction factor was applied to account for the high residual P 

concentrations observed in the clay dissolution experiments. Table 2.9 outlines the values used 

to calculate P adsorption at each pH step for use in FITEQL. 
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Table 2.9. Correction factor applied to the batch P adsorption data prior to input into 
FITEQL. 

  
[Pavg]blanks 
(mg L-1) 

+ 
[Pmax]dissolution 

(mg L-1) 
= 

Total [P]added 

(mg L-1) 

Total [P]added* 

(mmol L-1) 

Honeywood 27.71  19.74  47.46 0.28 

Bondhead-1 39.95  32.06  72.01 0.42 

Bondhead-2 37.63  28.50  66.12 0.39 

Peel 31.67  19.01  50.68 0.30 

* FITEQL requires input values in mol L-1 

 

The concentration of P adsorbed to each clay and the maximum percent adsorption is 

presented in Figure 2.15. Adsorption decreases with increasing pH, with the highest amount of 

adsorption occurring at low pH. The maximum P adsorption capacity ([Pads]max) for Honeywood, 

Bondhead-1, Bondhead-2 and Peel are 1.45 mg P g-1, 2.04 mg P g-1, 1.83 mg P g-1 and 1.22 mg 

P g-1 respectively. These [Pads]max values are generally much higher than values reported in 

other studies that investigated P adsorption to clay minerals (Table 2.10). Gérard (2016) 

conducted a thorough review of the literature concerning P adsorption capacities for clay 

minerals and Fe/Al oxides and concluded that the origin of the discrepancies in P adsorption 

capacity is due to differences in Ss and the concentration of P added ([P]added) in each study. 

Gérard (2016) and Gimsing and Borggaard (2002) noted that there is a positive relationship 

between Ss and P adsorption capacity for clay minerals, which could explain the high [Pads]max in 

this study as the Ss measurements for the four clays were generally higher than those reported 

for kaolinite, montmorillonite and illite reference clay minerals (Table 2.10). In fact, the Ss are 

most similar to those reported for goethite (43.7 m2 g-1) and gibbsite (45.0 m2 g-1) in Manning 

and Goldberg (1996b) which both have P adsorption capacities of 1.60 mg P g-1, a value much 

closer to [Pads]max values obtained in this study. Gérard (2016) also found that the use of a 

higher [P]added increased the [Pads]max of all minerals. Therefore, it is possible that the P 

concentrations added in this study contributed to the high [Pads]max obtained for the clays. The 

[P]added in this study were closest to the 0.44 mmol L-1 used in Ioannou and Dimirkou (1997), 

who reported a P adsorption capacity of 1.40 mg P g-1 for kaolinite, again a value closer to 

[Pads]max values obtained in this study. The P adsorption trend obtained for the four clays are 

also similar to that obtained for kaolinite in Ioannou and Dimirkou (1997). However, this positive 

relationship between [P]added and P adsorption capacity is not consistent across all studies 

(Table 2.10), so it is likely that the [Pads]max values obtained in this study are attributed primarily 

to the high Ss of the four clays rather than the higher P loading used.  
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P adsorption to clays typically follow an ‘adsorption envelope’ trend whereby adsorption 

decreases under both acidic (pH < ~5) and alkaline (pH > ~8) conditions (Edzwald et al. 1976; 

He et al. 1997; Manning and Goldberg 1996a). However, the P adsorption trend for the clays in 

this study are more similar to those reported for Fe and Al oxides, whereby maximum 

adsorption is obtained at low pH and adsorption only decreases with increasing pH (He et al. 

1997; Ioannou and Dimirkou 1997; Manning and Goldberg 1996b; Violante and Pigna 2002). 

Therefore it is also possible that there are Fe and Al oxides present in the clay fraction which 

are contributing to the high [Pads]max values as these minerals were not removed during the pre-

treatment stage in order to preserve the clay. 

 

Figure 2.15. Adsorption envelopes (concentration of P adsorbed) for batch P adsorption 
experiments. 
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Table 2.10. Select P adsorption capacities and experimental conditions reported in P 
adsorption studies on clay minerals; adapted from Table 1 in Gérard (2016)*. 

  Clay mineral 
P ads. cap. 
(mg P g-1) 

Ss 
(m2 g-1) 

P loading 
(mmol L-1) 

I (M) 
& BE 

Wei et al. (2014) kaolinite 1.60 16.6 10 0.01 M KCl 

Gimsing and  
Borggaard (2002) 
  

kaolinite 0.19 12.0 0.24 0.1 M KCl 

kaolinite 0.33 22.0 0.30 0.1 M KCl 

montmorillonite 0.16 20.0 0.50 0.1 M KCl 

illite 0.23 43.0 0.50 0.1 M KCl 

Violante and 
Pigna (2002) 
  

kaolinite 0.47 9.1 10 0.05 M KCl 

montmorillonite 0.36 18.6 10 0.05 M KCl 

illite 0.26 24.2 10 0.05 M KCl 

He et al. (1997) kaolinite 0.18 23.6 0.10 0.01 M KCl 

Ioannou and 
Dimirkou (1997) kaolinite 1.40 12.1 0.44 0.1 M KCl 

Manning and 
Goldberg (1996a) 
  

kaolinite 0.07 9.1 0.00067 0.1 M NaCl 

montmorillonite 0.03 18.6 0.00067 0.1 M NaCl 

illite 0.03 24.2 0.00067 0.1 M NaCl 

He et al. (1994) kaolinite 0.21 44.0 0.97 0.02 M KCl 

Chen et al. (1973) kaolinite 0.12 10.7 0.09 0.01 M NaCl 
* P ads. cap., P adsorption capacity; I, ionic strength; BE, background electrolyte 

 

The batch P adsorption data was used in FITEQL to determine the P-binding constants 

( c int

P1K , c int

P2K  and c int

P3K ). Equations [2.26] to [2.28] are used in FITEQL to describe phosphoric 

acid dissociation: 

+ 3- 2-

4 4H +PO HPO  [2.26] 

+ 3- -

4 2 42H +PO H PO  [2.27] 

+ 3- 0

4 3 43H +PO H PO  [2.28] 

In addition to pH and the concentration of P adsorbed for each pH step, inputs into FITEQL also 

include clay surface site density ([≡X-]T) from section 2.3.3.2, clay edge site density ([≡AlOH]T), 

Ss, Sd, κ, all known logβ values and initial estimates for unknown logβ values. The surface site 

density value that gave the best fit for the potentiometric titration optimizations (reported in 

section 2.3.3.2) was used. The edge site density was initially set to the maximum concentration 

of adsorbed P obtained in each batch P experiment, as was done in Goldberg (2010). Ss are 

reported in section 2.3.2.2 and the Sd for the batch P adsorption experiments was 5.85 g L-1. 

The κ was set at 2.0 F m-2 and the initial estimates for the unknown P-binding constants were 
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set as values reported by Manning and Goldberg (1996a) for P adsorption to illite. The surface 

site density was treated as an adjustable parameter and was altered to improve goodness of fit. 

 Monodentate and bidentate adsorption were both considered and tested for 

convergence separately. The species-component matrices used in FITEQL to describe both 

monodentate and bidentate P adsorption to clays are outlined in Table 2.11 and 2.12 

respectively. Equations [2.29] to [2.31] are used in FITEQL to describe monodentate P 

adsorption onto clay edge sites: 

0 3- + 0

4 2 4 2AlOH +PO +3H AlH PO +H O   [2.29] 

0 3- + -

4 4 2AlOH +PO +2H AlHPO +H O   [2.30] 

0 3- + 2-

4 4 2AlOH +PO +H AlPO +H O   [2.31] 

The conditional intrinsic equilibrium constants for these chemical reactions are described using 

equations [2.32] to [2.34]: 

0
c int 2 4

P1M 0 3- + 3

4

[ AlH PO ]
K =

[ AlOH ][PO ]{H }




 [2.32] 

c int 4
P2M 0 3- + 2

4

-[ AlHPO ]
K = exp

[ AlOH ][PO ]{H }

sF

RT

  
   

 [2.33] 

2
c int 4

P3M 0 3- +

4

-2[ AlPO ]
K = exp

[ AlOH ][PO ]{H }

sF

RT

  
   

 [2.34] 

 

Equations [2.35] and [2.36] are used in FITEQL to describe bidentate P adsorption onto clay 

edge sites: 

0 3- + 0

4 2 4 22 AlOH +PO +3H Al HPO +2H O   [2.35] 

0 3- + -

4 2 4 22 AlOH +PO +2H Al PO +2H O   [2.36] 

The conditional intrinsic equilibrium constants for these chemical reactions are described using 

equations [2.37] and [2.38]: 

0
c int 2 4

P1B 0 2 3- + 3

4

[ Al HPO ]
K =

[ AlOH ] [PO ]{H }




 [2.37] 

 
c int 2 4

P2B 0 2 3- + 2

4

1-[ Al PO ] 2K = exp
[ AlOH ] [PO ]{H }

sF

RT

  
  

   
 

 [2.38] 
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Table 2.11. Species-component tableau used in FITEQL to describe monodentate 
adsorption of P onto clay edge sites. 

Components ≡AlOH0 

-
exp sF

RT

 
 
 

 
≡X-.H+ PO4

3- Li+ PO4
3-

[ads] H+ logβ 

S
p

e
c

ie
s

 

1 ≡AlOH2
+ 1 1 0 0 0 0 1 9.30† 

2 ≡AlOH0 1 0 0 0 0 0 0 0.00 

3 ≡AlO- 1 -1 0 0 0 0 -1 -9.68† 

4 ≡AlH2PO4
0 1 0 0 1 0 1 3 28.74* 

5 ≡AlHPO4
- 1 -1 0 1 0 1 2 23.82* 

6 ≡AlPO4
2- 1 -2 0 1 0 1 1 14.46* 

7 ≡X-.H+ 0 0 1 0 0 0 0 0.00 

8 ≡X-.Li+ 0 0 1 0 1 0 -1 -2.22 

9 Li+ 0 0 0 0 1 0 0 0.00 

10 PO4
3- 0 0 0 1 0 0 0 0.00 

11 HPO4
2- 0 0 0 1 0 0 1 12.65 

12 H2PO4
- 0 0 0 1 0 0 2 20.02 

13 H3PO4
0 0 0 0 1 0 0 3 22.26 

14 H+ 0 0 0 0 0 0 1 0.00 

15 OH- 0 0 0 0 0 0 -1 13.91 

† Example values used for Honeywood optimizations 

* Initial estimates 
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Table 2.12. Species-component tableau used in FITEQL to describe bidentate adsorption 
of P onto clay edge sites. 

Components ≡AlOH0 

-
exp sF

RT

 
 
 

 
≡X-.H+ PO4

3- Li+ PO4
3-

[ads] H+ logβ 

S
p

e
c

ie
s

 

1 ≡AlOH2
+ 1 1 0 0 0 0 1 10.56† 

2 ≡AlOH0 1 0 0 0 0 0 0 0.00 

3 ≡AlO- 1 -1 0 0 0 0 -1 -11.20† 

4 ≡AlHPO4
- 2 0 0 1 0 1 3 28.74* 

5 ≡AlPO4
2- 2 -0.5 0 1 0 1 2 23.82* 

6 ≡X-.H+ 0 0 1 0 0 0 0 0.00 

7 ≡X-.Li+ 0 0 1 0 1 0 -1 -2.40† 

8 Li+ 0 0 0 0 1 0 0 0.00 

9 PO4
3- 0 0 0 1 0 0 0 0.00 

10 HPO4
2- 0 0 0 1 0 0 1 12.65 

11 H2PO4
- 0 0 0 1 0 0 2 20.02 

12 H3PO4
0 0 0 0 1 0 0 3 22.26 

13 H+ 0 0 0 0 0 0 1 0.00 

14 OH- 0 0 0 0 0 0 -1 13.91 
† Example values used for Bondhead-1 optimizations 
* Initial estimates 
 
 

 Each clay sample converged for both monodentate and bidentate P adsorption. FITEQL 

model output and fit to the batch P adsorption experiment data is shown in Figures 2.16 to 2.19. 

Generally, the model slightly under predicts P adsorption at low pH but fits the rest of the data 

well. The inputs values and results from the FITEQL optimizations for the P-binding constants 

are reported in Table 2.13. The clay edge site densities obtained from the batch P adsorption 

optimizations are lower than those obtained from the clay titrations, similar to Nowell (2016) 

(Table 2.13). Additionally, the edge site densities obtained from the monodentate optimizations 

are lowers than those obtained from the bidentate optimizations. For both monodentate and 

bidentate optimizations Peel clay had the lowest edge site density (0.46 sites nm-2 for 

monodentate, 0.59 sites nm-2 for bidentate), then Honeywood, then Bondhead-1 and finally 

Bondhead-2 with the highest edge site density (0.87 sites nm-2 for monodentate, 1.09 sites nm-2 

for bidentate). The clay edge site density value that gave the best fit for each clay was 

consistently higher than the value for the maximum P adsorption that was used as an initial 

estimate. In the monodentate optimizations for all clays, the c int

P1log K  values are higher than the 

initial estimate of 28.74. The c int

P2log K  and c int

P3log K  values are consistent with the initial 

estimates of 23.82 and 14.46 respectively. In the bidentate optimizations for all clays, the 
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c int

P1log K  and c int

P2log K  values are both higher than the initial estimates. Honeywood clay is the 

only sample that has a perfect fit as bidentate P adsorption (Vy = 1) whereas Bondhead-1, 

Bondhead-2 and Peel all have better fits as monodentate adsorption. The goodness of fit values 

for bidentate adsorption for Bondhead-2 and Peel clay are the only ones not within the fitting 

criteria (Vy = 0.1 to 20) set out by Westall (1982). 

 

Table 2.13. Input values and results from FITEQL optimizations on batch P adsorption 
experiment data*. 

    

[≡AlOH]T 
(sites 
nm-2) 

[≡X-]T 
(sites 
nm-2) 

[P]added 
(mmol L-1) 

κ 
(F m-2) 

c int

P1log K  c int

P2log K  c int

P3log K  Vy 

M
o
n
o

d
e

n
ta

te
 

Hw 0.68 2.79 0.28 0.20 32.07 22.97 14.18 5.31 

Bh-1 0.83 1.53 0.42 0.20 33.23 25.68 15.55 13.12 

Bh-2 0.87 2.12 0.39 0.20 32.72 24.14 14.28 11.94 

Pe 0.46 1.52 0.30 0.20 32.83 23.99 14.02 5.03 

         

B
id

e
n
ta

te
 

Hw 0.94 2.79 0.28 0.20 35.46 27.47 - 1.00 

Bh-1 0.96 1.53 0.42 0.20 36.98 29.46 - 15.52 

Bh-2 1.09 2.12 0.39 0.20 35.89 28.31 - 34.10 

Pe 0.59 1.52 0.30 0.20 36.40 28.28 - 40.06 
* Hw, Honeywood; Bh-1, Bondhead-1; Bh-2, Bondhead-2; Pe, Peel 

 

 

Figure 2.16. Batch P adsorption data and FITEQL modelled fits for both monodentate and 
bidentate adsorption to Honeywood clay. 

 



 

76 
 

Figure 2.17. Batch P adsorption data and FITEQL modelled fits for both monodentate and 
bidentate adsorption to Bondhead-1 clay. 

 

Figure 2.18. Batch P adsorption data and FITEQL modelled fits for both monodentate and 
bidentate adsorption to Bondhead-2 clay. 
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Figure 2.19. Batch P adsorption data and FITEQL modelled fits for both monodentate and 
bidentate adsorption to Peel clay. 

 

There is a vast amount of direct spectroscopic evidence of P preferentially forming 

bidentate complexes with various crystalline (Luengo et al. 2006; Parfitt and Atkinson 1976 

Tejedor-Tejedor and Anderson 1990; Zach-Maor et al. 2011) and amorphous Fe/Al oxides 

(Wang et al. 2013; Wang et al. 2015). It has been repeatedly noted that at low pH, P is 

adsorbed via protonated bidentate complexes (≡Al2HPO4
0) and at higher pH P adsorption is by 

deprotonated bidentate complexes (≡Al2PO4
-) (Arai and Sparks 2001; Manning and Goldberg 

1996b; Wang et al. 2013). There is also some evidence that at high P loading concentrations 

and high mineral surface coverage, these Fe/Al oxides preferentially form bidentate complexes 

with P (Arai and Sparks 2001; Tejedor-Tejedor and Anderson 1990). However, unlike Fe/Al 

oxides, there is a severe lack of direct spectroscopic evidence for P adsorption mechanisms to 

clay minerals, particularly for preferential bidentate complexation. 

Manning and Goldberg (1996a) studied P adsorption to clay minerals using the CCM 

and did not consider bidentate complexation due to the lack of evidence supporting it. 

Additionally, Nowell (2016) and Gauthier (2011) only reported values obtained for monodentate 

P adsorption to southern Ontario clay minerals. In this study, bidentate P adsorption to the 

Honeywood clay resulted in a better fit to the data; however, the goodness of fit parameter 

obtained in the monodentate optimization (Vy = 5.03) is very low compared to others and well 

within the fitting criteria set out by Westall (1982). Therefore, due to the lack of spectroscopic 

evidence of P adsorption mechanisms to clay minerals, bidentate adsorption was not 

considered to be predominant in this study and only values obtained in monodentate 

optimizations for all four clays were used in the subsequent soil assemblage model. The 
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goodness of fit values for monodentate optimizations for Bondhead-1, Bondhead-2 and Peel 

clay were also within the fitting criteria set out by Westall (1982). 

Input values and results for monodentate P adsorption studies on clay minerals are 

summarized in Table 2.14. The clay edge site densities determined in this study are higher than 

values reported by all others, possibly due to the high maximum adsorption percentages 

attained. The surface site densities are most similar to the Bondhead clay studied by Nowell 

(2016) but lower than the value for Kelvin clay. Contrary to the potentiometric titration 

optimizations, the surface site density obtained for each clay in this study consistently exceeds 

the edge site density; this is in agreement with results reported by Nowell (2016). The c int

P1log K  

values are slightly higher than the range reported by others but most similar to the value 

reported for the Bondhead clay in Gauthier (2011). The c int

P2log K  values are consistent with 

values reported by others. The c int

P3log K  values are in the lower end of the range reported by 

others, and most similar to values reported for kaolinite and illite in Manning and Goldberg 

(1996a). The goodness of fit values for Honeywood and Peel optimizations are within the range 

reported by others, whereas Bondhead-1 and Bondhead-2 are slightly higher.  
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Table 2.14. Select inputs values and results from monodentate P adsorption FITEQL 

optimizations on clay minerals. 

 Nowell (2016) Gauthier (2011) 
Manning and Goldberg 

(1996a) 

clay/soil 
type*: KC BC Bh Hr KGa-1 IMt-2 

[≡AlOH]T 
(sites nm-2) 0.25 0.30 0.37 0.40 0.16 0.03 

[≡X-]T 
(sites nm-2) 2.38 3.32 - - - - 

κ 
(F m-2) 0.20 0.20 0.20 0.20 1.06 1.06 

c int

P1log K  30.19 31.34 32.69 30.45 31.04 28.74 

c int

P2log K  23.51 25.41 26.80 23.48 24.10 23.82 

c int

P3log K  15.98 17.98 20.69 19.24 15.56 14.46 

Vy 2.20 8.10 1.51 2.24 5.27 10.10 

Ss  
(m-2 g) 54.2 39.8 53.6 77.5 9.1 24.2 

Sd  
(g L-1) 7.7 7.7 5.8 5.8 2.5 2.5 

†I (M) 
& BE 

0.01 M 
LiNO3 

0.01 M 
LiNO3 

0.01 M 
LiNO3 

0.01 M 
LiNO3 

0.1M  
NaCl 

0.1 M  
NaCl 

* KC, Kelvin clay; BC, Beverly (loamy phase) clay; Bh, Bondhead clay; Hr, Harriston clay; KGa-1, Georgia 

kaolinite; IMt-2, Montana illite 

† I, ionic strength; BE, background electrolyte 

 

The relative proportion of adsorbed P species in a pH range of 3 to 9 is shown in Figure 

2.20. For each clay, the predominant adsorbed species is ≡AlH2PO4
0. This is especially true for 

Honeywood clay, as ≡AlHPO4
- and ≡AlPO4

2- contribute very little to overall P adsorption 

compared to the other clays. The first deprotonated species, ≡AlHPO4
-, is adsorbed to 

Bondhead-1 clay in relatively high concentrations; however, it only contributes to around 35% of 

the total P adsorption for Bondhead-2 and Peel clay. The second deprotonated species, 

≡AlPO4
2-, contributes very little to P adsorption and only increases under very alkaline 

conditions. Similar trends were reported by Nowell (2016) and Gauthier (2011). The differences 

in the amounts of adsorbed P species are due to differences in the surface acidity properties of 

the four clays (Table 2.7 and Figure 2.14). 
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Figure 2.20. Distribution and amounts of adsorbed P species on clay edge sites modelled 
with the CCM. 

 

2.4 Conclusions 

This chapter investigated P adsorption behaviour to the clays of the Maskinonge watershed. 

Four soil samples were taken to represent the clay mineralogy of the region. The clay fraction 

was separated out, purified and lyophilized for use in further experiments. X-ray diffraction 

experiments determined that the primary clay minerals present in the samples were chlorite, 

clay mica (illite) and vermiculite with HIV only occurring in the Honeywood, Bondhead-1 and 

Bondhead-2 clays and low-charge vermiculite only present in the Peel clay fraction. Specific 

surface area analyses were conducted which supported these results. Clay dissolution 

experiments confirmed that clays were not dissolving under experimental conditions; these 

experiments also revealed concentrations of residual P that were used to adjust the batch P 

adsorption data. Potentiometric titration data were used in FITEQL which employed to CCM to 

determine the proton-binding constants of the clays; binding-constants were found to be similar 
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to one another but relatively high in magnitude compared to values in the literature. Batch P 

adsorption experiment results showed that the P adsorption envelope of these clays were more 

similar to curves reported for Fe/Al oxides. Using the CCM, FITEQL was able to determine the 

P-binding constants of clays and good fits were obtained for both monodentate and bidentate 

adsorption optimizations. However, the P-binding constants obtained with monodentate 

optimizations were comparable to those found in the literature, therefore it was assumed to be 

the primary adsorption configuration of P in this study. The proton- and P-binding constants are 

used to develop the soil assemblage model in Chapter four. 
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CHAPTER THREE 

Phosphate adsorption to goethite 

3.1 Introduction 

The metal oxide, hydroxide, oxyhydroxide or hydrous oxide (hereafter referred to as oxide) 

minerals found in soils are the products of weathering and have important chemical 

characteristics that influence ion adsorption (Sparks 2003). These reactive minerals have high 

specific surface areas and exist as crystalline and amorphous phases; since they are often 

associated with or derived from phyllosilicate minerals, they can also form coatings on the clay 

layers, altering their adsorption behaviours (Brady and Weil 2010; Essington 2004). The 

common oxide metal cations are Al and Fe, though Si, manganese (Mn), chromium (Cr), nickel 

and zinc can also be found within the oxide structure (Sparks 2003). The most common Al oxide 

is gibbsite (Al(OH)3(s)) which is found in highly weathered soils and volcanic ash whereas 

goethite (α-FeOOH(s)) is the most abundant Fe oxide (Essington 2004; Sparks 2003). Goethite 

occurs in all soils but is the predominant Fe oxide in temperate climates such as southern 

Ontario (Essington 2004; Schwertmann and Taylor 1990). Additionally, there is an extensive 

amount of literature concerning surface and adsorption properties of goethite, particularly with 

regards to P (Antelo et al. 2005; Gérard 2016; Hongshao and Stanforth 2001). It was for these 

reasons that goethite was chosen as the representative oxide mineral for the soil assemblage 

model. 

 The basic structural unit of goethite is an octahedron, with Fe ions (Fe3+) surrounded by 

six Os and OHs (Essington 2004). It is known as an α-phase Fe oxide, meaning that the anions 

in it structure have a hexagonal close packing arrangement creating a very stable mineral 

(Schwertmann and Taylor 1990; Sparks 2003). The mineral structure consists of parallel double 

chains of edge-sharing Fe octahedral that are bonded to adjacent chains by sharing corners 

and H-bonding, creating needle-like crystals with very high surface areas (Essington 2004; 

Rakovan et al. 1999; Schwertmann and Taylor 1990). Despite its low absolute abundance in 

soils (only 1 – 5% soil weight), it can account for up to 50 – 70% of the total surface area of the 

soil (Schwertmann and Taylor 1990). Goethite can undergo isomorphous substitution whereby 

Fe ions (Fe3+) are replaced by Mn ions (Mn3+), Cr ions (Cr3+), or most commonly, Al ions (Al3+) 

(Essington 2004; Sparks 2003). However, unlike in the phyllosilicate minerals, this process 

rarely results in a net structural charge and thus goethite does not possess negatively charged 

surface sites (≡X-) (Brady and Weil 2010; Essington 2004; Sparks 2003).  
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Goethite does have a pH-dependent charge, though it is exhibited by hydroxylated 

functional groups on the surfaces of the oxide mineral structure (Essington 2004; Schwertmann 

and Taylor 1990; Sparks 2003). The protonation and deprotonation reactions can be described 

by equation [3.1] and [3.2]: 

 0 +

2FeOH H FeOH  [3.1] 

 0 +FeOH FeO +H   [3.2] 

Goethite has four types of functional groups, three of which differ with respect to their 

coordination of O and Fe(III) ions within the FeOH unit (Essington 2004). The doubly- and triply-

coordinated groups (O coordinated with two or three Fe(III) ions) are thought to be generally 

inert and unreactive (Sparks 2003). The singly-coordinated group is amphoteric, hence it can 

undergo both protonation (equation [3.1]) and deprotonation (equation [3.2]) reactions and is 

responsible for anion adsorption (Essington 2004; Sposito 1984). The final functional group is a 

water molecule specifically adsorbed to a single Fe(III) ion that can only deprotonate, thus it is 

unable to adsorb anions (Sparks 2003). The PZNPC of goethite is typically higher than clay 

minerals and has been reported in the range of 9.0 – 9.3 for pure, uncontaminated goethite 

(Lumsdon and Evans 1994). Due to this high PZNPC, goethite has an essential role in 

adsorbing anions from the soil solution as its positively charged surface sites are predominant in 

the pH range of most soils (Arai and Sparks 2007). Therefore, the reactivity of goethite in soils is 

due to three factors: types of functional groups, pH and specific surface area (Essington 2004). 

The ligand exchange mechanism of P adsorption to the singly-coordinated surface sites 

of goethite is well-established in the literature (Schwertmann and Taylor 1990; Sparks 2003). 

However, similar to clay minerals, there is no consensus on the configuration of the resulting 

surface complex since there is spectroscopic evidence of the formation of both monodentate 

(Persson et al. 1996) and bidentate surface complexes (Tejedor-Tejedor and Anderson 1990). 

Regardless of configuration, the background electrolyte does not compete for adsorption sites 

and is not thought to influence the P adsorption capacity of goethite.  

The remainder of this chapter aggregates relevant proton- and P-binding constants for 

goethite from the literature. These constants, along with other necessary experimental 

parameters, will be used in the soil assemblage model (Chapter four). Important criteria is set in 

place to ensure the consistency and robustness of the model. Values from studies that meet 
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these conditions are summarized and their methods and outputs compared. Finally, a set of 

values is chosen and the basis of its selection is explained in detail. 

 

3.2 Aggregating binding constants from the literature 

Unlike clay minerals, the surface acidity and P-binding properties of goethite have been the 

focus of many studies (e.g. Borggaard (1985), Gao and Mucci (2001), Goldberg and Sposito 

(1985), Ioannou et al. (2013), Nilsson et al. (1996), Nowack and Stone (2006) and others 

mentioned in Gérard (2016) and Kosmulski et al. (2004)). Not only is this due to the widespread 

occurrence of goethite in soils, but also its ease of laboratory synthesis (Gao and Mucci 2001; 

Kosmulski et al. 2004). The concept that the P-binding capability of goethite exceeds that of clay 

minerals, whether or not this is empirically true, has also encouraged its use in P adsorption 

studies in the last twenty years (Gérard 2016). Therefore, a literature review of relevant P 

adsorption studies was conducted to aggregate proton- and P-binding constants for goethite to 

be used in the soil assemblage model.  

Only studies that applied the CCM to surface complexation were considered because 

the differences in fundamental assumptions of the various SCMs produce results that are not 

applicable to other models (Goldberg 1992). Additionally, only studies that reported both proton- 

and P-binding constants used in the authors’ optimizations were considered for the sake of 

consistency (Goldberg and Sposito 1985). Although there are numerous studies that report on 

the surface acidity characteristics of goethite such as Antelo et al. (2005), Barabash (2010), 

Borggaard (1983), Geelhoed et al. (1997), Lovgren et al. (1990), and others referenced in 

Lumsdon and Evans (1994), these values should not necessarily be used in conjunction with P-

binding constants obtained in other studies. The primary reason for this is that goethite 

minerals, whether synthesized or natural, used in two different studies are likely not chemically 

or structurally identical even if the same method is followed (Kosmulski et al. 2004; Prélot et al. 

2003). Also, the predictive ability of the soil assemblage model depends on internally consistent 

data, therefore proton- and P-binding constants from the same study, and ideally the same 

mineral, would enhance model performance. Furthermore, studies that reported bidentate P-

binding constants were excluded in order to remain consistent with P adsorption configurations 

to clay minerals (refer to section 2.3.4). There is evidence that goethite preferentially adsorbs P 

in a monodentate configuration thus, this exclusion was thought to be reasonable (Persson et 

al. 1996). Lumsdson and Evans (1994) proposed a range of optimal CCM parameters to 
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describe the surface acidity characteristics of goethite (refer to Table 3 in Lumsdon and Evans 

(1994)). These recommendations were taken into account when selecting a set of values. 

Binding constants and other experimental parameters from studies that met the aforementioned 

conditions are reported in Table 3.1. 

 

Table 3.1. Select proton- and P-binding constants and experimental values for 
monodentate P adsorption to goethite modelled with the CCM. 

 
Gauthier 

(2011) 
Nowack and 
Stone (2006) 

Manning and 
Goldberg 
(1996b) 

Nilsson 
et al. 

(1996) 

Goldberg 
and Sposito 

(1985)∂ 

Gao and 
Mucci 
(2001) 

[≡FeOH]T 
(sites nm-2) 1.87 1.70a 2.31 1.68 4.15 1.80 
†κ 
(F m-2) 1.80 1.28a 1.06 1.28a 1.06 1.86 

c int

1log Ka  7.33 7.47a 7.52b 7.47a 6.40 7.45 

c int

2log Ka  -10.53 -9.51a -10.60b -9.51a -9.25 -9.60 

PZNPC 8.93 8.49 9.06 8.49 7.83 8.53 
c int

P1log K  31.05 31.64 28.49 31.13 32.80 30.50 
c int

P2log K  25.44 25.68 23.84 26.38 29.51 25.86 
c int

P3log K  19.12 18.86 18.24 20.61 25.20 18.73 

Vy 0.94 - - 
116 - 0.89 

Ss  
(m2 g) 92.5 47.6c 43.1 43.0 29 27.7 
†Sd  
(g L-1) 1.0 0.4 2.5 10.0 

- 
10.0 

‡I (M) & BE 
0.01 M 
LiNO3 

0.01 M 
 NaNO3 

0.1 M 
NaCl 

0.1 M 
NaNO3 

0.1 M 
NaClO4 

0.7 M 
NaCl 

∂ Data from Sigg and Stumm (1981) was used 
† Values reported for P-binding constant determination 
‡ I, ionic strength; BE, background electrolyte 
a Value taken from Lovgren et al. (1990) 
b Value taken from Lumsdon and Evans (1994) 
c Value taken from Coughlin and Stone (1995) 
 
 

The aforementioned stipulations excluded some seemingly relevant studies from the 

review for various reasons. Ioannou et al. (2013) conducted a recent adsorption study that 

reported P-binding constants to goethite; however it was not included as it only stated the point 

of zero charge and not the proton-binding constants of the goethite under study. Goldberg and 

Sposito (1985) reported proton- and P-binding constants for a variety of Fe/Al oxides but the 
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only goethite mineral that appeared in both databases was that used by Sigg and Stumm 

(1981), thus it is included in the present review. In addition to the information included in Table 

3.1, Manning and Goldberg (1996b) also reported binding constants and experimental values 

for a two-site approach whereby P adsorbs in a bidentate configuration on one site and 

monodentate on the other. However, to remain consistent with clay adsorption properties only 

the values reported for the one-site (monodentate) approach were considered. 

 The surface site densities reported in Table 3.1 are all reasonably close to Davis and 

Kent’s (1990) recommended value of 2.31 sites nm-2, with the exception of Goldberg and 

Sposito’s (1985) value of 4.51 sites nm-2 which is significantly higher than the others. Manning 

and Goldberg (1996b) used Davis and Kent’s (1990) recommended site density of 2.31 sites 

nm-2 as a non-adjustable parameter. While none of the capacitance values reported were as low 

as Lumsdon and Evans’ (1994) recommendations of 0.4, 0.6 or 0.8 F m-2 for ionic strengths of 

0.001, 0.01 and 0.1 M respectively, they all fell within Hayes et al.’s (1991) recommended range 

of 0.1 to 2.0 F m-2. 

 Lumsdon and Evans (1994) recommended goethite PZNPC values of 9.044 ± 0.01 and 

9.052 ± 0.025  for site densities and ionic strengths similar to those reported in Table 3.1. The 

proton-binding constants and associated PZNPC used in Nowack and Stone (2006) and Nilsson 

et al. (1996) were taken from Lovgren et al. (1990), and are slightly lower than these 

suggestions. A similar comparison can be made with Goldberg and Sposito (1985) PZNPC of 

7.83 and Gao and Mucci’s (2001) value of 8.53 as they fall even farther below the 

recommended ranges. Gauthier’s (2011) experimentally determined PZNPC is very close to the 

suggested values whereas Manning and Goldberg’s (1996b) proton-binding constants were 

taken directly from Lumsdon and Evans (1994) and are therefore optimal. 

 Although there are no P-binding constants recommended specifically for modelling P 

adsorption to goethite using the CCM, Dzombak and Morel (1990) reported average P-binding 

constants to hydrous ferric oxide of 31.29, 25.39 and 17.72 using the DLM. The P-binding 

constants in Table 3.1 are reasonably close to Dzombak and Morel’s (1990) values, again with 

the exception of Goldberg and Sposito (1985), whose 
c int

P2log K  and 
c int

P3log K  values are 

significantly higher. The Sss are within Essington’s (2004) range of 6 – 115 m2 g-1 for synthetic 

goethite, though it should be noted that the method of synthesis greatly influences the Ss of the 

resulting mineral (Kosmulski et al. 2004; Torrent et al. 1992). The Sds reported by the reviewed 

authors are quite different though they are not thought to impact the results because the CCM 



 

87 
 

takes into account Sd, Ss and site density when calculating binding constants (Goldberg 1992). 

Only three of the reviewed studies reported goodness of fit parameters, with Nilsson et al. 

(1996) having a poor fit and Gauthier (2011) and Gao and Mucci (2001) having close to perfect 

fits according to Westall’s (1982) fitting criteria. 

 Although many of the parameters in Table 3.1 were reasonably close to 

recommendations, selecting a set of values to be used in the soil assemblage model required 

careful analysis of experimental conditions. Ionic strength has been shown to influence P 

adsorption to goethite (Antelo et al. 2005; Gao and Mucci 2001), therefore parameters 

determined at 0.01 M ionic strength were preferable in order to remain consistent with other 

experiments in this study, particularly batch P adsorption experiments to clay. Additionally, 

studies that reported goodness of fit values were favoured as these provided a level of 

confidence in the model output (i.e. P-binding constants). Therefore, upon assessing the 

datasets in Table 3.1, parameters reported by Gauthier (2011) were selected for use in the soil 

assemblage model. The ionic strength and background electrolyte used in Gauthier (2011) are 

identical to this study and although the Ss reported is higher than the others, it is within 

Essington’s (2004) range of 6 to 115 m2 g-1 for synthetic goethite. Additionally, Gauthier’s (2011) 

data are internally consistent and the goodness of fit value indicates an almost perfect fit. 

 

3.3 Conclusions 

This chapter reviewed pertinent literature on P adsorption to goethite. Only studies that 

modelled monodentate surface complexation using the CCM were considered. Six studies met 

the initial conditions and their methods and outputs were analyzed in order to select an 

appropriate set of values to be used in the soil assemblage model. Experimental conditions and 

goodness of fit were considered to be importance criteria to select a set of values from the six 

reviewed studies. Gauthier’s (2011) set of values was chosen to be used in the soil assemblage 

model based on similarities in ionic strength and a nearly perfect model fit. 
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CHAPTER FOUR 

Soil assemblage model development 

4.1 Introduction 

Modelling soil chemical processes is an area of active research due to increasing environmental 

concerns, particularly with respect to toxic element contamination and nutrient pollution (Evans 

et al. 2010; Bassett and Melchior 1988). A model is a simplified version of a natural system; 

thus a model that seeks to represent soil P chemical processes should strike a balance between 

making the required approximations to describe a heterogeneous system, while remaining as 

chemically accurate as possible (Goldberg 1992, 2014). Surface complexation models provide a 

mechanistic consideration of P adsorption on colloid surfaces; however, to comprehensively 

model P soil chemistry a consideration of aqueous speciation is also necessary (Evans et al. 

2010; Goldberg 1995).  

Aqueous speciation is the distribution of soluble elements and compounds in the soil 

solution. Many important chemical reactions that influence the fate and behaviour of P are 

mediated in the soil solution such as hydration-hydrolysis, acid-base, oxidation-reduction, 

precipitation-dissolution and adsorption-desorption reactions (Essington 2004). At equilibrium, 

the stability constants of soluble species can be calculated using the Law of Mass Action 

(Essington 2004). Aqueous speciation reactions are influenced by pH, temperature, redox 

potential, ionic strength and pressure, thus stability constants are typically reported at 298 K 

(25C) and zero ionic strength (Essington 2004; Martell and Smith 2004). These stability 

constants are incorporated into many chemical equilibrium models to account for aqueous 

speciation in the system of interest (Evans et al. 2010). 

Some chemical equilibrium models such as MINTEQA2, PHREEQC, WHAM and 

CHEAQS incorporate both aqueous speciation and surface complexation though they differ in 

their considerations of the amount and types adsorbing phases, as well as the SCMs they 

contain (Evans et al. 2010). Though these models are capable of solving chemical equilibrium 

problems in ideal systems, their applicability to whole soils is limited (Evans et al. 2010; 

Goldberg 1995). This is primarily due to the scarcity of complexation constants that describe P 

adsorption, and the specificity of these constants to the adsorbent (Goldberg 1995, 2014). 

Additionally, although there are a number of studies that report P-binding constants to pure 

minerals such as kaolinite, illite, montmorillonite or synthetic goethite (Gérard 2016 and 

references therein), the clay fraction of soils contain a suite of clay minerals that are specific to a 
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particular area (Evans et al. 2010). Therefore, in order to predict soluble P losses (and therefore 

‘P risk’) from agricultural soils of the Maskinonge watershed, it is necessary to consider both the 

aqueous forms of P as well as the site-specific nature and quantity of the adsorbing phases and, 

ideally, the incorporation of experimentally-determined P-binding constants for the adsorbents. 

 Two approaches are used when modelling adsorption processes on heterogeneous 

systems such as soils: generalized composite and component additivity (Goldberg 2014). The 

generalized composite approach is the simpler of the two whereby the whole soil is treated as a 

single generalized functional group available for adsorption (Goldberg and Crescenti 2008). As 

a result, complexation constants obtained using this approach cannot be extrapolated or applied 

to other soils and are only valid under the experimental conditions from which they were 

determined (Goldberg 2014). Alternatively, the component additivity approach assumes that the 

adsorption properties of whole soils are the sum of the adsorption properties of the individual 

constituents in its assemblage (Goldberg and Crescenti 2008). This approach is predictive 

because the binding constants are determined individually for pure reference minerals and not 

fitted directly to adsorption data (Goldberg and Crescenti 2008). The major assumption inherent 

in the component additivity approach is that the constituents are uncoated and do not interact 

with other minerals which is almost always not true in soils (Goldberg 2014; Goldberg and 

Crescenti 2008). Studies that use SCMs to describe adsorption of ions to soils have principally 

used the generalized composite approach, though successful applications of both have been 

reported (Goldberg 2014 and references therein). 

 When developing models that simulate or predict phenomena in natural systems, 

verification and validation are important steps to ensure model accuracy and increase credibility 

(Carson 2002). The verification phase confirms that the algorithms in the model’s computer 

code are implemented properly and that this code is error-free (Sargent 2011). Model validation 

checks the accuracy of the model’s predictions by comparing it to real-world observations or 

measurements (Carson 2002; Sargent 2011). The validity of a model should be determined with 

respect to its intended purpose or application (Sargent 2011). When a model is said to be 

verified and validated, this does not mean it is a perfectly accurate representation of a system; 

instead, it means that a series of explicit tasks have been carried out by developers to ensure 

sufficient accuracy given the purpose of the model (Carson 2002). 

The remainder of this chapter explains the model development process, verification and 

validation in detail. This includes a description of the modelling approach employed, the 

algorithms used and the set-up of the chemical system. This chapter also covers the inputs and 
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steps involved in modelling aqueous speciation, P adsorption to clays and P adsorption to 

goethite. Prior to validation, the model was verified by confirming its accurate representation of 

the chemical system at hand and ensuring the code was error-free. In order to validate the 

model, dithionite-citrate-bicarbonate (DCB) extractable Fe experiments and soil batch 

experiments were performed on the Honeywood, Bondhead-1, Bondhead-2 and Peel bulk soil 

samples. The concentration of P in solution ([P]soln) from the soil batch extracts were compared 

with the model’s predicted [P]soln to validate the model. 

 

 4.2 Model development 

The chemical behaviour of P in agricultural soils of the Maskinonge watershed was investigated 

with the use of four computer models. The surface complexation parameters for the four 

representative clay samples (section 2.3.3.2) and Gauthier’s (2011) goethite (section 3.2) were 

incorporated. Surface adsorption processes were described using the CCM and the models 

were written in Microsoft Visual Basic v6.0 (Visual Studio, Microsoft Corporation). The soil 

chemical models predict P aqueous speciation, P adsorption to clay minerals and P adsorption 

to goethite across a pH range of 3 to 9. Mineral precipitation reactions (e.g. brushite) were not 

included in the models as this process was not thought to be kinetically relevant (i.e. not thought 

to occur in the 96 hour timeframe of the batch experiments). The algorithms that describe the 

chemistry were derived from a computer program called MICROQL (Westall 1979). 

 

 4.2.1 Modelling approach 

The component additivity approach was chosen as the framework for this model based on its 

superior predictive abilities. However, instead of using pure reference minerals as a proxy for 

those found in soils as is usually done in this approach, the complexation constants in were 

derived directly from adsorption experiments on the clay fraction sampled from the study area. 

The adsorption properties of the soils are assumed to be described by the adsorption properties 

of its individual constituents; therefore soil P chemical models produced in this study will be 

hereafter referred to as soil assemblage models (SAMs). Thus, four separate SAMs were 

created that differ in their clay properties, texture and goethite content. The complexation 

constants for goethite obtained from Gauthier (2011) were used in all four models. The SAMs 
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are site-specific and can only be applied to locations where the representative clays exist, in this 

case the Maskinonge watershed (Chapter five). 

 

 4.2.2 MICROQL 

MICROQL is chemical equilibrium program originally written in BASIC language (Westall 1979), 

that has since been translated into Visual Basic language by Dr. Les Evans (University of 

Guelph). Table 4.1 outlines the algorithms contained in MICROQL that describe and constrain 

the chemical system at hand (Evans et al. 2010). These algorithms are incorporated into the 

code for the SAMs. Similar to FITEQL, MICROQL defines a chemical system in terms of 

species and components where species are all the soluble, adsorbed and solid chemical entities 

in a system and components are independent entities and cannot be the product of a reaction 

between other components (Evans et al. 2010). MICROQL requires a user-defined species-

component tableau, or matrix, as well as inputs of the total concentration of each component 

and formation constants of the species (Evans et al. 2010). The species-component tableau, 

along with the formation constants used in the SAMs, is outlined in Table 4.2.  
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Table 4.1. Algorithms contained in MICROQL and used in the development of the SAMs 
(adapted from Evans et al. 2010). 

Mass action 

 , ,

a

i p q r j

j

c x  

where ci is the concentration of species i, βp,q,r is the formation constant for species i, Xj is the 
concentration of component j  and a is the stoichiometric coefficient of component j in species 
i. 
 
The mass action equation expressed in logarithmic form is: 
 

 , ,log log logi p q r j

j

c a x  

and in matrix form is: 

 C AX K  

where C is a column vector of logci, A is the matrix of stoichiometric coefficients a, X is the 
column vector of logXj and K is the column vector of logβp,q,r. 

Mass balance 

  T
X i

i

ac  

where [X]T is the total concentration of component X in the system, ci is the concentration of 
species i and a is the stoichiometric coefficient of component j in species i. 

Newton-Raphson iteration 
 
From an initial estimate of the concentration of each component, the concentration of each 
species can be calculated. The sum of the calculated concentration of each species, 
multiplied by the stoichiometric amount of each component in the species is compared with 
the known total concentration of each component to give the following equation:  
 

  T[X]j i

i

Y ac  

where Yj is the difference in the known total concentration and [X]T is as previously described. 
 
An iterative technique is used to find improved values of X such that the error term Y 
becomes smaller. The equilibrium problem is solved when Y = 0. Using the Newton Raphson 
iterative technique, improved values for X may be found from the matrix equation: 
 

 Z X Y  
where Z is a square matrix, the Jacobian of Y with respect to X, calculated at iteration 


   1nX X X , is a column vector, the change in X from iteration n+1 to n, Y is a column 

vector, the remainder, or error, in the mass balance equation at iteration n. 

Jacobian iteration 
 
The Jacobian element for components j and k is given by: 


 


 ij ik i

i i
jk

k k

a a c
Y

Z
X X
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Table 4.2. The species-component tableau used in the SAM to describe P aqueous speciation, adsorption to clay minerals 
and adsorption to goethite. 

Components: PO4
3- ≡AlOH0 -

exp sF

RT

 
 
 

 

≡X-.H+ Li+ ≡FeOH0 exp sF

RT

 
 
 

 

Ca2+ Mg2+ Al(OH)3(s) CO2 H+ logβ* 

S
p

e
c

ie
s

 

1 PO4
3- 1 0 0 0 0 0 0 0 0 0 0 0 0.00 

2 HPO4
2- 1 0 0 0 0 0 0 0 0 0 0 1  12.05 

3 H2PO4
- 1 0 0 0 0 0 0 0 0 0 0 2 19.07 

4 H3PO4
0 1 0 0 0 0 0 0 0 0 0 0 3  21.13 

5 CaPO4
- 1 0 0 0 0 0 0 1 0 0 0 0 5.89 

6 CaHPO4
0 1 0 0 0 0 0 0 1 0 0 0 1  14.41 

7 CaH2PO4
+ 1 0 0 0 0 0 0 1 0 0 0 2 20.29 

8 MgPO4
- 1 0 0 0 0 0 0 0 1 0 0 0  4.31 

9 MgHPO4
0 1 0 0 0 0 0 0 0 1 0 0 1 14.55 

10 MgH2PO4
+ 1 0 0 0 0 0 0 0 1 0 0 2  18.56 

11 AlPO4
0 1 0 0 0 0 0 0 0 0 1 0 3 25.21 

12 AlHPO4
+ 1 0 0 0 0 0 0 0 0 1 0 4  27.76 

13 AlH2PO4
2+ 1 0 0 0 0 0 0 0 0 1 0 5 28.62 

14 Al(H2PO4)2
+ 2 0 0 0 0 0 0 0 0 1 0 7  49.83 

15 Al2PO4
3+ 1 0 0 0 0 0 0 0 0 2 0 6 35.29 

16 Al2(OH)PO4
2+ 1 0 0 0 0 0 0 0 0 2 0 5  33.17 

17 Al2(OH)2PO4
+ 1 0 0 0 0 0 0 0 0 2 0 4 28.98 

18 ≡AlPO4
2- 1 1 -2 0 0 0 0 0 0 0 0 1 14.18a 

19 ≡AlHPO4
- 1 1 -1 0 0 0 0 0 0 0 0 2 22.97a 

20 ≡AlH2PO4
0 1 1 0 0 0 0 0 0 0 0 0 3  32.07a 

* logβ values taken from Martell and Smith (2004) unless otherwise noted; recalculated to 0.01 M ionic strength 
a example logβ values determined in Chapter two for Honeywood clay 
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Table 4.2 (continued). The species-component tableau used in the SAM to describe P aqueous speciation, adsorption to 
clay minerals and adsorption to goethite. 

Components: PO4
3- ≡AlOH0 -

exp sF

RT

 
 
 

 

≡X-.H+ Li+ ≡FeOH0 
exp sF

RT

 
 
 

 

Ca2+ Mg2+ Al(OH)3(s) CO2 H+ logβ* 

S
p

e
c

ie
s

 

21 ≡FePO4
2- 1 0 0 0 0 1 -2 0 0 0 0 1 19.12b 

22 ≡FeHPO2
- 1 0 0 0 0 1 -1 0 0 0 0 2 25.44b 

23 ≡FeH2PO4
0 1 0 0 0 0 1 0 0 0 0 0 3 31.05b 

24 Ca2+ 0 0 0 0 0 0 0 1 0 0 0 0  0.00 
25 Ca(OH)+  0 0 0 0 0 0 0 1 0 0 0 -1 -12.88 
26 CaCO3

0 0 0 0 0 0 0 0 1 0 0 1 -2 -15.29 
27 CaHCO3

+ 0 0 0 0 0 0 0 1 0 0 1 -1 -6.98 
28 Mg2+ 0 0 0 0 0 0 0 0 1 0 0 0  0.00 
29 Mg(OH)+  0 0 0 0 0 0 0 0 1 0 0 -1 -11.61 
30 MgCO3

0 0 0 0 0 0 0 0 0 1 0 1 -2  -15.60 
31 MgHCO3

+ 0 0 0 0 0 0 0 0 1 0 1 -1 -7.21 
32 Al3+ 0 0 0 0 0 0 0 0 0 1 0 3  8.56 
33 Al(OH)2+ 0 0 0 0 0 0 0 0 0 1 0 2 3.38 
34 Al(OH)2

+ 0 0 0 0 0 0 0 0 0 1 0 1  -2.01 
35 Al(OH)3

0 0 0 0 0 0 0 0 0 0 1 0 0 -8.41 
36 Al(OH)4

- 0 0 0 0 0 0 0 0 0 1 0 -1  -14.32 
37 ≡AlOH2

+ 0 1 1 0 0 0 0 0 0 0 0 1 9.30a 
38 ≡AlOH0 0 1 0 0 0 0 0 0 0 0 0 0  0.00 
39 ≡AlO- 0 1 -1 0 0 0 0 0 0 0 0 -1 -9.68a 
40 ≡X-.H+ 0 0 0 1 0 0 0 0 0 0 0 0 0.00  

* logβ values taken from Martell and Smith (2004) unless otherwise noted; recalculated to 0.01 M ionic strength 
a example logβ values determined in Chapter two for Honeywood clay 
b logβ values taken from Gauthier (2011) 
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Table 4.2 (continued). The species-component tableau used in the SAM to describe P aqueous speciation, adsorption to 
clay minerals and adsorption to goethite. 

Components: PO4
3- ≡AlOH0 -

exp sF

RT

 
 
 

 

≡X-.H+ Li+ ≡FeOH0 
exp sF

RT

 
 
 

 

Ca2+ Mg2+ Al(OH)3(s) CO2 H+ logβ* 

S
p

e
c

ie
s
 

40 ≡X-.H+ 0 0 0 1 0 0 0 0 0 0 0 0 0.00  
41 ≡X-.Li+ 0 0 0 1 1 0 0 0 0 0 0 -1 -2.22a 
42 Li+ 0 0 0 0 1 0 0 0 0 0 0 0  0.00 
43 ≡FeOH2

+ 0 0 0 0 0 1 1 0 0 0 0 1 7.33b 
44 ≡FeOH0 0 0 0 0 0 1 0 0 0 0 0 0  0.00 
45 ≡FeO- 0 0 0 0 0 1 -1 0 0 0 0 -1 -10.53b 
46 CO3

2- 0 0 0 0 0 0 0 0 0 0 1 -2  -18.42 
47 HCO3

- 0 0 0 0 0 0 0 0 0 0 1 -1 -7.91 
48 H2CO3

0 0 0 0 0 0 0 0 0 0 0 1 0  -1.47 
49 OH- 0 0 0 0 0 0 0 0 0 0 0 -1 -13.91 
50 H+ 0 0 0 0 0 0 0 0 0 0 0 1  0.00 

* logβ values taken from Martell and Smith (2004) unless otherwise noted; recalculated to 0.01 M ionic strength 
a example logβ values determined in Chapter two for Honeywood clay 
b logβ values taken from Gauthier (2011) 
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 4.2.3 Aqueous speciation 

Phosphorus forms numerous aqueous complexes with other cations in the soil such as Fe(III) 

and Al in acidic soils and Ca and Mg ions in calcareous soils (Audette 2015). These cations can 

also undergo hydrolysis reactions or complex with carbonates to form various distinct soluble 

species. To simplify the SAM, only thermodynamically and kinetically relevant ions were 

included as components that control the aqueous speciation of the system. By these constraints 

it is assumed that P forms complexes with Ca, Mg and Al ions in the SAM. The mass balance of 

all aqueous P species is shown by equation [4.1]: 

3- 2- - 0 - 0

T 4 4 2 4 3 4 4 4

+ - 0 + 0 +

2 4 4 4 2 4 4 4

2+ + 3+ - 2-

2 4 2 4 2 2 4 2 4 2 2 4

[P] =[PO ]+[HPO ]+[H PO ]+[H PO ]+[CaPO ]+[CaHPO ]+

[CaH PO ]+[MgPO ]+[MgHPO ]+[MgH PO ]+[AlPO ]+[AlHPO ]+

[AlH PO ]+[Al(H PO ) ]+[Al PO ]+[Al (OH)PO ]+[Al (OH) PO ]

 [4.1] 

The total concentration of the PO4
3- component is defined by the user whereas the total 

concentrations of the Ca2+ and Mg2+ components were determined by a regression analysis of 

the soluble Ca and Mg concentrations in the soil batch experiments performed on the 

representative soils (explained in section 4.3.2). Regression analysis to describe Ca 

concentration was performed on the results of the Honeywood soil batch experiment. (Figure 

4.1). The concentration of Ca increases as pH decreases thus a second degree polynomial 

function adequately modelled the Ca concentrations. Regression analysis to describe Mg was 

performed on the results of all the soil batch experiments as the soluble Mg concentrations were 

relatively similar in all samples (Figure 4.2). The concentration of Mg also increases as pH 

decreases but a logarithm function was better suited to model the Mg concentrations. The 

purpose of choosing the Honeywood soil batch results to represent the Ca in the SAMs was 

threefold. There was too much variability in the soluble Ca concentrations from the four soils to 

be able to perform a regression analysis on the results of the batch experiments together, as 

was done for Mg. Also, after consulting results from soil batch experiments performed on 

various southern Ontario soils in Gauthier (2011) and Nowell (2016), the Honeywood results 

were most similar and thought to be more representative of a southern Ontario soil. Finally, the 

regression analysis to describe Ca in the Honeywood soil batch results had the highest R2 value 

compared to the three others. Therefore, the regression function obtained from the Honeywood 

soil batch experiment results was used in the four SAMs. The regression functions and their fits 

to experimental data are outlined in Table 4.3 and Figures 4.1 and 4.2. 
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Table 4.3. Regression functions used to describe the concentration of Ca and Mg 
components in the SAMs. 

  Sample Function R2 

Ca Honeywood             3 3 5 28.57 10 1.57 10 7.09 10y x x  
0.985 

Mg All        3 41.34 10 6.09 10 ln( )y x  
0.669 

 

 

 
Figure 4.1. Ca soil batch experimental data and fits 
of regression functions for Honeywood soil. 

 

 
Figure 4.2. Mg soil batch experimental data and fits 
of regression functions for each sample. 
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The concentration of the Al3+ component was thought to be controlled by the dissolution 

of amorphous Al hydroxide. However, equilibrium constants for amorphous minerals are not well 

characterized and therefore the dissolution reactions and constants for gibbsite were used in the 

SAM. The dissolution of gibbsite is described by equation [4.2]: 

+ 3+

3(s) 2Al(OH) + 3H Al + 3H O  [4.2] 

The total concentration of the CO2 component is controlled by the partial pressure of CO2 gas in 

the atmosphere and is calculated using equation [4.3]: 

H a1 a2 2(g)2-

3 + 2

K K K pCO
[CO ]=

[H ]
 [4.3] 

where KH is Henry’s gas constant, described by equation [4.4] and calculated using equation 

[4.5], Ka1 is first acidity constant of carbonic acid, described by equations [4.6] and [4.7] and 

calculated using equation [4.8] (assuming 0*

2 3 2(aq)[H CO ] CO ), Ka2 is the second acidity constant of 

carbonic acid, described by equation [4.9] and calculated using equation [4.10], pCO2(g) is the 

partial pressure of CO2 gas in the atmosphere and [H+] is controlled by the pH. 

2(g) 2(aq)CO CO  [4.4] 

2(aq)

H

2(g)

[CO ]
K =

pCO
 [4.5] 

0

2(aq) 2 2 3CO +H O H CO  [4.6] 

0* + -

2 3 3H CO H +HCO  [4.7] 

+ -

3
a1 0

2 3

{H }{HCO }
K =

{H CO }
 [4.8] 

- + 2-

3 3HCO H +CO  [4.9] 

+ 2-

3
a2 -

3

{H }{CO }
K =

{HCO }
 [4.10] 

The total concentration of the H+ component is controlled by the pH of the solution described by 

equation [4.11]: 
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+ -pH[H ]=10  [4.11] 

The stability constants for the formation of the aqueous complexes were taken from the NIST 

Standards Reference Database (Martell and Smith 2004). They were recalculated to an ionic 

strength of 0.01 M using the Davies equation. 

 

 4.2.4 Phosphate adsorption to clay minerals 

The SAMs incorporate monodentate P adsorption to clay minerals using the CCM. Equations 

[2.15] and [2.16] describe the protonation/deprotonation reactions of the clay edge sites 

whereas equation [2.17] describes the non-specific adsorption of Li ions to the clay surface 

sites. Although the clay surface sites do not adsorb P, their inclusion permits a complete 

description of the chemical system. Finally, equations [2.28] to [2.30] describe the specific 

adsorption of P to the edge sites of clays. The components associated with P adsorption to 

clays are the clay edge sites, ≡AlOH0, the exponential term, exp sF

RT

 
 
 

, the clay surface sites, 

≡X-.H+, and the background electrolyte, Li+. The exponential term is derived from the Boltzmann 

equation (equation [2.21]) and represents the electrical potential at the charged surface, ψs. 

This parameter, along with the capacitance, κ, are required by the CCM to calculate the charge 

density of net proton charge, σs (equation [4.12]): 

s s   [4.12] 

The total concentration of the component Li+ was set to the ionic strength (0.01 M). Equations 

[4.14] and [4.15] were used to calculate the total concentrations of components ≡AlOH0 and  

≡X-.H+.  

Other parameters were required in order to model P adsorption to clay minerals using 

the CCM: 

1. The suspension density of the clay, Sd-c (kg L-1) 

2. The specific surface area of the clay, Ss-c (m2 kg-1), reported in section 2.3.2.2 

3. The proton-binding constants of the clay edge sites, 
c int

1log Ka  and 
c int

2log Ka , determined in 

section 2.3.3.2 

4. The P-binding constants of the clay edge sites, 
c int

P1log K , 
c int

P2log K  and 
c int

P3log K , determined 

in section 2.3.4 
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5. The capacitance used in determining the clay P-binding constants, κc (Farad m2), 

reported in section 2.3.4 

The suspension density of the clay, Sd-c, was calculated using equation [4.13]: 

 
 %

100d c d

clayS S  [4.13] 

where Sd is the suspension density of the soil (kg L-1) and %clay is the percentage of clay in the 

soil (< 0.002 mm). The total concentration of the component ≡AlOH0 was calculated using 

equation [4.14]: 

 T [ AlOH][ AlOH] d c dS N
 

   [4.14] 

where [≡AlOH]T is the total concentration of clay edge sites available for P adsorption (mol L-1), 

Sd-c is the suspension density of the clay (kg L-1) and Nd[≡AlOH] is the clay edge site density 

determined in section 2.3.4 (mol kg-1). The total concentration of the component ≡X-.H+ was 

calculated using equation [4.15]: 

 -

-

T [ X ]
[ X ] d c d

S N 
   [4.15] 

where [≡X-]T is the total concentration of surface sites available for non-specific Li+ adsorption 

(mol L-1), Nd[≡X-] is the clay surface site density determined in section 2.3.3.2 (mol kg-1) and Sd-c 

is as previously described. 

 Four separate SAMs were created for each of the representative clays due to their 

differences in specific surface area, proton- and P-binding constants. The SAMs will be referred 

to as the clay that they are parameterized to (i.e. the SAM parameterized to the Honeywood 

clay will be referred to as the Honeywood SAM). A full list of parameters used in each SAM is 

outlined in Table 4.4. 

 

4.2.5 Phosphate adsorption to goethite 

The SAMs also incorporate monodentate P adsorption to goethite using the CCM. Goethite was 

chosen as the representative Fe oxide for the SAMs as it is the most abundant Fe oxide in 

southern Ontario soils (Essington 2004; Schwertmann and Taylor 1990). The parameters from 

Gauthier (2011) were used in the SAMs. Equations [3.1] and [3.2] describe the 

protonation/deprotonation reactions of surface functional sites on goethite. The conditional 
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intrinsic equilibrium constants for these chemical reactions are described in the CCM using 

equations [4.16] and [4.17]: 

0 +
c int

FeOOH-a1 +

2

[ FeOH ]{H }
K = exp

[ FeOH ]

sF

RT

  
   

 [4.16] 

+
c int

FeOOH-a2 0

-[ FeO ]{H }
K = exp

[ FeOH ]

sF

RT

  
   

 [4.17] 

P adsorption on goethite occurs via ligand exchange creating inner-sphere surface complexes 

described in the CCM by equations [4.18] to [4.20]: 

0 3- + 0

4 2 4 2FeOH +PO +3H FeH PO +H O   [4.18] 

0 3- +

4 4 2FeOH +PO +2H FeHPO +H O   [4.19] 

0 3- + 2

4 4 2FeOH +PO +H FePO +H O   [4.20] 

The condition intrinsic equilibrium constants for these chemical reactions are described in the 

CCM using equations [4.21] to [4.23]: 





0
c int 2 4

FeOOH-P1 0 3- + 3

4

[ FeH PO ]
K =

[ FeOH ][PO ]{H }
 [4.21] 

c int 4
FeOOH-P2 0 3- + 2

4

-[ FeHPO ]
K = exp

[ FeOH ][PO ]{H }

sF

RT

  
   

 [4.22] 

2
c int 4

FeOOH-P3 0 3- +

4

-2[ FePO ]
K = exp

[ FeOH ][PO ]{H }

sF

RT

  
   

 [4.23] 

The components associated with P adsorption to goethite are the surface functional groups, 

≡FeOH0 and the exponential term, exp sF

RT

 
 
 

. Equation [4.25] was used to calculate the total 

concentrations of component ≡FeOH0. 

Other parameters were required in order to model P adsorption to goethite using the 

CCM: 

6. The suspension density of goethite, Sd-g (kg L-1) 

7. The specific surface area of goethite, Ss-g (m2 kg-1), reported in Gauthier (2011) 
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8. The proton-binding constants of goethite surface sites, c int

FeOOH-a1log K  and 
c int

FeOOH-a2log K , 

reported in Gauthier (2011) 

9. The P-binding constants of the surface sites, 
c int

FeOOH-P1log K , 
c int

FeOOH-P2log K  and 
c int

FeOOH-P3log K , 

reported in Gauthier (2011) 

10. The capacitance used in determining the goethite P-binding constants, κg(Farad m2), 

reported in Gauthier (2011) 

The suspension density of the goethite, Sd-g, was calculated using equation [4.24]: 



 
  

 

DCB FeOOH

Fe

[Fe]

1000
d g d

Mm
S S

Mm
 [4.24] 

where Sd is the suspension density of the soil (kg L-1), [Fe]DCB is the amount of DCB extractable 

Fe in the soil (g kg-1), MmFeOOH is the molar mass of goethite (88.85 g mol-1) and MmFe is the 

molar mass of Fe (55.85 g mol-1). The DCB extractable Fe was used as a proxy for the amount 

of goethite in the soil. The total concentration of the component ≡FeOH0 was calculated using 

equation [4.25]: 

 T [ FeOH][ FeOH] d g dS N 
   [4.25] 

where [≡FeOH]T is the total concentration of goethite surface sites available for P adsorption 

(mol L-1), Sd-g is the suspension density of goethite (kg L-1) and Nd[≡FeOH] is the goethite site 

density reported in Gauthier (2011) (mol kg-1).  The CCM parameters for goethite were used in 

each of the four SAMs. A full list of parameters used in each SAM is outlined in Table 4.4. 
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Table 4.4. Parameters used in the SAMs. 

  Honeywood Bondhead-1 Bondhead-2 Peel Goethite* 

c int

1log Ka  9.30 10.56 10.41 10.42 7.33 

c int

2log Ka  -9.68 -11.20 -11.00 -11.12 -10.53 

- +

c int

X .Li
log K  -2.22 -2.40 -2.24 -2.43 - 

c int

P1log K  32.07 33.23 32.72 32.83 31.05 

c int

P2log K  22.97 25.68 24.14 23.99 25.44 

c int

P3log K  14.18 15.55 14.28 14.02 19.12 

Nd[≡AlOH]/[ ≡FeOH] 
(mol g-1) 6.11 x 10-5 8.42 x 10-5 6.94 x 10-5 5.42 x 10-5 2.87 x 10-4 

Nd[≡X-] 
(mol g-1) 2.46 x 10-4 1.54 x 10-4 1.68 x 10-4 1.76 x 10-4 - 

Ss 

(m2 g-1) 53.90 61.04 48.28 71.26 92.46 

κ 
(Farad m2) 0.2 0.2 0.2 0.2 1.8 

Ionic strength 
(M) 0.01 0.01 0.01 0.01 0.01 

Sd soil  
(kg L-1) 

† † † † † 

% Clay 
† † † † † 

[Fe]DCB  
(g kg-1) 

† † † † † 

[PO4
3-] 

(M) 
† † † † † 

* values taken from Gauthier (2011) 
† user-defined inputs 

 

 4.2.6 Model verification 

After the model was written but not yet validated, it underwent a verification process. A review of 

the literature was conducted to ensure that chemical speciation and complexation models have 

been used to adequately represent natural systems. The results of the literature review are 

presented in this thesis, particularly in sections 1.3.2 and 4.1. To summarize, chemical 

equilibrium models have been widely used to characterize chemical systems, whether it be to 

investigate speciation, adsorption or both (Evans et al. 2010 and references therein). SCMs are 
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increasingly preferred to study adsorption processes as they consider pH, ionic strength and the 

charge on the adsorbent surface (Arai and Sparks 2007; Davis and Kent 1990; Goldberg 1992, 

2014). Although soils are very complex, the inherent assumptions of these SCMs permit an 

acceptable representation of the natural system (Goldberg 2014 and references therein). Of the 

chemical models that investigate P specifically, many have obtained predictions agreeable with 

observed results (Antelo et al. 2005; Golderg 2010; Goldberg and Sposito 1984a, 1984b; He et 

al. 1997; Ioannou et al. 2013; Manning and Goldberg 1996a, 1996b; Nilsson et al. 1992; 

Rahnemaie et al. 2007; Wei et al. 2014). Therefore it is concluded that given the purpose and 

associated assumptions of the SAMs in this study, they can be used as a reasonable 

representation of the natural system. 

The species-component tableau was also examined to ensure no errors were present as 

this matrix is the basis for the description of the chemical system and can drastically influence 

model output. During this verification stage P aqueous complexes that were negligible, such as 

complexes with Fe(III) ions, were eliminated from the species-component tableau to simplify the 

chemical system. Additionally, the model code was inspected by Dr. Les Evans to ensure that 

the algorithms from MICROQL were translated properly and implemented accurately. Finally, 

the user-defined input parameters were adjusted to a variety of settings and the model output 

was examined for reasonableness. 

 

4.3 Model validation 

The models were validated by ensuring their accurate representation of the natural system. The 

four SAMs were parameterized using their respective input values reported in Table 4.4. The 

DCB extractable Fe and ammonium oxalate extractable Fe and Al experiments were performed 

on the representative bulk soils to determine the amount of crystalline Fe. This value is a user-

defined input that is a proxy for the amount of goethite in the SAMs. In order to validate the 

model predictions, soil batch experiments were performed on each representative bulk soil 

sample. The model-predicted concentrations of [P]soln were compared against the actual [P]soln 

from the batch experiments for each model. The user-defined inputs for each SAM are reported 

in Table 4.5. 
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4.3.1 Dithionite-citrate-bicarbonate (DCB) extractable Fe 

The DCB extractable Fe experiments were performed on each representative bulk soil sample 

to determine the amount of crystalline and amorphous Fe oxides present in the soil. The 

procedure followed Evans and Wilson’s (1985) DCB method wherein the sodium dithionite 

(Na204S2) acts as a reducing agent and the sodium citrate (Na3C6H5O7) complexes with the Fe 

and prevents it from oxidizing. The NaHCO3 buffers the reaction. The DCB extractable Fe 

experiments were performed in triplicate on each soil. 

For each sample, 0.1 g of soil was placed in a 50 mL Nalgene centrifuge tube to which 

30 mL of 0.28 M Na3C6H5O7 – 0.1 M NaHCO3 buffer was added. The tubes were shaken by 

hand and placed in a 75C thermostatic water bath for one hour. After this time, 0.1 g of 

Na204S2 was added to each tube and the tubes were shaken in a reciprocating shaker for five 

minutes at 110 rpm and 25C. The tubes were placed back in the 75C water bath for two hours 

then centrifuged for 15 minutes at 22640 g and 25C. The supernatants were decanted into 15 

mL conical-bottom polypropylene centrifuge tubes and the [Fe]soln was analyzed by FAAS. 

 

4.3.2 Ammonium oxalate extractable Fe and Al 

Ammonium oxalate extractable Fe and Al experiments were performed on each representative 

bulk soil sample to determine the amounts of amorphous Fe and Al oxides present in the soil. 

The experiments were performed in duplicate for each soil following the procedure reported by 

McKeague and Day (1966). For each sample, 0.5 g of soil was placed in a 50 mL Nalgene 

centrifuge tube to which 20 mL of 0.2 M ammonium oxalate ((NH4)2C2O4) – 0.2 M oxalic acid 

buffer was added. The tubes were wrapped in black plastic bags to prevent exposure to light, 

and shaken on a reciprocating shaker for one hour at 110 rpm and 25C. The tubes were 

centrifuged for 15 minutes at 22640 g and 25C and the supernatants were decanted into 100 

mL volumetric flasks. The flasks were kept in a box covered with black plastic bags. To wash 

the remaining buffer from the soil, 25 mL of Nanopure water was added to the tubes. While still 

covered, the tubes were shaken on a reciprocating shaker for 5 minutes at 110 rpm and 25C 

then centrifuged for 15 minutes at 22640 g and 25C. The supernatants were decanted into the 

same 100 mL volumetric flasks which were then made up to volume and mixed by hand. The 

[Fe]soln and [Al]soln concentrations in the volumetric flasks were analyzed by ICP-OES. The DCB 

extractable Fe method dissolves the crystalline and amorphous Fe oxides present in a soil 
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whereas the ammonium oxalate extractable Fe method dissolves only the amorphous material 

(McKeague and Day 1966). Therefore, the amount of crystalline Fe oxides present in the soil 

was calculated by subtracting the ammonium oxalate extractable Fe from the DCB extractable 

Fe. The amount of crystalline Fe oxides is used in the SAM as a proxy for the amount of 

goethite in the soil. 

 

4.3.3 Soil batch experiments 

Soil batch experiments were performed on the Honeywood, Bondhead-1, Bondhead-2 and Peel 

bulk soils that still contained organic matter and carbonates in order to determine [P]soln from pH 

3 to 9. These experiments also characterized the major cations in the soil (Ca, Mg, Al and Fe) at 

this pH range. The soil batch experiments were performed in duplicate for each soil sample. 

To attain a pH range of 3 to 9 in the soil batch experiments, varying concentrations of 

either HNO3 or LiOH were made. The molarity of HNO3 treatments ranged from 0.35 M to 2.7 M 

and the molarity of LiOH treatments ranged from 0.03 M to 0.11 M for the soil batch 

experiments. There was a single neutral treatment of 0.01 M LiNO3. Fifteen to eighteen 

treatments were used for each soil in order to attain data points at a minimum of 0.5 pH unit 

increments between pH 3 to 9. 

For each sample, 1.0 g of soil was placed in a 50 mL Nalgene centrifuge tube to which 

25 mL of 0.01 M LiNO3 was added. Using a glass pipette, 1.0 mL of either the HNO3, LiNO3 or 

LiOH treatments were added to the tubes. The tubes were placed in a reciprocating shaker for 

four days at 110 rpm and 25C. The tubes were centrifuged for 15 minutes at 22640 g and 

25C. The pH of the supernatant was measured using a glass pH electrode and recorded. The 

supernatant was decanted into a 10 mL disposable syringe and passed through a 0.22 µm filter 

membrane and into a 15 mL conical-bottom polypropylene centrifuge tube. Cellulose filter 

membranes were used for supernatant pH measurements below 7 and nylon filter membranes 

were used for measurements above 7. The solutions were analyzed by ICP-OES for [Al]soln, 

[Ca]soln, [Fe]soln, [K]soln, [Mg]soln, [Na]soln, [P]soln and [Si]soln. 

The results of the ICP-OES analysis of [Al]soln, [Fe]soln, [Ca]soln and [Mg]soln in the soil 

batch extracts are presented in Figures 4.3 to 4.5. The [Al]soln in each soil batch increases as pH 

decreases only when pH is less than 5. The [Al]soln were undetectable by ICP-OES between pH 

5 to 8, and very minimal above a pH of 8. Gibbsite is slightly soluble under very acidic 
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conditions, therefore the use of this mineral to control the concentration of Al3+ in solution in the 

SAM is supported. The [Fe]soln in the extracts were only detectable at very low (pH < 4) and very 

high (pH > 8) pH ranges, and the measured values were still extremely low. The maximum 

[Fe]soln was measured in the Peel extract at 3.07 x 10-5 M. Therefore the exclusion of Fe from 

the species-component tableau, and thus the modelled chemical system, is justified. The trend 

of [Al]soln  and [Fe]soln is expected as Al- and Fe-precipitates have minimal solubility at near-

neutral pH, with solubility increasing below pH ~5 and above pH ~8 (Sparks 2003). 

 The [Ca]soln and [Mg]soln increases as pH decreases; this trend was observed in all four 

soils. The highest [Ca]soln (3.99 x 10-2 M) and [Mg]soln (7.93 x 10-4 M) was measured in the 

Bondhead-1 extract, and both at a pH of 3. This trend is expected because the solubility of Ca- 

and Mg-precipitates increase as pH decreases (Brady and Weil 2010). The maximum 

concentrations of [Ca]soln are two orders of magnitude higher than that of [Mg]soln, likely because 

of the calcareous parent material from which these soils are derived. The CaCO3(s) minerals 

present in the limestone are dissolving and increasing the [Ca]soln as pH decreases. 

The [P]soln in the soil batch extracts are presented in Figure 4.6; these data points will be 

used to compare and validate the model predictions of [P]soln. In general, [P]soln is lowest around 

pH 7.0 and increases substantially as pH decreases. [P]soln also increases above pH 7.0, though 

not as steadily as in the acidic range. The four soils exhibited somewhat similar trends, but had 

differing [P]soln concentrations overall. In the Honeywood soil extracts, [P]soln were undetectable 

by ICP-OES between pH 6.0 to 8.5, with only a slight increase in concentration above pH 8.5. 

The maximum [P]soln measured in the Honeywood extracts was 8.73 x 10-5 M at a pH of 3.1. The 

Bondhead-1 soil exhibited a similar trend as the Honeywood, but with a slight dip in [P]soln at a 

pH of 5.8. Bondhead-1 also had the lowest maximum [P]soln of 3.93 x 10-5 M obtained at pH 3.0. 

The [P]soln of the Bondhead-2 soil batch extracts were detectable by ICP-OES across the entire 

pH range. The maximum [P]soln measured in the Bondhead-2 extracts was 1.09 x 10-4 M at a pH 

of 3.2, which was the highest [P]soln overall. The trend of [P]soln in the Bondhead-2 extract was 

slightly different in that the [P]soln plateaued between a pH of 4.0 and 6.0, then continued to 

increase with decreasing pH. The [P]soln in the Peel soil extracts increased steadily both above 

and below pH 7.5, with [P]soln undetectable between pH 7.0 and 7.9. The maximum [P]soln 

measured in the Peel extracts was 9.03 x 10-5 M at a pH of 3.2.  

The observed trend of [P]soln is essentially the opposite of the adsorption envelopes for 

clay described in Chapter two, whereby maximum adsorption is expected at near-neutral pH 

values. However in this study, [P]ads to clay was observed to increase as pH decreases, with 
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maximum adsorption obtained under acidic conditions (Figure 2.10). It is possible that the high 

[P]soln at low pH is due to the formation of aqueous Al-P complexes, which are very strongly 

bonded. This complexation with Al would prevent P from being adsorbed and also contribute to 

the high [P]soln measured in the soil batch extracts (Brady and Weil 2010). 

 

Figure 4.3. Concentration of Al and Fe in solution from soil batch experiments. 
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Figure 4.4. Concentration of Ca in solution from soil batch experiments. 
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Figure 4.5. Concentration of Mg in solution from soil batch experiments. 
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Figure 4.6. Concentration of P in solution from soil batch experiments. 

 

4.3.4 User-defined input parameters 

In order to run the model for validation, user-defined inputs were determined. The Sd used in the 

soil batch experiments (section 4.3.2) was the input for the Sd of the soil. The clay content was 

determined by the AFL using the pipette method based on Stokes Law of sedimentation 

(Sheldrick and Wang 1993); results were reported in section 2.3.1. The results of the DCB 

extractable Fe and ammonium oxalate extractable Fe and Al experiments are reported in Table 

4.5. The [P]added to the system was optimized manually based on model goodness of fit to batch 

[P]soln data points. 
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Table 4.5. User-defined inputs for the validation of each SAM. 

  Honeywood Bondhead-1 Bondhead-2 Peel 

Sd soil (g L-1) 38.5 38.5 38.5 38.5 

% Clay 10.4 18.8 18.5 42.5 

a[Fe]DCB (g kg-1) 12.44 12.08 11.21 13.89 

b[Fe]NH4-ox (g kg-1) 0.43 0.43 0.46 0.39 

c[Fe]crystalline (g kg-1) 12.01 11.65 10.75 13.51 

d[Al]NH4-ox (g kg-1) 0.24 0.25 0.23 0.11 

[PO4
3-] (M) † † † † 

a [Fe]DCB, DCB extractable Fe (crystalline and amorphous Fe oxides) 
b [Fe]NH4-ox, ammonium oxalate extractable Fe (only amorphous Fe oxides) 
c [Fe]crystalline = [Fe]DCB – [Fe]NH4-ox, only crystalline Fe oxides 
d [Al]NH4-ox, ammonium oxalate extractable Al (only amorphous Al oxides) 
† [P]added was optimized manually 

 

 4.3.5. Model results and discussion 

The SAM predicted partitioning of [P]ads to clay and goethite as well as [P]soln are shown in 

Figure 4.7. In the Bondhead-1, Bondhead-2 and Peel SAMs, [P]ads to clay is dominant 

throughout the entire pH range studied. In the Honeywood SAM, [P]ads to clay is dominant from 

pH 3.2 to 8.2, with a greater [P]soln below pH 3.2 and above pH 8.2. The results of the 

Honeywood SAM predictions are due to the smaller percent clay content in the soil and the 

lower PZNPC of the Honeywood clay. The positively charged sites responsible for P adsorption 

on the Honeywood clay are deprotonating at a lower pH than the other clays (Figure 2.9), 

resulting in a higher [P]soln at high pH. 

The model predictions also show that goethite is not a major adsorbing surface for P, 

particularly in the Bondhead-1, Bondhead-2 and Peel models. This is likely due to the higher 

percent clay content for these soils versus Honeywood, as the [Fe]crystalline input was similar for 

each SAM. The proportions and amounts of adsorbed species on clay and goethite are shown 

in Figure 4.8. The clay species (solid lines) have a much higher [P]ads than the goethite species 

(dashed lines) across the entire pH range studied except for the Honeywood soil where 

≡FePO4
2- is the dominant adsorbed species above pH 7.5. Of the clay species, ≡AlH2PO4

0 and 

≡AlHPO4
- are the most predominant, with the concentration of ≡AlH2PO4

0 increasing with a 

decrease in pH and the concentration of ≡AlHPO4
2- increasing with an increase in pH for the 

Bondhead-1, Bondhead-2 and Peel SAM predictions. In the Honeywood SAM, ≡AlH2PO4
0 is the 

primary adsorbed species; the other two clay species (≡AlHPO4- and ≡AlPO4
2-) do not contribute 

the same degree of [P]ads. 
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The model predictions of [P]soln follow the same general trend, with the minimum [P]soln 

occurring around pH 5.5 to 7. The [P]soln reaches a maximum at alkaline pH in the Honeywood 

SAM and acidic pH in Bondhead-1, Bondhead-2 and Peel SAMs. The general trends observed 

for each SAM is somewhat similar to those reported in Nowell (2016), though the proportion of P 

adsorbed to clay is much higher in this study. This is likely due to the higher clay edge site 

densities (≡AlOH) used in the SAMs in this study compared to Nowell (2016). 

The model predictions of [P]soln plotted with the [P]soln from the soil batch experiments is shown 

in Figure 4.9. In the Honeywood SAM, the model fits to the data until pH 7, above which it over-

predicts the [P]soln. In the Bondhead-1 SAM, the [P]soln is overestimated by the model at both the 

acidic and alkaline ends of the pH range studied. In the Bondhead-2 SAM, the model over-

predicts [P]soln above pH 7 and fails to capture the slight increase in [P]soln between pH 5 and 6.5 

that occurred in the soil batch results. Finally in the Peel SAM, the model accurately predicts 

[P]soln above pH 7 but predicts too sharp a decline in [P]soln from pH 3 to 4.  

The overestimation of [P]soln at low pH could be due to strongly bonded neutral and 

positively charged Al-P soluble complexes not adsorbed by the protonated edge/surface sites, 

thereby increasing the [P]soln detected by ICP-OES in the soil batch extracts. The model is likely 

overestimating the [Al] at low pH since the concentration of this species is controlled by the 

dissolution of gibbsite which has an increasing solubility below pH 5 (Sparks 2003). Similarly, it 

is possible that the Peel SAM is over-predicting the [P]ads to clay above a pH of 4 since the 

percent clay content in the Peel soil is high (42.5%); this would drive down the [P]soln above pH 

4, which would explain the sharp decline of [P]soln predicted by the SAM. Additionally, the 

increase in [P]soln between pH 5.0 and 6.5 in the Bondhead-2 soil batch extracts could be an 

anomaly as this trend was not observed in any other soil batch experiments. 

The overestimation of [P]soln at alkaline pH could be attributed to two mechanisms: P 

adsorption on the surfaces of calcite (CaCO3(s)) and Ca-P precipitation, both of which are not 

currently incorporated in the model. As these soils are very calcareous they have a tendency to 

form CaCO3(s) minerals at high pH which has been reported as a possible adsorbing phase for 

P, albeit a minor one when compared with clay minerals and goethite (Tunesi et al. 1997). 

Additionally, precipitation processes become dominant only when P concentrations are 

supersaturated with respect to Ca-P precipitates, the first of which to form being brushite 

(Audette 2015; Tunesi et al. 1997). It is possible that these supersaturated scenarios arise 

under alkaline pH conditions as the positively charged adsorption sites begin to deprotonate, 

releasing P in the process. 
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Figure 4.7. Predicted distribution and amount of P in solution, P adsorbed to clay and P 
adsorbed to goethite for each SAM. 
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Figure 4.8. Predicted distribution and amounts of adsorbed P species on clay edge sites 
and goethite surface sites for each SAM. 
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Figure 4.9. Batch adsorption [P]soln data points compared to predicted [P]soln for each 
SAM. 

 

4.4 Conclusions 

This chapter covered the development, verification and validation of the SAMs. The model 

framework was developed using algorithms adapted from MICROQL. The clay site densities, 

proton- and P-binding constants determined in Chapter two as well as Gauthier’s (2011) 

parameters for goethite were incorporated in the model. Soil batch experiments were performed 

on the four soils to characterize the cations and to validate the model. The concentration of the 

Ca2+ and Mg2+ components were determined by a regression analysis of their concentrations in 

the soil batch extracts whereas the concentration of the Al3+ component in the system was 

assumed to be controlled by the dissolution of gibbsite. The models were verified by consulting 

the literature and checking the code for errors. 
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The SAMs predicted that a greater proportion of P was adsorbed to clay, rather than 

goethite, at an agriculturally-relevant pH range (5 to 7.5). The [P]ads to goethite only exceeded 

clay in the alkaline end of the Honeywood SAM. The models were validated by comparing their 

[P]soln predictions to the [P]soln in the soil batch extracts. The SAMs had poor [P]soln predictions, 

with model accuracy decreasing further at both acidic (pH < 5) and alkaline (pH > 7.5) pH. All 

the SAMs predicted that the minimum [P]soln would occur at near-neutral pH (around 5 to 7) with 

the [P]soln increasing both above and below this range. The accuracy of the models were 

particularly poor at acidic pH likely due to the questionable assumption that gibbsite controls the 

[Al] in the chemical system. Similarly, the model over-predicted the [P]soln at alkaline pH; this 

was likely due to P adsorbing on CaCO3(s) or Ca-P precipitates formation, both of which are not 

currently written into the model. 

 In the future, measures should be taken to improve model accuracy. Primarily, the 

assumption that gibbsite dissolution controls [Al] is not realistic as gibbsite is not typically found 

in southern Ontario soils. A more fitting assumption would be that [Al] is controlled by 

amorphous Al minerals, though stability constants for amorphous materials are not well-

established in the literature. Additionally, CaCO3(s) should be incorporated as an adsorbing 

surface as it could be an important P sink at high pH, particularly in calcareous soils. Finally, 

Ca-P precipitation should be considered as a mechanism of P removal from solution at high pH. 

Although the Honeywood and Bondhead-1 SAMs do not provide ideal predictions of [P]soln from 

pH 3 to 9, their predictions at an agriculturally-relevant pH range are satisfactory. The [P]soln 

predicted by the Bondhead-2 and Peel SAMs are poor. The SAMs will be applied in the 

development of a soil P sensitivity map in Chapter five. 
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CHAPTER FIVE 

Soil phosphorus sensitivity map development 

5.1 Introduction 

Non-point source P inputs to Lake Simcoe have been identified as a major cause of water 

quality decline (Carpenter et al. 1998; McDowell et al. 2010; Kleinman et al. 2011). There are 

various sources and pathways by which P can be lost from a field. Of particular concern is the 

export of soluble P in tile drain water in the non-growing season (Lam et al. 2016). Recently, 

SPTs have been used for environmental risk assessment but the suitability of these applications 

have not been fully established (Sharpley et al. 1996; Sharpley & Tunney 2000; Wang et al. 

2015). It is important to note that P only poses a real threat when there is both a source of P 

and a transport pathway. Therefore, it is desirable to recognise which soils have an inherent risk 

of P loss through surface and tile drainage water, particularly in areas where agriculture is 

widespread. The SAMs developed in Chapter four were successful at establishing a relationship 

between soil attributes and P adsorption capacity; in order to use the results of these models in 

decision-making, particularly at the field scale, the model output needs to be translated to the 

landscape. Linking these results to a landscape basis would allow for the incremental evaluation 

of each soils intrinsic P adsorption capacity in a select area. These soil P sensitivity maps can 

be used to better target ameliorative efforts or as a broad risk assessment tool.  

The remainder of this chapter covers the development of the soil P sensitivity map of the 

Maskinonge watershed. The Ontario legacy soil maps were used as the basis of the P 

sensitivity map and their limitations for this purpose are discussed in detail. The methods used 

to apply the soil chemical model to a landscape in the SEPA report are outlined and discussed. 

Additional soil samples were taken in the Maskinonge watershed in an attempt to ground-truth 

and update the soil legacy map. These samples were analyzed for texture, carbon (inorganic, 

organic and total), pH, extractable P, DCB extractable Fe and ammonium oxalate extractable Fe 

and Al. The legacy soil map was updated with field and laboratory information obtained from the 

additional soil samples. The inputs to the SAM for each soil series were defined and a soil P 

adsorption index was created. Results of the P sorption index ratings were applied to the 

updated soil maps and the soil P sensitivity map for the Maskinonge watershed is presented. 
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5.1.1 Ontario legacy soil survey maps 

The Soil Survey of York County and its associated soil map was used as the basis for the soil P 

sensitivity map of the Maskinonge watershed. Ontario’s legacy soil maps were produced well 

before the development of GIS and digital modelling that are common tools used today (Thuss 

2010). In fact, soil mapping in Canada began in the early 19th century as knowledge of soil 

science and soil classification concepts developed (AAFC 1998). The first soil maps made in 

Canada were rudimentary and based largely on surficial geology. However, between 1940 and 

1966 taxonomic classification of soils became an important area of research and in 1955, the 

first Canadian taxonomic system of soil classification was created (AAFC 1998). The soil 

mapping movement was based on the fundamental concept that soils can be classified based 

on their inherent properties rather than a basis on geology, climate or vegetation (AAFC 1998). 

As a result of an increasing knowledge of soil science and developments in technology, the 

classification system has progressed into a hierarchy of soil orders, great groups, subgroups, 

family and series. Soil series include all the differentiating conditions of the order, great group 

and subgroup and family; it is the most specific category in the taxonomic classification system 

and it is the category that is mapped in the soil survey of Ontario (AAFC 1998). 

The soil mapping that occurred between 1940 and 1980 involved describing and 

delineating soils based on direct field observations and soil sampling. Due to the expensive and 

labour-intensive nature of this process, inferences from other materials such as aerial 

photographs were also used to create soil maps. The task of mapping soils is inherently difficult 

because soils do not have explicit or obvious boundaries in nature (LRRI 1981). Additionally, the 

purpose or objective of the soil map dictated the intensity of the survey and the scale of soil 

mapping (LRRI 1981). Many of Ontario’s soil surveys were conducted prior to the release of the 

Canadian System of Soil Classification and thus the methods followed to create these maps are 

not consistent. Additionally, regardless of taxonomic system followed, it is still the responsibility 

of the soil surveyor to differentiate and delineate soil series. Due to the subjectivity of this 

practice, the attributes of a soil series that is mapped in more than one county may not be 

consistent in each survey.  

The original paper maps for each county were digitized with ‘rubbersheeting’ techniques 

meaning that a soil map from one county was distorted to allow it to seamlessly join adjacent 

counties (Thuss 2010). However, there are still inconsistencies in soil type along county 

boundaries in the Ontario legacy soil map. Additionally, this rubersheeting displaced soil 

polygons from their original positions; this phenomenon only became apparent when high-
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resolution digital elevation models (DEM) became available (Thuss 2010). No effort has been 

made to remedy these issues thus the spatial accuracy of the legacy soil maps need 

improvement (Thuss 2010). Despite these difficulties, Ontario’s legacy soil maps provide a 

wealth of descriptive information regarding the province’s soil series and are still used today to 

make management decisions.  

The legacy soil map of York County was published in 1955 by a joint effort between D. 

W. Hoffman (Canada Department of Agriculture) and N. R. Richards (Ontario Agricultural 

College) (Hoffman and Richards 1955). Though it provides a great deal of information on the 

soils found in this region, there are many limitations to its application in this study. As it 

preceded the Canadian System of Soil Classification, it followed the methodology of the United 

States Department of Agriculture soil maps and terminology that has since been updated. It was 

produced by hand, on paper at a scale of one inch to the mile, making it impossible to display 

soil variations at finer scales of less than twenty hectares (Hoffman and Richards 1955). 

Additionally, the soil survey was initiated to provide information on the productivity of soils for 

agriculture, which may have influenced the sample design (Hoffman and Richards 1955). The 

York County survey also does not outline the sampling design employed or locations of sample 

points and data collection, so it is unknown which soil polygons are ground-truthed. The 

development of geographic information systems has allowed for the digitization of soil polygon 

boundaries; this process may have resulted in the slight alterations of the boundary positions. 

Finally, the soil survey does not outline the methodology and/or sampling design followed to 

create the individual map units. Nonetheless, the Soil Survey of York County is the only soil 

map available for the study area and was therefore used as the base soil map of the 

Maskinonge watershed. 

 

 5.1.2 Scottish Environmental Protection Agency report methods 

This study was based on work done by Sinclair et al. (2012) for the SEPA. The authors 

developed a soil chemical model that describes the relationship between soil attributes and the 

potential for P leaching. The chemical model considers monodentate and bidentate P 

adsorption to amorphous Fe/Al oxides described with the CD-MUSIC SCM. It also includes 

cation complexes with organic matter, P aqueous speciation and precipitation as well as P 

competition with organic matter for adsorption sites. Ammonium oxalate extractable Fe and Al 

were used as proxies for the amount of amorphous Fe/Al oxide adsorbents, and the specific 
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surface areas of these minerals was assumed to be 600 m2 g-1 taken from Dzombak and Morel 

(1990). The chemical model was parameterized with values reported by Hiemstra et al. (2010) 

and Weng et al. (2012). 

Although there are inherent differences in the chemical model developed by Sinclair et 

al. (2012) and the SAM developed in this study, the methods used to apply the chemical model 

to a landscape outlined in the SEPA report were largely followed. Sinclair et al. (2012) first 

created a P sorption index based on model results for [P]soln at a single pH of 4.8. An arbitrary 

input of P ([P]added) was applied and the model output was examined to ensure that the modelled 

prediction of [P]soln was in the same order of magnitude as soluble P concentrations found in 

soils of Scotland. If the [P]added was too low then the model over-predicts adsorption whereas if 

the [P]added was too high then the model predicts unrealistically high [P]soln. This approach is not 

based on SPT values nor recommended application rates, but rather an arbitrary value based 

on model output. The model was applied to each of the 39 soil associations and the P sorption 

capacity of these soils were indexed according to the model output. This index was created by 

determining the average [P]added to each soil association needed to bring the modelled prediction 

of [P]soln to 50 µg L-1 at three pH values (4.8, 5.6 and 6.2). This [P]soln value was chosen as it is 

considered the maximum allowed in a river of ‘good’ status (Sinclair et al. 2012); rivers with 

higher [P]soln than 50 µg L-1 typically experience a decrease in water quality (Sinclair et al. 2012). 

High values of [P]added needed to bring modelled [P]soln to 50 µg L-1 indicated a high P adsorption 

capacity and conversely, low [P]added values indicated a low P sorption capacity (Sinclair et al. 

2012). The P sorption capacities of the soil associations were ranked from 1 to 5 with 1 being a 

very low P sorption capacity and 5 being very high. To extend the index to a national scale, the 

soil associations were grouped in 20 categories. Any association that did not have data directly 

related to it (was not directly sampled) was assigned the P sorption index rating of the 

association it is most similar to. The 20 categories each had a P sorption index value which 

were mapped based on the James Hutton Institute’s National Soil Map of Scotland (MISR 

1984).  

  

5.2 Materials and Methods 

 5.2.1 Soil sampling in the Maskinonge watershed 

Additional soil sampling was carried out in the Maskinonge watershed both in an attempt to 

ground-truth the legacy soil maps and to apply the SAMs to the landscape. The Soil Survey of 
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York County does not include any soil analysis information such as texture, extractable P, DCB 

extractable Fe or ammonium oxalate extractable Fe and Al; therefore, soil samples needed to 

be collected and laboratory analysis performed in order to obtain input parameters for the 

model. Sample locations were determined in consultation with Doug Aspinall (OMAFRA) and 

Stephen Mitchell (Soil Surveyor) by verifying the legacy map units as much as possible with the 

following steps: 

1. the field boundaries GIS layer, along with the roads and streams layer, was overlaid on 

the digitized legacy soil map using ArcGIS v10.3.1 (Esri), 

2. fields that were situated in the centre of soil polygons were identified; these fields were 

considered ideal as their locations avoid potential edge effects caused by displaced soil 

boundaries during the digitization of the paper maps, 

3. accessible fields were determined by contacting landowners and growers (contact 

information was provided by Doug Aspinall and Stephen Mitchell), 

4. communication/meetings with landowners and growers were set up to determine crop 

type in the fields and identify any fields that were not accessible, 

5. Once accessible fields were established (Figure 5.1), the landform facets raster was 

consulted to obtain a sample that was in a knoll and a depression. 

The landform facets raster was created with LandMapR© software (MacMillan 2003) and is 

shown in Figure 5.2. LandMapR© is GIS software that extracts landform facets from a DEM 

(MacMillan 2003). The DEM of the Maskinonge watershed is shown in Figure 5.3. It was 

created by mosaicking 9 x 9 km DEM tiles (with 2 km overlap) and is at a 5 x 5 m scale (Thuss 

2010). 

Ultimately, thirty-four additional soil samples were taken in the Maskinonge watershed 

(Figure 5.4). The soil samples that underwent laboratory analysis were taken with a spade to a 

depth of 15 cm (or the depth of the A horizon, if less than 15 cm) and locations were recorded 

with ArcPad (Esri) software. In addition, the soil profile in each location was sampled up to 100 

cm using an open-face hand auger to establish the soil series (Figure 5.5). The soil horizon 

boundaries were marked and described following methods outlined in the Field Manual for 

Describing Soils in Ontario (Ontario Centre for Soil Resource Evaluation 1993). Drops of HCl 

were applied to the soil profile from bottom (deepest horizon) to top (horizon closest to the 

surface) to test for the presence of carbonates and identify the depth and type of parent material 

(C, Ck horizon). The colour of the profile was assessed to determine the boundaries and depths 

of the other horizons (Ap, Ae, Bm, Bt). The depths to any mottles were noted along with mottle 
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colour and contrast; using this information a drainage class was assigned to the profile. The 

structure and presence of coarse fragments were recorded for the individual horizons whereas 

the slope and surface stoniness were documented for the area surrounding the sample location. 

The feel test was performed on the A horizon to get a general idea of soil texture. A small 

amount of soil from each horizon was collected and photos of the profile and surrounding 

landscape were taken for future reference. All samples were transported to the University of 

Guelph where they were air-dried; the A horizon soil samples (~15 cm depth) were then 

manually crushed, passed through a 2 mm Nalgene sieve and sent to the AFL at the University 

of Guelph to be analyzed for organic C, inorganic C, total C and texture. 
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Figure 5.1. Field boundaries (grey) and accessible fields (yellow) in the Maskinonge 
watershed. 
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Figure 5.2. LandMapR© landform facets raster of the Maskinonge watershed. 
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Figure 5.3. Digital elevation model of the Maskinonge watershed. 
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Figure 5.4. Additional sample locations and legacy soil map of the Maskinonge 
watershed. 
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Figure 5.5. Soil sampling process in the field; a) Dr. Les Evans and Stephen Mitchell 
recording profile descrptions; b) Doug Aspinall augering a soil profile; c) assessing 
mottle colour; d) example of a Tecumseth sandy loam soil profile. 

 

 5.2.2 Soil analysis 

The A horizon bulk soil samples were sent to the AFL at the University of Guelph and were 

analyzed for organic C, inorganic C, total C and texture. Total C was determined by burning the 

samples at 1350C in the presence of purified O2(g); the amount of CO2(g) produced was 

measured by infrared detection and was used to calculate total C in the sample (Nelson and 

Sommers 1996). Inorganic C was determined by ashing the sample at 475C prior to burning 

the samples in an induction furnace. Organic C was determined by subtracting inorganic C from 

the total C measured. Organic matter (%) was calculated by multiplying the organic carbon (%) 

by 1.72 (Waksman and Stevens 1930). Texture was determined using the pipette method based 

on Stokes Law of sedimentation (Sheldrick and Wang 1993). The soil samples also underwent 

supplementary analyses including pH, extractable P, DCB extractable Fe and ammonium 

oxalate extractable Fe and Al. 

Soil pH was measured in a 2:1 soil to CaCl2 ratio matrix, and performed in duplicate for 

each soil (Hendershot et al. 1993). For each sample, 10 g of soil was weighed into a 50 mL 

disposable Dixie cup to which 20 mL of 0.01 M CaCl2 was added. The cups were thoroughly 
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mixed for 60 seconds then stirred intermittently for the next 30 minutes. The suspensions were 

then left to settle for an additional 30 minutes. The pH electrode was placed into the supernatant 

and the pH was recorded once the value remained constant. 

Extractable P was determined using the NaHCO3 extractable P method, also known as 

Olsen-P (Olsen and Sommers 1982). Extractable P was determined in duplicate. For each 

sample, 2.5 g of soil was placed in a 125 mL Erlenmeyer flask to which 50 mL of 0.5 M NaHCO3 

was added. The flasks were sealed with Parafilm M and shaken on a reciprocating shaker for 

30 minutes at 110 rpm and 25C. The contents of each flask was decanted into a 10 mL 

disposable syringe and passed through a 0.22 µm nylon filter membrane and into a 15 mL 

conical-bottom polypropylene centrifuge tube. Following the molybdenum blue method, drops of 

6.0 M HCl were added to each tube until the pH of the solution reached 3. This was done to 

remove CO2 gas from the tubes before they were analyzed by the AutoAnalyzer. After every 2-3 

drops of HCl, the tubes were capped and shaken by hand then opened to release any CO2 gas 

build up. The concentrations of [P]soln were measured colourimetrically by Murphy and Riley’s 

(1962) molybdenum blue method using an AutoAnalyzer. 

DCB extractable Fe experiments were performed on each soil sample to determine the 

amount of crystalline and amorphous Fe oxides present in the soil. These experiments were 

performed in duplicate following the same methodology reported in section 4.3.1 and [Fe]soln  

were analyzed by FAAS. Ammonium oxalate extractable Fe and Al experiments were performed 

on each soil sample to determine the amounts of amorphous Fe and Al oxides present in the 

soil. These experiments were performed in duplicate following the same methodology reported 

in section 4.3.2 and [Fe]soln and [Al]soln concentrations were analyzed by ICP-OES. The amount 

of crystalline Fe oxides present in the soil was calculated by subtracting the ammonium oxalate 

extractable Fe from the DCB extractable Fe. The amount of crystalline Fe oxides were used in 

the SAMs as a proxy for the amount of goethite in the soil. 

 

5.3 Results and discussion 

5.3.1. Updating the legacy soil map 

The original field sampling strategy was to obtain and analyze one soil sample for every soil 

series mapped in the Maskinonge watershed; the results from the analysis for this sample could 

be extrapolated to other polygons of the same soil series. However, not every polygon was 
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sampled due to land access restrictions. Also, the characteristics of the soils that were sampled 

rarely matched the soil series mapped in the legacy soil maps. Therefore, in order to update the 

legacy soil map for use in this study, the thirty-four additional soil samples were classified as a 

soil series based on their attributes from field observations, laboratory analysis and landscape 

position. The steps followed in this assignment process are outlined in Figure 5.6. 

The soil profile characteristics of each sample (section 5.2.1), were compared to those 

reported for soil series in the Soil Survey of York County. If the characteristics were validated 

then a tentative soil series was assigned to the sample until further analysis. If the profile 

characteristics did not match any descriptions of soils in York County, then any unusual or 

defining features were noted for further assessment. Results of the laboratory analysis (section 

5.3.2) were used either to corroborate these findings, or to aid in the assignment of a soil series 

to samples that did not match soil series described in the Soil Survey of York County. The 

texture identified in the field using the feel test was compared to the texture determined by 

laboratory analysis; if there was a discrepancy between these, the laboratory-determined 

textural class was taken to be the true texture of the soil. Inorganic carbon content was also 

used to verify findings of eroded and depositional phases of a particular soil. 

 After profile comparisons and laboratory assessments were made, the final step in the 

assignment process was to compare each sample to the terrain position it was taken from. This 

was performed using ArcGIS v10.3.1 and Global Mapper v10.02 (Blue Marble Geographics). 

Global Mapper was used for landscape terrain analysis as it contains a full-range 3D viewer 

feature. The profile and laboratory characteristics of the sample were compared to the DEM of 

the Maskinonge watershed with the LandMapR© landform facets and soil polygons as an 

overlay in the 3D viewer of Global Mapper (Figure 5.7). If the characteristics expected of a soil 

in a particular landscape position corresponded with the sample’s tentative soil series then the 

soil series assignment was deemed appropriate and the polygon was classified. These steps 

were followed to assign a soil series to each of the thirty-four soil samples. The user-defined 

inputs determined for each of the thirty-four samples was extrapolated to polygons of the same 

soil series if the polygon was not sampled directly. 

In order to run the SAMs for the entirety of the Maskinonge watershed, the legacy soil 

map was updated. The polygons that were not sampled were assessed for landscape position 

using the 3D viewer of Global Mapper with the DEM, LandMapR© landform facets and surficial 

geology layers. Attributes such as slope type and elevation (depressions and ridges) were 

compared to the catena and soil series description in the Soil Survey of York County. If the 
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polygon’s soil series was not substantiated with the landscape attributes then one of three 

changes were made: the polygon was renamed to a more appropriate soil series (polygon 

boundaries remain unchanged), the polygon boundaries were merged with adjacent soil 

polygons of similar landscape position, or the polygon was deleted entirely. The latter scenario 

only occurred for small soil polygons that seemed to be arbitrarily drawn with no topographical 

basis supporting their existence. The updated soil map based off of the legacy soil map is 

shown in Figure 5.8. Natural cover includes all wetlands, rivers, woodlots and muck soil that did 

not have agricultural production occurring on it. These natural cover features are not included in 

the soil P sensitivity map as the model output is only relevant for agricultural soil in the 

watershed. Therefore these natural features were excluded from the updated soil map for the 

purposes of this study. The updated soil map (without natural cover) that was used as the basis 

for the soil P sensitivity map is shown in Figure 5.9. A complete list of the GIS layers used to 

update the legacy soil map is outlined in Table 5.1. 
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Figure 5.6. Flow chart of steps to classify the thirty-four soil samples to a soil series. 
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Figure 5.7. The 3D viewer in Global Mapper with the LandMapR© landform facets raster 
overlaid on the DEM; a) bird’s-eye view of the entire Maskinonge watershed; b) bird’s-eye 
view of the southern half of the Maskinonge watershed; c) 3D view of the southern half of 
the watershed looking north; d) 3D view of the southern half of the watershed looking 
east; e) 3D view of the southern half of the watershed looking south; f) 3D view of the 
southern half of the watershed looking west. 



 
 

134 
 

 
Figure 5.8. Updated soil map of the Maskinonge watershed including natural cover 
features (wetlands, rivers, woodlots and muck soils). 
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Figure 5.9. Updated soil map of the Maskinonge watershed without natural cover 
features. 
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Table 5.1. Description and sources of the GIS layers used in the development of the soil 
P sensitivity map. 

GIS layer Description Source* 

Agricultural operations 
inventory 

Agricultural field boundaries, ditches, 
farmsteads and fencerows OMAFRA 

Agricultural resource 
inventory 

Agricultural land use and drainage 
system information OMAFRA 

DEM 3D representation of terrain surface 
Doug Aspinall 

(OMAFRA) 
Maskinonge watershed 
boundary Boundary of the Maskinonge watershed 

Doug Aspinall 
(OMAFRA) 

High quality natural 
cover 

Woodlands (plantations and hedgerows), 
wetlands and other rare vegetative cover OMNR 

Road network 
Municipal roads, provincial highways and 
resource and recreation roads OMNR 

Soil survey complex 
Digitized soil polygons from the Soil 
Survey of York County OMAFRA 

Surficial geology 
Distribution and characteristics of 
quaternary surficial geology deposits OMNDMF 

Enhanced watercourse 
dataset Stream network OMNR 

Orthophotos 
Digital aerial photography at 30 cm 
resolution OMAFRA 

LandMapR Topographical landform classification  
MacMillan 

(2003) 
* OMAFRA, Ontario Ministry of Agriculture, Food and Rural Affairs; OMNR, Ontario Ministry of Natural 
Resources; OMNDMF, Ontario Ministry of Northern Development, Mines and Forestry 

 

5.3.2 Soil analysis 

The assigned soil series and textures of the thirty-four samples are reported in Table 5.2 and 

plotted on the textural triangle in Figure 5.10. The majority of the samples contain less than 30% 

clay, giving them either sandy loam, loamy sand, loam or silt loam textural class designations. 

Only three samples have more than 30% clay, with sample 33 (Malton clay) and 34 (Peel clay) 

both having the highest clay content at 44.9%. Sample 10 (Tecumseth silt loam) contained the 

highest amount of silt at 63.4% whereas sample 31 (Granby sandy loam) has the highest sand 

content at 82.3%. 

The chemical characteristics and results of the laboratory analysis is reported in Table 

5.3. The pH value for all soils are slightly higher than what is expected for calcareous soils in 

southern Ontario; it is likely that the pH electrode was placed too deep into the sediment of the 

Dixie cups, not the clear supernatant, which would result in an overestimation of soil pH. The 

true pH of the soils are likely 0.2 units lower than what is reported. Sample 11 is a muck soil 
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taken from a wetland and thus has the highest total, inorganic and organic carbon content and 

thus the highest organic matter content. Of the mineral soils, sample 14 (Schomberg silt loam) 

has the highest total carbon at 5.21%, sample 32 (Otonabee loam) has the highest inorganic 

carbon content at 1.79% and sample 33 (Malton clay) has the highest organic carbon content 

and therefore organic matter content at 3.93% and 6.76% respectively. The highest NaHCO3 

extractable P measured is 145.0 mg kg-1 in sample 22. It is very likely that this field, as well as a 

few others (sample 3, 28 and 31), had recent P application at the time of sampling. The highest 

DCB extractable Fe and ammonium oxalate extractable Fe were also found in the muck soil but 

of the mineral soils, sample 25 (Tecumseth sandy loam) had the highest values of 21.18 g kg-1 

and 0.71 g kg-1 respectively. Finally, sample 33 (Malton clay) had the highest ammonium 

oxalate extractable Al at 0.54 g kg-1. 
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Table 5.2. Mapped soil series and texture of the additional soil samples taken in the 
Maskinonge watershed. 

Sample 
No. Soil Series %Sand %Silt %Clay 

Drainage 
class* 

1 Simcoe very fine sandy loam 64.2 26.4 9.4 Pr 

2 Simcoe very fine sandy loam 69.2 23.1 7.7 Pr 

3 Granby sandy loam 66.7 21.7 11.7 Pr 

4 Granby sandy loam 68.3 20.3 11.4 Pr 

5 Granby sandy loam 51.1 33.4 15.4 Pr 

6 Otonabee loam, eroded 33.3 42.8 23.9 W 

7 Otonabee loam, depositional 48.1 37.1 14.8 W 

8 Granby sandy loam 69.1 19.8 11.2 Pr 

9 Tecumseth silt loam 26.9 56.7 16.4 I 

10 Tecumseth silt loam 21.2 63.4 15.4 I 

11 Muck 33.9 38.7 27.4 VP 

12 Simcoe loam 51.5 31.5 17.0 Pr 

13 Simcoe clay loam 41.6 28.8 29.6 I 

14 Schomberg silt loam 23.9 53.6 22.5 W/MW 

15 Smithfield silt loam 21.0 60.8 18.2 I 

16 Smithfield silt loam 27.6 54.7 17.7 MW 

17 Bondhead loam 35.7 51.8 12.5 W 

18 Bondhead loam 43.1 46.0 10.9 W 

19 Granby sandy loam, depositional 32.8 50.2 17.0 Pr 

20 Bondhead silt loam, degraded 27.8 53.3 18.9 MW/I 

21 
ab3PM 40.4 46.8 12.8 W 

22 
abBeach environment 46.4 41.3 12.3 W 

23 
acBeach environment, degraded 48.4 41.3 10.3 W 

24 Berrien sandy loam, degraded 44.2 38.4 17.5 I 

25 Tecumseth sandy loam 67.5 21.1 11.4 I/Pr 

26 Berrien sandy loam 64.6 25.0 10.4 I 

27 Monoghan clay 18.9 40.5 40.5 I 

28 
a 37.4 42.3 20.3 W 

29 Berrien sandy loam 74.9 16.8 8.4 I 

30 Bondhead loam, degraded 43.1 38.5 18.4 W 

31 Granby sandy loam 82.3 9.6 8.0 Pr 

32 Otonabee loam 35.4 43.3 21.2 W 

33 Malton clay 12.7 42.4 44.9 Pr 

34 Peel clay 13.4 41.6 44.9 MW/I 
* W, well drained; MW, moderately well drained; I, imperfectly drained; Pr, poorly drained; VP, very poorly 
drained 
a Sample did not match any soil series description 
b 3PM, three parent material: glaciolacustrine sand, clay and till 
c beach environment; rounded gravel in till and well-sorted material overlain with lacustrine clay 
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Figure 5.10. Additional soil samples plotted on the textural triangle. 
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Table 5.3. Chemical characteristics of the additional soil samples. 

Sample 
No. pH 

aTC 
(% dry) 

bIC 
(% dry) 

cOC 
(% dry) 

dOM 
(%) 

eEx. P 
(mg kg-1) 

[Fe]DCB 
(g kg-1) 

[Fe]NH4-ox 
(g kg-1) 

[Fe]crystalline 
(g kg-1) 

[Al]NH4-ox 
(g kg-1) 

1 7.50 0.92 0.00 0.92 1.58 60.2 13.80 0.34 13.46 0.16 

2 5.80 1.28 0.00 1.28 2.20 54.0 11.72 0.33 11.39 0.17 

3 7.38 2.69 1.30 1.39 2.39 83.0 7.78 0.16 7.63 0.10 

4 7.48 2.34 0.56 1.78 3.06 59.4 7.04 0.18 6.86 0.14 

5 7.66 1.95 0.61 1.34 2.30 42.8 8.41 0.20 8.21 0.16 

6 7.84 2.69 0.67 2.02 3.47 28.0 11.21 0.47 10.74 0.34 

7 7.84 3.07 1.43 1.64 2.82 24.8 8.55 0.27 8.27 0.21 

8 7.81 2.09 0.53 1.56 2.68 27.0 11.68 0.33 11.36 0.20 

9 7.83 2.66 1.16 1.50 2.58 10.0 15.36 0.45 14.90 0.27 

10 7.80 2.82 1.42 1.40 2.41 9.2 16.34 0.45 15.88 0.28 

11 7.50 18.80 2.87 15.90 27.35 29.4 38.56 0.92 37.64 0.15 

12 7.78 3.10 1.11 1.99 3.42 25.6 9.72 0.25 9.47 0.15 

13 7.78 5.21 1.39 3.82 6.57 18.6 12.32 0.39 11.94 0.28 

14 7.75 1.84 0.15 1.69 2.91 18.8 12.75 0.56 12.19 0.30 

15 7.80 2.18 0.71 1.47 2.53 20.2 9.18 0.31 8.86 0.22 

16 7.79 1.58 0.44 1.14 1.96 11.6 8.40 0.31 8.08 0.20 

17 7.72 1.86 0.32 1.54 2.65 55.0 13.40 0.49 12.92 0.24 

18 7.76 1.80 0.86 0.94 1.62 37.4 10.62 0.33 10.29 0.21 

19 7.77 1.99 0.48 1.51 2.60 26.2 13.56 0.46 13.10 0.25 

20 7.81 2.17 0.33 1.84 3.16 14.6 10.48 0.48 10.00 0.30 

21 7.84 1.39 0.34 1.05 1.81 20.2 10.85 0.45 10.39 0.24 

22 7.87 1.59 0.32 1.27 2.18 145.0 11.52 0.43 11.09 0.22 

23 7.88 1.33 0.32 1.02 1.75 15.0 11.35 0.34 11.01 0.18 
a TC, total carbon 
b IC, inorganic carbon 
c OC, organic carbon 
d OM, organic matter (1.72 x OC) 
e Ex. P, NaHCO3 extractable phosphorus 
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Table 5.3 (continued). Chemical characteristics of the additional soil samples. 

Sample 
No. pH 

aTC 
(% dry) 

bIC 
(% dry) 

cOC 
(% dry) 

dOM 
(%) 

eEx. P 
(mg kg-1) 

[Fe]DCB 
(g kg-1) 

[Fe]NH4-ox 
(g kg-1) 

[Fe]crystalline 
(g kg-1) 

[Al]NH4-ox 
(g kg-1) 

24 7.82 1.71 0.20 1.51 2.60 16.0 13.62 0.41 13.21 0.25 

25 6.91 3.65 0.00 3.65 6.28 7.4 21.18 0.71 20.47 0.30 

26 7.72 1.43 0.00 1.43 2.46 15.8 11.29 0.35 10.94 0.23 

27 7.83 3.40 0.43 2.97 5.11 21.2 11.75 0.56 11.19 0.47 

28 7.66 3.27 1.15 2.12 3.65 97.2 12.80 0.43 12.36 0.20 

29 7.74 1.28 0.00 1.28 2.20 16.8 13.36 0.32 13.04 0.27 

30 7.78 2.06 0.53 1.53 2.63 12.2 10.47 0.43 10.04 0.24 

31 7.86 1.31 0.26 1.05 1.81 70.4 8.41 0.20 8.21 0.12 

32 7.81 2.77 1.79 0.98 1.69 15.2 10.64 0.37 10.27 0.27 

33 7.76 4.19 0.26 3.93 6.76 28.4 13.89 0.39 13.51 0.54 

34 7.78 3.75 0.15 3.60 6.19 6.0 12.72 0.63 12.09 0.53 
a TC, total carbon 
b IC, inorganic carbon 
c OC, organic carbon 
d OM, organic matter (1.72 x OC) 
e Ex. P, NaHCO3 extractable phosphorus 
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5.4 Soil phosphorus sensitivity map development 

In order to translate the SAMs to the landscape of the Maskinonge watershed, user-defined 

inputs and pH were needed for each soil series in the updated map. However, even after the 

thirty-four additional samples were classified there were still soil series in the updated map that 

were not sampled and thus had no laboratory analysis associated with them. To obtain 

additional input data, the soil surveys of surrounding counties that include DCB extractable Fe, 

ammonium oxalate extractable Fe and ammonium oxalate extractable Al were consulted (Table 

5.4); though, the values of [Fe]NH4-ox are not adequate for use in the model because they are not 

consistent with values obtained in this study. This is likely due to differences in extraction 

methodology as some of the soil surveys do not give reference to the methodology or analytical 

equipment used. Therefore, only the [Fe]DCB values will be input to the model as a proxy for the 

amount of goethite in the soil. Input data for soil series that were either not sampled or not 

reported in soil surveys of other counties was inferred existing sample data, as was done in 

Sinclair et al. (2012). If the same soil series was assigned to more than one sample (e.g. 

Granby sandy loam), then the average of the inputs values for these samples were used. If the 

soil series was not directly sampled then the percent clay content of each textural class was 

averaged; these values were used as the % clay input for unsampled soil series. Similarly, the 

[Fe]DCB and [Fe]NH4-ox of each drainage class were averaged and used to calculate [Fe]crystalline for 

unsampled soil series. Although pH is not a user-defined input, it is still needed to create the P 

sensitivity index. Thus the pH from soil series that did not have samples associated with them 

were taken from the pH of the A horizon reported in the Soil Survey of York County. The user-

defined input values and pH for the soil series mapped in the Maskinonge watershed are 

reported in Table 5.5. 
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Table 5.4. Chemical analysis of some soil series from soil reports of other counties. 

Report Series 
[Fe]DCB 
(g kg-1) 

[Fe]NH4-ox 
(g kg-1) 

[Al]NH4-ox 
(g kg-1) 

Soils of Northumberland County 
(Hoffman and Acton 1974) 

Bondhead - 15.4 - 

Brighton - 4.5 - 

Granby - 12.3 - 

Tecumseth - 5.9 - 

Soils of Peterborough County 
(Gillespie and Acton 1981) 

Bondhead 6.7 3.5 1.5 

Otonabee 8.5 2.9 1.5 

Soil Survey of Russel and Prescott Counties 
(Wicklund and Richards 1962) Rubicon 13.8 0.8 - 

Soil Survey of Simcoe County 
(Hoffman et al. 1962) Tioga 29.0 - 117.0 

Soils of Waterloo County 
(Presant and Wicklund 1971) 

Bookton 5.4 2.8 1.7 

Granby 15.9 - 2.5 
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Table 5.5. User-defined input values and origin of data for the soil series of the updated soil map. 

Soil series pH 
% 

clay 
Origin of 
% clay data 

[Fe]DCB 

(g kg-1) 
[Fe]NH4-ox 

(g kg-1) 
[Fe]crystalline 

(g kg-1) Origin of [Fe] data 

Bondhead loam 7.8 13.9 
Average of samples  
17, 18, 30 11.5 0.42 11.1 

Average of samples 
17, 18, 30 

Bondhead sandy loam 6.8 10.2 

aAverage of sandy 
loams 6.7 - 6.7 

Soils of Peterborough 
County 

Bookton sandy loam 6.6 10.2 

aAverage of sandy 
loams 5.4 - 5.4 Soils of Waterloo County 

Brighton sandy loam 7.0 10.2 

aAverage of sandy 
loams 11.3 0.42 10.9 

dAverage of well drained 
samples 

Emily loam 7.4 15.6 bAverage of loams 13.8 0.44 13.4 

eAverage of imperfectly 
drained samples 

Granby sandy loam 7.7 12.5 
Average of samples  
3, 4, 5, 8, 19, 31 9.5 0.26 9.2 

Average of samples 
3, 4, 5, 8, 19, 31  

Guerin loam 7.0 15.6 bAverage of loams 13.8 0.44 13.4 

eAverage of imperfectly 
drained samples 

Lyons loam 6.8 15.6 bAverage of loams 11.6 0.32 11.2 

fAverage of poorly drained 
samples 

Otonabee loam 7.8 20.0 
Average of samples 
6, 7, 32 10.1 0.37 9.8 

Average of samples  
6, 7, 32 

Otonabee sandy loam 7.2 10.2 

aAverage of sandy 
loams 8.5 - 8.5 

Soils of Peterborough 
County 

Peel clay 7.8 44.9 Sample 34 12.7 0.63 12.1 Sample 34 

Rubicon sandy loam 5.8 10.2 

aAverage of sandy 
loams 13.8 - 13.8 

Soil Survey of Russell and 
Prescott Counties 

Sargent sandy loam 7.2 10.2 

aAverage of sandy 
loams 11.3 0.42 10.9 

dAverage of well drained 
samples 

Schomberg clay loam 6.8 29.6 Sample 13 11.3 0.42 10.9 

dAverage of well drained 
samples 

a Sandy loam samples used in average % clay: 1, 2, 3, 4, 8, 25, 26, 29 
b Loam samples used in average % clay: 5, 6, 7, 12, 18, 21, 22, 23, 24, 28, 30, 32 
c Silt loam samples used in average % clay: 9, 10, 14, 15, 16, 17, 19, 20 
d Well drained samples used in average [Fe]DCB and [Fe]NH4-ox: 6, 7, 17, 18, 21, 22, 23, 28, 30, 32 
e Imperfectly drained samples used in average [Fe]DCB and [Fe]NH4-ox: 9, 10, 13, 15, 24, 25, 26, 27, 29 
f Poorly drained samples used in average [Fe]DCB and [Fe]NH4-ox: 1, 2, 3, 4, 5, 8, 12, 19, 25, 31, 33 
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Table 5.5 (continued). User-defined input values and origin of data for the soil series of the updated soil map. 

Soil series pH 
% 

clay Origin of data 
[Fe]DCB 

(g kg-1) 
[Fe]NH4-ox 

(g kg-1) 
[Fe]crystalline 

(g kg-1) Origin of data 

Simcoe clay loam 7.8 29.6 Sample 13 12.3 0.39 11.9 Sample 13 

Simcoe silt loam 7.2 17.3 cAverage of silt loams 11.6 0.32 11.2 

fAverage of poorly 
drained samples 

Simcoe v.f. sandy loam 6.7 8.6 
Average of samples 1, 
2 12.8 0.34 12.4 Average of samples 1, 2 

Smithfield silt loam 7.8 18.0 
Average of samples 
15, 16 8.8 0.31 8.5 

Average of samples  
15, 16 

Tecumseth sandy loam 6.9 11.4 Sample 25 21.2 0.71 20.5 Sample 25 

Tioga sandy loam 5.0 10.2 

aAverage of sandy 
loams 29.0 - 29.0 

Soil Survey of Simcoe 
County 

a Sandy loam samples used in average % clay: 1, 2, 3, 4, 8, 25, 26, 29 
b Loam samples used in average % clay: 5, 6, 7, 12, 18, 21, 22, 23, 24, 28, 30, 32 
c Silt loam samples used in average % clay: 9, 10, 14, 15, 16, 17, 19, 20 
d Well drained samples used in average [Fe]DCB and [Fe]NH4-ox: 6, 7, 17, 18, 21, 22, 23, 28, 30, 32 
e Imperfectly drained samples used in average [Fe]DCB and [Fe]NH4-ox: 9, 10, 13, 15, 24, 25, 26, 27, 29 
f Poorly drained samples used in average [Fe]DCB and [Fe]NH4-ox: 1, 2, 3, 4, 5, 8, 12, 19, 25, 31, 33   
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Although there were four SAMs created for the Maskinonge watershed, only three were 

used to develop the soil P sensitivity map. The Bondhead-2 SAM was not used for this purpose 

because of its poor predictions of [P]soln (section 4.3.5). Due to the close proximity of the soil 

samples taken to develop the Bondhead-1 and Bondhead-2 SAMs, the model parameters were 

very similar. Additionally, since the validation of the Bondhead-1 SAM provided a greater level 

of confidence in the model output, it was chosen for use in the soil P sensitivity map 

development. The texture of the soil series dictated which SAM would be used to model [P]soln. 

For soil series that had samples directly associated with them then the following general rules 

applied: the Honeywood SAM was used for soil series that had ≥ 40% silt, the Bondhead-1 SAM 

was used for soils with ≥ 40 % sand and the Peel SAM was used for soils with ≥ 27.5 % clay. 

Although the textures of some soil series fall into more than one category, they were logically 

assigned to an SAM based on their placement on the soil textural triangle. If soil series did not 

have soil samples directly associated with them then the average % sand, silt and clay were 

determined from soil samples with the same textural class (as was done in Table 5.4 for the % 

clay input) and the choice of an SAM was based off these values. The SAM used for each soil 

series is outlined in Table 5.6 to 5.7. 

The model also requires an input of the amount of P added to the chemical system. 

Unlike Sinclair et al. (2012) who chose an arbitrary value, to showcase the soil P sensitivity map 

in this study the [P]added was estimated from the recommended phosphorus pentoxide (P2O5) 

application rates for field corn (OMAFRA 2009). Two P application rates were chosen to use in 

the map: 110 kg P2O5 ha-1 and 70 kg P2O5 ha-1 (OMAFRA 2009). The [P]added was calculated 

with equation [5.1], assuming that 100% of the P2O5 added is completely soluble: 

2 5

2 5
added

P O P

[P O ](1000)P
[P]

Mm

Mm Vw Mm

 
  
 
 

 [5.1] 

where [P]added is the concentration of P added to the chemical system (mol L-1), MmP is the 

molar mass of P (g mol-1), MmP2O5 is the molar mass of P2O5 (g mol-1), [P2O5] is the 

recommended application rate of P2O5 (kg ha-1) and Vw is the estimated volume of water in a 

hectare furrow slice of loam soil at field capacity (28%) assuming a bulk density of 1.33 g cm-3 

and a particle density of 2.65 g cm-3. These [P]added values are arbitrary and can be adjusted 

based on use preference. To create an index of P adsorption, the model was run using the input 

values for each soil series at the two application rates. Of the total [P]added, the percent of P 

adsorbed to clay minerals and goethite (% Pads), and the percent P in solution (% Psoln) was 
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recorded for three pH values as was done in Sinclair et al (2012). Instead of randomly selecting 

three values, the pH of the soil samples were used as a guide. If a soil series had a sample 

associated with it then the pH of the soil sample was selected as one value; the other two pH 

values chosen were 0.2 pH units above the pH of the soil and 0.2 pH units below (soil pH ± 0.2). 

For example, the pH of Bondhead loam is 7.8, therefore the three pH values at which the model 

output was examined were 7.6, 7.8 and 8.0. The average of the % Pads and % Psoln for the three 

pH values was used to create the P adsorption index. 

These values were used to rank the soil series into a P adsorption index of five 

categories, with 1 being a low P adsorption capacity and 5 being high. The cut-off criteria for 

each category changed depending on the total [P]added, since this input influences the % Pads. 

The risk of soluble P loss can be inferred from these results based on the inverse relationship 

between P adsorption and risk of P loss; a soil with a high P adsorption capacity would have an 

inherently low risk of soluble P loss, and a soil with a low P adsorption capacity would have a 

high risk. The P adsorption index was applied to the soil series to create a soil P sensitivity map 

for the two application rates ([P]added). The average % Pads, % Psoln and P adsorption index 

ratings for each application rate are reported in Table 5.6 and 5.7. The soil P sensitivity maps 

for each application rate are shown in Figure 5.11 to 5.12. 
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Table 5.6. The P adsorption index for the P application rate of 110 kg ha-1. 

Soil series SAM* % Pads % Psoln 
P adsorption 

index 

Bondhead loam Honeywood 46.3 53.7 1 

Otonabee sandy loam Bondhead-1 47.3 52.7 1 

Bookton sandy loam Bondhead-1 48.0 52.0 1 

Bondhead sandy loam Bondhead-1 48.6 51.4 1 

Granby sandy loam Bondhead-1 49.8 50.2 1 

Smithfield silt loam Honeywood 50.3 49.7 2 

Sargent sandy loam Bondhead-1 51.0 49.0 2 

Simcoe very fine sandy loam Bondhead-1 53.3 46.7 2 

Brighton sandy loam Bondhead-1 53.5 46.5 2 

Otonabee loam Honeywood 55.3 44.7 2 

Rubicon sandy loam Bondhead-1 65.3 34.7 3 

Simcoe silt loam Honeywood 65.8 34.2 3 

Emily loam Bondhead-1 66.1 33.9 3 

Simcoe clay loam Peel 67.3 32.7 3 

Tecumseth sandy loam Bondhead-1 70.9 29.1 4 

Lyons loam Bondhead-1 71.5 28.5 4 

Guerin loam Bondhead-1 71.9 28.1 4 

Tioga sandy loam Bondhead-1 81.1 18.9 5 

Schomberg clay loam Peel 83.1 16.9 5 

Peel clay Peel 84.4 15.6 5 
* SAM, the soil assemblage model used to create the P adsorption index for each soil series 
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Table 5.7. The P adsorption index for the application rate of 70 kg ha-1. 

Soil series SAM % Pads % Psoln 
P adsorption 

index 

Bondhead loam Honeywood 62.9 37.1 1 

Smithfield silt loam Honeywood 66.8 33.2 2 

Otonabee sandy loam Bondhead-1 67.5 32.5 2 

Bookton sandy loam Bondhead-1 68.5 31.5 2 

Bondhead sandy loam Bondhead-1 69.0 31.0 2 

Granby sandy loam Bondhead-1 71.8 28.2 3 

Otonabee loam Honeywood 72.2 27.8 3 

Sargent sandy loam Bondhead-1 72.3 27.7 3 

Simcoe very fine sandy loam Bondhead-1 74.5 25.5 3 

Brighton sandy loam Bondhead-1 74.9 25.1 3 

Simcoe silt loam Honeywood 86.1 13.9 4 

Rubicon sandy loam Bondhead-1 87.1 12.9 4 

Simcoe clay loam Peel 87.6 12.4 4 

Emily loam Bondhead-1 89.8 10.2 4 

Tecumseth sandy loam Bondhead-1 92.2 7.8 5 

Guerin loam Bondhead-1 93.2 6.8 5 

Lyons loam Bondhead-1 93.9 6.1 5 

Tioga sandy loam Bondhead-1 95.7 4.3 5 

Schomberg clay loam Peel 97.2 2.8 5 

Peel clay Peel 97.3 2.7 5 
* SAM, the soil assemblage model used to create the P adsorption index for each soil series 
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Figure 5.11. The soil P sensitivity map for a P application rate of 110 kg ha-1. 
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Figure 5.12. The soil P sensitivity map for a P application rate of 70 kg ha-1. 



 
 

152 
 

 

The value of [P]added is arbitrary and, as can be seen in Table 5.6 and 5.7, influences the 

absolute value of the % Pads in a soil. However, regardless of absolute value the soil series were 

indexed relatively the same in all three application rates. This supports the use of [P]added as a 

user-defined input that can be adjusted based on model application or user preferences. 

However, a more reliable method of calculating [P]added should be determined as the calculation 

used in this study does not consider the current P loading of a soil or relate the [P]soln to any 

environmentally relevant criteria. 

For both application rates, Bondhead loam has the lowest P adsorption index rating and 

Peel clay had the highest. Generally, soils with high % clay and high [Fe]crystalline have higher 

adsorption capacities and thus a lesser inherent risk of soluble P loss. In the soil P sensitivity 

map of the higher application rate, a higher proportion of land in the watershed has a low P 

adsorption rating and therefore a high risk of soluble P loss relative to P input. This occurs in the 

sandier soils that surround the Maskinonge river. In the map of the lower P application rate, the 

majority of land area has a moderate to high P adsorption capacity with the majority of soils with 

low P adsorption situated in the southern part of the watershed. These maps can be used for 

broad-scale environmental risk assessment of soluble P loss in the Maskinonge watershed. 

 

5.5 Conclusions 

This chapter covered the development of a soil P sensitivity map for the Maskinonge watershed. 

The map was based on the soil boundaries of the legacy soil map following similar process as 

Sinclair et al. (2012). Thirty-four additional soil samples were taken in the Maskinonge 

watershed both in an attempt to ground-truth the legacy soil maps, and to apply the SAMs on a 

landscape basis. The samples underwent laboratory analysis of texture, carbon content, pH, 

extractable P, DCB extractable Fe and ammonium oxalate extractable Fe and Al. Using this 

information as well as field observations, each soil sample was classified as a particular soil 

series. The legacy soil map was updated as much as possible using field and laboratory data. 

User-defined inputs from each of the soil samples identified were input to the SAMs. Information 

for soil polygons that were not samples was aggregated from a variety of sources. The SAMs 

were run for the input data of a particular soil series and predicted the concentration of soluble P 

as well as P adsorption to clay minerals and goethite. The model predictions were the basis of a 

P adsorption index that establishes a relationship between a soil’s attributes and its ability to 

retain P; the index was translated directly to a landscape basis using the digitized soil legacy 
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map. The model input of [P]added was found to be arbitrary, thus two application rates were 

chosen to showcase the soil P sensitivity map. The map shows that generally, soils with high 

sand content have a higher risk of soluble P export and soils with a high clay content have high 

adsorption capacities and thus a lower risk of P loss. Although the map developed in this study 

provides a baseline risk of soluble P loss at the soil polygon level, the SAMs can be applied to a 

more detailed level provided that input data is known at the scale of interest. The soil P 

sensitivity map of the Maskinonge watershed can be used to identify critical soils that are 

particularly sensitive to P additions as well as areas where remedial practices should be 

targeted. 
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CHAPTER SIX 

Summary and future research 

 

6.1 Summary 

A soil P sensitivity map was developed that relates soil attributes with the potential for P export 

from agricultural soils of the Maskinonge watershed. This map can be used as a risk 

assessment tool to target areas where ameliorative efforts should be focused. The map was 

based on the results of SAMs. Four SAMs were developed that predict the partitioning of P 

between soluble forms and P adsorbed to soil constituents. The chemical system was described 

in terms of species and components and incorporates known formation constants. It considers P 

aqueous speciation with Ca, Mg and Al. The concentrations of Ca and Mg were determined by a 

regression analysis of soil batch experiment results. The concentration of Al was assumed to be 

controlled by the dissolution of gibbsite.  

The CCM was used to describe monodentate P adsorption on the charged edge and 

surfaces of clay minerals and goethite. Four clays were separated out from representative soils 

sampled in the study area. The major clay minerals were determined to be chlorite, clay mica 

(illite) and vermiculite with only the Honeywood, Bondhead-1 and Bondhead-2 clays containing 

HIV and the Peel clay containing low-charge vermiculite. The proton-binding constants of the 

clay assemblages were determined by potentiometric titrations. The data from the titration was 

input to a least-squares fitting program known as FITEQL. The PZNPC for the four clays were 

all relatively high, with the Honeywood clay having the lowest at 9.49. The P-binding constants 

were determined by batch P adsorption experiments whereby a constant concentration of P was 

added to the clays at pH range of 3 to 9. The adsorption envelopes for the four clays were all 

relatively similar, with P adsorption steadily decreasing with an increase in pH. The data from 

the batch experiments were also input to FITEQL to determine the proton-binding constants for 

the clays of the Maskinonge watershed. The P-binding constants of the clays were all relatively 

similar to one another and to values reported in the literature. 

A review of the literature concerning P adsorption to goethite was conducted. Only 

studies that applied the CCM to surface complexation were considered. Studies that did not 

have an internally consistent database were excluded from the review. Six studies met the 

aforementioned criteria though only three reported fitting parameters of the model. One study 
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(Gauthier 2011) used an identical background electrolyte and the same ionic strength as was 

used in this study. Therefore, Gauthier’s (2011) model parameters were selected to be used in 

the SAMs. The component additivity approach was chosen to develop the SAMs. Each SAM 

successfully predicted the concentration and proportion of P in solution, adsorbed to clay and 

adsorbed to goethite across a pH range of 3 to 9. Validation of the model’s predictions were 

performed and the predictive power of the Bondhead-2 and Peel SAM was questionable. 

Although, only one set of soil batch data was used in the validation process potentially 

contributing to the erroneous results. 

The soil P sensitivity map was developed using three of the SAMs developed for the 

Maskinonge watershed. The methods reported in Sinclair et al. (2012) were generally followed. 

Additional soil samples were taken both to ground-truth the soil legacy map, and collect data 

needed to apply the SAMs to the soils of the watershed. The legacy map was updated based on 

field observations and laboratory analysis of the soil samples. The updating process also 

utilized GIS techniques such as terrain analysis and a landform classification system known as 

LandMapR©. User-defined inputs for missing polygons were collected from other soil surveys or 

inferred from existing data. The SAM was run for each of the soil series in the Maskinonge 

watershed and the results of the model were used to classify each series into a P 

adsorption/risk index. The concentration of P added to the chemical system is an arbitrary value 

that can be adjusted based on user preference. For this study, two application rates for field 

corn were used to estimate the amount of applied P. The P adsorption/risk index was applied to 

each of the soil series, creating a soil P sensitivity map for agricultural soils of the Maskinonge 

watershed. 

 

6.2 Future research 

Despite the successful development of a soil P sensitivity map, a number of improvements 

could be made. The PZNPC for all clays were much higher than values reported by others, 

possibly owing to the excess carbonates in the clay fraction despite removing carbonates from 

the clays upon separation. This brings into question the applicability of the model to highly 

calcareous soils such as those in the Maskinonge watershed, as the model does not consider P 

adsorption to CaCO3(s). Similarly, calcareous soils have plenty of Ca with which P would form 

precipitates, therefore the formation of P precipitates should be incorporated into the SAMs to 

better represent the natural system. Also, it is possible the assumption that Al is controlled by 
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gibbsite has led to poor model predictions in the acidic pH range. Gibbsite does not exist in 

substantial quantities in the soils of southern Ontario; the more likely control would be 

amorphous Al oxide minerals. An effort should be made to characterize these minerals, 

particularly with respect to standardized dissolution constants. 

The proton- and P-binding constants determined for the Honeywood clay differed from 

those of Bondhead-1 and Bondhead-2, despite having nearly identical clay mineralogy. It is 

possible that differences in the surface acidity properties and P adsorption capacities of the 

Honeywood clay versus the Bondhead-1 and Bondhead-2 clays are due to differing amounts of 

of individual clay minerals. However, the x-ray crystallographic techniques used in this study are 

strictly qualitative in nature. Therefore, it would be valuable to quantify the amount of each clay 

mineral present in a clay fraction to better understand their influence, if any, on the P adsorption 

capacity of a given clay fraction. Additionally, the predictions of the Bondhead-2 and Peel SAM 

were poor, but it is difficult to attribute this trend to an unsuitable model or erroneous data, as 

only one soil batch experiment was performed for validation purposes. In future soil chemical 

modelling, soil batch experiments should be performed in triplicate to provide multiple data sets 

for the validation of SAMs. 

The soil legacy map has many limitations for its use in this study that have been 

described in detail in Chapter five. The updating of the soil legacy maps would drastically 

increase the relevance of the model-to-landscape translation. Data collection is an extremely 

important step during soil surveying, and information such as DCB and ammonium oxalate 

extractable Fe and Al should be collected in the process. Also, employing predictive digital soil 

mapping techniques can allow for the model output to be applied at a higher resolution for farm 

or field-scale decisions. Digital soil maps in raster data models would also increase the 

accuracy of the model-to-landscape translation as soils do not have discrete boundaries as is 

indicated by the soil polygons in the legacy soil map. It is possible for the soil P sensitivity map 

to be applied to a larger watershed or the province provided that clay fractions are separated 

from samples of relevant till sheets. The clay fractions would need to undergo similar analyses 

as reported in this study, such as x-ray crystallography, surface area analysis, potentiometric 

titrations, and batch P adsorption experiments. 

The soil P sensitivity map currently only indicates the inherent P adsorption capacity of 

the soils of interest as the SAMs do not take into account the P loading that has already 

occurred. Improvements to the sensitivity map can be made by building in a component of 

current P level by means of a soil’s Olsen-P value. Similar work was done in for the SEPA by 
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Sinclair et al. (2010). The authors created a risk map of potential soluble P leaching by linking 

SPT ‘status’ and the P sorption index. Again, the authors had access to nation-wide SPT data 

over fourteen years (over 91000 data points in total) to make these linkages. Therefore, Olsen-P 

data should also be collected during the legacy soil map updating process. Finally, future 

research should investigate an appropriate method of determining the [P]added input. In this 

study, many assumptions were inherent in the calculation used to obtain an estimate of [P]added 

(stated in section 5.4); therefore this method is not necessarily applicable to other soils. Since 

the [P]added input value drastically influences the SAM output and thus the soil P sensitivity map, 

a more reliable technique needs to be explored. 
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